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RÉSUMÉ 

La ciprofloxacine (CIP) est un antibiotique à large spectre appartenant à la famille des fluoroquinolones. 

Son utilisation fréquente a contribué à sa détection répandue dans l'environnement à de très faibles 

concentrations. Les processus de traitement actuels de l'usine de traitement des eaux usées (STEP) ne 

permettent pas d'éliminer efficacement les contaminants à l'état de traces. Les objectifs principaux de 

cette thèse étaient d’étudier le devenir de la CIP dans l’environnement et au cours du traitement des eaux 

usées, ainsi que de tester de nouvelles techniques d’enlèvement. Premièrement, la stabilité de cinq 

complexes de CIP-métal (CIP-Me) a été étudiée. Les ions métalliques visés étaient Al3+, Co2+, Cu2+, Fe3+ 

et Mg2+ en raison de leur prévalence dans les eaux usées et les boues d’épuration. Les complexes de 

CIP-Al sont les plus stables, suivis de CIP-Cu et CIP-Co. Les complexes entre CIP et Fe3 + et Mg2 + 

présentaient les plus grandes variations de la stabilité des complexes. La présence de substances 

humiques (HS) a diminué la stabilité de tous les complexes. La toxicité des complexes CIP-Me a 

également été évaluée. Dans l’eau ultrapure, les complexes CIP-Me présentent une toxicité plus élevée 

vis-à-vis d’Enterobacter aeruginosa à Gram négatif, la toxicité vis-à-vis de Bacillus subtilis à Gram 

positif étant constante pour les complexes (avec l’exception CIP-Mg) et le CIP seul. La présence de HS 

réduit l'activité antimicrobienne des complexes CIP-Me d'au moins 2 fois vis-à-vis de E. aeruginosa. 

Cependant, la toxicité vis-à-vis de B. subtilis est restée pratiquement inchangée. 

La complexation des antibiotiques avec des ions métalliques peut affecter leur distribution dans la station 

d’épuration, ce qui n’est généralement pas pris en compte. L'étude analytique a été menée pour évaluer 

la concentration de CIP, de chlorotétracycline (CTC) et d'autres ions choisis dans la station d'épuration. 

Plus de 70% des CTC ont été récupérés lors du traitement des eaux usées lorsque la concentration de 

CIP était légèrement supérieure dans les effluents par rapport aux eaux usées de l’affluent. De plus, une 

concentration élevée de CIP et de CTC, soit 3,9 mg/kg, respectivement 11 mg/kg, a été détectée dans 

les fractions solides de boues. Cette concentration élevée pourrait être due aux interactions avec les ions 

métalliques dans les boues. Par conséquent, la spéciation des ions dans les boues a été effectuée pour 

les localiser plus précisément. La concentration correspondante d'antibiotiques dans chaque fraction de 

boues a également été évaluée. L'introduction d'antibiotiques dans l'environnement peut contribuer à la 

pression sélective et à l'expansion de la résistance bactérienne. L'enquête sur les bactéries résistantes au 

CTC/CIP dans les eaux du Québec a été étudiée. La réaction en chaîne de la polymérase a été utilisée 

pour vérifier la présence de trois agents pathogènes d'origine hydrique les plus fréquents, à savoir 

Salmonella sp., Shigella sp. ou Campylobacter jejuni dans l'eau de la région de Québec. 

Pour minimiser le problème ci-dessus, l'amélioration de la station d'épuration est nécessaire. Dans le 

cadre de la thèse, trois systèmes ont été testés: l'oxydation électro-enzymatique ultérieure, l'oxydation 

enzymatique via un extrait de laccase brute et l'adsorption sur du biochar fonctionnalisé. La combinaison 

d'une électro-oxydation suivie d'une oxydation enzymatique a conduit à une élimination de la CIP de 97 

à 99% en environ 6 heures. Dans le même temps, l’oxydation brute médiée par la laccase ne réduisait la 
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concentration de l’antibiotique qu’à 68%. L'adsorption sur du biochar fonctionnalisé avec du chitosane 

a entraîné l'élimination de CIP à 36%, ainsi que 10% d'As, 98% de Cd et 73% de Pb. 
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Abstract 

Ciprofloxacin (CIP) is a broad-spectrum antibiotic, belonging to the fluoroquinolone family. The 

frequent usage of CIP has contributed to its widespread detection in the environment at very low 

concentrations. The current treatment processes of the wastewater treatment plant (WWTP) are not 

efficient in removing trace concentration contaminants. The main objectives of this thesis were to 

investigate the fate of CIP in the environment and during the wastewater treatment, as well as to test 

novel techniques for its removal. Firstly, the stability of five CIP-metal complexes (CIP-Me) was 

investigated. The targeted metal ions were Al3+, Co2+, Cu2+, Fe3+, and Mg2+ due to their prevalence in 

wastewater and wastewater sludge. The complexes of CIP-Al were found to be the most stable, followed 

by CIP-Cu and CIP-Co. The complexes between CIP and Fe3+ and Mg2+ exhibited the greatest variations 

in the stability of the complexes.. The presence of humic substances (HS) decreased the stability of all 

complexes. In addition, the antimicrobial activity of CIP-Me complexes was also evaluated. In ultrapure 

water, CIP-Me complexes exhibit higher toxicity towards Gram-negative Enterobacter aeruginosa, 

where the toxicity against Gram-positive, Bacillus subtilis was constant for complexes (except CIP-Mg) 

and CIP alone. The presence of HS reduced the antimicrobial activity of CIP-Me complexes by at least 

2-fold towards E. aeruginosa. However, the toxicity towards B. subtilis remained almost unchanged.  

The complexation of antibiotics with metal ions may affect their distribution in WWTP, which is usually 

not taken into consideration. Hence, the analytical study was conducted to evaluate the concentration of 

CIP, chlortetracycline (CTC) and other chosen ions in the WWTP. More than 70% of CTC was 

recovered during wastewater treatment where the concentration of CIP was slightly higher in effluent 

than the influent wastewater. Additionally, a high concentration of CIP and CTC, 3.9 mg/kg 11 mg/kg 

respectively, was detected in the solid fractions of sludge. This elevated concentration might have been 

due to interactions with metal ions in sludge. Hence, the ion speciation in sludge was performed to 

localize them more precisely. The corresponding concentration of antibiotics in each sludge fraction 

was also evaluated. The introduction of antibiotics to the environment may contribute to the exertion of 

selective pressure and expansion of bacterial resistance. The investigation of CTC/CIP-resistant bacteria 

in Quebec waters was investigated. Polymerase Chain Reaction was used to verify the presence of three 

most common waterborne pathogens, i.e. Salmonella sp., Shigella sp. and Campylobacter jejuni in water 

from Quebec area.  

To minimize the above problem, the improvement of WWTP is needed. As a part of the thesis, three 

systems were tested for CIP removal: subsequent electro-enzymatic oxidation, enzymatic oxidation via 

crude laccase extract and adsorption onto functionalized biochar. The combination of electrooxidation 

followed by enzymatic oxidation led to 97-99 % removal of CIP in around 6 hours. At the same time, 

crude laccase-mediated oxidation decreased the antibiotic’s concentration only to 68%. The adsorption 

on chitosan-functionalized biochar led to 36% removal of CIP, along with 10% of As, 98% of Cd and 
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73% of Pb. The tested methods have the potential for their application in wastewater treatment, however, 

further studies are needed.  
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INTRODUCTION  

La découverte de la pénicilline par Alexander Fleming dans les années 1920 marqua une étape décisive 

pour le médicament qui déclencha la révolution des antibiotiques. Cependant, l'utilisation fréquente et 

le développement rapide d'antimicrobiens ont contribué à leur détection répandue dans les 

compartiments environnementaux [1-3]. Leur apparition a conduit à exercer une pression sélective sur 

les microorganismes présents dans les écosystèmes contaminés. Cela a abouti à la sélection et à la 

dissémination de bactéries résistantes aux antibiotiques (ARB) et aux gènes (ARG) [4]. 

La ciprofloxacine (CIP) est un FQ à large spectre efficace contre les bactéries à Gram négatif et à Gram 

positif, utilisé pour le traitement des infections des voies respiratoires et urinaires, des infections de la 

peau et des structures cutanées, des infections des os et des articulations, de la diarrhée infectieuse et de 

la fièvre typhoïde. La CIP a été classée parmi les antimicrobiens les plus couramment prescrits au 

Canada entre 2012 et 2017 [5]. Son utilisation fréquente a permis la détection de la CIP dans divers 

compartiments environnementaux, tels que les effluents des stations de traitement des eaux usées 

(STEP) (42-721 ng/L) [6, 7], les eaux des rivières (30-77 ng/L) [8], les sédiments. (1,65-156 ng/g) [8, 

9] et des eaux usées (200 à 650 ng/L) [10]. 

La présence de CIP dans les écosystèmes exerce une pression sélective sur les communautés 

bactériennes, ce qui entraîne une augmentation des souches résistantes à la CIP. Par exemple, la CIP est 

connue comme antimicrobien pour le traitement des infections à Neisseria gonorrhoeae [11]. Au 

Canada, en 2014, l'apparence élevée d'isolats de N. gonorrhoeae résistants à la CIP a été rapportée 

(34%), alors qu'en 2004, son niveau était d'environ 5%. La présence accrue de souches d'Escherichia 

coli multirésistantes (FQ, céphalosporines de troisième génération et aminoglycosides) a été observée 

dans les pays de l'Union européenne entre 2013 et 2016, ce qui a été signalé comme une tendance les 

années précédentes [12]. De plus, le CIP, comme d'autres FQ, a la capacité de former des complexes 

stables avec des ions métalliques (MI) [13]. La formation de complexes CIP-métaux est un phénomène 

répandu dans tous les compartiments environnementaux, en raison de la prévalence de métaux (Me) 

dans l'eau et le sol [13]. Cette propriété modifie les propriétés physico-chimiques du CIP, c’est-à-dire la 

solubilité, l’affinité d’adsorption, mais aussi son activité antimicrobienne. 

La raison de l'augmentation de la concentration de CIP et d'autres antibiotiques dans l'environnement 

est principalement due à leur métabolisme incomplet et à leur élimination inappropriée. En fait, de 8% 

(trovafloxacine) à 83% (gatifloxacine) d'antibiotique peuvent être libérés dans l'urine et les matières 

fécales sous forme active dans l'environnement [14]. Par exemple, la CIP sous forme inchangée est 

excrétée à 65% dans l'urine et à 25% dans les matières fécales [15]. Les médicaments sont introduits 

dans l'eau, puis se retrouve dans la station d'épuration. Cependant, ces installations ne sont pas conçues 

pour éliminer les faibles quantités de composés organiques. L'élimination inefficace par les stations 
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d'épuration entraîne une accumulation d'antibiotiques dans l'eau et le sol. Ces dernières années, de 

nombreuses études ont été menées pour améliorer le taux de dégradation des antimicrobiens. La CIP 

s'est révélé être un médicament persistant et difficilement biodégradable; le taux de dégradation variait 

entre 37 et 86% [16]. Malgré la forte hydrophilie de la CIP (logKOW = 0,28), celle-ci a une forte affinité 

avec les boues; même 39% de la CIP peut être absorbée par les boues d'épuration non traitées [16]. 

Plusieurs techniques ont été testées pour augmenter le taux d'élimination de la CIP pendant le traitement 

des eaux usées (TEU). Les méthodes d'oxydation se sont révélées efficaces pour la dégradation du CIP. 

Les études précédentes ont montré que la CIP est sensible à la présence de radicaux libres, à savoir ·OH, 

·N3 ou SO4
-· [17, 18]. Toutefois, des problèmes tels que la formation de sous-produits liée à l’oxydation, 

ou les couts plus élevés sont imprévisibles [19, 20]. Les méthodes d'oxydation écologique, c'est-à-dire 

l'utilisation d'enzymes microbiennes, ont également prouvé leur efficacité pour éliminer la CIP [21, 22]. 

Cependant, la transformation du composé est généralement un processus lent. L'autre méthode 

prometteuse pour l'élimination de la CIP est l'adsorption [23-25]. Les principaux avantages de cette 

méthode sont le faible coût de l'adsorbant et l'absence de génération de sous-produits. Cependant, 

l'influence de divers facteurs sur le traitement de l'eau, tels que la présence d'ions métalliques, n'est 

généralement pas prise en compte. Il est donc nécessaire d'étudier plus leurs effets possibles sur les taux 

de dégradation du CIP. 
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1. REVUE DE LITTÉRATURE  

Une partie de ce chapitre est basée sur l'article de synthèse publié (Annexe 1) et a été mise à jour avec 

les données récentes de la littérature. 

1.1.  Présence de fluoroquinolones dans l'environnement 

Les fluoroquinolones (FQ) sont une famille d’antibiotiques de synthèse à large – spectre d’application 

et qui ont été développés dans les années 1970 [1]. Ils font partie des antibiotiques quinolones étant 

donné la structure de la quinine antipaludique. La caractéristique principale de FQ est un atome de fluor 

attaché au système cyclique central. Les antibiotiques FQ les plus courants sont présentés dans le 

Tableau 1.1. 

L'un des FQs les plus utilisés est ciprofloxacine (CIP). Il est souvent détecté dans différents 

compartiments environnementaux. Par exemple, il est largement présent dans les eaux usées 

municipales non traitées: dans le Maryland, aux États-Unis, la concentration de CIP était de l’ordre de 

1900 ng/L; celle d’ofloxacine (OFL) était de 600 ng/L [2]. De plus, la fréquence de détection de CIP 

était de 100%, sur tous les sites d'échantillonnage. En Finlande, parmi toutes les produits 

pharmaceutiques cibles (FQ, bêta-bloquants, antiépileptiques) les FQ, en particulier la CIP (200-650 

ng/L), étaient les composés les plus fréquemment détectés dans les eaux d’égout [3]. Lors du traitement 

des eaux usées, les FQs ont tendance à s'adsorber aux boues. Par exemple, la CIP était l'antibiotique le 

plus répandu dans les boues de station d’épuration suédoise (1.6-11 mg/kg) [4]. Miao et al. (2004) ont 

étudié les effluents finaux dans les stations d’épuration dans cinq villes canadiennes (i.e. Le district 

régional du Grand Vancouver, Colombie - Britannique, Calgary, Alberta, Burlington, Peterborough et 

Windsor en Ontario), ils ont détecté principalement les: CIP, norfloxacine (NOR) et OFL avec des 

concentrations moyennes de 118, 50 et 94 ng/L, respectivement [5]. Lee et al. (2007) ont étudié une 

station d'épuration en Ontario, au Canada, et ont découvert que la concentration de CIP dans les effluents 

entre l’entrée et la sortie variait entre 42 et 721 ng/L [6]. 

Outre que les échantillons d'eaux usées, les autres compartiments de l'environnement ont été également 

étudiés. Selon l'étude de Gibs et al. (2013), dans le New Jersey, aux États-Unis, la concentration de CIP 

dans les eaux de Hohokus Brook (en aval de la station d'épuration) a augmenté de 0,03 µg/L à 0,077 

µg/L entre 2001 et 2008 [7]. En outre, sur le même site d'échantillonnage, deux antibiotiques FQs ont 

été détectés dans les sédiments: OFL (21 µg/kg) et CIP (10 µg/kg), qui étaient le deuxième et troisième 

concentrations les plus élevées d'antibiotiques, après l'antibiotique macrolide l’azithromycine (44 

µg/kg). Dans les rivières chinoises, les FQs (CIP, NOR, OFL, lomefloxacine) ont présenté la plus forte 

concentration dans leurs sédiments (comprise entre 1,67-156 ng/g) parmi les quatre classes 

d'antibiotiques ciblées [8]. 
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De nos jours, une attention particulière a été portée à la co-contamination par des antibiotiques avec des 

ions métalliques. De nombreux produits pharmaceutiques, y compris les FQs, possèdent la capacité de 

former des complexes métalliques qui peuvent modifier les propriétés des FQs, c'est-à - dire modifier 

l'activité antimicrobienne de l'antibiotique [9-11], la solubilité [12] ou la biodisponibilité [13]. Des 

études plus approfondies ont été effectuées pour de nombreux complexes pharmaceutiques -métalliques, 

à savoir les tétracyclines, les quinolones ou les β- lactames [11, 14-17]. Il a été prouvé que la présence 

des ions métalliques modifie l’adsorption et la désorption d’antibiotique [18-20], la photolyse [21-23] 

ou l’absorption [17, 24]. 

1.2.  Fluoroquinolones: usage médical, structure, propriétés physicochimiques 

L'efficacité de la première génération du FQ était principalement contre les bactéries Gram–négatives 

[25]. Cependant, en raison des modifications de leur structure, la nouvelle génération de FQs possède 

un effet antimicrobien à large spectre vis -à - vis des souches Gram-positives et Gram-négatives. Les 

FQs sont principalement utilisés pour traiter les infections au niveau de la peau, des voies urinaires, 

gastro-intestinales et respiratoires ou les maladies sexuellement transmissibles [26, 27]. Leur structure 

diffère des quinolones en raison d'un atome de fluor fixé au noyau central de la C-6 anneau de position 

et de la pipérazine (ou un autre N-hétérocycle) à la position C-7 (Tableau 1.1). L’addition de ces deux 

groupes a amélioré l'activité des antibiotiques et les propriétés pharmacocinétiques [28]. Deux groupes 

ionisables sont présents dans la structure des FQs, à savoir un groupe carboxylique en C-3 et un groupe 

pipérazinyle en C-7, avec deux constantes de dissociation macroscopiques pKa1 et pKa2, respectivement, 

comme représenté sur la Figure 1.1. 

 

Figure 1. 1 Structure de la fluoroquinolone ceux avec des sites de liaison possibles (encadré en rectangles) et 

la position des groupes ionisables, responsable de valeurs du pKa  (encadré en cercles) 

Différents substituants modifient les caractéristiques du composé, à savoir un atome de fluor 

supplémentaire (loméfloxacine (LOME)) ou un groupe méthoxy (GTI) en C-8, groupe cyclopropane 

(CIP, sparfloxacine) et un groupe éthyle (NOR, LOME) en N-1 dans le noyau central, groupe amine en 
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C-5 (sparfloxacine), divers N-hétérocycles en C-7, [1, 25]. Cependant, les groupes en C-4 (groupe 

carbonyle), ainsi qu’en C-2 (atome d'hydrogène) et C-3 (groupe carboxyle) restent inchangés en raison 

de leur rôle clé dans l’activité antibactérienne [25, 29]. En milieu aqueux, la FQ peut exister dans la 

forme protonée lorsque le pH est acide (H2 FQ+). À pH égal à 1, cette forme est présente à près de 

100%. La forme zwitterionique (HFQ+-) ou non chargée (HFQ0) se produit à pH légèrement acide ou 

neutre et prend la forme anionique lorsque le pH est alcalin (FQ-) [30-32]. En général, les FQs existent 

sous forme de zwitterion, dans un large spectre de pH (le pH peut varier entre 3 et 11) [32]. 

Les FQs ciblent deux enzymes bactériennes, essentielles à la réplication et/ou à la transcription de 

l'ADN qui sont l'ADN gyrase et la topoisomérase IV [25, 33]. L'ADN gyrase est une enzyme 

bactérienne qui catalyse le superenroulement négatif de l'ADN double brin. La topoisomérase IV est 

responsable de la partition de l'ADN chromosomique après la réplication de l'ADN. Les FQs forment un 

complexe ternaire stable comprenant l'antibiotique, l’enzyme et le segment d'ADN. Les FQs se lient à 

l'ADN via des atomes d'oxygène se trouvant dans les groupements carbonyle et carboxylate par des 

liaisons hydrogène, comme le montre la Figure 1.2A, tandis que l’atome de fluor, le groupe N-

hétérocycle en C-7 et l'ion carboxylate sont liés à l'enzyme [1]. Ceci conduit à la restriction de l’activité 

enzymatique et bloque la régulation des changements conformationnels dans le chromosome bactérien 

lors de la réplication et la transcription de l’ADN. Il provoque probablement le clivage de l'ADN et la 

libération d'extrémités d'ADN double brin, suivies par la mort cellulaire [33]. 

La présence de Mg2+ est essentielle en raison de son rôle de médiateur entre les FQ, l'ADN et les 

enzymes ciblées. L'importance des ions magnésium dans le déroulement de l'ADN, en présence de FQ, 

a été observée par Tornaletti et Pedrini (1988) [34]. Plus tard, le rôle médiateur de Mg2+ a été confirmé 

par Palu et al. (1992) [35]. Par la suite, les chercheurs se sont concentrés sur l’étude de l’interaction FQ-

Mg-ADN-enzyme; Sur la base de la structure cristalline, il a été prouvé que les ions magnésium sont 

chélatés par les FQs via deux atomes d'oxygène dans les groupements carboxylique et carboxyle des 

FQs [36-39]. D'autres travaux, portant sur les complexes CIP-Me, ont suggéré que le complexe CIP-Mg 

est lié à l'ADN, principalement au groupement phosphate [40]. Deux groupes de chercheurs ont réussi 

à obtenir la structure cristalline du complexe entre les FQs et la topoisomérase IV médiée par les ions 

magnésium [29, 41]. Il a été prouvé que les ions magnésium sont coordonnés par la molécule FQ via 

des atomes d'oxygène du groupe carboxylique (C-3) et un groupe carboxyle (C-4) (fig. 1.2 B) [29, 41].  
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Tableau 1. 1 Structures, usage médical et propriétés physico-chimiques des représentants des fluoroquinolones. Données obtenues de la base de données de composés PubChem 

Structure de 

quinolone 

  

Nom du composé R1 R2 R3 R4 R5 PubChem 

CID 

Poids moléculaire 

[g/mol] 

logKow  pKa Solubilité (dans l'eau) [mg/L] 

Ciprofloxacine 

(CIP) 

 

-H 

 

-F -H 2764 331.347 0.28 pKa1=6.09 

pKa2=8.74 

30.0 (20°C) 

Gatifloxacine 

(GTI) 

 
 

 

-F -H 5379 375.4 2.6 pKa1=5.69** 

pKa2=8.73** 

60 (at pH4) 

Norfloxacine 

(NOR) 

-CH2CH3 -H 

 

-F -H 4539 319.336 0.46 pKa1= 6.34 

pKa2=8.75 

0.28 (25 ° C) La solubilité dans l'eau dépend 

du pH et augmente fortement à pH <5 ou pH> 

10 
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Ofloxacine (OFL) 

 
 

-F -H 4583 361.373 -0.39 pKa1= 5.97 

pKa2=9.28 

28.3 
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Figure 1. 2 Liaison schématique entre l'ADN et A. fluoroquinolone; B. fluoroquinolone via un pont de magnésium; C. Sphère de coordination autour de Mg 2+ basée sur la structure 

cristalline du complexe moxifloxacine, ADN et ions magnésium [29] ; D. fluoroquinolone via un ion de transition en tant que médiateur; E. liaison entre N-7 au niveau de la guanine et 

de la fluoroquinolone, lorsqu'un ion de transition agit comme médiateur - la présence d'installations ioniques la liaison de la fluoroquinolone 
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Plus tard, les ions Mg2+ coordonnées avec des molécules d'eau se lient à l’un des enzymes  par 

des liaisons hydrogène (fig. 1.2 C), tandis que les groupes en C-1 et C-8 FQ s’intercalent avec l’ADN. Il 

a été observé que les bases entourant l’antibiotique adaptent la molécule FQ et dirigent les atomes 

polaires de base Mg2+ et ses molécules d’eau coordonnées [29]. Le groupe N-hétérocyclique en C-7 

ouvre la poche entre la sous-unité enzymatique et l'ADN. La Figure 1.2 C présente la sphère de 

coordination autour de l'ion magnésium, qui montre l'importance du Mg2+ dans l’interaction entre la 

moxifloxacine, l'ADN et l'ion métallique - comme décrit ci-dessus, en raison des molécules d'eau 

coordonnées, le complexe moxifloxacine-Mg peut se lier à bases d'ADN et enzyme. Cependant, les 

études sur la GTI ont confirmé que le Mg2+ en se liant au groupe phosphate de l'ADN, pourrait 

également jouer le rôle de pont dans l'interaction FQ - ADN [42]. En outre, différents ions divalents, à 

avoir Cu2+, Cd2+, et Co2+, peuvent augmenter capacité de liaison de GTI à l'ADN - ions de transition se 

lient avec une N-7 de la base de purine de l’ADN, qui est à l’intérieur de sa molécule (fig. 1.2 D). Ils 

facilitent la liaison du FQ en jouant le rôle d'intermédiaire entre GTI et l'ADN (fig. 1.2 E) [42]. Les 

propriétés médiatrices des ions dans l'interaction FQ-ADN ont également été confirmées pour OFL et 

Cu2+,, loméfloxacine et Cu2+, Ni2+,, Co2+, Zn2+ [43]. 

En général, les ions de magnésium sont considérés comme étant les plus puissant dans les liaisons ADN-

enzyme-FQ, même si sa constante déformation logβ avec FQ est relativement faible si on la compare 

par rapport à d'autres ions métalliques (logβMg peut être comprise entre 10 et 12, logβCu = 13-29, logβZn = 

11-26, Tableau 1.3.. Parmi les complexes testés, le Mg2+ a la capacité la plus faible de se lier aux bases 

de l'ADN, mais il se lie fortement au groupe phosphate de l'ADN. Cependant, il n’y a pas assez de 

données sur l’influence exacte des ions métalliques sur l’interaction FQ – enzyme – ADN. Par 

conséquent, des études approfondies doivent être effectuées pour comprendre l'importance de 

complexation FQ-métal au niveau moléculaire. 

1.3.  Complexation des métaux aux fluoroquinolones 

La formation de complexes FQ-métal altère généralement les propriétés du composé en question. Le 

premier rapport concernait la mauvaise absorption de la CIP en présence d'un antiacide contenant du 

magnésium/aluminium [13]. La diminution de l’absorption est due à la formation de CIP et de chélate 

de métal ionique. Depuis, des études approfondies de complexation métallique FQ ont été effectuées. 

1.3.1. La capacité des FQ à former des complexes 

La structure des FQs leur permet de former des complexes métalliques. La Figure 1.1 présente les sites 

de liaison potentiels FQ-métalliques. Une description détaillée des propriétés de liaison FQs comme 

présenté par Turel (2002) [44], mis à jour par Serafin et Stanczak (2009) [45] et plus récemment par 

Uivarosi V. (2013) [32]. Habituellement, ils agissent en tant que ligand via l'un des atomes d'oxygène 

présent dans le groupe carboxylique et l’un des atomes d'oxygène du cycle carbonyle [9, 46, 47]. Ils 



12 

 

peuvent également coordonner les ions dans une manière unidentée par l’intermédiaire d'un atome 

d'azote terminal dans le groupe pipérazinyle [46]. Rarement, il est possible de former un complexe FQs-

métal par deux atomes d'oxygène carboxyle ou par deux atomes d'azote pipéraziniques [48, 49]. Par 

conséquent, on peut constater que les FQs peuvent se complexer de plusieurs manières avec les 

métaux. Cela rend difficile l’étude des complexes FQs-Me. 

L'étude thermodynamique de la décomposition a été proposée pour avoir une meilleure idée sur le 

mécanisme de complexation. L’énergie d'activation (E*), l’entropie d'activation (ΔS*), l'enthalpie 

d'activation (ΔH*) et l'énergie libre de Gibbs (ΔG*) des complexes NOR-Me sont présentés 

dans Tableau 1.2 [50-52]. Ils ont été calculés graphiquement en adaptant les équations de Coats – 

Redfern comme indiqué en Eq. 1-3 [53]: 

ΔS*=R·ln(Ah/kT) Eq. 1 

ΔH*=E*-RT Eq. 2 

ΔG*= ΔH*-T ΔS* Eq. 3 

où R est la constante des gaz, A est la constante de Arrhenius, h est la constante de Planck, k est 

la constante de Boltzmann, T est la température maximale de décomposition. Les valeurs d'énergie 

d'activation de décomposition sont relativement élevées et montrent la stabilité thermique du complexe. 

Tous les complexes présentent des valeurs négatives de ΔS*, ce qui augmente de la valeur globale 

de ΔG*. Cela indique que le processus de décomposition est non spontané et que la réaction est 

désavantagée. Les valeurs positives de ΔH* indiquent que le processus est endothermique - le système 

nécessite de l’énergie pour que la réaction se poursuive. Globalement, les données présentées dans 

le Tableau 1.2 prouve que FQs forment des complexes stables avec les ions métaux. 

Tableau 1. 2 Paramètres thermodynamiques de la procédure de décomposition de la norfloxacine (NOR) complexation 

métallique 

Composé Gamme de température 

[K] 

E* 

[kJ mol-

1] 

ΔS* 

[JK-1mol-

1] 

ΔH* 

[kJ mol-

1] 

ΔG* 

[kJ mol-

1] 

Ref. 

NOR 336–458 

537–735 

844–996 

4.43 

12.6 

17.5 

-1.78 

-1.73 

-1.74 

4.11 

12.1 

16.7 

1.1 

2.25 

3.28 

[50] 

[Mn(NOR)2](OAc)2· 

8H2O 

305–369 

727–827 

3.65 

24.5 

-1.74 

-0.26 

3.38 

23.9 

0.91 

2.19 
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Composé Gamme de température 

[K] 

E* 

[kJ mol-

1] 

ΔS* 

[JK-1mol-

1] 

ΔH* 

[kJ mol-

1] 

ΔG* 

[kJ mol-

1] 

Ref. 

[Fe(NOR)3]Cl3·12H2O 316-383 

597-694 

9.33 

15.3 

-0.007 

-0.526 

9.05 

14.8 

0.903 

1.81 

[Co(NOR)2]SO4 8H2O 312-372 

706-909 

8.02 

11.1 

-0.399 

-1.63 

7.44 

10.04 

0.907 

2.4 

[Cd(NOR)2]Cl2·2H2O 303-413 

413-843 

843-1273 

37.98 

27.96 

71.28 

-129.2 

-87.45 

-104.4 

37.48 

25.31 

65.29 

45.23 

53.30 

140.5 

[52] 

[Cd(NOR)2](NO3)2 373-696 

696-1173 

71.66 

56.79 

-133.0 

-96.26 

68.67 

51.14 

116.6 

116.6 

[Hg(NOR)2]Cl2 323-423 

423-693 

693-923 

116.2 

59.40 

49.82 

-83.50 

-146.8 

-69.82 

115.6 

57.15 

45.74 

109.7 

96.79 

93.18 

[Hg(NOR)2](NO3)2 323-773 17.24 -67.41 14.17 39.11 

[Zn(NOR)2]Cl2·2H2O 303-413 

473-583 

46.75 

113.6 

-116.5 

-80.39 

46.21 

111.0 

53.78 

136.7 

[Zn(NOR)2]Br2 423–1273 205.0 -67.52 16.34 50.10 

1.3.2. Équilibre des complexes FQs-métaux 

Les FQs se lient avec les ions divalents dans un rapport 1: 1 ou 1: 2 (métal: ligand) et avec les ions 

trivalents dans un rapport 1: 1 ou 1: 3, rarement 1: 2 [9, 32], Ces rapports molaires sont également 

dépendant du pH. Par exemple, lors de la complexation CIP-Cu, le rapport est de 1:1 est à pH acides, 

mais à pH plus élevé, il se forme un complexe à un rapport de 1:2 [54]. De plus, il a été découvert que 

les FQs forment des complexes plus stables avec les cations trivalents qu'avec les divalents. Les 

complexes FQs les moins stables sont ceux contenant du magnésium (II) et du calcium (II) [55, 56]. Le 

facteur qui influence également la stabilité du complexe est la constante diélectrique du solvant [57]. La 
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constante diélectrique ε (permittivité relative) est la capacité du support à isoler les charges. Elle est 

également liée à la polarité chimique des médias. Dans les solutions, lorsque la constante diélectrique 

est élevée (par exemple, l'eau, ε = 78), il n'y a pas d'association d'ions en raison de 

la polarisation élevée du milieu, les ions métalliques et les FQs sous forme ionique existeraient sous 

forme d'ions libres. Cependant, lorsque ε est plus faible (par exemple, MeOH, ε = 32,6), le complexe 

peut être formé via un appariement ionique [57]. Par conséquent, plus la constante diélectrique est 

faible, plus le composé est stable en raison de la plus forte apparition d'association d'ions. Cependant, 

la formation de complexes métalliques est une réaction privilégiée et le composé créé présente une 

stabilité élevée, ce qui entraîne la formation de complexes même dans l'eau (constante diélectrique 

élevée). La formation de complexes dépend également du pH en raison de l'ionisation du 

composé [58]. Les FQs sont zwitterioniques, en raison de la présence d’un groupement acide 

carboxylique et du groupement pipérazinyle basique. Lorsque le pH est faible (acide), 

le groupe basique sera ionisé plus fortement. Avec l'augmentation du pH, l'ionisation du groupe basique 

s'affaiblit, mais l'ionisation du groupe acide augmente. Par conséquent, l'affinité des FQs envers les ions 

diffère selon la forme d'ionisation de l'antibiotique. L’affinité de la loméfloxacine pour deux ions 

divalents (Mg2+, Ca2+) diminue dans l’ordre anion> zwitterion >> cation [32]. 

Des études approfondies ont été réalisées pour établir des constantes de stabilité (log) de complexes 

FQs- métaux. Cependant, les valeurs de log peuvent différer les uns des autres dépendamment des 

méthodes conditions et expérimentales qui ont été utilisées (en particulier le pH). Le Tableau 

1.3 présente la des constantes globales de stabilité des complexes FQs-métaaux obtenus par Urbaniak et 

al. (2009) [56]. Les expériences de titration potentiométrique ont été réalisées à des pH variant de 2 à11 

gamme et une force ionique I = 0,1 M NaCl, de sorte que toutes les valeurs de log   soient déterminées 

dans les mêmes conditions. Par la suite, les données obtenues ont été analysées par le programme 

Hyperquad. Les valeurs les plus élevées de log  correspondaient aux complexes avec les ions 

trivalents, comprise entre 15,8 et 51,6, ce qui confirment qu'ils sont les plus stables. Les valeurs les plus 

basses de log  peuvent être observées pour les complexes avec Mg (II) et Ca (II) - les valeurs ont varié 

de 9,39 à 11,88. Il s’agit donc des complexes FQs les moins stables [55, 56].   
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Tableau 1. 3 Constantes de stabilité globale logβ des complexes FQs-métaux obtenues via l'expérience de titration 

potentiométrique, pH 2-11, force ionique I = 0,1 M NaCl, sous atmosphère d'azote gazeux, à 22 °C, et analysés par 

le programme Hyperquad. Données obtenues de [56] 

pMe + qFQ + rH → Me p FQ q H r 𝒍𝒐𝒈𝜷 =
[𝑴𝒆𝒑𝑭𝑸𝒒𝑯𝒓]

[𝑴𝒆]𝒑[𝑭𝑸]𝒒[𝑯𝒓]
 

Ions métalliques Ca 2+ Cu 2+ Mg 2+ Zn 2+ Fe 3+ Al 3+ 

CIP 

Me(FQ)H 11.24 14.89 11,88 12,74 18.86 16,27 

Me(FQ)2H2 - 29.06 - 24.84 - 29.67 

Me(FQ)3H3 - - - - 48,63 43,53 

NOR 

Me(FQ)H 10.65 14,75 11.80 12.90 15.80 15,36 

Me(FQ)2H2 - 28.45 - 25,35 - 29.47 

Me(FQ)3H3 - - - - 47.80 42.79 

OFL 

Me(FQ)H 9,89 14.21 11.11 14.64 20.32 17,56 

Me(FQ)2H2 - 26.25 - 24.40 - 28.84 

Me(FQ)3H3 - - - - 48.32 41.11 

       Park et al. (2000) ont étudié la complexation de cations divalents avec OFL et NOR [15]. Les 

valeurs des constantes de formation de complexe pour les cations appartenant au groupe du béryllium 

diminuent de la même manière que Mg2+>Ca2+>Ba2+ en raison de l'augmentation des rayons 

cationiques. Si les valeurs des constantes de transition des ions de métaux à sont comparées, ils sont 
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plus faibles pour Mn2+ et Zn2+ que pour Ni2+ et Co2+. Ces constantes sont faibles à cause de l'occupation 

du d - orbital par des électrons. Par exemple, d - orbitale de Zn2+est entièrement remplie, de sorte que 

l’interaction entre les orbitales des ions métalliques et des FQ est faible et que la valeur constante est 

principalement déterminée par une interaction ion-dipôle. Les cations, Ni2+ ou Co2+ forment 

des complexes plus stables que Mn2+ et Zn2+, en raison des interactions d'autres électron-électron entre 

le métal ionique et les ligands. En conclusion, la valeur de la constante de formation du complexe 

augmente avec l'augmentation de la charge nucléaire des ions métalliques. Ainsi, les ions de métaux 

alcalino-terreux généralement présents dans l’eau et les sols forment des complexes moins 

stables. Cependant, les ions métalliques qui sont considérés comme des ions de métaux lourds, ont une 

charge nucléaire plus élevée, forment des complexes plus persistants et constituent une plus 

grande menace pour l'environnement [10, 59]. 

1.4.  Impact de la complexation métallique de la ciprofloxacine et d'autres fluoroquinolones 

sur le traitement des eaux usées 

Au cours des dernières années, la communauté scientifique s'est concentrée sur l’investigation du sort 

des FQs dans les usines de traitement des eaux usées. Cependant, les données concernant l’influence de 

la complexation des métaux des FQs sur les stations d’épuration sont encore rares. Généralement, les 

FQs sont principalement éliminés par adsorption sur les boues, avec une efficacité d'élimination de 80 

à 90% [60, 61]. Il a été observé que la présence de Mg2+ et de Ca2+ inhibait la sorption de la CIP ainsi 

que de la NOR et de la OFL dans les eaux usées salines [60]. Comme mentionné précédemment, Mg2+ et 

Ca2+ génèrent les complexes les moins stables, il est donc possible que les ions métalliques, comme le 

Cu2+ ou les ions trivalents, présentent un effet différent. Les complexes formés peuvent augmenter 

l’affinité des FQs avec la boue ou les rendre plus résistantes à une dégradation supplémentaire, qui peut 

être une digestion anaérobie/aérobie par voie bactérienne. Des études ont montré que la biodégradation 

des FQs est généralement négligeable en raison du faible temps de rétention hydraulique des FQs dans 

le système et/ou de la prédominance de l'adsorption en tant que méthode d'élimination [60, 61]. 

Comme présenté dans la section suivante , les complexes FQs-Me peuvent présenter une toxicité envers 

les bactéries. Cela peut entraîner une réduction de la communauté bactérienne présente dans les boues 

activées. Ainsi, le traitement biologique des eaux usées serait moins efficace. De plus, la CIP s'est avérée 

difficile à dégrader dans les systèmes aqueux, mais dans les sols, la minéralisation a été 

observée [62]. Do et al. (2019) ont étudié le devenir et l'élimination du CIP dans un réacteur à membrane 

anaérobie [63]. Étonnamment, la biodégradation était la principale méthode d'élimination, lorsqu'une 

petite fraction du CIP était adsorbée sur les boues. Liao et al. (2016) ont étudié deux cultures 

bactériennes mixtes pour la biodégradation potentielle en CIP [64]. Les microorganismes provenant de 

biofiltre d’eau potable et de bactéries acclimatées au CIP ont pu utiliser le CIP comme source de 

carbone/d’azote. Cependant, si le CIP génère des complexes métalliques stables, il est possible que la 



17 

 

minéralisation soit plus lente, donc l'exposition de l'antibiotique dans l'environnement est plus 

longue. Par conséquent, en dehors de la présence des FQs, des variables doivent être prises en compte 

lors du traitement des eaux usées, telles que la présence d'autres composés susceptibles de réagir avec 

eux, notamment les ions métalliques. 

De nombreuses études ont été menées pour déterminer l’efficacité de la dégradation des FQs lors du 

traitement physico-chimique. Les méthodes les plus prometteuses sont les procédés d'oxydation avancés 

(AOP). Par exemple, il a été prouvé que la CIP peut être efficacement éliminée par oxydation à l'aide 

de dioxyde de titane [65, 66]. Pour traiter les eaux usées hospitalières, les nanotubes de ZnO présentaient 

une activité photocatalytique supérieure à celle du TiO2 utilisé dans le commerce [67]. L’efficacité du 

procédé Fenton a également été testée. Diao et al. (2017) ont développé un système dans lequel 

des microsphères FeS2/SiO2 étaient utilisées comme catalyseur de Fenton [68]. En conséquence, 

presque 100% de la CIP s'est dégradée en moins de 60 minutes. Le persulfate activé par le fer solide a 

permis d'éliminer la CIP (95%) après 15 min, ainsi que ses produits de transformation (90%) [69]. De 

plus, Feng et al. (2018) ont récemment décrit l'influence de l'oxydation des FQs par les métaux [70]. En 

général, on a constaté que la présence des métaux améliore l'oxydation de FQ due à une production 

accrue de radicaux (·OH and SO4
-˙). 

L'influence des ions métalliques sur l'élimination des FQs a été étudiée de manière plus approfondie 

dans le cas des méthodes d’adsorption. Par exemple, la présence de Cu (II) a entraîné une augmentation 

de la capacité d'adsorption CIP de l’oxyde de graphène magnétique fonctionnalisé par l'acide 

nitrilotriacétique en raison du pontage du métal [71]. Une autre étude menée par Ma et al. (2020), 

a révélé que la présence de Cu (II) à faible concentration augmente légèrement d'adsorption de CIP sur 

hydrogel de graphène [72]. Cependant, lorsque la concentration de Cu (II) est élevée, il entre en 

concurrence d avec les antibiotiques sur les sites de liaison. Une microsphère magnétique 

fonctionnalisée de NiFe2O4 a été développée et testée par Liu et al. (2018) [73]. Il a été découvert que 

l'adsorbant produit était capable d'éliminer simultanément CIP, ENR et NOR ainsi que les métaux 

lourds, à savoir Cu2+, Cd2+, Cr3+ et Zn2+. Cependant, les deux types de contaminants présentaient des 

mécanismes d'adsorption différents, leur présence n'affectait donc pas l'efficacité d'élimination. 

1.5.  Impact de la complexation métallique de la ciprofloxacine et d'autres fluoroquinolones 

sur les microorganismes présents dans l'environnement 

1.5.1. Activité antimicrobienne des complexes fluoroquinolone-métal 

La présence de FQs et sa persistance dans les compartiments de l'environnement peuvent avoir 

un effet toxique sur les microorganismes vivant dans le sol et dans l'eau [62, 74]. Il a été prouvé que la 

CIP conservait son activité antimicrobienne dans les deux systèmes, le pouvoir d’inhibition étant plus 
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fort dans l’eau que dans les sols. De plus, le CIP est capable de former des complexes stables avec des 

ions métalliques et des substances humiques, en préservant leur pouvoir antimicrobien [75]. 

Les facteurs qui influencent sur l'efficacité complexe contre les micro-organismes sont: (1) la nature de 

l'ion métallique; (2) la nature des ligands; (3) l'effet chélatant, c'est-à-dire des complexes avec des 

ligands chélateurs bidentés (FQs) et des ligands N,N'-donneur, présente une puissance antimicrobienne 

accrue; (4) la charge globale du complexe - généralement l'activité antimicrobienne suit l'ordre: 

complexe cationique> zwitterionique> anionique; (5) la nature et l'existence de l'ion neutralisant le 

complexe ionique; (6) le nombre d'atomes de métaux centraux réunis dans le composé de coordination 

(noyau) - en général, les complexes dinucléaires sont plus puissants que ceux mononucléés [16]. 

Le Tableau 1.4 présente l'activité antimicrobienne exprimée par la concentration minimale inhibitrice 

(CMI) [ g/ml] - la plus faible concentration de composé empêchant la croissance visible des 

bactéries. Le Tableau 1.5 présente les résultats obtenus par la méthode de diffusion, test qualitatif 

de sensibilité aux antimicrobiens. Dans certains cas, l'efficacité à inhiber les micro-organismes est 

inférieure à celle du ligand lui-même. Cependant, en général, les complexes métalliques FQ présentent 

une activité antimicrobienne similaire ou plus élevée, en comparaison avec les ligands libres. En fait, la 

composition du milieu utilisé et les conditions expérimentales peuvent affecter les résultats des tests de 

toxicité [76]. L'interaction entre le complexe antibiotique-métal et les composants du milieu peut 

entraîner une altération du complexe, c'est-à-dire une hydrolyse. Ainsi, le composé actif qui présente un 

effet toxique vis-à-vis du microorganisme, peut-être une substance non testée. 
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Tableau 1. 4 Concentration minimale d'inhibition des complexes fluoroquinolone- métal [ g/mL] 

Composé Concentration minimale d'inhibition [ g/mL] 

R
ef

. 

 Bacteria Gram+ Bacteria Gram- 
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S
. 
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en
s 

C
. 
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CIP 0.25 - 0.03 0.12 1 0.12 0.12 - 0.12 0.00

4 

0.00

4 

[9] 

[Co(CIP)2(

H2O)2]∙ 

9H2O 

0.25 - 0.06 0.06 1 0.03 0.12 - 0.12 0.00

8 

0.12 

[Zn(CIP)2(

H2O)2]∙ 

8H2O 

0.25 - 0.03 0.12 1 0.03 0.12 - 0.06 0.00

8 

0.00

4 

Ni(CIP)2∙10

H2O 

0.5 - 0.03 0.12 1 0.03 0.12 - 0.12 0.00

1 

0.00

4 

Cu(CIP)2∙6

H2O 

0.25 - 0.03 0.06 1 0.12 0.12 - 0.06 0.00

4 

0.00

1 

NOR 0.06 - - 0.04 - 0.05 - - 0.08 - - [77] 

Bi(NOR)4(

H2O)2 

0.04

5 

- - 0.03 - 0.02

5 

- - 0.06 - - 

OFL - 12 0.5 0.75 10 0.2 7 0.75 0.7 - - [39] 

[Mg(R/S-

OFL)(H2O)

2]∙ 2H2O 

- 20 0.8 1 15 0.25 10 1 1 - - 
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Tableau 1. 5 Activité antimicrobienne testée via le Test de diffusion de plat 

Composé Bacteria Gram+ Bacteria Gram- Fungi 
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Diamètre de la zone d'inhibition [mm/mL échantillon] [78] 

LOME 48 - - - 43 - - - 11 - 

[Cr(LOME)(H2O)4

]· 

Cl3 

38 - - - 36 - - - 12 - 

[Mn(LOME)(H2O)

4]·Cl2 

48 - - - 43 - - - 11 - 

[Fe(LOME)(H2O)4

] 

Cl3·H2O 

46 - - - 40 - - - 13 - 

[Co(LOME)(H2O)

4]·Cl2 

44 - - - 40 - - - 20 - 

[Ni(LOME)(H2O)4

] 

Cl2·H2O 

40 - - - 40 - - - 21 - 

[Cu(LOME)(H2O)

4] 

Cl2·2H2O 

43 - - - 42 - - - 12 - 

[Zn(LOME) 

(H2O)4]·Cl2 

47 - - - 42 - - - 12 - 

[79]; Activité du composé: +++++ = 150–200% d'inhibition; ++++, inhibition de 90 à 100%; +++, inhibition 

de 75–85%; ++, inhibition de 50 à 60%; +, Inhibition de 20-30% 

GTI ++++ - ++++ ++++ ++++ ++++ - ++++ ++++ NA 

Mg(GTI)2 ++++

+ 

- ++++ ++++

+ 

++++ ++++ - ++++ NA NA 
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Composé Bacteria Gram+ Bacteria Gram- Fungi 
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Ca(GTI)2 ++++ - ++++ +++ ++++

+ 

++++

+ 

- ++++

+ 

++++

+ 

NA 

Cr(GTI)2 ++++ - ++++ ++++

+ 

+++ +++ - ++++

+ 

++++

+ 

NA 

Mn(GTI)2 ++++ - ++++ ++++

+ 

++++

+ 

++++

+ 

- ++++ NA NA 

Fe(GTI)2 ++++ - ++++ ++++

+ 

++++ ++++ - ++++

+ 

++++

+ 

NA 

Co(GTI)2 ++++ - +++ +++ ++++ ++++

+ 

- ++++

+ 

++++

+ 

NA 

Ni(GTI)2 ++++

+ 

- ++++ ++++

+ 

+++ ++++ - ++++

+ 

++++

+ 

NA 

Cu(GTI)2 ++++ - ++++ ++++ ++++ +++ - ++++

+ 

++++

+ 

NA 

Zn(GTI)2 ++++

+ 

- ++++ ++++ ++ ++++ - ++++

+ 

++++

+ 

NA 

Cd(GTI)2 ++++ - +++ +++ +++ +++ - ++++

+ 

++++

+ 

NA 

Abréviations: NA - aucune activité; S. aureus - Staphylococcus aureus; C. hoffmannii - Corynebacterium hoffmannii, 

B. Subtilis - Bacillus subtilis; E. Faecalis – Enterecoccus faecalis; P. mirabilis - Proteus mirabilis; E. coli - Escherichia coli; 

P. aeugrinosa – Pseudomonas aeruginosa, S. enteriditis - Salmonella enteriditi ; Klebsiella pneumoniae - 

K. pneumoniae ; C. albicans - Candida albicans; A. niger - Aspergillus niger; A. flavus - Aspergillus flavus; S. cereisiae - 

Saccharomyces cerevisiae  

La théorie de la chélation peut expliquer l'augmentation de l'activité contre les microorganismes. Les 

ions métalliques partagent partiellement la charge positive avec les groupes donneurs de ligands, ce qui 

diminue la polarité des ions. L'orbite du ligand et l'orbitale du cation se chevauchent. La délocalisation 

des -électrons dans le cycle chélate se produit, donc la lipophilie de la complexité augmente, ce qui 

facilite le passage du complexe FQs-Me à travers la membrane lipidique de la cellule et la pénétration 

cellulaire [14, 80, 81]. 
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L'activité antifongique des FQ a également été testée. Dans la plupart des cas, les FQ n'ont aucun effet 

sur les champignons, à l'exception des complexes [Ni/Co(LOME)(H2O)4]Cl2·H2O (Tableau 1.5), qui ont 

augmenté le pouvoir inhibiteur de C. albicans. Les résultats ont été comparés à un antibiotique 

antifongique, l'amphotéricine B et le complexe LOME-Me s'étant révélés moins actifs [82]. Les 

complexes GTI-Me (sauf les complexes Mn2+ et Mg2+) ont également montré une activité accrue contre 

C. albicans (Tableau 1.5) et Fusarium solani (données non présentées) [79]. D'un point de vue 

médical, ils sont des antibiotiques potentiels contre les champignons, par exemple C. albicans, ce qui 

provoque la candidose - l’une des infections les plus communes dans les hôpitaux [83]. Les complexes 

FQs-Me peuvent être moins toxiques pour l'être humain que d'autres composés antifongiques, tels que 

l'amphotéricine B. Cependant, du point de vue effet sur l'environnement, les FQ et leurs complexes 

métalliques peuvent perturber les communautés fongiques, qui peuvent être essentielles pour leur 

écosystème. Par exemple, certains champignons vivent en symbiose avec les plantes (mycorhizes) [84]. 

Par conséquent, la présence de composés ayant un effet toxique sur eux affecterait également la 

croissance de ces plantes. De plus, l'effet toxique sur les champignons peut avoir un effet négatif sur la 

qualité du sol, car les champignons saprophytes jouent un rôle important dans la rétention d'éléments 

nutritifs dans le sol [85, 86].  

1.5.2. Résistance aux antibiotiques 

L'exposition de l'environnement à long terme aux FQs induit la sélection de bactéries résistantes aux 

antibiotiques, qui sont devenues plus courantes ces dernières années. La résistance des FQs peut 

apparaître en raison de la mutation dans des régions spécifiques de sous-unités enzymatiques 

- gryA et gryB dans l'ADN gyrase et parC pour la topoisomérase IV [25]. L'autre mécanisme de 

résistance est la régulation à la hausse de l'efflux ou la réduction de la perméabilité de la membrane 

cellulaire en modifiant les porines de la membrane [87]. Une résistance à médiation par le plasmide a 

également été observée [88]. Les protéines, codées sur les plasmides, peuvent protéger la topoisomérase 

de l’attaque des quinolones. 

Girardi et al. (2011) ont mené l'étude sur les gènes de résistance à la CIP présents dans les sols [62]. Les 

gènes n'ont pas été détectés dans les souches de bactéries testées. Cependant, les gènes de résistance 

sont apparus après plus de 14 jours d'incubation avec l'antibiotique. 

Il a été prouvé que la présence d'ions de métaux lourds dans l'environnement est en corrélation positive 

avec l'abondance de certains gènes résistants aux antibiotiques [89-91]. Les métaux seuls possèdent des 

propriétés antibactériennes [92]. Ils peuvent entraîner un dysfonctionnement des protéines et désactiver 

les enzymes par échange de métal structural/catalytique (Pb (II), Ni (II)) ou par oxydation de Cys dans 

le site de liaison du Fe. La production d'espèces réactives de l'oxygène par Fe (III) ou Cu (II) peut, par 

exemple, endommager l'ADN. Ils peuvent également désactiver la fonction membranaire (Ag (I), Cu 
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(II), Cd (II)) ou nuire à l'absorption de nutriments (Fe (III)). Les métaux présentent également une 

génotoxicité (par exemple, Mn (II), Cr (VI), Cd (II), Co (II)) [92]. Par conséquent, les bactéries ont 

développé des mécanismes de résistance aux métaux. De plus, les gènes de résistance aux antibiotiques 

et aux métaux lourds peuvent être liés au même plasmide [89, 91]. Par conséquent, les métaux peuvent 

influencer la sélection des souches résistantes aux antibiotiques en raison d’une pression sélective à long 

terme vis à vis des bactéries - métaux ne subissant pas de dégradation, comme les antibiotiques et 

d’autres composés chimiques. Le mécanisme exact et l’influence sur les souches résistantes aux 

antibiotiques et aux métaux lourds nécessite encore des études plus approfondies. 

Des modifications de composés connus peuvent être testées pour surmonter les bactéries et les 

complexes FQ-métal résistants aux FQs qui sont prometteurs pour atteindre cet objectif. Les données 

suggèrent que les complexes d'antibiotiques libres et FQs-Me sont transportés par deux voies 

d'absorption différentes. Les FQs entrent dans la cellule par des canaux non spécifiques, c'est-à-dire les 

porines OmpF ou OmpC, par diffusion passive et par interaction au sein des canaux [87, 93, 

94]. Cependant, les bactéries ont développé une résistance à la réduction de la consommation 

d'antibiotiques par des modifications de la perméabilité des porines ou des mécanismes d'efflux 

d'antibiotiques. Cependant, les complexes FQ-Me probablement entrent dans la cellule bactérienne de 

différentes manières [95, 96]. L'interaction entre les lipides présents dans la membrane et le complexe 

antibiotique est plus forte qu'avec FQ libre (comme CIP) en raison des interactions 

électrostatiques  entre les groupes cationiques des complexes FQ-Me et les lipides chargés 

négativement. Par conséquence, les métallo-antibiotiques pénètrent dans la cellule dépendamment des 

changements d'hydrophobie [96, 97]. D'autre part, en raison de la co-contamination des ions métalliques 

et des antibiotiques dans l'environnement, il serait possible pour les FQ d'obtenir également une 

résistance contre les métalloantibiotiques, par des modifications de la composition membranaire. 

Le phénomène concerné est le développement d'une de défense bactérienne via formation de 

biofilms [98]. En présence d'antibiotiques, ils utilisent les propriétés de barrière de perméabilité 

extracellulaire du biofilm pour interférer avec l’absorption de composés toxiques. Cependant, ce 

processus est très coûteux sur le plan énergétique et peut donc être inefficace. La présence de cations est 

cruciale pour cette interaction. Le pont métallique est formé en liant le tryptophane déprotoné, présent 

dans les matrices de biofilms, à l’ion métallique, qui est connecté au groupe carboxyle/carbonyle des 

FQ. La formation d'un pont métallique entre les ions divalents, les biofilms et le CIP a été 

spécifiquement régulée. Sans pontage de métal, la cellule présente une perméabilité plus élevée, 

l'absorption de FQ, d'où la chimiotaxie défectueuse [98]. Le procédé s'avère efficace sur le plan 

énergétique pour les bactéries. La formation de ponts métalliques dans les matrices de biofilms est 

considérée comme un facteur crucial dans la résistance des bactéries aux antibiotiques. 
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1.5.3. Bioaccumulation 

Les FQs, y compris CIP, ont été détectés dans les poussins d’aigle doré et vautours à des concentrations 

comprises entre 20 et 150 g/L [99, 100]. Avec un facteur de bioaccumulation de 3262 L/kg, la CIP a 

montré une accumulation potentielle chez la carpe de crucian, présente dans la rivière Haihe, en 

Chine [101]. Les systèmes végétaux de sol ont également été étudiés [102, 103]. On a découvert que la 

CIP a été présent dans les racines des : chou chinois, radis, tomates, et à haricot long, et peut - être 

diffusé aux parties aériennes [102]. Ces données sont extrêmement alarmantes - ces légumes sont 

couramment utilisés dans de nombreux ménages à travers le monde. La présence du CIP peut avoir des 

effets néfastes sur l'homéostasie humaine, tout comme sur la flore bactérienne intestinale. Néanmoins, 

les connaissances sur la bioaccumulation des FQ sont encore insuffisantes, les connaissances sur 

l’impact des complexes FQ – métaux sont encore plus inconnues. 

1.6.  Mobilité des complexes de métaux fluoroquinolones dans divers compartiments 

Les valeurs logKOW de différentes FQs (Tableau 1.1) indiquent qu'elles ont une forte affinité pour 

l’eau. Néanmoins, les études ont révélé que les FQs ont tendance à s'adsorber sur le sol, les sédiments et 

les boues [61, 104-107]. Van Doorslaer (2014) a indiqué que les valeurs rapportées dans la littérature 

de logKOW incluent des données obtenues par modélisation et à travers des expériences à l’échelle 

laboratoire, les valeurs expérimentales sont supérieures d'au moins 1 unité de log aux données obtenues 

via des outils de modélisation [108]. En outre, les données expérimentales ont montré qu'il existait une 

variabilité entre les valeurs logKOW, probablement en raison de la différence au niveau de la température 

de la solution et de l’effet de partition du pH [108]. La nature amphotère des FQs joue également 

un rôle important dans ce cas en raison de leurs diverses occurrences de spéciation. 

Dans les différents compartiments de l'environnement, la substance abondante susceptible d'affecter la 

mobilité des produits pharmaceutiques est la matière organique [75, 109, 110]. Aristilde et Sposito 

(2010) ont effectué des simulations moléculaires de l'interaction entre la CIP et l'acide humique, le 

représentant de la matière organique [111]. Dans un environnement acide, lorsque les substances 

humiques sont protonées, la CIP présente une plus grande affinité à leur égard. Toutefois, à pH neutre 

et en présence de cations divalents, deux scénarios peuvent se présenter. Le premier est la formation 

d’un complexe ternaire entre CIP et les substances humiques avec des ions métalliques, jouant le rôle 

de médiateur. Dans le second scénario, les ions divalents entravent la formation du complexe CIP-

substance humique [111]. Ils ont conclu que l'amélioration de la formation du complexe dépend 

inversement du rayon ionique du cation – Mg2+ et Fe2+ facilitant la liaison entre la CIP et les substances 

humiques par rapport au Ca2+. 

L'échange de cations, la formation de ponts et la complexation de surface sont les mécanismes 

d'interaction entre les FQs et les sols [107, 112, 113]. En conditions tropicales, leur coefficient de 
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distribution Kd peut atteindre plus de 544,2 L/g, alors que les sulfamides dans les mêmes conditions 

allaient de 0,7 à 70,1 L/kg [107]. Le sol contient différentes particules, y compris des composants 

minéraux, tels que des oxydes hydratés. Les oxydes hydratés d'aluminium et de fer sont les minéraux 

les plus importants en raison de leurs surfaces hautement réactives, [114]. Ils peuvent former des 

complexes avec des ions métalliques ou des composés organiques. En général, ils sont 

amphotères. Ainsi, la sorption des FQs, tels que la CIP sur des oxydes hydratés, est un processus 

fortement dépendant du pH [114]. Avec l'augmentation du pH, la sorption de la CIP a été observée 

également augmenter, jusqu'à atteindre un pH proche de la neutralité (pH 7,8 pour les oxydes hydratés 

d'aluminium et de 6,5 pour les oxydes hydratés de fer). Au-delà de cette valeur de pH, l'affinité 

pour absorber la CIP sur les oxydes hydratés a diminué [114]. 

L'influence des ions divalents (Cu2+ et Ca2+ sur le transport de CIP dans du sable saturé a été 

étudiée [115]. Lorsque les oxydes Al/Fe étaient présents et appliqués sur le sable natif, le transport par 

CIP était entravé. Al/Fe avait tendance à former des complexes forts avec la CIP, ce qui entraînait 

l'immobilisation du CIP dans le sable et la diminution de sa concentration dans une solution 

aquatique. Dans ce cas, seul le Cu2+ pourrait légèrement favoriser le transport en mode CIP. Lorsque la 

CIP était pré-adsorbé sur le sable, les deux ions divalents étaient incapables de soutenir la mobilisation 

de l'antibiotique. La pré-sorption de Cu2+/Ca2+ sur du sable de quartz a augmenté l'adsorption de CIP en 

raison de la complexation des métaux [116]. Toutefois, dans le sable propre, où les oxydes hydratés de 

Fe/Al ont été éliminés, le rapport de Cu2+/Ca2+ présent en solution a permis d’améliorer la mobilité de 

la CIP. Bien que, l'effet promoteur du Cu2+ a été plus fort que celui de Ca2+ [115, 116]. Ces résultats 

indiquent que la présence d'ions métalliques peut influencer l’efficacité de sorption du CIP en fonction 

du type d'ions et s’ils sont présents dans la phase solide ou liquide. 

Tan et al. (2015) ont mené une étude sur l’adsorption du CIP sur la goethite [117]. La présence d'ions 

métalliques divalents augmentait la rétention de CIP à la surface du sol, probablement via un pontage 

de cations. L'ordre d'affinité du CIP pour les métaux était: Cu2+ > Pb2+ >Cd2+ >Ca2+, ce qui correspondait 

aux valeurs des constantes de complexation obtenues. Le processus ne dépend pas du pH, on s'attend à 

une interaction CIP-Cu qui présente une dépendance significative au pH en raison d'une forte 

complexation CIP-Cu (la constante de complexation la plus élevée dans ce groupe d'ions 

métalliques). Le rapport de concentration de CIP et d'ions métalliques affecte l'adsorption des 

antibiotiques - l'adsorption la plus élevée ne s'est pas produite lorsque la concentration en ions 

métalliques était excessive. Cela est probablement dû à la contribution partielle des ions métalliques 

dans le processus de sorption du CIP. De plus, il a été prouvé que les ions métalliques peuvent 

concurrencer le CIP pour les sites de sorption dans le sol, comme le montre la Figure 1.3 B [115, 

116]. De plus, la présence de Cu2+ et d'acide fluvique augmentait la sorption de CIP du le sol, bien que 

la concurrence entre eux et la diminution de la sorption de CIP soient attendues [117]. 
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 Figure 1. 3 Interactions clés entre le sol, les métaux et les fluoroquinolones, où le cercle est constitué de 

fluoroquinolone et le triangle d'ions métalliques; A. l'ion métallique agit comme un pont entre l'antibiotique et le 

sol;B L'ion métallique et la fluoroquinolone sont en compétition pour les sites de liaison dans le sol C. formation de 

fluoroquinolone et de complexes métalliques, qui inhibent la sorption sur le sol 

La co-adsorption de la CIP et du Cu2+ a été étudiée également sur la montmorillonite et la kaolinite, la 

montmorillonite a une plus grande capacité d'échange de cations que la kaolinite [118]. Le processus de 

sorption a été testé dans une large gamme de pH. À pH acide (<5,0), [Cu(CIP±)]2+, CIP+ et Cu2+ étaient 

présents en solution. Le [Cu(CIP±)]2+ prévalait entre 6,0 et 7,0, et lorsque le pH atteignait 8,0, [Cu(CIP-

2)] commençait à précipiter. Entre pH 4,0 et 7,0, la CIP a montré une forte capacité de sorption sur la 

montmorillonite par échange de cations, probablement entre le site de charge permanent sur l'argile et 

l'atome d'azote sur le noyau hétérocyclique de CIP+/CIP± [118]. La présence d'ions de cuivre (II) n'a 

montré aucun effet sur la sorption de la CIP sur la montmorillonite en dessous de pH 6,0. Il est possible 

que la montmorillonite ait fourni une capacité de sorption suffisante et qu’elle puisse 

absorber complètement CIP+. Cependant, au-dessus de pH 6,0, la valeur de la sorption de la CIP a 

augmenté lorsque le Cu (II) était présent. Le surface de montmorillonite chargée négativement a 

contribué à la forte adsorption de la charge positive [Cu(CIP±)]2+/[Cu(CIP±)2]2+,, plutôt que CIP±/CIP-

. Un autre mécanisme possible pourrait intervenir: le Cu (II) s'adsorbe d'abord sur l'argile, puis le CIP 

forme un complexe avec l'ion métallique adsorbé [118]. 

La kaolinite présentait une sorption de la CIP plus forte que celle de la montmorillonite à pH plus élevé 

(9,5), probablement en raison de l’interaction entre la charge variable de l’argile et le groupement 

carboxyle de la CIP [118]. La présence de Cu (II) a diminué la sorption CIP sur la kaolinite pour des pH 

en dessous 6,0. La CIP+ était plus favorablement adsorbé sur l'argile que le complexe CIP-Cu, en raison 

de l'interaction interférente entre la surface chargée positivement de la kaolinite et le groupement 

carboxyle du CIP. À pH plus élevé, en raison de la formation de ponts cationiques, le 

[Cu(CIP±)]2+/[Cu(CIP±)2]2+ avait une plus grande affinité pour absorber la kaolinite [118].  
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Les différences dans la composition des compartiments environnementaux sont les principaux facteurs 

qui influencent la mobilité des FQs et de leurs complexes métalliques. D'autres paramètres, tels que le 

pH, la température ambiante et le climat peuvent également avoir une influence. Cependant, les données 

sont encore rares, c’est la raison pour laquelle qu’il faut entreprendre des travaux plus avancés pour 

étudier l’effet des ions métalliques influence sur le transport des FQs. 

1.7.  Perspectives futures étendues à différents compartiments environnementaux 

La présence des FQs dans les sols peut affecter leur fertilité. Il a été déjà démontré que la forte 

concentration de CIP dans le sol affecte négativement la croissance de radis [102]. En outre, les 

complexes FQ-métal, qui peuvent être persistants dans l’environnement, peuvent également affecter les 

plantes et la communauté microbienne nécessaires à la bonne fertilité du sol. La perturbation de cette 

dépendance peut entraîner une réduction des rendements etou une malformation des plantes. De plus, 

si la plante peut accumuler des complexes FQ-métal, ils peuvent affecter les organismes vivants, y 

compris l'homme lorsque la plante est consommée. Cela peut entraîner une accumulation de métaux 

lourds encore plus toxique en présence des antibiotiques. Jusqu’à date, l'effet exact des complexes FQs-

Me sur les organismes vivants, à l'exception des bactéries, des champignons et de certains protozoaires, 

est toujours inconnu. 

Une situation analogue se produit dans les compartiments aquatiques. Les complexes FQs-Me peuvent 

demeurer stable et affecter par conséquence la faune et la flore aquatiques, telles que les bactéries, les 

cyanobactéries, les algues vertes, les plantes aquatiques et les poissons. De plus, les rivières et les bassins 

hydrographiques sont souvent la source d’eau potable; par conséquent, les complexes antibiotiques-

métaux peuvent être présents, ce qui pose les mêmes menaces que précédemment. En plus, en raison de 

la nouvelle adaptation technologique des FQs-Me, leur application pourrait s’étendre, mais leur impact 

éventuel sur l’environnement et leur élimination sans danger doivent être prise en compte. 

De nos jours, on ignore toujours les effets nocifs des FQs et de leurs complexes métalliques. Des études 

approfondies devraient être effectuées pour avoir une idée sur l’influence exacte des complexes sur 

l’écosystème. En outre, les stations d'épuration devraient être améliorées pour la bonne détection et 

élimination des FQs qui peuvent être présent dans l'eau. Le traitement des boues et des sols doit 

également être étudié, afin d'éviter la formation de FQs-Me. Il faut sensibiliser le grand public afin que 

la société soit consciente de la nécessité d'éliminer les médicaments de manière à prévenir les 

interactions et réactions intempestives antibiotiques-métaux. 
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2. PROBLÉMATIQUE  

Dans le chapitre précédent sur la revue de la littérature, les problèmes suivants ont été soulevés: 

3.1 La tendance à la hausse de l'apparition de souches résistantes aux FQ 

Depuis son approbation à la fin des années 1980, la CIP a été largement utilisée pour traiter de 

nombreuses infections bactériennes. Cependant, jusqu'à 65% des CIP non modifiées peuvent être 

excrétées dans l'environnement via l'urine et/ou les selles. Il en résulte une concentration de CIP 

élevée dans l’eau et le sol, où elle exerce une pression sélective sur la communauté microbienne actuelle. 

Cela a conduit à la sélection et à la diffusion de la résistance aux FQ (CIP). Au Canada, la tendance à la 

hausse des isolats de N. gonorrhea résistants à la CIP a été observée entre 2004 (5%) et 2014 (34%). Le 

pourcentage de Staphylococcus aureus méticilline-résistant (SARM), résistant également à CIP, se 

situait entre 81,4 à 89,1% cependant, des isolats testés (2008-2014), entre 2015-2017. La tendance est 

passée de 81,7% à 76,3%. La proportion d’isolats d'E. coli résistants à la CIP est passée de 20% (2007) 

à 29,2% (2011). Selon le dernier rapport publié par l'Organisation mondiale de la santé (OMS), 

Salmonella spp. ont été classées comme hautement prioritaires pour la recherche et le développement 

de nouvelles alternatives de traitement en raison de la sensibilité réduite des souches.   

De plus, la présence d'ions métalliques dans l'eau et les sols présentait une corrélation positive avec 

l'abondance de certains ARG; les antibiotiques et les gènes de résistance aux métaux lourds peuvent être 

liés au même plasmide. En outre, il est suggéré que les complexes FQs-Me pénètrent dans la cellule 

bactérienne par une voie différente de celle d'un antibiotique libre, solution prometteuse pour la 

résistance aux FQs. Toutefois, sur la base de l’hypothèse Red Queen, la bactérie pourrait également 

développer une résistance aux métalloantibiotiques. L'OMS a classé les FQs comme un agent 

antibactérien extrêmement important pour la médecine humaine en raison de sa résistance accrue 

aux bactéries. 

3.2 Bioaccumulation 

La CIP a été détectée dans les légumes (chou chinois, radis, tomates), ainsi que chez les animaux 

(carassin, invertébrés d'eau douce, oisillons aigle doré, et vautours). 

3.3 L'influence des complexes CIP-Me sur le TEU 

Le taux d'élimination de la CIP dans les eaux usée varie de 30 à 86%. Environ 30 à 40% du CIP 

peuvent être adsorbées sur les boues, ce qui réduit considérablement leur efficacité d’élimination. 

Cependant, la présence d'ions de métaux alcalino-terreux a pu réduire le taux de sorption des boues. 
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L'effet d'autres ions n'est pas connu. De plus, la biodégradation du CIP est rare en raison de son temps 

de rétention réduit et de son taux d’absorption élevé. L'activité antimicrobienne modifiée des 

complexes CIP-Me peut également avoir une influence négative sur la communauté bactérienne 

présente pendant le traitement biologique.  

3.4 La mobilité du CIP dans l'eau et le sol 

La CIP en tant que composé amphotère présente une spéciation différente en fonction du pH de 

l'environnement. En ce qui concerne les conditions acides, neutres ou alcalines, le CIP peut exercer une 

affinité de sorption différente avec les substances humiques, le sol ou les sédiments. La présence d'ions 

métalliques influence considérablement l'efficacité de la sorption. En général, trois scénarios ont 

lieu. La présence d'ions métalliques (MI) peut faciliter la sorption CIP via un pontage des métaux. 

D'autre part, la formation de complexes CIP-Me peut entraver la sorption sur l'HS ou les sols, ainsi le 

complexe restera dans l'eau. Le dernier scénario comprend la compétition entre MI et CIP; dans ce cas, 

le CIP est en concurrence avec le MI pour les sites de liaison du SH, etc. De plus, l'affinité pour le CIP 

dépend également de la composition du compartiment environnemental.
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4 HYPOTHÈSE 

La présente recherche repose sur les hypothèses suivantes : 

4.1 Les composés les plus abondants dans l'eau et les sols sont le HS et le MI. Selon la littérature, la 

CIP est capable de former des complexes avec le MI, ce qui influence les caractéristiques 

physicochimiques de l'antibiotique ainsi que l'activité antimicrobienne. De plus, la CIP peut 

également être adsorbée sur le HS. Par conséquent, la présence de HS peut affecter la stabilité 

des complexes CIP-Me. De plus, si les complexes CIP-Me et/ou CIP-Me + HS sont stables, ils 

peuvent affecter la communauté microbienne actuelle.    

4.2 La forte concentration d'antibiotiques, chlorotétracycline (CTC) et CIP peut entraîner la 

dissémination des ARG et des ARB. De plus, le CIP et le CTC peuvent avoir un pouvoir 

antimicrobien synergique ou antagoniste.    

4.3 D'après les caractéristiques physicochimiques, la CIP devrait avoir une plus grande affinité pour la 

phase aquatique pendant le TEU. Cependant, les études ont montré qu'il peut être détecté dans les 

boues d'épuration des eaux usées et les eaux usées. L’examen de la séparation de la CIP et de la 

corrélation de la concentration en métal peut faciliter la compréhension du devenir du CIP 

pendant le TEU.    

4.4 Les méthodes d'oxydation conventionnelles sont insuffisantes pour éliminer les antibiotiques 

pendant le traitement, ce qui se traduit par une concentration élevée dans l'eau et les sols. Les 

méthodes d’oxydation hybrides sont des techniques prometteuses pour augmenter le taux 

d’élimination des composés organiques. Par conséquent, le développement de méthodes 

d'élimination hybrides peut entraîner une efficacité accrue du traitement. 

4.5 L'enzyme la plus couramment utilisée pour la dégradation enzymatique est la laccase, oxydase liant 

le cuivre. Cependant, le coût de l'enzyme pure est encore plus élevé. L’application d’extrait de 

laccase brut pourrait permettre de transformer efficacement la CIP et de réduire les coûts du 

traitement enzymatique. 

4.6 Le biochar s'est avéré être une alternative au charbon actif pour éliminer les polluants organiques 

des eaux usées. Cependant, la fonctionnalisation du biochar peut augmenter sa capacité 

d’absorption et sa sensibilité à la CIP. 
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5 OBJECTIFS  

L’objectif global de cette recherche est d’étudier le devenir de la CIP dans les stations d’épuration des 

eaux usées et l’environnement, l’influence de l’IM sur la WWT et d’essayer des méthodes de traitement 

chimiques, physiques et biologiques.  

Le présent projet comprend les objectifs spécifiques suivants: 

5.1 Étudier la stabilité et toxicité des complexes CIP-métal en présence de substances humiques 

5.2 Estimer la concentration en métaux et de leur spéciation dans les boues et son influence possible sur 

la distribution de CIP dans TEU 

5.3 Détecter les bactéries résistantes au CIP/CTC dans des échantillons d'eau de la région de Québec 

5.4 Combiner la toxicité du CIP et du CTC vis-à-vis des représentants des bactéries à Gram négatif et à 

Gram positif 

5.5 Étudier le potentiel d'extrait de laccase brut produit à partir de déchets agro-industriels pour éliminer 

le CIP 

5.6 Comparer le couplage, électro-oxydation et oxydation enzymatique, pour éliminer le CIP des eaux 

usées 

5.7 Tester la fonctionnalisation du biochar pour éliminer simultanément les ions de métaux lourds et la 

CIP 
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6 ORIGINALITÉ  

Parmi les hypothèses précédentes, l'originalité de ce projet de recherche est la suivante: 

6.1 L'influence de la présence de HS sur la stabilité et la toxicité des complexes CIP-Me nous aidera à 

comprendre le devenir de la CIP dans les milieux aquatiques. 

6.2 La détection de l’ARB, résistant à la CIP et au CTC aidera à répondre au besoin émergent 

d’amélioration du TEU. 

6.3 La répartition de la CIP en corrélation avec la concentration en ions métalliques aidera à connaître 

le sort de la CIP au cours de la STEP. 

6.4 L'utilisation d'extraits enzymatiques bruts pour éliminer les polluants réduira les coûts liés à 

l'oxydation enzymatique à l'échelle industrielle. 

6.5 L'électrooxydation séquentielle et l'oxydation enzymatique constituent une nouvelle approche pour 

l'élimination de la CIP. 

6.6 Le biochar fonctionnalisé constituera un adsorbant économique pouvant être utilisé pendant le TEU. 

De plus, en raison de la complexation de CIP-Me, il sera possible d'éliminer simultanément les deux 

contaminants. 

Globalement, l’originalité du projet de doctorat proposé est l’influence des ions métalliques sur le 

devenir et l’élimination de la ciprofloxacine dans l’environnement, en prenant comme exemple les eaux 

usées et les boues d’épuration. 
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7. Méthodologie 

Générale 

Spectroscopie infrarouge à transformée de Fourier 

Tous les échantillons ont été analysés sous forme solide par spectroscopie infrarouge à transformée de 

Fourier en utilisant le spectromètre Cary 670 FTIR. Les spectres ont été obtenus avec une résolution de 

4 cm-1, dans la gamme de 4000-400 cm-1. 

Analyses statistiques 

L'analyse a été réalisée à l'aide du logiciel SigmaPlot 13.0. L'ANOVA unidirectionnelle a été utilisée 

pour déterminer s'il existe une différence statistiquement significative (valeurs de p <0,05). Les données 

ont été présentées comme une moyenne de triple ± écart-type. 

Test d'activité antimicrobienne - concentration minimale inhibitrice (CMI) 

La CMI a été définie comme la concentration minimale d'antibiotique capable d’inhiber la croissance 

bactérienne. La CMI des complexes CIP, CIP-Me et CIP-Me en présence de HS contre les représentants 

Gram négatifs et / ou Gram positifs a été mesurée par la méthode de dilution sur gélose. Il a été réalisé 

conformément aux spécifications du Comité européen pour les tests de sensibilité aux antimicrobiens 

de la Société européenne de microbiologie clinique et des maladies infectieuses.  

Activité antimicrobienne des produits de transformation 

Pour évaluer l'activité antimicrobienne des produits de transformation, Escherichia coli (NRRL-3707) 

a été utilisé comme micro-organisme modèle. La souche d'E. coli a été relancée dans du bouillon 

Tryptone-Levure Extrait-Glucose (tryptone 5 g/L, extrait de levure 5 g/L, K2HPO4 1 g/L, glucose 1 g/L) 

suggéré par le Service de recherche agricole (NRRL) Collection Culture. Les bactéries ont été incubées 

pendant 24 h, 28 ° C, 150 tr/min. Par la suite, E. coli a été striée sur des plaques de gélose Luria (LA) 

(tryptone 10 g/L, extrait de levure 5 g/L, NaCl 10 g/L, gélose 1,5% p/v) et incubée pendant 24 h à 37°C. 

Les plaques ont été maintenues à 4°C pour une utilisation ultérieure. 

Les échantillons de dégradation CIP par électro-oxydation et/ou oxydation enzymatique ont été 

collectés. La technique de diffusion sur puits d'agar a été utilisée pour tester l'efficacité antimicrobienne 

des produits de transformation. La culture d'E. coli a été inoculée sur des plaques LA, puis les puits ont 

été perforés de manière aseptique (6-8 mm) avec des pointes stériles. Ensuite, 100 µL de solutions testées 

(contrôles, électrooxydation et oxydation enzymatique individuellement et traitement combiné) ont été 

ajoutés dans les puits et incubés pendant 24h à 37°C. Après le temps d'incubation, les zones d'inhibition 

ont été mesurées. 
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Détection CTC et CIP 

La concentration de CIP et de CTC a été analysée par chromatographie liquide-électrospray-ionisation-

spectrométrie de masse en tandem (LC-ESI-MS / MS). Le système comprenait une pompe LC pour 

sondeur Finnigan reliée au spectromètre de masse triple quadruple TSQ Quantum access (Thermo 

Scientific, Mississauga, ON, Canada) et une interface d'ionisation par électrospray. Une aliquote de 

15 µL des échantillons traités a été injectée dans la colonne BetaBasic-18 (100 mm x 2,1 mm x 3 µm). 

Le four à colonne a été réglé à 40 ° C et le débit a été maintenu à 0,3 mL/min. La ciprofloxacine-d8 

(CIP-d8) et la sulfaméthazine ont été utilisées comme étalons internes pour la détection de la 

ciprofloxacine et de la chlortétracycline, respectivement. Ils ont été ajoutés à chaque échantillon avant 

les analyses pour donner la concentration finale de 50 µg/L et 5 µg/L pour la ciprofloxacine-d8 et la 

sulfaméthazine, respectivement. Les échantillons ont été élués avec une phase mobile qui comprenait 

0,1% d'acide formique (phase mobile A) et de l'acétonitrile combinés avec 0,1% d'acide formique (phase 

mobile B). L'élution du gradient a commencé avec 90% de la phase mobile A et 10% de la phase mobile 

B. Elle a été constante jusqu'à 0,5 min, puis la phase mobile A a commencé à diminuer progressivement 

(30%) jusqu'à 3 min. Par la suite, le gradient a été maintenu constant jusqu'à 8 min, puis il est revenu à 

la configuration initiale. Le spectromètre de masse a été utilisé en mode positif SRM. La tension de 

pulvérisation a été réglée à 4000 V et l'écumoire décalée à 20 V. La pression du gaz de collision était de 

1,5 mTorr. La température capillaire était à 350 ° C. L'énergie de collision pour le CIP, le CTC, la 

sulfaméthazine et le CIP-d8 a été fixée à 17, 18, 17 et 19 V respectivement. Les ions précurseurs et 

produits (m / z) ont été sélectionnés comme suit: 332,3 et 245,3 pour CIP, 479,1 et 444 pour CTC, 340,3 

et 249,3 pour CIP-d8, 285 et 185 pour sulfaméthazine.  

ICP 

Des étalons ont été préparés dans 10% de HNO3 et 30% de HCl. À tous les standards et échantillons, Y 

5 mg / L + CsCl 10 g / L dans 1% HNO3 a été ajouté comme standard interne. Des échantillons choisis 

au hasard ont été enrichis d'une concentration connue d'éléments; la récupération de tous les éléments 

testés était de 100 ± 2%. 

Spécifique 

Interactions de la ciprofloxacine avec les métaux et les substances humiques 

Préparation de la solution CIP-Me 

La poudre de CIP a été dissoute dans de l'eau désionisée pour obtenir une solution mère à 100 mg / L. 

La même procédure a été appliquée pour une solution mère d'ions métalliques pour obtenir une 

concentration similaire. Avant dilution, les solutions ont été filtrées à l'aide d'un filtre (Chromafil® Xtra 

0,45 µm). Plus tard, les solutions mères ont été diluées dans du tampon Tris-HCl (50 mM; pH 6,5) dans 

des tubes Falcon de 15 mL, où la concentration CIP était constante (10 mg/L) et la concentration en 
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métaux variait entre 0 et 5 mg/L. Le volume final de la composition était de 5 mL. Les solutions ont été 

préparées en trois exemplaires. 

Constante de stabilité des complexes CIP-Me 

La stabilité des complexes CIP-Me a été établie par des mesures d'intensité de fluorescence, puis leur 

constante de stabilité a été calculée. Les solutions obtenues ont été incubées jusqu'à ce qu'elles atteignent 

l'équilibre de complexation. Le sel de sodium humique (10 g/L) a été dissous dans de l'eau désionisée 

puis filtré sur du papier filtre en fibre de verre Whatman pour éliminer l'humine insoluble. Les solutions 

de CIP et de métaux ont été préparées comme décrit précédemment, avec l'ajout de sel de sodium 

humique, en tant que représentant de substances humiques. Les concentrations finales étaient de 

10 mg/L de substances humiques, 10 mg/L de CIP et 0-5 mg/L d'ions métalliques. Les contrôles sans 

substances humiques ont également été préparés. Les solutions CIP-Me ont été incubées à deux 

températures: 18 ± 2˚C et 4 ± 1˚C; ils n'étaient ni remués ni agités. Par la suite, l'intensité de fluorescence 

(λEx/Em = 276/415 nm) a été mesurée dans des cuvettes de quartz par le spectrophotomètre à fluorescence 

Varian Cary Eclipse (Mississauga, Ontario) avec le système de contrôle de la température Single Cell 

Peltier. Le volume des échantillons mesurés était de 3 mL. 

Pour utiliser la spectrofluorimétrie comme outil pour étudier les changements d'intensité de fluorescence 

du CIP, la validation de la méthode a été effectuée. La raison principale en était d'exclure la possibilité 

de résultats faussement positifs ou faux négatifs en raison de la fluorescence potentielle des ions 

métalliques. L'intensité de fluorescence du CIP, du CIP-Me ([Me] = 5 mg/L) et des ions métalliques à 

leur concentration la plus élevée ([Me] = 5 mg/L]) a été mesurée. Les résultats sont présentés sur la 

Figure 1.4. Comme on peut le voir, la fluorescence des ions métalliques seuls était négligeable, par 

conséquent, cette méthode convenait à l'étude de la stabilité des complexes CIP-Me. 
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Figure 1. 4 Intensité de fluorescence des solutions testées 

Spéciation des métaux dans les boues d'épuration et son influence sur la distribution 

d'antibiotiques 

Préparation des échantillons pour l'analyse des éléments et la digestion partielle 

La fraction liquide a été séparée des boues par centrifugation (7650 x g, 25 min, 4°C). Les échantillons 

de surnageant et de WW (affluent, effluent, unité de granulation et unité de criblage) ont ensuite été 

transférés pour digestion acide. Environ 0,5 g de boue séchée (ou fraction liquide) a été placé dans des 

tubes de 50 mL (SCP Science 10-500-262). Du HNO3 (1 mL) a été ajouté et laissé pendant une nuit. 

Ensuite, 3 mL de HCl 1 M ont été ajoutés et placés dans le bloc chauffant (2 h, 95 ° C). Ensuite, les 

mélanges ont été refroidis et de l'eau Milli-Q a été ajoutée pour obtenir un volume de 50 mL. Les 

échantillons préparés ont été analysés par spectroscopie d'émission atomique à plasma à couplage 

inductif (ICP-AES) en double. 

Spéciation chimique dans les boues 

Les échantillons des sections suivantes ont été centrifugés (30 240 x g, 30 min) après chaque étape 

d'extraction et la partie solide a été séparée du surnageant. Par la suite, le culot a été utilisé pour l'étape 

d'extraction suivante, lorsque le surnageant a été filtré et analysé par ICP-AES. La récupération des 

métaux de cette méthode variait entre 74 et 120%. La procédure a été réalisée en duplicata. 

Pour évaluer l'influence de la digestion séquentielle des boues sur les antibiotiques, les contrôles dans 

l'eau Milli-Q ont été effectués. La concentration de CIP n'a pas changé tout au long de la procédure; la 
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différence entre les fractions était inférieure à 10%. Dans le cas du CTC, la variation de sa concentration 

a été observée (<70% de récupération) en raison de l'isomérisation du composé.  

 Fraction échangeable 

Les échantillons de boues (2 g) ont été extraits à température ambiante pendant 1 h avec 16 mL de 

solution de chlorure de magnésium (1 M MgCl2, pH 7,0) dans un bain-marie. Une agitation continue a 

été maintenue. L'extraction dans cette fraction est principalement basée sur le processus d'adsorption-

désorption. 

  Liés aux carbonates 

Au résidu de la section précédente, 16 ml de NaOAc 1 M ont été ajoutés et le pH a été ajusté à 5,0 avec 

de l'acide acétique. Les échantillons ont subi 5 heures d'agitation continue à température ambiante pour 

co-précipiter des métaux avec des carbonates. 

Oxydes liés à Fe – Mn (liés aux oxydes) 

Le résidu de la section précédente a été traité à l'aide de 20 mL de 0,04 M NH2OH – HCl dans 25% (v/v) 

HAc pour extraire les métaux. Les expériences ont été réalisées à 96 ° C avec une agitation occasionnelle 

pendant 6 heures. Dans ces conditions réductrices, Fe (III) et Mn (IV) libèrent des métaux adsorbés. 

Bound-to-organiques 

Du HNO3 (4 mL) a été ajouté aux échantillons de boue (0,1 g) et laissé toute une nuit. Par la suite, 1,6 

ml de HClO4 ont été ajoutés et chauffés pendant 2 h à 100°C. Ensuite, 2 mL d’HF ont été ajoutés et 

chauffés jusqu'à 150°C. Ensuite, 0,4 mL de HNO3 et de l'eau jusqu'à 15 mL ont été ajoutés et incubés à 

température ambiante pendant 2 semaines avant les analyses ICP-AES. 

Préparation des échantillons pour l'analyse CIP et CTC 

Préparation d'échantillons d'eaux usées 

Les échantillons d'eaux usées ont été centrifugés à 7650 x g pendant 30 min et le surnageant a été filtré 

à travers des filtres en fibres de verre de 2 µm (cercles de filtre G6 de marque Fisher, Fisher Scientific, 

Ontario, Canada). Le pH de chaque filtrat a été ajusté à pH 4,0 ± 0,1 avec HCl 0,1 M pour une extraction 

acide. Du Na2EDTA a été ajouté à chaque échantillon à la concentration finale de 2 mM. 

Les échantillons WWS (boues primaires, secondaires, mélangées et épaissies) ont été centrifugés à 7650 

x g pendant 35 min, 4°C. La fraction solide a ensuite été séparée et congelée à -20 ° C pendant toute une 

nuit avant lyophilisation (Dura Frezz Dryer, Kinetics). Le surnageant a été filtré à travers des filtres en 

fibres de verre de 2 µm et le pH a été ajusté à pH 4,0±0,1. Du Na2EDTA a été ajouté à chaque échantillon 

à la concentration finale de 2 mM. 
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Extraction de WWS 

USE a été réalisée dans un bain d'eau à ultrasons (Fisher, FB 15069, Mississauga, Ontario) à une 

fréquence de 37 kHz.. Un échantillon de boue lyophilisée (0,5 g) a été transféré dans un tube Falcon de 

50 mL (Fisher Scientific, Canada), suivi par l'ajout de 5 ml de tampon McIlwaine pH 3,0 et vortexé. La 

sonication a été effectuée pendant 20 min, puis les échantillons ont été centrifugés (12 000 x g, 15 min), 

le surnageant a été recueilli. Le processus d'extraction a été répété deux fois pour chaque échantillon. 

Les surnageant ont été combinés et pré-concentrés par extraction en phase solide. 

Nettoyage et pré-concentration 

La technique d'extraction en phase solide (SPE) a été utilisée pour le nettoyage et la pré-concentration 

des échantillons traités. Les cartouches SPE (Sep-Pak Plus C¬18) ont été installées dans le collecteur à 

vide (Welch, USA) connecté à une pompe à vide (Welch Rietschle Thomas, USA). Les cartouches ont 

été préconditionnées avec 7 mL de méthanol, puis 6 mL d'eau désionisée et 6 mL d'eau acidifiée (pH 

3,0) à un débit d'environ 1,5 mL/min. De plus, l'échantillon a été chargé sur les cartouches; après pré-

concentration, les échantillons ont été séchés par un système à vide (~ 15 psi). L'élution parallèle de CIP 

et CTC avec 2x4 mL de méthanol: acide trichloroacétique (9:1) a été utilisée pour obtenir la récupération 

la plus élevée possible. Chaque extrait a ensuite été évaporé sous un léger courant d'azote à sec. De plus, 

il a été reconstitué dans 1 ml d'acétonitrile: H2O (1:9). 

Apparition de bactéries résistantes à la ciprofloxacine/chlorotétracycline dans les eaux de la ville 

de Québec au Canada 

Méthode Time-kill 

La méthode Time-kill a été utilisée pour déterminer le taux de destruction des bactéries par les agents 

antimicrobiens. La procédure a été effectuée par la technique de microdilution en bouillon, comme décrit 

dans les directives du Comité national des normes de laboratoire clinique. Enterobacter aerogenes a été 

examiné contre le CTC, le CIP seul et dans leurs combinaisons (1/4MIC et 2MIC). 

Extraction d'ADN 

Les tubes contenant les colonies ont été centrifugés pendant 2 minutes à 10 000 x g. Le culot a été remis 

en suspension dans du tampon STE (tampon STE; Tris-HCl 10 mM pH 8,0, EDTA 1 mM, NaCl 

100 mM) suivi d'une extraction. 10% (v/ v) de SDS à 10% ont été ajoutés goutte à goutte, puis les tubes 

ont été placés dans un bain d'eau bouillante pendant 1,5 à 2 min. Les débris cellulaires ont été agglomérés 

par centrifugation (10 min, 10 000 x g) à 10-15°C. Le liquide a été transféré dans un tube propre et 

stérile pour l'isolement de l'ADN par extraction au phénol/chloroforme suivi d'une précipitation à 

l'isopropanol. L'ADN a été aggloméré par centrifugation (25 min, 4°C, 14 000 x g), lavé avec de l'éthanol 

à 70% glacé et laissé à l'air sec. Le culot final a été remis en suspension dans du tampon TE (Tris 10 mM, 

pH 8,0, EDTA 1 mM) et maintenu à -20 ± 1°C.  
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Amplification par PCR 

L'ADN isolé de la section précédente a été utilisé pour l'amplification par PCR. Les gènes ciblés étaient 

l'antigène plasmidique d'invasion H de Shigella sp. (IpaH), antigène plasmidique d'invasion B de 

Salomnella sp. (IpaB) et la séquence oligonucléotidique spécifique de C. jejuni (Cj). Les amorces ont 

été synthétisées par Invitrogen Life Sciences, Canada. Le mélange réactionnel de 10 µL de volume final 

comprenait 1 tampon de PCR (10 mM de chlorhydrate de Tris pH 8,3, 50 mM de KCl et 1,5 mM de 

MgCl2), 0,2 mM de chaque dNTP, 0,11 mM d'IpaB ou Cj ou 0,1 mM d'IpaH de la PCR amorces, 1,25 U 

Taq polymérase (Qiagen) et 2,5 µL d'ADN. Les mélanges de réaction de contrôle négatif contenaient 

de l'eau désionisée stérile à la place de l'ADN matrice. Les produits de PCR obtenus ont été analysés par 

électrophorèse sur gel dans 1% d'agarose pour IpaH et IpaB et 3% d'agarose pour Cj (Fisher Scientific) 

contenant 1 µg/mL de bromure d'éthidium dans du tampon TAE (40 mM Tris-HCl, 20 mM acide 

acétique, 1 mM EDTA, pH 8). Transilluminateurs UV de table UVP: 3UV ont été utilisés pour visualiser 

les bandes d'ADN. Pour confirmer la présence de la protéine IpaB, le contrôle positif Salmonella bongori 

ATCC 43975 a été utilisé. 

L'élimination de la ciprofloxacine par électrooxydation séquentielle et oxydation enzymatique  

Processus d'électrooxydation 

De la CIP a été ajoutée à une solution de Na2SO4 (1 g/L) pour donner une concentration finale de 1 

mg/L. Le volume du réacteur était de 550 ml. Pour l'expérience d'électrooxydation, deux anodes ont été 

testées, BDD et MMO; la cathode était en titane (Ti). L'expérience a été menée à 17,7 A / cm2 pendant 

60 min, où les échantillons ont été prélevés à certains intervalles de temps. Plus tard, trois densités de 

courant ont été testées pour atteindre l'efficacité d'élimination la plus élevée (4,42, 17,7, 35,4 A/cm2) 

L'efficacité de l'électrooxydation a été testée avec l'ajout d'acide humique (10 mg/L) comme composé 

modèle de la matière organique naturelle. Les substances humiques peuvent accepter ou donner des 

électrons dans diverses réactions redox, d'où leur effet inhibiteur potentiel sur l'électrooxydation CIP a 

été évalué. 

 Dégradation enzymatique 

La dégradation enzymatique a été réalisée avec de la laccase purifiée dans des tubes Falcon de 50 mL 

dans des conditions en absence de lumière pour éviter la photo-oxydation de la CIP. Pour imiter le pH 

réel des eaux usées, la réaction a été effectuée à pH 6,5 dans du tampon phosphate 100 mM. En bref, la 

concentration de laccase était de 0,2 mg / ml et le syringaldéhyde était de 0,8 mM. Le volume final de 

la réaction était de 25 mL. L'élimination de la CIP a été effectuée pendant 24 heures, à 25°C, 200 tr/min 

en trois exemplaires. Des échantillons ont été prélevés à différents moments pour établir la cinétique 

d'élimination (0, 1, 2, 3, 4, 6, 7, 8, 24 h). Avant d'analyser la concentration résiduelle de CIP, chaque 

échantillon a été déprotéiné par incubation dans un bain-marie à 100°C pendant 5 min. Par la suite, il a 

été centrifugé (2 min, 9659 x g) et le surnageant a été analysé par chromatographie liquide. 
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Système de retrait combiné 

L'oxydation électro- et enzymatique couplée a été réalisée dans des conditions optimisées selon les 

résultats des sections précédentes. La première série d'expériences a consisté à tester successivement 

des processus électrochimiques et enzymatiques. Les eaux usées synthétiques ont été préparées dans un 

réservoir en verre de 550 mL contenant une solution tampon de phosphate 100 mM (pH 6,5) dans 

laquelle 1 mg/L de CIP et 1 g/L de Na2SO4 ont été ajoutés. Un volume de travail de 550 mL a été utilisé. 

Le mélange a ensuite été soumis à une électro-oxydation. Après 10 et 15 min, 25 mL de l'échantillon 

ont été collectés dans un tube Falcon de 50 ml en triple. À chaque échantillon, une laccase et un 

médiateur ont été ajoutés pour donner la concentration finale de 2 mg/mL et 0,8 mM, respectivement. 

Après chaque étape d'élimination, 1 mL d'échantillon a été prélevé pour l'analyser par chromatographie 

liquide. 

La deuxième série d'expériences consistait à tester des processus enzymatiques suivis du processus 

électrochimique. On a préparé 550 ml d'une solution tampon de phosphate (100 mM, pH 6,5) contenant 

1 mg/L de CIP, 1 g/L de Na2SO4, 2 mg/mL de laccase et 0,8 mM du médiateur. L'oxydation enzymatique 

a été réalisée pendant 6 heures, à 25°C, 200 tr/min. Par la suite, le mélange a été soumis au processus 

d'électrooxydation. Après chaque étape d'élimination, 1 mL d'échantillon a été prélevé pour l'analyser 

par chromatographie liquide. 

Potentiel de la laccase produite par l'industrie agro-industrielle pour éliminer la ciprofloxacine  

Préparation de l'inoculum 

La souche lyophilisée de Trametes versicolor (ATCC 20869) a été inoculée dans un milieu liquide de 

bouillon de dextrose de pomme de terre (PDB) et incubée dans un agitateur orbital à 30±1°C et 

150 tr/min pendant 7 jours. Par la suite, 100 μL d'inoculum ont été striés sur les plaques de gélose de 

dextrose de pomme de terre (PDA), qui ont été conservées dans un incubateur statique à 30±1°C pendant 

9 jours. 

Fermentation à l'état solide 

Pour produire la laccase par T. versicolor, le marc de pomme (avec 70% en poids d'humidité et pH 4,5) 

a été utilisé comme substrat solide rentable. Le marc de pomme, un résidu de l'industrie du jus, a été 

offert par Vergers Paul Jodoin, Inc., Québec, Canada. Environ 20 g de marc de pomme ont été ajoutés 

à une fiole de 500 mL avec 0,5% (v/p) de Tween 80 comme inducteur, mélangés soigneusement et 

passés à l'autoclave à 121 ± 1°C pendant 30 min. Par la suite, le milieu solide a été inoculé avec la teneur 

en biomasse d'une plaque de Petri obtenue à l'étape précédente. Ensuite, il a été conservé dans un 

incubateur statique à 30±1°C pendant 13 jours. 
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Extraction et dosage d'enzymes 

L'échantillon (1 g) obtenu en raison de la fermentation préparée à l'étape précédente, a été ajouté à 20 

ml de tampon phosphate 50 mM pH 6,5, mélangé soigneusement pendant 1 h à 35 ± 1°C et centrifugé à 

7000 x g pendant 30 min. Plus tard, le surnageant a été collecté et lyophilisé (Dura Frezz Dryer, 

Kinetics). L'activité relative de la laccase a été analysée en surveillant l'oxydation de l'ABTS à 420 nm 

(ε420 = 36 000 M-1cm-1) à pH = 4,5 et 45 ± 1 ° C à l'aide d'un spectrophotomètre Varian Cary-50 UV-

Vis. L'unité d'activité enzymatique de la laccase a été définie comme la quantité d'enzyme nécessaire 

pour oxyder 1 μmole d'ABTS en 1 min dans des conditions de dosage. Les mesures ont été effectuées 

en triplicata. 

Optimisation de la dégradation enzymatique 

La dégradation de la CIP par médiation par une laccase brute a été réalisée dans des tubes Falcon de 50 

ml, contenant 100 mM de tampon phosphate, pH 6,5 pour imiter les conditions réelles des eaux usées. 

La concentration de poudre lyophilisée de laccase brute a été optimisée (0,08 mg/mL - 4 mg/mL), ainsi 

que la présence de médiateurs, c'est-à-dire ABTS et SA à une concentration de 0,4 à 2,0 mM. D’environ 

1 mg de laccase brute lyophilisée dissoute dans 1 ml d'eau désionisée a donné une activité de 0,1 U/mL. 

Toutes les expériences ont été menées pendant 6 heures à 25 ° C, 100 tr / min en trois exemplaires. 

Un test de comparaison avec la laccase purifiée de T. versicolor a été réalisé (Sigma Aldrich, Oakville, 

Canada). L'activité de la poudre achetée était de 0,5 U/mg. Le test a été réalisé dans des tubes Falcon de 

50 ml dans du tampon phosphate 100 mM pH 6,5 et 1 mg/L de CIP. La concentration optimisée du 

médiateur a été ajoutée. L'activité finale de la laccase pure et brute était de 1 U/mL. L'expérience a été 

menée pendant 24 heures à 25°C, 100 tr/min en trois exemplaires. 

Avant d'analyser la concentration résiduelle de CIP, tous les échantillons ont été déprotéinés par 

incubation à 100°C pendant 5 min. Par la suite, ils ont été centrifugés (2 min, 9659 x g) et le surnageant 

a été analysé par LC-MS/MS. 

Adsorbant fonctionnalisé pour l'élimination simultanée des métaux lourds et de la ciprofloxacine  

Billes de chitosane-biochar 

En bref, 1,67 mg/L de chitosane a été dissous pendant une nuit dans de l'acide acétique à 2%. Du biochar 

a été ajouté (biochar 1:1:chitosane) et le mélange a été agité pendant 2 heures. La suspension préparée 

a ensuite été ajoutée goutte à goutte à 0,6 M de NaOH et laissée pendant toute une nuit. Les billes de 

chitosane-biochar (CH-BB) générées ont ensuite été séparées et lavées à plusieurs reprises pour éliminer 

l'excès de NaOH. Par la suite, les perles ont été séchées et maintenues à température ambiante pour une 

utilisation ultérieure. 
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Caractérisation CH-BH 

La morphologie du CH-BH a été obtenue par microscopie électronique à balayage (SEM) 

(CarlZeissEVO®50). Des micrographies MEB ont été capturées à une tension d'accélération de 10 kV. 

Les échantillons n'étaient pas recouverts d'or. Le potentiel zêta a été déterminé par la particule Malvern 

Zetasizer Nano-ZS analysée. Les spectres de spectroscopie infrarouge à transformée de Fourier (FT-IR) 

de l'adsorbant avant et après l'adsorption ont été obtenus via FT-IR (système Nicolet FT-IR, 

Thermofisher Scientific). La surface a été étudiée en utilisant des isothermes d'adsorption de N2 et en 

utilisant la méthode de Brauner-Emmett-Teller (BET) pour évaluer la surface couverte par le mésopore. 

Le test de lixiviation des métaux de CH-BB a été effectué. Environ 0,1 g de billes ont été ajoutés à 

100 mL d'eau désionisée et la solution a été laissée à température ambiante pendant 48 h. La 

concentration en métal a ensuite été analysée par spectrométrie de masse à plasma à couplage inductif 

(ICP-MS) (Agilent Technologies 8800 ICP-MS Triple Quad). 

Expériences d'adsorption 

La capacité d'adsorption initiale des biochars générés a été testée dans des expériences de sorption par 

batch. Toutes les expériences ont été menées à 20±1˚C, pH 6,0, 150 tr/min dans un agitateur orbital 

(Agitateur orbital multifonctionnel PSU-20i, Biosan), sauf indication contraire. Des expériences à blanc 

ont été incluses. Environ 0,05 g de biochar a été ajouté à un récipient de 100 ml et mélangé à 50 ml de 

solution de chaque contaminant (10 mg/L pour CIP, As et Cd ou 1 mg/L pour Pb). Une concentration 

plus faible d'ions Pb a été maintenue pour éviter la précipitation du sel en raison du pH circumneutre. 

Le biochar avec la capacité d'adsorption la plus élevée a ensuite été utilisé pour générer du CH-HB. Pour 

les études cinétiques, des expériences d'adsorption ont été réalisées individuellement (1 mg/L de métal 

ou CIP) et en mélange (1 mg/L chacun de métaux et CIP). L'influence du pH (5,0-9,0) sur la capacité 

d'adsorption a été testée pour chaque contaminant, où la concentration initiale était de 10 mg/L pour 

CIP, As, Cd et 1 mg/L de Pb. Pour obtenir des isothermes de sorption, le CH-HB a été agité avec des 

contaminants individuellement et dans le mélange, dans une plage de 2 à 100 mg / L (CIP, As, Cd) ou 

de 0,5 à 2 mg/L (Pb). Tous les échantillons ont été filtrés à travers des filtres à seringue PFTE de 0,22 μm 

(VWR) et le filtrat a été dilué en conséquence avant la mesure. Les concentrations de métaux ont été 

estimées via ICP-MS (Agilent Technologies 8800 ICP-MS Triple Quad). La concentration CIP a été 

mesurée par spectrophotométrie UV-Vis (UV-T500Pro) à une longueur d'onde de 278 nm. L'absorbance 

CIP est influencée par la présence d'ions métalliques dans la matrice. Les métaux présents dans le 

biochar et les billes peuvent se lixivier en solution (tableau S1). Par conséquent, pour éviter les résultats 

faussement négatifs et / ou faux positifs, tous les échantillons avec CIP ont été dilués avec HCl 0,1 M 

(1:1) pour protoner le CIP (CIP+) et le libérer de la complexation des métaux. 
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8 SOMMAIRE DES DIFFÉRENTS VOLETS DE RECHERCHE EFFECTUÉS DANS 

CETTE ÉTUDE  

8.1 Interactions de la ciprofloxacine avec les métaux et les substances humiques 

8.1.1 Complexes ciprofloxacine-métal - Essais de stabilité et de toxicité en présence de substances 

humiques 

La co-contamination de la ciprofloxacine (CIP) avec des ions métalliques entraîne une altération de la 

mobilité, de l'activité antimicrobienne et de la distribution / développement des gènes de résistance aux 

antibiotiques. Dans cette étude, la stabilité de cinq complexes CIP-Me [Me = Al (III), Co (II), Cu (II), 

Fe (III), Mg] a été étudiée en présence de substances humiques (HS) à deux températures 18 ± 2 °C et 

4 ± 1 °C pendant sept jours. Les complexes les plus stables étaient CIP-Al, CIP-Cu et CIP-Co, avec les 

constantes de stabilité (K) à 18 °C, 35,5 ± 1,4, 11,5 ± 1,5 et 11,7 ± 1,5, respectivement. À plus basse 

température (4 °C), les constantes de stabilité ont diminué: 1 fois pour le CIP-Al, 14 fois pour le CIP-

Co et 2 fois pour le CIP-Cu. La présence de substances humiques diminuait la stabilité des complexes. 

Les réactions chimiques de Fe3+ dans l'eau à un pH neutre ont entraîné une altération de la stabilité. La 

formation de complexes CIP-Mg à des températures plus basses et en présence de HS était limitée. Dans 

l’eau ultrapure, les complexes CIP-Me présentent une toxicité plus élevée vis-à-vis d’Enterobacter 

aeruginosa à Gram négatif (compris entre 0,125 et 0,5 µg / ml). Cependant, la présence de HS réduisait 

l'activité antimicrobienne des complexes CIP-Me d'au moins 2 fois. Bacillus subtilis, à Gram positifs, 

n’a pas été affecté par la présence d’ions métalliques et/ou de HS. La toxicité envers B. subtilis pour les 

complexes était égale à la toxicité de la CIP seule (CMI = 0,25 µg / ml). Ceci suggère la sensibilité 

différente à la CIP et à ses complexes. 

8.2 Élimination insuffisante de la ciprofloxacine par le traitement des eaux usées et sa 

contribution à la dissémination de la résistance aux antibiotiques  

8.2.1 Spéciation des métaux dans les boues d'épuration et son influence sur la distribution 

d'antibiotiques 

La ciprofloxacine (CIP) et la chlorotétracycline (CTC) sont les antibiotiques à large spectre appartenant 

respectivement aux familles des fluoroquinolones et des tétracyclines. Les deux sont des composés 

hydrophiles, ayant la capacité de former des complexes avec des ions. La complexation de l'antibiotique 

avec des ions métalliques peut affecter leur distribution dans les stations de traitement des eaux usées, 

ce qui n'est généralement pas pris en compte. L'étude analytique a été menée pour évaluer la 

concentration de CIP, CTC et d'autres ions choisis dans la station d'épuration. Plus de 70% des CTC ont 

été récupérés lors du traitement des eaux usées. La concentration de CIP mesurée était légèrement plus 

élevée dans l'effluent que dans les échantillons d'eaux usées. De plus, des concentrations élevées de CIP 

et de CTC, de 3,9 mg/kg et de 11 mg/kg, respectivement, ont été détectées dans les fractions solides de 
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boues. Cette concentration élevée pourrait être due à des interactions avec des ions métalliques dans les 

boues (soit 39-53 g/kg d'Al, 64-89 g/kg de Ca, 52-109 g/kg de Fe ou 10-13 g/kg de Mg). Par conséquent, 

la spéciation des ions dans les boues a été effectuée pour les localiser plus précisément. La concentration 

correspondante d'antibiotiques dans chaque fraction de boues a également été évaluée. 

8.2.2 Apparition de bactéries résistantes à la ciprofloxacine/chlorotétracycline dans les eaux de la 

ville de Québec au Canada 

La plupart des agents pathogènes fécaux d'origine hydrique appartiennent à la famille des bactéries à 

Gram négatif. Ainsi, on a estimé les concentrations inhibitrices minimales de la chlorotétracycline et de 

la ciprofloxacine envers Enterobacter aerogenes, représentant de Gram négatif, qui étaient 

respectivement de 7 µg/ml et 0,125 µg/ml. L'effet antimicrobien combiné de la chlorotétracycline et de 

la ciprofloxacine contre E. aerogenes a également été étudié pour établir leur interaction potentielle avec 

les agents pathogènes présents dans l'eau. Finalement, des échantillons d'eau provenant de diverses 

STEP de la municipalité de Québec ont été testés pour détecter l'apparition de souches résistantes à la 

chlorotétracycline, à la ciprofloxacine et à la chlorotétracycline/ciprofloxacine. 

8.3 Nouveaux procédés d'élimination de la ciprofloxacine 

8.3.1 Nouvelle approche pour l'élimination de la ciprofloxacine par électrooxydation séquentielle 

et oxydation enzymatique  

La contamination des compartiments de l'environnement par des antibiotiques est devenue un problème 

immense en raison de leur potentiel de sélection et de dissémination de la résistance aux antimicrobiens. 

La combinaison entre l'électro-oxydation et l'oxydation enzymatique a été testée pour évaluer la capacité 

du système à éliminer la ciprofloxacine (CIP), un antibiotique fluoroquinolone, de l'eau. Pour la partie 

électrochimique, deux anodes ont été étudiées, le diamant dopé au bore (BDD) et les oxydes de métaux 

mixtes (MMO), ainsi que trois densités de courant (4,42, 17,7and 35,4 A/cm2). L'anode BDD à 35.4 

A/cm2 a montré l'efficacité d'extraction la plus élevée dans les temps les plus brefs (élimination> 90% 

en 6 min); ces paramètres ont donc été choisis pour des expériences ultérieures. Pour l'oxydation 

enzymatique, la laccase obtenue à partir de Trametes versicolor a été choisie. La Laccase seule n'a pas 

été en mesure de supprimer la CIP; par conséquent, l'influence des médiateurs redox a été étudiée. 

L'ajout de syringaldéhyde (SA) et d'acide 2,2'-azino-bis (3-éthylbenzothiazoline-6-sulfonique) (ABTS) 

a entraîné une transformation accrue de la CIP. Il restait environ 48,9 ± 4,0% des CIP après 4 heures de 

traitement lorsque la laccase à médiation SA était appliquée et 87,8 ± 6,6% dans le cas de la laccase à 

médiation ABTS. Ainsi, le système à médiation SA a été choisi pour des expériences ultérieures. Le 

couplage de l'oxydation enzymatique suivi de l'électro-oxydation a permis d'éliminer 73% de 

l'antibiotique. De plus, l'activité antimicrobienne a augmenté jusqu'à son efficacité initiale après le 

traitement. La combinaison d'une électro-oxydation suivie d'une oxydation enzymatique a conduit à une 
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élimination de 97 à 99% de la CIP. De plus, il n'y avait pas d'activité antimicrobienne de la solution 

après le traitement. Les tests avec des eaux usées réelles ont confirmé la capacité du système à éliminer 

le CIP de la matrice complexe. 

8.3.2 Potentiel de la laccase produite par l'industrie agro-industrielle pour éliminer la 

ciprofloxacine  

La ciprofloxacine (CIP), un antibiotique largement utilisé, est fréquemment détectée dans 

l'environnement en raison d'un traitement insuffisant des eaux usées et de l'eau. Par conséquent, des 

technologies nouvelles, vertes et rentables sont nécessaires pour améliorer l'élimination de ces polluants. 

La puissance des enzymes brutes, en particulier des laccases, produites par les champignons de la 

pourriture blanche a été testée afin d'évaluer leur pouvoir de dégradation du CIP de l'eau. La laccase 

brute n’est pas capable d’éliminer la CIP seule. L’addition de syringaldéhyde, un médiateur rédox, a 

entraîné une diminution de la concentration en antibiotiques jusqu’à 68,09 ± 0,12% en 24 h, ce qui 

représente l’efficacité d’élimination la plus élevée obtenue à 0,8 mM de syringaldéhyde et à 2 mg/ml de 

laccase brute (0,1 U/ml). Ce qui est intéressant, l’oxydation de la CIP par la laccase était inhibée après 

6 heures de traitement. A titre de comparaison, une enzyme pure ayant la même activité que la protéine 

brute a éliminé 86% de la CIP en 24 h. Aucun effet inhibiteur pendant le traitement n'a été observé. 

L'estimation de l'efficacité antimicrobienne a révélé que, en 6 heures de traitement, la toxicité envers 

Escherichia coli diminuait de 30%. On a estimé que le traitement des eaux usées par un système à 

médiation par la laccase brute réduisait considérablement le coût du traitement enzymatique. 

7.3.3. Adsorbant fonctionnalisé pour l'élimination simultanée des métaux lourds et de la 

ciprofloxacine  

Le biochar est considéré comme un adsorbant écologique et rentable pour la purification de l'eau. 

Cependant, le biochar brut présente généralement un faible capacité d’absorption vers la plupart des 

contaminants dissous, ce qui peut être amélioré par sa fonctionnalisation. Les billes de chitosan-biochar 

(CH-BB) ont été produites et testées pour leur efficacité d’élimination de la ciprofloxacine (antibiotique) 

et de trois métaux lourds (As, Cd, Pb). La modification du biochar de lisier de porc brut a entraîné une 

augmentation de sa capacité d’absorption dans presque tous les cas, l’augmentation la plus élevée étant 

celle de l’As (presque 6 fois) et la plus faible celle du Cd (1,02 fois). L'adsorbant a pu éliminer 

simultanément tous les contaminants ciblés, individuellement et en mélange, à la suite d'une réaction de 

pseudo-deuxième ordre. L'affinité des contaminants envers CH-BB suivait l'ordre suivant: Pb> Cd >> 

As> CIP. Lorsque Pb et As étaient présents dans le même mélange, leur efficacité d'élimination 

augmentait en raison de leur co-précipitation. Les études de co-adsorption ont montré que le mécanisme 

d'absorption des polluants inorganiques était différent de celui de l'antibiotique.   
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9 CONCLUSIONS ET RECOMMANDATIONS POUR L'AVENIR 

Conclusion 

Les points suivants ont été conclus des travaux de recherche présentés: 

9.1. Les complexes les plus stables à 4°C et à 18°C étaient CIP-Al, CIP-Cu et CIP-Co. Leur stabilité n’a 

pas changé de façon significative au cours de la période de sept jours; par conséquent, ils pourraient 

constituer la plus grande menace pour la communauté bactérienne présente dans l’environnement. 

La conversion de Fe3+ en Fe(OH)3 a entraîné une altération majeure de la stabilité du CIP-Fe. De 

plus, la présence de HS déstabilise de manière cruciale la complexation CIP-Fe. La complexation 

CIP-Mg ne dépend pas de la concentration en Mg2+ à basse température (4°C). A la même 

température mais avec l'ajout de HS, il n'y a pas de formation de complexe entre CIP et Mg2+. 

9.2. L'activité antimicrobienne de CIP vis-à-vis de B. subtilis à Gram positif n'était généralement pas 

affectée par les ions métalliques et / ou les substances humiques. Cependant, les bactéries à Gram 

négatif pourraient être plus sensibles aux changements environnementaux. La CIP et ses complexes 

métalliques ont exercé une activité antimicrobienne plus élevée vis-à-vis d'E. aerogenes dans l'eau 

ultrapure par rapport aux substances humiques. La CIP s’adsorbe sur le HS, la grosse molécule 

formée ne peut pas pénétrer dans la membrane externe des bactéries à Gram négatif. La toxicité de 

la CIP et de ses complexes serait donc moindre. 

9.3. Environ 71% des CTC ont été éliminés lors du traitement des eaux usées, alors que la CIP avait 

tendance à s'accumuler pendant le traitement. La principale méthode d'élimination des deux 

antibiotiques était l'adsorption des boues. Un mécanisme d'échange d'ions peut expliquer la 

concentration la plus élevée de CTC. Cependant, le mécanisme d’adsorption CIP peut probablement 

différer quant aux métaux qui tendent à former des complexes avec CIP n’étaient pas facilement 

accessibles. Ainsi, son adsorption pourrait être due à des interactions avec des groupes fonctionnels 

de matière organique. 

9.4. Une concentration élevée de métaux lourds est alarmante, car leur complexation avec le CTC et/ou 

le CIP entraîne une accumulation d'antibiotiques dans les boues. Cela pourrait conduire à la co-

sélection et à la co-diffusion de gènes de résistance aux antibiotiques et de gènes de résistance aux 

métaux lourds, avec des conséquences graves pour la santé. 

9.5. La présence de CIP et de CTC dans l'eau pourrait avoir contribué à l'apparition et à la dissémination 

de souches résistantes à la CIP et aux CIP + dans les milieux aquatiques de la région de Québec. 

9.6. L'oxydation électro-enzymatique séquentielle a efficacement éliminé la CIP de l'eau. La 

combinaison d'une électrooxydation de 10/15 min via une anode BBD à 35,4 mA/cm², suivie de 6 

h d'oxydation de laccase à médiation par SA a conduit à une élimination de CIP de 95%. L'activité 

antimicrobienne de la solution testée a diminué considérablement avec le temps. De plus, l'efficacité 

du système a été confirmée par des tests avec de vrais effluents d'eaux usées. Le scénario inverse, 
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c’est-à-dire une électro-oxydation enzymatique, donnait de moins bonnes performances en raison 

de la présence d’une enzyme et d’un médiateur au cours de l’électrooxydation (27% d’élimination). 

De plus, l'activité antimicrobienne des échantillons testés présentait une toxicité envers E. coli 

similaire à celle de la solution mère d'origine. 

9.7. L'extrait de laccase brut a pu éliminer 32% de la CIP en 6 heures. Une oxydation enzymatique 

supplémentaire n'a pas entraîné de diminution de la concentration en CIP. Cela suggère que, avec 

l'extrait brut, la CIP pourrait être transformée via une cascade enzymatique et que les produits de 

transformation générés pourraient être des facteurs limitants. L'activité antimicrobienne vis-à-vis de 

E. coli de la solution testée diminuait jusqu'à ce que la réaction enzymatique soit entravée. Après ce 

moment, la solution traitée présentait toujours une activité antimicrobienne, mais restait constante. 

9.8. Le coût de production de la laccase brute (0,05 USD/U) était moins élevé que celui de la laccase 

commerciale (0,21 USD/U). 

9.9. La capacité d’absorption dépendait beaucoup du type de biochar et du polluant. PM-BC a montré 

l'efficacité d'élimination la plus élevée pour CIP et Pb, PW-BC pour Pb et As et AS-BC pour Cd. 

9.10. Le CH-BB fabriqué a pu éliminer simultanément tous les contaminants ciblés. L'adsorption de 

tous les contaminants ciblés a suivi un pseudo-deuxième ordre; ainsi, le mécanisme principal de leur 

absorption a été la chimisorption. Les études d'adsorption avec un mélange de métaux ont révélé 

que l'efficacité d'élimination de Cd diminuait en raison de la concurrence avec d'autres polluants par 

rapport aux sites actifs de l'adsorbant. Cependant, la co-contamination de As et de Pb a conduit à 

leur élimination accrue en raison de leur co-précipitation. La capacité d'adsorption vers le CIP n'était 

pas affectée par la présence d'ions métalliques. Ceci suggère que les polluants inorganiques 

présentent des mécanismes d'adsorption différents. Ainsi, l’antibiotique et les métaux ne seront pas 

en concurrence sur les sites d’adsorption et leur élimination ne sera pas entravée l’un par l’autre. 
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Recommandations 

À partir des résultats obtenus dans l’étude du devenir et des différentes méthodes d’élimination de la 

CIP dans l’usine de traitement, les recommandations suivantes peuvent être formulées: 

9.1. Pour mieux comprendre les interactions qui influent sur les propriétés physicochimiques et 

antimicrobiennes de la CIP, les tests avec les autres polluants présents doivent être effectués, en 

particulier avec d'autres antibiotiques. De plus, la corrélation entre la concentration en antibiotiques 

et la dissémination de gènes de résistance aux antimicrobiens devrait être évaluée. 

9.2. Pour développer des méthodes précises d'élimination de la CIP, il convient d'étudier la relation entre 

l'antibiotique et les composés présents dans l'environnement ciblé. L'approche plus spécifique au 

site doit être réalisée. Par exemple, les propriétés de la matière organique naturelle (NOM) diffèrent 

d'un site à l'autre. Par conséquent, les représentants des NOM doivent être extraits du site ciblé (par 

exemple, l'acide humique des boues) et les études d'interaction CIP-NOM doivent être évaluées. 

9.3. Les résultats obtenus par analyse PCR suggèrent que dans l'eau de Charlesbourg, Salmonella sp. 

peuvent être présents. Cependant, les résultats pourraient avoir été faussement positifs en raison 

d'une réaction non spécifique. Par conséquent, une enquête plus approfondie sur la communauté 

microbienne dans la région de Québec devrait être effectuée pour confirmer ces résultats. 

L'isolement des bactéries et le séquençage de leur ADN doivent être effectués dans la méthode de 

validation des résultats de la PCR. 

9.4. Pour une spéciation précise lors du traitement des eaux usées, la distribution exacte et les temps de 

rétention des antibiotiques ciblés doivent être évalués. 

9.5. Les méthodes d'élimination proposées doivent être étudiées plus en profondeur. L'accent devrait être 

mis sur l'influence d'autres contaminants, inorganiques et organiques, sur la production de produits 

de transformation et sur leur évaluation écotoxicologique.
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CHAPTER II: INTERACTIONS BETWEEN CIPROFLOXACIN WITH METALS AND 

HUMIC SUBSTANCES 
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Résumé  

La co-contamination de la ciprofloxacine (CIP) avec des ions métalliques entraîne une altération de la 

mobilité, de l'activité antimicrobienne et de la distribution / développement des gènes de résistance aux 

antibiotiques. Dans cette étude, la stabilité de cinq complexes CIP-Me [Me = Al (III), Co (II), Cu (II), 

Fe (III), Mg] a été étudiée en présence de substances humiques (HS) à deux températures 18 ± 2 ° C et 

4 ± 1 ° C pendant sept jours. Les complexes les plus stables étaient CIP-Al, CIP-Cu et CIP-Co, avec les 

constantes de stabilité (K) à 18 ° C, 35,5 ± 1,4, 11,5 ± 1,5 et 11,7 ± 1,5, respectivement. À plus basse 

température (4 °C), les constantes de stabilité ont diminué: 1 fois pour le CIP-Al, 14 fois pour le CIP-

Co et 2 fois pour le CIP-Cu. La présence de substances humiques diminuait la stabilité des complexes. 

Les réactions chimiques de Fe3+ dans l'eau à un pH neutre ont entraîné une altération de la stabilité. La 

formation de complexes CIP-Mg à des températures plus basses et en présence de HS était limitée. Dans 

l’eau ultrapure, les complexes CIP-Me présentent une toxicité plus élevée vis-à-vis d’Enterobacter 

aeruginosa à Gram négatif (compris entre 0,125 et 0,5 µg/ml). Cependant, la présence de HS réduisait 

l'activité antimicrobienne des complexes CIP-Me d'au moins 2 fois. Bacillus subtilis, à Gram positifs, 

n’a pas été affecté par la présence d’ions métalliques et / ou de HS. La toxicité envers B. subtilis pour 

les complexes était égale à la toxicité de la CIP seule (CMI = 0,25 µg/ml). Ceci suggère la sensibilité 

différente à la CIP et à ses complexes.  

Mots-clés: ciprofloxacine, ion métallique, stabilité, toxicité, eau, complexation  



59 

 

Abstract 

The co-contamination of ciprofloxacin (CIP) with metal ions results in alteration of CIP mobility, 

antimicrobial activity and selection/dissemination of the antibiotic-resistance genes. In this study, the 

stability of five CIP-Me complexes [Me=Al(III), Co(II), Cu(II), Fe(III), Mg] was investigated in the 

presence of humic substances (HS) at two temperatures 18±2˚C and 4±1˚C for seven days period. The 

most stable complexes were CIP-Al, CIP-Cu, and CIP-Co with the stability constants (K) of 35.5±1.4 

11.5±1.5 and 11.7±1.5 respectively, at 18˚C. At lower temperature (4˚C), the stability constants 

decreased: 1-fold for CIP-Al, 14-fold for CIP-Co and 2-fold for CIP-Cu. The presence of humic 

substances also decreased the stability of complexes. The chemical reactions of Fe3+ in water at 

circumneutral pH resulted in stability alteration. The formation of CIP-Mg complexes at lower 

temperatures and in the presence of HS was limited. In ultrapure water, CIP-Me complexes exhibit 

higher antimicrobial activity against Gram-negative Enterobacter aeruginosa (ranged between 0.125-

0.5 µg/ml). However, the presence of HS reduced the antimicrobial activity of CIP-Me complexes by at 

least 2-fold. Bacillus subtilis, a Gram-positive bacteria, was not affected by the presence of metal ions 

and/or HS. The antimicrobial activity toward B. subtilis for the complexes was equal to antimicrobial 

activity of CIP alone (MIC=0.25 µg/ml). This suggested the different susceptibility to CIP and its 

complexes.  

Keywords: ciprofloxacin, metal ion, stability, antimicrobial activity, water, complexation 
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Introduction 

Fluoroquinolones (FQ) are the third most commonly used antibiotics in Canada, after β-lactams and 

cephalosporins [1]. In 2014, ciprofloxacin (CIP) was the most frequently prescribed antibiotic among 

the FQs in Canada. It was ranked as the third pharmaceutical with the largest proportion of all antibiotics 

dispensed by community pharmacies (8%), following amoxicillin (26%) and azithromycin (9%) in the 

years 2007-2014 [1]. It is a broad spectrum antimicrobial compound, effective against Gram-negative 

and Gram-positive bacteria [2]. Its frequent usage, inappropriate pharmaceutical disposal or incomplete 

metabolism lead to the presence of CIP in various environmental compartments [3].  

The antibiotics present in the aquatic environment are subsequently introduced to the water treatment. 

However, the water treatment plants are not specifically designed to remove trace level contaminants, 

thus they do not entirely remove the antibiotics [3]. Presence of CIP in water and soil is highly alarming 

due to its contribution to the dissemination of drug-resistant bacterial [4]. For instance, Miao et al. (2004) 

detected CIP in final effluents of wastewater treatment plants from British Columbia, Alberta, and 

Ontario, with the average concentration of 118 ng/L and it was the highest concentration amongst the 

detected FQs (ranged between 50-94 ng/L) in Canada [5]. It was also the fourth highest concentration, 

after sulfamethazine (363 ng/L), sulfamethoxazole (243 ng/L) and tetracycline (151 ng/L), amongst the 

detected antibiotics [5]. Lee et al. (2007) investigated sewage treatment plant in Ontario and detected 

CIP at a concentration of 42-712 ng/L, which is a higher concentration than in the previous study [6]. 

Throughout the world, a high concentration of CIP ranging between 5 µg/L – 4.8 mg/L has been 

observed [7].  

CIP is a hydrophilic compound with two ionizable functional groups: carboxylic group at C-3 (pKa1 

6.09) and piperazinyl group at C-7 (pKa2 8.74). CIP, like other FQs, has a capacity to form stable 

complexes with metal ions [2]. Usually, they act in a bidentate manner via oxygen of carboxylic and 

carbonyl groups or unidentate manner through terminal nitrogen of piperazinyl group.  

The generation of CIP-Me complexes occurs in all environmental compartments, due to the prevalence 

of metals in water and soil. [2]. This metal complexation property not only alters the physico-chemical 

properties of CIP but also change its antimicrobial activity. Some of the metal complexes, i.e. CIP-Cu, 

CIP-Co or CIP-Zn, exhibit higher antimicrobial activity towards bacteria than the CIP itself. They also 

contribute to the prevalence of antibiotic-resistance genes [8]. FQs-metal complexation may also 

influence FQs mobility and stability in water/soil [9]. They also increase the solubility of CIP [10]. This 

may be due to the generation of the hydrated ionic complexeswhich are more hydrophilic. The only 

exception is magnesium ions which coordinate water molecules and form [Mg (H2O)2+] cation rather 

than bonding directly with FQs. Hence, in the aquatic environment, Mg2+ generates this adduct and 

reduces the number of available water molecules that can dissolve CIP [10]. However, the most 

prevalent substances in the environment are humic substances (HS). Their concentration in natural 
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waters varies from 0.03 mg/L (groundwater) to 40 mg/L (lakes) [11]. The data concerning the 

interactions between antibiotics, metal ions and HS are still scarce. Hence, there is a need to further 

investigate the FQs-metal complexation as well as the effect of the presence of  HS. Many questions are 

still unanswered, such as how metal ions and complex matrices (HS) affect the stability and degradation 

of CIP and these can help to design specific degradation techniques for them. 

The objective of this study was to investigate the stability of CIP-Me complexes (Me = Co2+, Cu2+, Mg2+, 

Al3+, Fe3+) for seven days at two temperatures (4˚C and 18˚C) in ultrapure water pH 6.5±0.1 to simulate 

the pH of wastewater. The influence of the presence of humic substances on Me-complex stability was 

also investigated at the above-mentioned temperatures. Further, the antimicrobial activity of CIP-Me 

complexes and CIP-Me complexes in the presence of HS was studied against two bacterial strains – 

Gram-positive, Bacillus subtilis and Gram-negative, Enterobacter aerogenes.  

Materials and methods 

 Materials 

Ciprofloxacin (98% purity) was purchased from Acros Organics (USA). The humic sodium salt (99 % 

assay) was purchased from Sigma-Aldrich Canada Ltd. (Oakville, ON, Canada). As metal salts, AlCl3 

anhydrous (98% purity), CuSO4 anhydrous (98% purity), CoSO4·7H2O (98% purity), Fe2(SO4)3 

anhydrous (98% purity) and MgCl2 anhydrous (99% purity) were used. Tris-base (≥99.8 %) was 

purchased from Fisher Scientific (Ontario, Canada). Tryptic soy broth was bought from EMD Chemicals 

Inc. (Germany).  

 Preparation of the CIP-Me solution 

CIP powder was dissolved in deionized water to obtain a 100 mg/L stock solution. Metal ions stock 

solutions were prepared similarly to obtain the same concentrations. All stock solutions were filtered 

using a syrigne filter (Chromafil® Xtra 0.45 µm). Later, the stock solutions were diluted in Tris-HCl 

buffer (50 mM; pH 6.5) in 15 ml falcon tubes, where CIP concentration was constant (10 mg/L) and 

metals concentration ranged between 0 to 5 mg/L. The final make-up volume was made up to 5 ml. The 

solutions were prepared in triplicates.  

 Stability constant of CIP-Me complexes  

The stability of the CIP-Me complexes was established by fluorescence intensity measurements 

following which their stability constant was calculated. The obtained solutions were incubated till they 

reached the equilibrium of complexation. The CIP-Me solutions were incubated at two temperatures: 

18±2˚C and 4±1˚C without strirring. Subsequently, the fluorescence intensity (λEx/Em=276/415 nm) was 

measured in quartz cuvettes by Varian Cary Eclipse Fluorescence Spectrophotometer (Mississauga, 

Ontario) with temperature controlling system Single Cell Peltier [12]. The volume of measured samples 

was 3 ml.  
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 Fourier-Transform Infrared Spectroscopy of CIP-Me-HS systems 

The CIP-Me complexes (Me= Al, Fe (III), Mg, Cu (II), Co (II)) were prepared as follows. The CIP was 

dissolved in deionized water with the addition of metal salt where the final concentrations were 0.2 mM 

and 0.02 mM, respectively. The solutions were left overnight to attain the equilibrium. Subsequently, it 

was frozen at -20˚C for 24 hours to perform the lyophilization by the freeze-drying system (Dura Frezz 

Dryer, Kinetics). 

The solutions with the HS were prepared similarly as described above. The mixture of CIP, metal salt, 

and HS, with the final concentrations of 0.15 mM (48 mg/L), 0.015 mM and 48 mg/L respectively, were 

left for 48 hours to attain  equilibrium. The sample with CIP and HS only was also prepared. Then, they 

were frozen at -20˚C for 24 hours to perform lyophilization by the freeze-drying system (Dura Frezz 

Dryer, Kinetics). 

The lyophilized complexes were analyzed by Fourier-Transform Infrared Spectroscopy using Cary 670 

FTIR Spectrometer. The spectra were obtained at a resolution of 4 cm-1, in the range of 4000-400 cm-1. 

Stability test of CIP-Me complexes in the presence of humic substances  

The humic sodium salt (10 g/L) was dissolved in deionized water and then filtered via Whatman glass-

fiber filter paper to remove the insoluble humin. The solutions of CIP and metals were prepared as 

described earlier, with the addition of humic sodium salt, as a representative of humic substances. The 

final concentrations were of 10 mg/L of humic substances, 10 mg/L of CIP and 0-5 mg/L of metal ions. 

The controls without humic substances were also prepared. Later, the fluorescence intensity was 

measured as described earlier. The measurements were conducted for 7 days in triplicates at 18±2˚C and 

4±1˚C without strirring. 

 Statistical analysis 

The analysis was performed using SigmaPlot 13.0 software. One-way ANOVA was used to determine 

if there was a statistically significant difference (p-values < 0.05). The data were presented as a mean of 

triplicate ± standard deviation.  

Antimicrobial activity test – minimal inhibitory concentration (MIC) 

Two bacterial strains – Gram-negative, E. aerogenes (NRRL B-407) and Gram-Positive B. subtilis (B-

59994) were used for  testing the antimicrobial activity of CIP-Me complexes. For bacterial growth, the 

liquid media was used (Tryptic Soy Broth 3.0% w/v + yeast extract 0.3% w/v). E. aerogenes was 

incubated for 36h, at 30˚C, 150 rpm and B. subtilis for 18h, 37˚C, 150 rpm. Both strains were streaked 

onto agar plates (3.0% w/v Tryptic Soy Broth + 1.5% w/v Bacto-Agar (Quelab, Montreal, Canada)) and 

incubated 36h at 30˚C for E. aerogenes and  18h at 37˚C for B. subtilis. The plates were maintained at 

4˚C, till further use.  
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MIC was defined as the minimal concentration of antibiotic, which inhibits of bacterial growth. MIC of 

CIP-Me complexes and CIP-Me complexes in the presence of HS against Gram-negative, E. aerogenes 

and Gram-positive, B. subtilis were measured by agar dilution method. It was performed as specified by 

European Committee for Antimicrobial Susceptibility Testing of the European Society of Clinical 

Microbiology and Infectious Diseases (Annex B) [13]. The MIC of CIP was compared with CIP-Me 

complexes. Bacteria-free, metal ions and humic substance controls were included.  

Results and discussion  

 The calculations of CIP-Me complexes stability constant  

The stability constant (K) is defined as an equilibrium constant for the generation of a CIP-Me complex 

in aquatic conditions, where the reaction can be written as:  

CIP + MI ⇌ CIP-Me Eq. 4 

From the definition, the K can be given by the equation (5): 

 𝐾 =
[𝐶𝐼𝑃−𝑀𝑒]

[𝐶𝐼𝑃][𝑀𝐼]
 Eq. 5 

where [CIP-Me], [CIP] and [MI] are concentrations of formed CIP-metal complex, CIP, and a metal 

ion, respectively. 

Measurements of kinetic changes in fluorescence intensity of complexes allowed calculating CIP-Me 

stability constant using two equations (6) and (7). For metal ions, which induced quenching effect on 

CIP fluorescence intensity, the stability constant and the complex ratio (n) were calculated, based on the 

Lineweaver-Burk Equation (6) [12]: 

𝑙𝑜𝑔
(𝐹0−𝐹)

𝐹
= 𝑙𝑜𝑔𝐾 + 𝑛𝑙𝑜𝑔[𝑀𝐼]  Eq. 6 

where F0 is the fluorescence intensity of CIP, F is fluorescence intensity of mixture, [MI] is the metal 

ion concentration. For the metallic ions, which induced enhancement of fluorescence intensity, the 

calculations were performed based on the equation (7) [14]: 

1

 𝐹𝐶𝑀−𝐹𝐶
=

1

𝐾∙𝐾𝑖𝑄𝐶𝑀[𝐶𝐼𝑃]0[𝑀𝐼]0
+

1

𝐾𝑖𝑄𝐶𝑀[𝐶𝐼𝑃]0
  Eq. 7 

where FCM-FC is a change in fluorescence intensity of CIP-Me complexes and CIP, Ki is an instrument 

constant, QCM is a quantum yield of CIP-Me complex, [CIP]0 is an initial concentration of CIP and [MI]0 

is the initial concentration of metal ion. By constructing the curve 1/(FCM-FC) versus 1/[MI]0, the 

stability constant was calculated according to the double reciprocal equation. Table 2.1.1 presents the 

values of obtained stability constants. The obtained data fitted linear regression model (R2 >0.9). Almost 

all the MI complexation with CIP induced quenching of the fluorescence intensity, except for aluminum 

ions. Moreover, Al3+ exhibited the highest stability constant, which is consistent with previous data [15]. 

CIP-Co/Cu complexes exhibited a similar value of K at 18˚C. However, at 4˚C, the stability constant of 
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CIP-Cu is over 6-fold greater than for CIP-Co. This indicated that CIP-Cu is more stable at a lower 

temperature than CIP-Co. The magnesium and iron complexes were not included in the Table, which is 

discussed in later section. 

Table 2.1. 1 Stability constant K and ratio n of CIP-Me complexes 

Complex CIP-Me Temperature 

4˚C 18˚C 

 n K n K 

CIP-Al* 1:1 33±1.3 1:1 35.5±1.4 

CIP-Co** 0.6 0.83±0.2 1 11.5±1.5 

CIP-Cu** 0.4 5.4±0.2 0.9 11.7±1.5 

*n based on eq. 7 

**n based on Eq. 6 

 Identification of the complexation sites 

The obtained spectra for CIP-Me and CIP-Me+HS complexes are presented in Figure 2.1.1. The CIP 

spectra are characterized by a peak at 3043 cm-1 which can be assigned to the amino group of piperazine 

system (ν(N-H)). Two peaks at 1617 and 1589 cm-1 are from stretching vibration of the carboxylic group 

(ν(OCO)) and of pyridine group (ν(CO)), respectively. The peak at 1372 cm-1 might be assigned to 

vibrations associated with nitrogen protonation of the piperazinyl group [16]. All the spectra for CIP-

Me complexes (Fig. 2.1.1A) showed two peaks between 3000-3300 cm-1 which indicate the stretching 

vibrations from amino group of piperazine system and hydroxyl group (ν(O-H)). The peak at 1400±10 

cm-1
 could be assigned as symmetric CO2 stretching from the carboxylic acid group and/or the 

protonation of N-4 in piperazinyl group [16]. The spectra for CIP-Al exhibited the slight shift from 1617 

cm-1 to 1633 cm-1, which correspond to stretching vibration of carboxylic group. There is also a decrease 

in peak intensity at 1598 cm-1, the stretching vibration of pyridine group. This suggests that the Al3+ 

bound with CIP via carboxylic and carbonyl oxygen atoms. The CIP-Co/Cu/Mg complexes showed 

similar features as CIP-Al. The double peaks of ν(OCO) and ν(CO) shifted significantly to 1708 and 

1625 cm-1, respectively. The CIP-Fe spectra also suggested the CIP-metal interaction between oxygen 

atoms of the pyridine ring due to the peak at 1631 cm-1, which can be assigned as ν(CO) stretching 

vibrations or ν(OCO).  
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Figure 2.1. 1 The FTIR spectra of: A). CIP-Me complexes (Me=Al, Co(II), Cu(II), Fe(III), Mg) and; B.) CIP-Me 

complexes in the presence of humic substances (HS) 

Table 2.1.2 presents the separation between the asymmetric and symmetric stretching of ν(O-C-O), Δ= 

ν(CO2)asym- ν(CO2)sym [17, 18]. The Δ ranged between 224-300, which suggests unidentate mode of 

coordination. The similar complexation site between CIP and metal ions via oxygen atoms of carbonyl 

and the carboxylic group was also obtained in other studies [12, 18, 19].  

In the spectra of HS (Fig. 2.1.1B), the main four peaks can be assigned as stretching vibrations of 

phenolic ν(O-H) between 3000-3600 cm-1, asymmetric CO2 stretching from carboxylic group and/or 
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aromatic ν(C=C) at 1554 cm-1, symmetric CO2 stretching from carboxylic group and/or aliphatic 

bending of ν(-CH) at 1394 cm-1 and stretching of aliphatic hydroxyl group at 1088 cm-1
, which is 

consistent with the literature [20]. In the presence of CIP, HS spectra lose the wide ν(O-H) peak between 

3000-3600 cm-1, it became a double split (3135 cm-1) of carboxylic ν(O-H) and 3046 cm-1 of ν(N-H), as 

it was observed for CIP-Me spectra. It suggested that CIP was adsorbed onto HS by interaction with its 

-OH groups, probably due to the hydrogen bonding. The peaks at 1623 and 1695 cm-1 could be assigned 

as shifted stretching vibration of the carbonyl group ν(CO) and ν(OCO). Moreover, the disappearance 

or shift of the CIP peak at 1372 cm-1 suggested the cation exchange between negatively charged groups 

of HS and a positively charged amino group of CIP. This result is consistent with the data obtained from 

the studies on adsorption of norfloxacin and ciprofloxacin onto humic substances [16, 21]. The addition 

of the metal salts to HS solution resulted in changing the HS spectra as well (fig. S2, Annex B). They 

suggest that the complexation of HS with metal ions is due to their interaction between -OH and/or -

C=O functional groups.  

Table 2.1. 2 Characteristic absorption bands of FTIR spectra of CIP-metal complexes 

Compound ν(CO2)asym [cm-1] ν(CO2)sym [cm-1] Δ= ν(CO2)asym- ν(CO2)sym [cm-1] 

CIP 1617 1617 - 

CIP-Al 1633 1398 235 

CIP-Co 1707 1409 298 

CIP-Cu 1707 1409 298 

CIP-Fe 1631 1407 224 

CIP-Mg 1707 1407 300 

The addition of metal ions slightly changed the CIP-HS spectra. The peak at 1695 cm-1 which is present 

on CIP-HS spectra disappeared in the presence of Al3+
 and Fe3+. The spectra of CIP-Cu/Co-HS exhibit 

the same features, i.e. a slight shift of ν(O-H) and ν(N-H) to 3122 and 3033 cm-1 respectively. CIP-Mg-

HS presented the similar peaks as for the CIP-Mg spectra. The only difference was an additional wide 

peak at 3386 cm-1 which may suggest the formation of an amide bond. It is possible that due to the 

presence of metal ions, there is a cation bridge formation between CIP oxygens of carboxylic and 

carbonyl groups and hydroxyl groups of HS [21]. The possible interactions between CIP-Me and CIP-

Me-HS are summarized in Figure 2.1.2. 
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Figure 2.1. 2 The hypothetical interactions between CIP, metal ions and humic substances: A.) CIP and metal ions 

(Me= Al, Co(II), Cu(II), Fe(III), Mg), where the binding may be in 1:1 ratio (left) or 2:1 CIP:Me (right); B.) CIP and 

humic substances (HS), where they can interact via hydrogen bonding between the oxygens of carbonyl or carboxylic 

group of CIP and hydroxyl group of HS or by interaction between positively charged nitrogen at piperazinyl group 

and negatively charged HS groups; and C.) the cation bridge formed between oxygens of carbonyl or carboxylic 

group of CIP and hydroxyl group of HS 

Stability test of CIP-Me complexes  

The Figures 2.1.3-7 shows the changes of fluorescence intensity of CIP-Me complexes. They are 

presented as the difference between fluorescence intensity of free CIP (FCIP) and complexes (FCIP-Me) for 

quenching metal ions. Difference between FCIP-Me and FCIP was displayed for fluorescence enhancing 

metal ions.  
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CIP-Al complexes 

Figure 2.1.3 presents the change of fluorescence versus time for the CIP-Al complexes. In ultrapure 

water at 18˚C, the compound remained stable for 7 days (p>0.05). In the presence of HS, at the same 

temperature, the complex formation was slower. Between the first and fourth day, the fluorescence 

intensity increased (p<0.05) and it became stable from sixth day onwards (p>0.05). Moreover, at higher 

concentration of Al3+, the higher deviation of fluorescence intensity can be observed. The study of Zhou 

et al. (2015) showed that complexation between trivalent metal ions and humic acid is 7.5 times faster 

than between divalent ions [20]. Thus, the delay in obtaining the equilibrium by CIP-Al complex could 

be due to the competition between CIP and HS over Al3+ as seen in the change of fluorescence intensity 

differences (fig. 2.1.2). The other reason could be the attaining of the equilibrium of CIP, HS and Al3+ 

system which can be observed in FTIR spectra (fig. 2.1.1).  

 

Figure 2.1. 3 Changes of fluorescence (ΔF=FCIP-Al-FCIP) of CIP-Al complexes in time at 18±2˚C and 4±1˚C 

At 4˚C in ultrapure water, the fluorescence intensity of CIP-Al complex changed during seven-day 

incubation. The fluorescence intensity increased till fourth day (p<0.05) which suggested complex 

formation. However, after the fifth day, a decrease was noticed. On the seventh day, there is no 

significant difference of fluorescence intensity when compared to the first day (p>0.05), hence the 

complex could have disintegrated. In case of the solutions containing HS, the change in CIP 

concentration occurred. The spectrophotometric measurements showed that with the increase of Al3+ 

concentration, the fluorescence intensity value of the mixture increased as well, which is consistent with 
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the data obtained for higher temperature. However, the increase of the fluorescence intensity was below 

the fluorescence intensity value for CIP itself (ΔF<0). At low temperature, in all CIP-Al+HS solutions 

with a different concentration of Al3+, the brown precipitate occurred due to the decrease in the solubility 

of CIP complexes. The color of the precipitate suggested that it contained HS. CIP was found to adsorb 

onto HS, especially at acidic pH [22]. The positively charged CIP can interact with negatively charged 

HS. However, in this study, the pH is 6.5, where CIP is mostly present as CIP±. Thus, the complexation 

is limited, but it cannot be excluded (fig. 2.1.1). Furthermore, Yu et al. (1994) established that CIP alone 

presented a 2-fold decrease in solubility when the temperature decreased from 25˚C to 6˚C [23]. With 

the low concentration of Al3+ (1-3 mg/L), the fluorescence intensity value of complexes is lower or 

similar to CIP alone. However, with the higher concentration, the increase of fluorescence intensity can 

be seen. It can be associated with the increased concentration of metal ions, which enhanced CIP 

solubility due to the formation of more ionic and hydrophilic compounds [10].  

CIP-Co complexes 

The changes in the stability of CIP-Co complexes versus time are shown in Figure 2.1.4. At 18˚C, the 

complex was stable for seven days in ultrapure water and with HS presence (p>0.05). The measurements 

at 4˚C showed that CIP-Co complexes were rather stable for 7 days in ultrapure water (p>0.05). It can 

be observed that the increase of Co2+ concentration, induced a slight decrease in fluorescence intensity 

value. Hence, more of CIP-Co complex is formed, however, it is to a lower extent than in the case of 

higher temperature ([FCIP-FCIP-Co]T=4<[FCIP-FCIP-Co]T=18).  

In the presence of HS, with the low concentration of Co2+ (1 mg/L), the complexes were stable for 7 

days (p>0.05). However, with the increase of ions concentration, the complex formation attained its 

equilibrium on the second day of incubation (p<0.05). Cobalt ions are able to form complexes with HS 

(fig. S2, Annex B) [24]. Thus, there is a possibility that with the higher concentration of Co2+, there is a 

competition for ions between HS and CIP.  
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 Figure 2.1. 4 Changes of fluorescence (ΔF=FCIP-FCIP-Co) of CIP-Co complexes in time at 18±2˚C and 4±1˚C 

CIP-Cu complexes 

Figure 2.1.5 presents the changes of fluorescence of CIP-Cu complexes in time. In ultrapure water at 

18˚C, the fluorescence intensity remained approximately the same (p>0.05), hence the complex was 

stable at the tested time. In the HS present, no significant changes were observed, thus the complexes 

also remained stable (p>0.05).  

At 4˚C, in ultrapure water, the stability of complex remained unchanged for 7 days; except for the lowest 

concentration of Cu2+. With the concentration 1-3 mg/L, the fluorescence intensity value changed. The 

fluorescence intensity increased and then decreased. This suggested the increase of the complex 

concentration till the fourth day and then it decreased, probably to attain the most stable state. In the 

presence of HS, the fluorescence intensity changes over seven-day incubation can be observed. This 

suggested the interaction between HS, CIP, and Cu2+. According to Pandey et al. (2000), the stability 

constant between humic acid and Cu2+ had the highest value for the tested cations [25]. Hence, the 

competitive interaction between HS and CIP could have occurred.  
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Figure 2.1. 5 Changes of fluorescence (ΔF=FCIP-FCIP-Cu) of CIP-Cu complexes in time at 18±2˚C 

4±1˚CCIP-Fe complexes 

The changes of stability versus time for CIP-Fe complexes are presented in Figure 2.1.6. At 18˚C, in 

ultrapure water, the fluorescence intensity of CIP-Fe did not present a statistically significant difference 

(p>0.05). However, it exhibited high standard deviation. The presence of HS crucially altered CIP-Fe 

complexation. The fluorescence intensity of metal complexes is comparable with that of CIP alone. The 

standard deviation, in this case, was also higher than for the rest of the metal complexes. This suggested 

that Fe3+ underwent chemical reactions that altered the complex formation. They may be summarized in 

following reactions (Eq. 8-10): 

 𝐹𝑒3+
𝐻2𝑂
→  𝐹𝑒(𝑂𝐻)3 ↓ Eq. 8 

 𝐹𝑒3+
𝐻𝑆
→ 𝐹𝑒2+ Eq. 9 

 𝐹𝑒2+
𝑂2
→ 𝐹𝑒3+ Eq. 10 

In general, the complexes with trivalent ions (Al3+
 and Fe3+) and FQs are known to be the most stable, 

including CIP [15]. However, in this study due to the alteration of Fe3+ complexes, it was impossible to 

calculate stability constant. In natural waters, as well as in this study, the pH is circumneutral. Under 

these conditions, Fe(III) is present as ferric hydroxide (Eq. 8), which is insoluble, precipitates and forms 

colloids [26]. Even though the concentrations of CIP and Fe3+ were relatively low and no turbidity was 
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observed, it cannot be excluded that this process did not occur during the experiment [27]. Hence, this 

indicated that the changes in the fluorescence intensity were as a result of sorption of CIP onto Fe(OH)3 

[28].  

 

Figure 2.1. 6 Changes of fluorescence (ΔF=FCIP-FCIP-Fe) of CIP-Fe complexes in time at18±2˚C and 4±1˚C 

Fe3+ ions may also exhibit higher affinity of iron (III) ions towards HS than CIP. The other possibility is 

CIP-Fe-HS complex formation (fig. 2.1.1) [29]. Another explanation of CIP-Fe-HS complex formation 

is due to sorption affinity of ferric hydroxide toward CIP and HS [28, 30]. A further possibility is the 

reduction of Fe3+ to Fe2+ due to organic radicals and phenolic groups of HS (Eq. 9) [31]. However, this 

reaction is strongly inhibited at pH>3.5. Even if the redox reaction happened, due to the air access, the 

oxidation of Fe2+ to Fe3+ by oxygen might have occurred (Eq. 10)) [26]. In all the described cases, the 

linearity of Eq. 6 may be altered due to these interactions.  

At lower temperature, the fluorescence intensity of CIP-Fe complexes changed during seven-day 

incubation (p<0.05). It may be associated with the possibilities of interactions which are slower at a 

lower temperature. In the presence of HS, the complex attained stability on the fourth day. In general, 

CIP-Fe complexes at 4˚C exhibited less dynamic changes.. which can be explained by the collision 

theory [32]. The theory assumes that when the two or more molecules collide with each other, only part 

of them lead to a chemical reaction. In most of the cases, the reaction rate depends on the temperature 

(an increase of temperature results in higher reaction rate) and this is observed in CIP-Fe complexation 

at different temperatures. 
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CIP-Mg complexes 

The Mg2+ titration did not exhibit linearity throughout the whole experiment even after decreasing Mg2+ 

concentration, hence the stability constant could not be calculated. However, from the literature, it is 

known that CIP-Mg complexes are the least stable of the tested compounds [15]. Figure 2.1.7 presents 

the stability of CIP-Mg complexes in time. During seven-day incubation, in ultrapure water at 18˚C, 

there was no significant difference in fluorescence intensity value. Moreover, the changes of the 

fluorescence intensity value between CIP and increasing concentration of Mg2+ is minor. In the presence 

of HS, the complex formation attained the equilibrium on the second day (p<0.05). Moreover, the 

complex formation does not depend on the Mg2+ concentration (p>0.05). The same situation was 

observed for CIP-Mg in ultrapure water at 4˚C. The fluorescence intensity, in this case, varied between 

300-400 during seven-day incubation (data not shown). At 4˚C, in the presence of HS, there is no 

statistically significant difference between fluorescence intensity of CIP and CIP-Mg. Hence, there was 

no complex formation.  

 

Figure 2.1. 7. Changes of fluorescence (ΔF) of CIP-Mg complexes in time at18±2˚C and 4±1˚C 

Furthermore, in the presence of HS as well as at lower temperature (4˚C), the magnesium ions resulted 

in fluorescence quenching, and not in the enhancement, as it happened with CIP-Mg in ultrapure water 

(18˚C). It may be connected to the formation of different complexes which depends on the Mg2+ 

concentration [33]. Moreover, in the presence of HS, the competition between CIP and Mg2+ to bind to 
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HS might have occurred [21]. There is also a possibility of complex formation of CIP-Mg-HS (fig. 2.1.1) 

[29].  

In general, the most stable complexes were CIP-Al, CIP-Cu, and CIP-Co and they followed the order: 

CIP-Al>CIP-Cu/CIP-Co at 18˚C and CIP-Al>CIP-Cu>CIP-Co at 4˚C. The complexes of CIP-Fe 

exhibited significant fluorescence changes, probably due to precipitation of Fe3+ to Fe(OH)3. The CIP-

Mg was found to be the least stable complexes. The presence of HS resulted in probable CIP-Me-HS 

formation.  

Antimicrobial activity test – MIC 

The MIC of CIP-Me complexes is presented in Table 2.1.3. The complexes in ultrapure water exhibited 

similar antimicrobial activity towards B. subtilis, except for CIP-Mg which exhibited 2-folds lower MIC 

value. Magnesium is an essential divalent metal for many enzymatic and structural functions [34]. The 

metal mixture (CIP+Al+Co+Cu+Fe+Mg) exhibited the same potency of bacterial growth as CIP alone. 

This indicated the competition of the CIP-Me complexes or the dissociation of the formed complex so 

that only free CIP entered the bacterial cell [18]. CIP and its complexes showed higher antimicrobial 

activity towards E. aeruginosa, as compared to B. subtilis (Table 2.1.3.). The highest antimicrobial 

potency was exhibited by CIP and its Co/Cu complexes (MIC=0.125 µg/ml), followed by trivalent ion 

complexes (MIC=0.25 µg/ml). The solution that contained all the five metal ions (=Al3+, Co2+, Cu2+, 

Fe3+, Mg2+) and CIP, as well as CIP-Mg alone, had the lowest inhibition activity (0.5 µg/ml) towards E. 

aeruginosa amongst the tested mixtures (Table 2.1.3.). For both bacteria, the controls with metal 

solutions did not exhibit any antimicrobial activity in the tested concentrations (0.025-0.2 µg/ml).  

Table 2.1. 3 MIC for CIP-MI complexes [µg/ml] 

CIP-Me CIP  CIP-Al CIP-Co CIP-Cu CIP-Fe CIP-Mg CIP+Al+Co+Cu+Fe+Mg 

 Ultrapure water 

Ea 0.125  0.25 0.125 0.125 0.25 0.5 0.5 

Bs 0.25  0.25 0.25 0.25 0.25 0.125 0.25 

 Water with humic substances 

Ea 0.5  0.25 0.5 0.5 0.5 0.5 0.5 

Bs 0.25  0.25 0.125 0.25 0.125 0.25 0.25 

Ea: Enterobacter aeruginosa; Bs: Bacillus subtilis 

The presence of HS lowered the antimicrobial activity of tested complexes towards E. aeruginosa. This 

suggested that the presence of HS may hinder the CIP-Me/CIP uptake. It is consistent with other studies, 

where metal ions, especially trivalent ions, formed complexes with HS [20, 30]. This indicated that the 

HS adsorption on the bacterial outer membrane may hinder the antibiotic diffusion. For E. aeruginosa, 

the same MIC value was observed for all the complexes (0.5 µg/ml), expect for CIP-Al which was 2-

fold lower. CIP-Me+HS solutions exhibited almost the same antimicrobial activity towards B. subtilis 
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as they did in ultrapure water, except for CIP-Co/Fe/Mg complexes. The antimicrobial activity of CIP-

Mg complex decreased, which may be the result of complexation between magnesium ions and HS [21]. 

However, CIP-Co/Fe complexes displayed a 2-fold decrease of MIC value. Both complexes had lower 

stability in the presence of HS (fig 2.1.2 and 2.1.4), thus the elevated concentration of free ions might 

occur. Studies conducted by Winner (1984) and Campbell et al. (2000) presents that the presence of HS 

may result in enhancement of antimicrobial activity of metal ions [35, 36]. Thus, in this study, in the 

presence of HS, CIP and Co2+/Fe3+ (or Fe(OH)3 in case of iron) may have an additive mode of action 

against B. subtilis. The controls containing the HS and metals did not exhibit any antimicrobial activity 

towards bacteria in tested concentrations. The interesting part is that even though the HS was added, for 

the mixture of all five metal ions and antibiotics, the MIC remained the same as before HS addition.  

The general trend might be observed. E. aeruginosa, a Gram-negative bacteria was more susceptible to 

environmental changes due to higher toxicity in ultrapure water and its decreased antimicrobial effect 

in the presence of HS. The basic difference between Gram-negative and Gram-positive bacteria is the 

presence of lipid outer membrane in Gram-negative bacteria, which acts as an additional protective 

layer. The permeability of this barrier as well as presence of porins across the cell membrane are the 

two entry routes for FQs antibiotics [18]. Moreover, the study of Tikhonov et al. (2013) showed that HS 

exhibited lower sorption onto cells of Gram-negative bacteria, probably due to the size exclusion [37]. 

If the CIP sorbed onto HS, the large molecule formed cannot penetrate the outer membrane, thus the 

antimicrobial activity of CIP and its complexes would be lower. On the other hand, no significant 

difference between MIC values for Gram-positive bacteria was observed, regarding CIP complexation 

or HS presence. Based on the study of Tikhonov et al. (2013), these bacteria are more potent to absorb 

HS [37]. Thus, in this case, the formed complexes could enter the bacterial cell and exert the 

antimicrobial activity towards bacteria. The complexes might have dissociated due to the comparable 

antimicrobial activity of free CIP and its complexes.  

Stability of CIP-Me complexes, their antimicrobial activity and environmental impact 

Antibiotic-contaminated water can play a key role in the spreading of antimicrobial resistance [38]. The 

presence of antimicrobials at subtherapeutic doses may induce the spontaneous mutation which results 

in the occurrence of resistance. Study of Girardi et al. showed that the resistance genes were not detected 

in the tested bacteria, however due to their incubation with CIP, the strains attained the resistance after 

14 days [4]. Moreover, the antibiotics do interact with other compounds present in waters. CIP 

introduced to aquatic compartments can thus form stable complexes with MI and/or HS (fig 2.1.1.). As 

a result, CIP uptake by bacteria may be hindered due to CIP-HS interaction, as it happens with different 

antibiotics [39]. However, this applies to Gram-negative bacteria, whereas the Gram-positive seemed 

less affected by it (Table 2.1.3). In fact, the phylogenetic differences between bacteria and bacterial 

strains may result in varied toxic effects [18]. More studies should be performed to fully understand this 

relationship.  
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This study showed that in the presence of five cations and HS, the CIP was present for at least seven 

days, even at lower temperatures. Thus, long-term exposure may induce the selective pressure towards 

bacteria, as mentioned earlier. The most toxic cations are the ones that form the most stable complexes 

with CIP, i.e. trivalent ions and transition divalent ions. It is highly alarming due to the presence of 

antibiotic and heavy metals resistance genes linked to the same plasmid [40]. Antibiotics eventually 

undergo degradation, while metal ions do not, hence metal ions may lead to dissemination of metal-

resistant genes as well as antibiotic-resistant genes, if they are linked.  

Apart from the toxic effect of the CIP complexes, the efficiency of the CIP degradation may also be 

affected. The presence of HS during wastewater treatment is known to hinder the removal of other 

organic compounds [22, 41]. The ability of formation of CIP complexes may result in the high affinity 

of the compound to the sludge, rich in the HS and metal ions [9, 28, 30, 36]. CIP due to complexation 

may be accumulated in the sludge. Nowadays, there are no regulations regarding the acceptable 

concentration of organic compounds in sludge. Subsequently, the treated sludge with CIP and metal ions 

present may be disposed to the soil. This would result in the introduction of CIP and its possible 

complexes into the soils which could influence the local microbial community due to their long-term 

stability.  

Conclusion 

All the CIP-Me complexes remained in the solutions during the seven days period at 18˚C. The most 

stable complexes were CIP-Al, CIP-Co, and CIP-Co at 4˚C and 18˚C. The presence of HS usually 

resulted in slower chemical equilibrium obtainment. The low temperature also contributed to decreasing 

the stability. In the presence of Mg2+ and HS, the complexation rate did not depend on the magnesium 

ions concentration at 18 ˚C. At 4 ˚C, the complex between CIP-Mg-HS was not formed. The conversion 

of Fe3+ to Fe(OH)3 primarily affected the stability of the CIP-Fe complex. The antimicrobial activity 

tests against B. subtilis suggested that the CIP-Me complexes maintained its antimicrobial effect, even 

in the presence of the humic substances, which are widely prevalent in the environment. The efficiency 

of CIP and its complexes against E. aeruginosa, was affected by HS presence, resulting in slighty 

decreased MIC value. Hence, depending on the bacteria type (Gram-negative or Gram-positive), the 

mechanism of CIP uptake was different. Moreover, the solutions with tested metal ions (Al3+, Co2+, 

Cu2+, Fe3+, Mg2+) and CIP exhibited the same antimicrobial effect with and without HS. Thus, the 

complexes with heavy metal ions (iron, copper) or even the complexes with metal ions that are essential 

for bacteria (magnesium) in the aquatic compartments pose a threat toward the bacterial community. 

Even though the antimicrobial activity of mixture was lower than the CIP itself and its complexes, still 

the HS presence did not alter the efficacy of the antibiotic but affected the stability. 
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Résumé  

La ciprofloxacine (CIP) et la chlorotétracycline (CTC) sont les antibiotiques à large spectre appartenant 

respectivement aux familles des fluoroquinolones et des tétracyclines. Les deux sont des composés 

hydrophiles, ayant la capacité de former des complexes avec des ions. La complexation de l'antibiotique 

avec des ions métalliques peut affecter leur distribution dans les stations de traitement des eaux usées, 

ce qui n'est généralement pas pris en compte. L'étude analytique a été menée pour évaluer la 

concentration de CIP, CTC et d'autres ions choisis dans la station d'épuration. Plus de 70% des CTC ont 

été récupérés lors du traitement des eaux usées. La concentration de CIP mesurée était légèrement plus 

élevée dans l'effluent que dans les échantillons d'eaux usées d'influent. De plus, des concentrations 

élevées de CIP et de CTC, de 3,9 mg/kg et de 11 mg/kg, respectivement, ont été détectées dans les 

fractions solides de boues. Cette concentration élevée pourrait être due à des interactions avec des ions 

métalliques dans les boues (soit 39-53 g / kg d'Al, 64-89 g / kg de Ca, 52-109 g / kg de Fe ou 10-13 g / 

kg de Mg). Par conséquent, la spéciation des ions dans les boues a été effectuée pour les localiser plus 

précisément. La concentration correspondante d'antibiotiques dans chaque fraction de boues a également 

été évaluée. 

Mots-clés: ciprofloxacine, chlorotétracycline, détection, eaux usées, boues, ions métalliques 
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Abstract  

An analytical study was conducted to evaluate the concentration of ciprofloxacin (CIP), 

chlortetracycline (CTC) and chosen metals in the wastewater treatment plant (WWTP). The 

concentration of CIP was slightly higher in the effluent (0.703 ± 0.045 µg/L) than the influent (0.467 ± 

0.049 µg/L) in wastewater samples. More than 70% of CTC was recovered during wastewater treatment; 

its concentration in wastewater effluent was at 6.13 ± 0.863 µg/L). Additionally, a high concentration 

of CIP and CTC, 3.9 mg/kg and 11 mg/kg respectively, were detected in the solid fractions of sludge. 

This elevated concentration might have been due to interactions with metals in sludge (i.e. 39-53 g/kg 

of Al, 64-89 g/kg of Ca, 52-109 g/kg of Fe and 10-13 g/kg of Mg) as both antibiotics have the capacity 

to form metal complexes. Chemical speciation of all sludge types was carried out to further investigate 

the distribution of targeted metals and antibiotics and to establish if there is any interdependence. The 

positive correlation between CTC/CIP concentration and Mg and As concentration in primary sludge 

was observed. This suggests that metal-antibiotic interaction may contribute to primary wastewater 

treatment.  

Keywords: ciprofloxacin, chlortetracycline, detection, wastewater, sludge, metal ions 

  



84 

 

Introduction 

Introduction 

The discovery of penicillin by Alexander Fleming in 1920s revolutionized the field of medicine. 

Presently, antibiotics are used not only to treat human and animal infections but also, they have been 

used in animal farming as food additives to promote the growth and prevent the microbial contagions. 

However, their frequent usage, insufficient wastewater treatment (WWT) and their excess from 

farmlands have led to increase in amount of antimicrobials in the environment. It creates a new 

hazardous condition for human health as other of the antibiotics such as penicillin are degraded easily 

in the environment, whereas some like fluoroquinolones and tetracyclines were found to be more 

persistent [1].  

Ciprofloxacin (CIP) is a widely used broad-spectrum antibiotic, representative of the fluoroquinolone 

group. It is known to treat various human infections, i.e. urinary and respiratory tract infections, anthrax 

or sexually transmitted diseases [2]. Other broad-spectrum antibiotics, such as chlortetracycline (CTC), 

belonging to tetracycline group, are commonly used as food additive in animal farming [3, 4]. The 

widespread utilization of CIP and CTC has led to their prevalence in various aquatic compartments at 

low concentrations (ng-µg/L) [4-7]. Consequently, this phenomenon has contributed to the occurrence 

and dissemination of antibiotic-resistant bacteria. [3].  

As mentioned earlier, the presence of CTC and CIP presence in water and soils is usually associated 

with insufficient wastewater treatment on account of fact that wastewater treatment plants (WWTP) are 

not designed to remove the contaminants at that low concentration. Interestingly, even though the 

concentration of described antibiotics is at low parts-per-trillion (ppt)/-billion (ppb) range in wastewater, 

their concentration was found to be much higher in wastewater sludge. CTC and CIP can be found at 

concentration of mg/kg in sludge, hence at least 1000-fold higher than in liquid fraction of wastewater. 

This relationship may be attributed to ability of CTC and CIP to form stable complexes with metals [2, 

8].  

The wastewater influent and wastewater sludge (WWS) contain a high concentration of metals, as they 

are persistent, and are not easily removable [9]. Moreover, metals tend to accumulate in sediments, 

sludge, soils and in animal tissues, which may cause serious health-related adverse effects [9-11]. 

Moreover, the formation of stable antibiotic-metal complexes may not only  significantly influences the 

distribution of organic pollutants, their removal and mobility in the environment but also may even 

promote antimicrobials resistance [2, 8], becoming an insurmountable hurdle for the health care 

providers. 

Hence, it is crucial to know the interactions between contaminants in such an environment, as during 

wastewater treatment. A better understanding of the nature of targeted contaminants can surely help to 

develop more efficient methods of their removal. The main objective of this study was to estimate the 
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concentration of CIP, CTC, the representatives of fluoroquinolones and tetracyclines respectively, and 

metals in WWTP in Québec City, Canada. Subsequently, the chemical fraction of metals in sludge was 

estimated along with corresponding antibiotics concentration to evaluate a potential correlation between 

them.  

Materials and Methods 

Materials 

CIP (98% purity) was obtained from Acros Organics (USA). CTC was purchased from Toronto 

Research Chemicals (Ontario, Canada). Cirpofloxacin-d8 was bought from CDN Isotopes Inc. (Québec, 

Canada). HPLC-grade methanol (purity > 99.8%), HPLC-grade acetic acid (purity > 99.7%), 

trichloroacetic acid (TCA, 99%) and diatomaceous earth were purchased from Fisher Scientific 

(Ontario, Canada). Disodium ethylenediaminetetraacetate (Na2H2EDTA, 99%) was obtained from E-

bay (Tokyo, Japan). Sep-pack® C18 Plus Short Cartridges (360 mg Sorbent; 37–55 mm Particle Size per 

Cartridge) for solid-phase extraction (SPE) were purchased from Waters (Milford, MA, USA). 

Deionized water was prepared in the laboratory using a Milli-Q/Milli-Ro Millipore system (Milford, 

MA, USA).  

Wastewater samples  

The wastewater samples were obtained from the Québec Urban Community wastewater treatment plant 

(Beauport, Québec City, Québec, Canada). The WWTP treats the wastewater, originating from 

industries, domestic zones, institutions, and commercial enterprises before discharging the treated water 

into the Saint Lawrence River. It receives approximately 215,000 m3·day−1 of wastewater for its 

treatment capacity of 400,000 m3·day−1. The hydraulic retention time is 45 minutes for the complete 

treatment. The plant comprises biofiltration wastewater treatment, consisting of 4 mechanical rake-

cleaned bar screens, 5 aerated grit chambers, 7 laminar clarifiers, 30 biofilters and 5 disinfecting 

channels with 8480 ultraviolet lamps (working from June 1 to September 30 only). The grab samples 

were collected in July 2018. All samples were collected into the pre-washed containers from eight points 

of WWTP: influent, screening, grit, primary sludge, secondary sludge, mixed sludge (60% primary 

sludge and 40% secondary sludge), thickened sludge and effluent before UV treatment. Then, they were 

transported to the laboratory and kept in dark at 4±1˚C until further use (a week after sampling) or -

20±1˚C (a month after sampling). Previous studies conducted in our laboratory for the last decade have 

demonstrated that when the wastewater and wastewater sludge samples are collected over different 

seasons and timeline, there was a ±15-20% standard error in the measurements of the different 

pharmaceutical compounds [data unreported]. Wastewater control parameters, i.e. pH, alkalinity, total 

solids (TS), volatile solids (VS), suspended solids (SS), phosphate, total organic carbon (TOC) were 

analyzed as described in Standard Methods (APHA, 2005) [12].  
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Sample preparation for elements analysis and partial digestion 

The analysis of elements in wastewater (WW) and wastewater sludge (WWS) was conducted based on 

the work of Ashraf et al. and Dong et al. [13, 14]. The liquid fraction was separated from sludge by 

centrifugation (7650 x g, 25 min, 4 ˚C). Supernatant and WW samples (influent, effluent, grit unit and 

screening unit) were then transferred for acid digestion. About 0.5 g of dried sludge (or liquid fraction) 

was placed in 50 mL tubes (SCP Science 10-500-262). HNO3 (1 mL) was added and left overnight. 

Subsequently, 3 mL of 1 M HCl was added and put in the heating block (2h, 95°C). Then, the mixtures 

were cooled down and Milli-Q water was added to obtain a volume of 50 mL Prepared samples were 

analyzed by Inductively Coupled Plasma Atomic Emission Spectroscopy (ICP-AES) in duplicates. The 

details of the measurements are given in Annex C.  

Chemical speciation in sludge  

The sequential extraction procedure was performed based on Dong et al. 2013 and Ashraf et al. (2012) 

with some modifications [13, 14]. The schematic version of the protocol is included in Figure S1 (Annex 

C). Samples from following sections were centrifuged (30 240 x g, 30 min) after each extraction step 

and the solid part was separated from the supernatant. Subsequently, the pellet was used for the next 

extraction step, when supernatant was filtered and analyzed by ICP-AES. The metals recovery from this 

method was ranged between 74-120%. The procedure was performed in duplicates.  

To evaluate the influence of sludge sequential digestion on antibiotics, the controls in Milli-Q water 

were set up. The concentration of CIP did not change throughout the procedure; the difference between 

the fractions was less than 10%. In the case of CTC, a variation in its concentration was observed (<70% 

recovery) which could be attributed compound isomerization [15]. Figure S2 (Annex C) shows that two 

most common CTC isomers, iso-CTC, and epi-iso-CTC, were present in all fractions. However, to 

simplify the potential scenarios, only CTC form was taken under consideration in further discussion.  

 Exchangeable Fraction 

Sludge samples (2 g) were extracted at room temperature for 1 h with 16 mL 1 M MgCl2, (pH 7.0) in a 

water bath. Continuous agitation was maintained. Extraction in this fraction is mainly based on the 

adsorption-desorption process [13, 14].  

 Bound-to-carbonates 

To the residue from the previous section, 16 mL of 1 M NaOAc was added and pH was adjusted to 5.0 

with acetic acid [13, 14]. The samples underwent 5 hours of continuous agitation at room temperature 

to coprecipitate metals with carbonates. 
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Bound to Fe–Mn Oxides (Bound-to-oxides) 

The residue from previous section. was treated using 20 mL of 0.04 M NH2OH–HCl in 25% (v/v) HAc 

to extract metals. The experiments were performed at 96 °C with occasional agitation for 6 hours. Under 

these reducing conditions, Fe (III) and Mn (IV) release adsorbed metals [13, 14].  

Bound-to-organics 

HNO3 (4 mL) was added to the sludge samples (0.1 g) and left overnight. Subsequently, 1.6 mL of 

HClO4 was added and heated for 2 h at 100 °C. Then, 2 mL of HF was added and heated up to 150 °C. 

After, 0.4 mL of HNO3 and water up to 15 mL was added and incubated at room temperature for 2 

weeks before ICP-AES analyses.  

Sample preparation for CIP and CTC analysis 

Wastewater samples preparation 

Wastewater samples were centrifuged at 7650 x g for 30 min and the supernatant was filtered through 2 

µm glass fibers filters (Fisher brand G6 filter circles, Fisher Scientific, Ontario, Canada). The pH of 

each filtrate was adjusted to pH 4.0±0.1 with 0.1 M HCl for acidic extraction. Na2EDTA was added to 

each sample at the final concentration of 2 mM.  

WWS samples (primary, secondary, mixed and thickened sludge) were centrifuged at 7650 x g for 35 

min, 4˚C. The solid fraction was then separated and frozen at -20˚C overnight before freeze-drying (Dura 

Frezz Dryer, Kinetics). The supernatant was filtered through 2 µm glass fibers filters and the pH was 

adjusted to pH 4.0±0.1. Na2EDTA was added to each sample at the final concentration of 2 mM. 

WWS extraction 

The efficacy of  pressurized hot water extraction (PHWE) and ultrasonic extraction (USE) to extract 

CIP and CTC simultaneously from WWS was compared. The detailed description of the procedure and 

method validation is presented in Annex C.  

 Clean-up and preconcentration  

Solid Phase Extraction (SPE) technique was used for clean-up and preconcentration of the processed 

samples. The SPE cartridges (Sep-Pak Plus C18) were fitted into the vacuum manifold (Welch, USA) 

connected to a vacuum pump (Welch Rietschle Thomas, USA). The procedure used was as described 

by Archana et al. (2016) with some modifications [16]. Cartridges were preconditioned with 7 mL of 

methanol, followed by 6 mL of deionized water and 6 mL of acidified water (pH 3-4) at the flow of 

approximately 1.5 mL/min. Further, the sample was loaded onto the cartridges; after pre-concentration, 

the samples were dried by a vacuum system (~15 psi). The parallel elution of CIP and CTC with 2 x 4 

mL of methanol was optimized to achieve the highest possible recovery. The different pH values of the 

loaded samples (pH 3-4) and the presence of acidic additives (acetic acid and trichloracetic acid) were 
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taken under consideration to increase the extraction efficiency. The recoveries are presented in Annex 

C. Each extract was then evaporated under a gentle stream of nitrogen. Subsequently, it was 

reconstituted in 1 mL acetonitrile: H2O (1:9).  

CTC and CIP detection 

The concentration of CIP and CTC was analyzed by liquid chromatography- electrospray- ionization- 

tandem mass spectrometry (LC-ESI-MS/MS). The system included a Finnigan surveyor LC pump 

linked to TSQ Quantum access triple quadruple mass spectrometer (Thermo Scientific, Mississauga, 

ON, Canada) and electrospray ionization interface. A 15 µL aliquot of the processed samples was 

injected into BetaBasic-18 column (100 mm x 2.1 mm x 3 µm). The column oven was set at 40˚C and 

the flow rate was kept at 0.3 mL/min. Ciprofloxacin-d8 (CIP-d8) and sulfamethazine were used as the 

internal standards for ciprofloxacin and chlortetracycline detection, respectively. They were added to 

each sample before the analyses to give the final concentration of 50 µg/L and 5 µg/L for ciprofloxacin-

d8 and sulfamethazine, respectively. The samples were eluted with a mobile phase which included 0.1% 

formic acid (mobile phase A) and acetonitrile combined with 0.1 % formic acid (mobile phase B). The 

gradient elution started with 90% of mobile phase A and 10% of mobile phase B. It was constant till 

0.5 min and then mobile phase A was gradually decrease (30%) up to 3 min. Subsequently, the gradient 

was kept constant until 8 min and then it came back to the initial set up. The mass spectrometer was 

operated in SRM positive mode. Spray voltage was set at 4000 V and skimmer off-set at 20 V. Collision 

gas pressure was 1.5 mTorr. The capillary temperature was at 350˚C. The collision energy for CIP, CTC, 

sulfamethazine, and CIP-d8 was set at 17, 18, 17 and 19 V respectively. The precursor and product ions 

(m/z) were selected as follows: 332.3 and 245.3 for CIP, 479.1 and 444 for CTC, 340.3 and 249.3 for 

CIP-d8, 285 and 185 for sulfamethazine.  

Data and statistical analysis 

Recovery studies were performed in duplicates and calculations were based on eq. (11). 

𝑅𝑒𝑐𝑜𝑣𝑒𝑟𝑦(%) =
𝐶𝑓−𝐶0

𝐶𝑠
∗ 100 Eq. 11, 

Where Cf stands for a final concentration of CTC/CIP in the spiked matrix, C0 is the initial concentration 

of CTC/CIP in the matrix and Cs is spiked CTC/CIP concentration in matrix.  

Statistical analysis of the obtained results was conducted via SigmaPlot 12.3 software. The Pearson 

correlation was applied to determine the dependence of metals chemical fraction in sludge and 

corresponding antibiotic concentration.  
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Results and Discussion  

CTC/CIP distribution in WWTP 

The characterization of wastewater and WWS collected from WWTP in Québec is summarized in Table 

3.1.1. The average streamflow for WW (influent, screen and grit removal unit, effluent) was 7800 m3/h. 

The streamflow for WWS was as follows: primary sludge, 80 m3/h; secondary sludge, 70 m3/h; mixed 

sludge, 255 m3/h; and thickened sludge, 67 m3/h. The average mass flow of the antibiotics was calculated 

with Eq. (12): 

𝑚 = 𝑄 × 𝑆 Eq. 12, 

Where m stands for mass flow (mg/h), Q is streamflow (m3/h) and S stands for CTC/CIP concentration 

(µg/L or µg/kg).  

Table 3.1. 1 Wastewater and wastewater sludge characterization (n=3) 

Sample Total 

solids 

[g/L] 

Volatile 

solids [g/L] 

Suspended 

solids [g/L] 

pH Total organic 

carbon 

[mg/L] 

Alkanility 

[mg 

CaCO3/L] 

Phosphorous 

[ppm] 

Influent 0.04 ± 

0.45 

<0.0001 0.14 ± 0.10 7.1±0.1 12.2 37.44 5.48±0.28 

Screen unit 0.26 ± 

0.48 

<0.0001 0.20 ± 0.007 7.2±0.1 16.3 79.70 4.06±0.13 

Grit 

removal unit 

0.56 

±0.055 

0.095 ± 

0.015 

0.23 ± 0.04 7.1±0.1 34.5 44.92 3.46±0.033 

Effluent 0.46 ± 

0.014 

<0.0001 <0.0001 7.4±0.1 8.7 46.80 0.99±0.03 

Primary 

sludge 

3.14 ± 

0.09 

2.16 ± 

0.056 

1.03 ± 0.07 6.6±0.1 41.4 81.68 4.77±0.52 

Secondary 

sludge 

2.96 ± 

0.32 

2.15 ± 0.27 1.13 ± 0.01 6.7±0.1 41.6 78.62 24.58±0.49 

Mixed 

sludge 

1.41 ± 

0.05 

0.86 ± 

0.046 

0.45 ± 0.10 6.8±0.1 41.1 80.72 12.96±0.15 

Thickened 

sludge 

84.4 ± 3.0 60.05 ± 

2.25 

84.9 ± 4.90 5.5±0.1 35.3 - 15.42±0.65 

Table 3.1.2 presents the distribution of CIP and CTC in wastewater and wastewater sludge and Figure 

3.1.1 shows the mass balance of WWTP. CIP concentration is reported to be much lower than CTC but 

not negligible in sewage, pointing also to overall meager usage of CIP in Québec [17]. The results are 

consistent with the CIP concentration range of 0.042-0.712 µg/L in Ontario, Canada [18]. Relatively a 

higher concentration was detected also in the USA, wherein raw wastewater CIP was found to be around 

1.9 µg/L [19]. CIP is mainly removed via adsorption onto sludge [20, 21]. It is consistent with much 

higher concentration of this fluoroquinolone detected in sludge than in wastewater (Table 3.1.2). 
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However, the CIP concentration in the effluent was not significantly higher than influent, suggesting 

negligible CIP removal as compared to the 40% CIP removal during sewage treatment in Ontario, 

Canada [18]. A study conducted in three WWTPs in Maryland, USA had revealed that CIP concentration 

was reduced up to 74%, indicating CIP accumulation during wastewater treatment via sludge adsorption 

[19]. Hence, in case of WWTP in Québec, it is possible that CIP undergoes adsorption onto sludge and 

then desorbs into the wastewater stream, leading to its elevated concentration in the effluent [22]. 

Detailed studies of distribution and retention time of the compound should be performed to confirm the 

accumulation of CIP in WWTP and its slow release into the environment. 

Table 3.1. 2 Distribution of CIP and CTC in wastewater and wastewater sludge (n=3) 

 Influent Screen unit 

Grit 

removal 

unit 

Primary 

sludge (liquid 

fraction) 

Primary 

sludge (solid 

fraction) 

Secondary 

sludge (liquid 

fraction) 

CCIP 

[ppb] 
0.467 ± 0.049  

0.623 ± 

0.036 

0.439 ± 

0.026 
0.479 ± 0.113  2003 ± 6.9  0.349 ± 0.081  

CCTC 

[ppb] 
21.7 ± 4.69  18.7 ± 3.46 18.2 ± 2.84 7.52 ± 0.163 6687 ± 226 7.10 ± 0.237 

 

Secondary 

sludge (solid 

fraction) 

Mixed 

sludge 

(liquid 

fraction) 

Mixed 

sludge 

(solid 

fraction) 

Thickened 

sludge (liquid 

fraction) 

Thickened 

sludge (solid 

fraction) 

Effluent 

CCIP 

[ppb] 
1978 ± 131  

0.516 

 ± 0.116 

3948 

 ± 157 

0.516 

 ± 0.116 

2388 

 ± 117  
0.703 ± 0.045  

CCTC 

[ppb] 
3849 ± 313 0.89 ± 0.191 11019 5.06 ± 3.46 5752 ± 1255 6.13 ± 0.863  

CTC – chlortetracycline; CIP – ciprofloxacin 

While the CIP level for Québec municipality waterworks was not reported before, the influent 

concentration of CTC is 3-fold lower than in the previous reports for Québec. The concentration reported 

by Pulicharla et al. (2014) in influent and effluent was 61.5 µg/L and 7.3 µg/L respectively [9]. The 

differences may correspond to seasonal variation. This study was conducted in summer while Pulicharla 

and colleagues had conducted the study in autumn [9]. The augmented runoff during spring and summer 

might have diluted CTC concentration in the wastewater [23, 24]. Furthermore, this difference might 

also reflect the usage of alternative to antibiotics in animal farming, which seems to be more probable 

as more alternatives are being tried every day [25]. Hence, lower concentration recorded in these studies 

may suggest overall decreased usage of CTC in agricultural and animal farming practices. Moreover, 

WWTP in Québec was able to remove up to 71% CTC mostly due to its adsorption on sludge in spite 

of the fact that removal efficiency obtained is lower than previously presented efficiency of 90% [9].  
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Figure 3.1. 1.Mass distribution of ciprofloxacin (CIP) and CTC (chlortetracycline) in the wastewater treatment plant 

in Quebec, Canada 

Metals distribution in WWTP 

The concentration of elements found in WWTP is presented in Table 3.1.3. Alkali earth metals were the 

most abundant metals in wastewater and sludge. For instance, Mg ranged between 4.9 – 51.3 mg/L in 

wastewater and 9692 – 12881 mg/kg in sludge, when Na varied from 1376 to 4216 mg/kg in sludge and 

between 44.0 – 76.3 mg/L in wastewater. Furthermore, most detected metals preferably bound to solid 

parts of the sludge. Mn, Mo, Sc, Se, Ti, and Zr were below limit of detection in wastewater. Cu, Cr, and 

Fe were present in the influent, however in further WWTP compartments, they were not detected. Their 

high concentration in sludge (Cu 649-1607 mg/kg, Cr 204-1292 mg/kg, Fe 52209-109604 mg/kg) 

suggests that they were completely removed from the wastewater via adsorption onto sludge. The 

concentrations of most of the heavy metal ions in sludge were below the recommended standards for 

Québec province and their level in both primary and secondary sludge did not vary except for Cr, Cu, 

Co and Zn ions [26].  
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Table 3.1. 3 Metals concentration (after partial digestion) in wastewater and wastewater sludge; ND – not detected  
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As 7.53±5.13 21.28±2.32 3.60±2.70 3.44±1.40 0.64±0.1

9 

0.20±0.0

2 

0.35±0.12 0.29±0.21 0.28±0.0

57 
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3 
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0.11±0.0

14 
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05 
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07 
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22 
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414 

89191.90±36
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21 
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91 
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24 
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06 

0.06±0.0

04 
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1 
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08 
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07 
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2 

0.06±0.0

02 
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7 

Co ND 17.31±3.41 8.27±9.04 16.60±7.04 0.40±0.0

07 

0.22±0.0

4 

0.22±0.03 0.23±0.01 0.22±0.0

3 

0.26±0.04 0.32±0.0

4 

0.20±0.03 

Cr 674.97±1.90 811.13±9.05 204.41±3.44 1292.13±3.8

9 

0.34±0.1

2 

ND ND ND ND ND ND ND 
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7 

0.26±0.0

2 

ND ND ND ND ND ND ND 

Fe 96091.40±13

0 

109604.00±3

31 

52209±16.33 66264.70±33

1 

0.57±0.0

6 

ND ND ND 12.22±1.

52 

16.42±0.5

5 

ND 342.57±3.

86 

K 13055.60±15

.25 

8393.00±109 5476.73±53.9

6 

6006.70±91.

39 

15.96±0.

02 

14.97±0.

3 

15.72±0.0

6 

15.49±0.3 24.38±0.

16 

32.70±0.4

1 

23.05±0.

16 

107.99±0.

04 

Mg 12881.00±15

8 

11731.70±53

.01 

9692.99±83.5

9 

9991.22±87.

53 

5.60±0.1

5 

5.17±0.0

8 

5.22±0.14 5.63±0.00

8 

4.90±0.0

8 

8.07±0.3 6.50±0.2 51.27±0.2

3 

Mn 966.34±6.61 940.90±7.13 600.77±8.94 695.81±4.43 ND ND ND ND ND ND ND 3.92±0.00

4 

Mo 26.24±3.52 20.15±1.67 11.08±1.40 10.88±1.60 ND ND ND ND±0.1 0.05±0.0

3 

ND 0.09±0.0

6 

ND 
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4111.38±75.

38 

1376.56±10.3

4 

2523.13±27.

64 

75.03±0.

4 

76.34±0.

63 

73.76±0.2 73.40±0.0

2 

44.01±0.

2 

79.14±1 72.60±1.

3 

70.87±0.0

8 

P 88196.00±35

5 

99244.40±60

0 

44079.40±13

3.45 

50431.80±49

6 
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3 
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14 
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6 
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6 
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6 
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2 
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.2 
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09 

16.01±0.0
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05 
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6 
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26 
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01 
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8 
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4 
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6 

1.42±0.12 2.52±0.13 0.80±0.3 ND 1.36±0.2 23.17±1.0

4 

Sr 757.74±13.9

0 

915.01±23.3

1 

512.49±10.33 672.97±5.20 0.54±0.0

02 

0.52±0.0

1 

0.51±0.00

7 

0.55±0.00

3 

0.40±0.0

1 

0.58±0.03 ND ND 

Ti 562.47±11.4

1 

391.23±6.64 622.12±0..00

25 

593.50±0.47 ND ND ND ND ND ND 0.50±0.0

8 

3.19 

Tl 2.39 7.06±6.37 1.35±0.55 3.72±3.07 0.72±0.4 ND ND 0.52±0.3 1.04±0.7 ND ND ND 

Zn 2067.00±25.

56 

1949.18±33.

97 

1613.99±14.7

5 

1852.96±26.

33 

0.36±0.1 0.23±0.0

5 

0.3±0.009

0 

0.30±0.00

7 

0.48±0.2 0.20±0.1 0.28±0.0

3 

0.35±0.07 

Zr 0.55±0.65 3.51±1.35 3.98±0.52 1.32±0.37 ND ND ND ND ND ND ND ND 
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The high concentration of Mg and Ca in solid parts of sludge is responsible for the higher concentration 

of CTC in sludge as both metals have the highest chelating affinity towards CTC compared with other 

metals [27]. The presence of Al and Fe in sludge (solid part) lead to CIP binding to the same 

environment, as CIP forms the most stable complexes with trivalent metals, even when both are in the 

forms of oxides [28, 29]. Moreover, CTC and CIP exhibit high affinity towards the transition metals [8, 

28]. Hence, to further investigate the potential co-dependence between metals and antibiotics 

concentration in sludge via chemical speciation, the certain metals, i.e. Al, Ca, Co, Cr, Cu, Fe, Mg, Pb, 

Zn and one metalloid, As, were selected based on their potential toxicity and potency to form a complex 

with targeted antibiotics. 

Chemical speciation of targeted metals and antibiotics 

Figure 3.1.2 presents distribution of the selected metals in four types of sludge in WWTP, showing 

speciation between the four fractions. In an exchangeable fraction, the cation can be weakly adsorbed 

and released by an ion-exchange process [13, 14, 30]. In primary and secondary sludge there isthe 

highest abundance of this fraction. As and Mg were present at >68% and >97% respectively. Moreover, 

the high level of Co (44-46%) and Pb (38-50%) was also weakly bound to both types of sludge. The 

small percentage of Ca (7-11%) and Zn (1-4%) was also weakly adsorbed to onto both types of sludges.   

 

Figure 3.1. 2 Metals distribution in wastewater sludges 

In bound-to-carbonates fraction, metals that are bound to organic matter, mineral particles or living 

organisms are released due to the oxidation and degradation of these substances [13, 14, 30], whereas 

in the fraction called bond-to-oxides, iron (III) and manganese (IV) oxides are capable of binding to 

various metals [13, 14, 30]. On the other hand, the reducing conditions during digestion resulted in 

releasing these metals from oxides [13, 14, 30]. Ae high concentration of Pb was found in bound-to-
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oxides fraction in all sludges (primary 61.2%, secondary 50%, mixed 100%, thickened 41.2%). Only in 

thickened sludge, Pb level inbound-to-carbonate fraction (58.8%) was higher than to the oxides. Around 

91.8% and 88.0% of Mg was detected to bound-to-carbonates fraction in mixed and thickened sludge 

respectively. Zn level in secondary, mixed and thickened sludge remained constant; around 5% and 4% 

of Zn was bound-to-carbonates and oxides respectively.  

In bound-to-organics fraction, the metals complexed by the organic matter are released due to strong 

oxidative conditions [30]. Al, Fe, Ca, Cr, Cu, and Zn was mostly accumulated in this fraction (>88%). 

Thus, they were not easily accessible and probably did not affect CTC and CIP mobility during WWTP 

[31].  

Overall, in agreement with previous studies, in primary and secondary sludge, the highest fractions of 

exchangeable and bound-to-carbonates are observed [32]. However, it can be observed that in thickened 

sludge most of the detected metals were present in bound to the organic fraction. The metals 

concentration was proportional to the material condensation.  

Metals and antibiotics correlation 

Each fraction from chemical speciation was tested for presence of CTC/CIP. Figure 3.1.3 presents the 

concentration of targeted antibiotics in different sludge fractions. The results from bound-to-organics 

fraction are not included, as the treatment was too harsh for the antibiotics. In primary sludge, the highest 

level of antibiotics was detected in the exchangeable fraction. The relative level of antibiotics and metals 

in secondary sludge (Fig. 3.1.3) differed from primary sludge. CIP concentration was still the highest in 

exchangeable fraction, however, CTC was equally distributed in all three fractions. In mixed (Fig. 3.1.3) 

and thickened sludge (Fig. 3.1.3), antibiotics are distributed in a similar way as it was observed in the 

primary sludge. 

CTC and CIP predominantly exist as a zwitterion in the range of pH of tested wastewater (Table 3.1.1), 

hence they were able to form metal complexes in tested matrix [2, 8]. Main metal complexation sites of 

CTC including β-diketone system along with enol and carboxamide may factorize into the chelating 

potential of targeted metals [8]. In the case of CIP, the metals are usually chelated via two oxygens in 

the carboxyl and carboxylic group, a negatively charged moiety [2].  
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Figure 3.1. 3 Antibiotics distribution in waster sludges; PS – primary sludge; SS – secondary sludge; MS – mixed 

sludge; TS – thickened sludge; CTC – chlortetracycline; CIP - ciprofloxacin 

To examine if there is any interdependence between metals and changes in antibiotic concentration in 

each chemical fraction, the Pearson correlation was applied. A positive correlation coefficient and p-

value < 0.05 corresponds to positive correlation, i.e. when one variable increases (metal concentration), 

then the second variable tends to increase with it (antibiotic concentration). When the correlation 

coefficient is negative and p-value < 0.05, it corresponds to negative correlation, i.e. when one variable 

decreases (metal concentration), the other increases (antibiotic concentration). When p-value > 0.05, 

there is no significant correlation between the two variables.  

Table 3.1.4 presents the results of statistical analysis. It can be seen that in primary sludge there is a 

positive correlation between both antibiotics and As, and Mg concentration. The highest concentration 

of these pollutants was in exchangeable fraction (fig.3.1.2-3). Thus, the metal-antibiotic complexes may 

be formed with metals weakly adsorbed onto sludge via cation exchange mechanism. In the secondary 

sludge, CIP concentration was positively correlated with Mg and Co, while CTC did not interdepend 

with any targeted metals. With the addition to different speciation of CTC in secondary sludge (Figure 

3.1.3), one may assume that CTC is involved in other types of interactions during secondary treatment 

compared to the primary treatment.  

There was no correlation found in mixed and thickened sludge, where metals were mostly distributed in 

bound-to-carbonates and oxides fraction. Hence, the accumulation of antibiotics in these fractions was 

probably due to the mixing of two types of sludge (primary and secondary) and not metal interaction. 

Alternative explanation here is the involvement of antibiotics’ functional groups in the interaction with 

functional groups of natural organic matter, i.e. humic or fulvic acid [9, 33]. Overall, this may suggest 

that the key interdependence between CTC/CIP and metals bound mostly to exchangeable fraction is 

observed during primary wastewater treatment.  
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Figure 3.1. 4 Pearson correlation between targeted metals and antibiotics in each type of sludge; top value 

corresponds to correlation coefficient, bottom value to p-value 

PRIMARY SLUDGE 

 Al As Ca Co Cu Cr Fe Mg Pb Zn 

CIP 0.520 

0.652 

1.000 

0.015 

- 

- 

0.962 

0.177 

0.520 

0.652 

0.520 

0.652 

- 

- 

0.999 

0.028 

0.129 

0.918 

0.504 

0.663 

CTC 0.474 

0.686 

1.000 

0.019 

- 

- 

0.975 

0.143 

0.474 

0.686 

0.474 

0.686 

- 

- 

1.000 

0.006 

0.182 

0.883 

0.550 

0.629 

SECONDARY SLUDGE 

 Al As Ca Co Cu Cr Fe Mg Pb Zn 

CIP - 0.919 

0.258 

- 

- 

1.000 

0.008 

0.503 

0.665 

- - 1.000 

0.009 

0.497 

0.669 

0.973 

0.149 

CTC - 0.218 

0.860 

0.182 

0.884 

0.197 

0.874 

0.942 

0.217 

- - 0.170 

0.891 

0.761 

0.450 

0.407 

0.733 

MIXED SLUDGE 

 Al As Ca Co Cu Cr Fe Mg Pb Zn 

CIP - 0.973 

0.147 

- 0.960 

0.180 

- - 1.000 

0.000 

0.568 

0.615 

0.500 

0.667 

0.987 

0.102 

CTC - 0.973 

0.147 

- 0.960 

0.180 

- - 1.000 

0.000 

0.568 

0.615 

0.500 

0.667 

0.987 

0.102 

THICKENED SLUDGE 

 Al As Ca Co Cu Cr Fe Mg Pb Zn 

CIP 0.499 

0.667 

0.656 

0.545 

0.602 

0.589 

0.662 

0.540 

0.499 

0.667 

0.499 

0.667 

0.499 

0.667 

0.591 

0.598 

0.957 

0.188 

0.958 

0.185 

CTC 0.574 

0.611 

0.586 

0.601 

0.528 

0.646 

0.592 

0.596 

0.574 

0.611 

0.574 

0.611 

0.574 

0.611 

0.517 

0.654 

0.927 

0.245 

0.929 

0.242 

Conclusion  

The concentration of CTC in each of the WWTP compartments was much higher than CIP. 

Nevertheless, around 71% of CTC was removed during the WW treatment, resulting in its reduced 

concentration of 6.13±0.86 µg/L in final effluent. On the other hand, CIP tended to accumulate during 

treatment; the higher concentration of CIP in effluent (0.70 ± 0.05 µg/L) compared to influent 

(0.47±0.05 µg/L) suggests that CIP adsorbs and desorbs from sludge. Our study represents preliminary 

estimation of these antibiotics in different speciation during WW treatment, and the results suggest that 
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more precise examinations are necessary for new purification protocols. As the main removal method 

for both antibiotics is through sludge adsorption, an ion-exchange mechanism may explain the highest 

concentration of CTC (33-92%) and CIP (63-99 %) in exchangeable fraction. The positive correlation 

between CTC/CIP concentration and Mg and As was found in primary sludge. In addition, a high 

concentration of heavy metals in sludge is alarming (Cu 650 – 1607 mg/kg, Cr 204 – 1292 mg/kg or Pb 

158 – 106 mg/kg), as their complexation with CTC and/or CIP leads to antibiotic accumulation in sludge, 

an inadvertent source of perennial presence of antibiotics in the environment with a perfect recipe for 

microbes to become resistant due to selective pressure on bacteria present in the WWT. Since the sludge 

can be potentially used as fertilizer and soils primed with bacteria loaded with resistant genes can 

transmit them to other bacteria through horizontal gene transfer. Additionally, it may lead to co-selection 

and co-dissemination of antibiotic resistance genes and heavy metal resistance genes with grave health-

related consequences.  
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Résumé  

La plupart des agents pathogènes fécaux d'origine hydrique appartiennent à la famille des bactéries à 

Gram négatif. Ainsi, on a estimé les concentrations inhibitrices minimales de la chlorotétracycline et de 

la ciprofloxacine envers Enterobacter aerogenes, représentant de Gram négatif, qui étaient 

respectivement de 7 µg/mL et 0,125 µg/mL. L'effet antimicrobien combiné de la chlorotétracycline et 

de la ciprofloxacine contre E. aerogenes a également été étudié pour établir leur interaction potentielle 

avec les agents pathogènes présents dans l'eau. Finalement, des échantillons d'eau provenant de diverses 

usines de traitement de l'eau potable de la municipalité de Québec ont été testés pour détecter l'apparition 

de souches résistantes à la chlorotétracycline, à la ciprofloxacine et à la 

chlorotétracycline/ciprofloxacine. 

Mots-clés: résistance aux antibiotiques, eau, ciprofloxacine, chlorotétracycline 
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Abstract  

Most of the waterborne fecal pathogens belong to the family of Gram-negative bacteria. Hence, minimal 

inhibitory concentrations of chlortetracycline and ciprofloxacin antibiotics towards Gram-negative 

representative, Enterobacter aerogenes were estimated, which were 7 µg/ml and 0.125 µg/ml, 

respectively. The combined antimicrobial effect of chlortetracycline and ciprofloxacin against E. 

aerogenes was also investigated to establish their potential interaction towards the pathogens present in 

water. Eventually, the water samples obtained from various drinking water treatment plants from 

Québec municipality were tested for the occurrence of chlortetracycline-, ciprofloxacin- and 

chlortetracycline/ciprofloxacin-resistant strains.  

Keywords: antibiotic resistance, water, ciprofloxacin, chlortetracycline  
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Introduction 

Waterborne fecal pathogens usually belong to Enterobacteriaceae family that cause gastrointestinal 

illnesses. Between 1974-2001, Shigella and Salmonella caused around 56% drinking water outbreaks in 

Canada [1]. At the same time, the Campylobacter waterborne outbreak was ranked as a second causative 

agent (24 outbreaks), following Giardia (51 outbreaks) [1]. These bacterial infections can be treated 

with antibiotics. However, their frequent usage has resulted in their high concentration in various 

environmental compartments, which has led to selective pressure and the occurrence of antibiotic-

resistant bacteria [2].  

The goal of this study was to investigate the combined antimicrobial activity of two widely used 

antibiotics, chlortetracycline (CTC) and ciprofloxacin (CIP), towards Gram-negative representative 

bacteria - Enterobacter aerogenes. The objective of this work was to investigate the appearance of CTC-

resistant, CIP-resistant and CIP-CTC-resistant strains in the water compartments from different areas of 

the Québec City. The presence of three pathogenic bacteria that were potential resistant-gained species, 

Campylobacter sp., Shigella sp. and Salmonella sp. was investigated.  

Methodology 

Minimal inhibitory concentration 

Minimal inhibitory concentration (MIC) was defined as the minimal concentration of antimicrobial 

agent, which exerts the visible inhibition of bacterial growth.. E. aerogenes (NRRL B-407) growth and 

MIC estimation were conducted as described previously [3]. 

Time-kill method 

Time-kill method was used to determine the killing rate of bacteria by antimicrobial agents. The 

procedure was carried out by broth microdilution technique, as described in the National Committee for 

Clinical Laboratory Standards guidelines [4]. E. aerogenes was examined against CTC, CIP alone and 

in their combinations (1/4MIC and 2MIC). The pairwise t-test (p>0.05) was performed via SigmaPlot 

12.3 to determine significant differences in the effectiveness of different antibiotic mixtures based on 

triplicate measurements.  

Water samples and bacteria isolation  

The sampling was done in November 2017. Water samples were obtained from upstream of the Drinking 

Water Treatment Plant (UTE) of Québec (UTE Québec), UTE Ste-Foy, UTE Charlesbourg and Desîlets. 

The treated water samples (UTE’s downstream) were obtained from UTE Ste-Foy, UTE Québec, and 

UTE Charlesbourg. All samples were collected into the ethanol-washed containers after rinsing them 

twice with appropriate sample water. After transporting the samples to the laboratory on the same day, 

they were kept in dark at 4±1˚C.  
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Water samples were inoculated (1% v/v) in 3% w/v Tryptic Soy Broth (TSB) in triplicates to enrich 

present bacterial culture (48-72 h, 42±1˚C). Subsequently, they were plated onto solid media, with (CIP, 

CTC, CIP+CTC) and without antibiotics. Obtained colonies were harvested, DNA was isolated and 

polymerase chain reaction (PCR) was performed to confirm if the bacteria belonged to Shigella sp., 

Salmonella sp., or Campylobacter jejuni.  

DNA extraction 

The tubes containing colonies were centrifuged for 2 minutes at 10,000 x g. The pellet was resuspended 

in STE buffer (STE buffer; 10 mM Tris-HCl pH 8.0, 1 mM EDTA, 100 mM NaCl) followed by DNA 

extraction as described by Czekalski et al. with some changes [5]. 10% (v/v) of 10% SDS was added 

dropwise and the tubes were placed in a boiling water bath for 1.5-2 min. Cellular debris was pelleted 

by centrifugation (10 min, 10,000 x g) at 10-15˚C. The supernatant was transferred to a clean, sterile 

tube for DNA isolation by phenol/chloroform extraction followed by isopropanol precipitation. DNA 

was pelleted by centrifugation (25 min, 4˚C, 14,000 x g), washed with ice-cold 70% ethanol and left to 

air dry. Final pellet was resuspended in TE buffer (10 mM Tris, pH 8.0, 1 mM EDTA) and stored at -

20±1˚C.  

PCR amplification 

The isolated DNA from previous section was used for PCR amplification. The targeted genes were the 

invasion plasmid antigen H of Shigella sp. (IpaH), invasion plasmid antigen B of Salomnella sp. (IpaB) 

and the oligonucleotide sequence which was specific towards C. jejuni (Cj). The specific information 

about the oligonucleotide primers of targeted sequences were obtained from the literature [6, 7] and their 

thermal profiles of PCR are presented in Table 3.2.1. The primers were synthesized by Invitrogen Life 

Sciences, Canada. The reaction mixture of final volume 10 µL included 1 X PCR buffer (10 mM Tris 

hydrochloride pH 8.3, 50 mM KCl and 1.5 mM MgCl2), 0.2 mM of each dNTP, 0.11 mM of IpaB or Cj 

or 0.1 mM of IpaH of the PCR primers, 1.25 U Taq polymerase (Qiagen) and 2.5 µL of DNA. Negative 

control reaction mixtures contained sterile deionized water in place of template DNA. Obtained PCR 

products were analyzed by gel electrophoresis in 1% agarose for IpaH and IpaB and 3% agarose for Cj 

(Fisher Scientific) containing 1 µg/ml ethidium bromide in TAE buffer (40 mM Tris-HCl, 20 mM acetic 

acid, 1 mM EDTA, pH 8). UVP Benchtop UV Transilluminators: 3UV was used to visualize DNA 

bands. To confirm the presence of IpaB protein Salmonella bongori ATCC43975 was used as the 

positive control.  
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Table 3.2. 1 The primer details and thermal profiles of PCR-amplified gene targets of three types of pathogenic bacteria 

Primer Sequence 5’-3’ Targeted 

gene/organism 

Expected 

product 

size [bp] 

Thermal profile of PCR Ref. 

Cj-F 

Cj-R 

CTGAATTTGATACC

TTAAGTGCAGC 

AGGCACGCCTAAA

CCTATAGCT 

Campylobacter 

jejuni 

86 heat denaturation at 

95˚C, 10 min  

40 cycles: 

heat denaturation 95˚C, 

20 sec,  

primer annealing 60˚C ,1 

min  

DNA extension 72˚C, 2 

min.  

Incubation, 72˚C, 10 min  

cooling 4˚C. 

[7] 

IpaH-

F 

IpaH-

R 

CCTTGACCGCCTTT

CCGATA 

CAGCCACCCTCTGA

GGTACT 

Invasion 

plasmid  

antigen H- 

Shigella sp. 

606 heat denaturation at 

94˚C, 2 min  

40 cycles: 

heat denaturation 94˚C, 1 

min,  

primer annealing 62˚C, 1 

min  

DNA extension 72˚C, 2.5 

min.  

Incubation, 72˚C, 10 min  

cooling 4˚C. 

[6] 

IpaB-F 

IpsaB-

R 

GGACTTTTTAAAAG
CGGCGG 

GCCTCTCCCAGAG
CCGTCTGG 

Invasion 

plasmid  

antigen B- 

Salmonella sp 

314 

Results and discussion 

To understand the possible repercussions of the presence of CTC/CIP in water, the combined 

antimicrobial activity tests were conducted. Obtained MIC values for Gram-negative representative, E. 

aerogenes were 0.125 and 7 µg/mL for CIP and CTC, respectively. Figure 3.2.1 shows the antimicrobial 

activity of both antibiotics alone and in combination. 1/4MICCIP was able to eliminate all the cells in 

less than 6 hours. E. aerogenes growth at 1/4MICCTC was significantly slower than the control. The 

addition of CIP resulted in enhanced antimicrobial efficiency of CTC compared to 1/4MICCTC, with 

hindering the activity of CIP (1/4MICCIP). The increase of CTC concentration (1/4MICCIP+2MICCTC) 

resulted in similar killing-rate as 2MICCTC. Hence, CIP and CTC interact in an antagonistic way.  
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Figure 3.2. 1 Time-kill curves of ciprofloxacin (CIP) and chlortetracycline (CTC) at different concentration 

combinations against Gram-negative Enterobacter aerogenes. The curves representing 2MICCIP+2MICCTC, 2MICCIP, 

2MICCIP+1/4MICCTC are not shown due to high killing-rate of the solutions (all bacteria killed within 4 first hours); 

graphs represent the trend for a mean of the triplicate experiment.; MIC -minimal inhibitory concentration 

Generally, there is a suppressive antibiotic interaction between inhibitors of DNA (CIP) and protein 

(CTC) synthesis, which applies in our case [8]. The bacterial cells can grow, even under the DNA stress, 

due to the regulation of ribosomal genes. Other studies confirm this interaction [8, 9]. However, the 

antagonism between norfloxacin (fluoroquinolone) and tetracycline changed into synergy towards green 

alga at their higher concentration [10]. Thais would suggest that the antagonistic effect depends on the 

concentration and the targeted organism.  

Qualitative detection of bacteria in water samples 

Figure 3.2.2 A presents the detection of bacteria with possible resistant genes in water samples from 

Québec City municipality. The bacterial growth was observed in all seven sampling sites. The isolates 

from upstream samples of UTE Charlesbourg and Ste-Foy grew when CTC was present, suggesting the 

presence of potential CTC-resistant bacteria. The raw water from UTE Ste-Foy also contained bacteria 

that grew in the presence of CIP and CTC+CIP. This suggests the presence of CIP-resistant or even 

multi-resistant strains. The inherence of bacteria not affected by both antibiotics is also possible. In the 

Charlesbourg samples, PCR confirmed the presence band corresponding to IpaB gene, specific for 

Salmonella sp. (Fig.3.2.2 B). The other targeted pathogens were not detected. However, obtained results 

should be further validated by sequencing of extracted DNA. 
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Figure 3.2. 2 A. The presence of bacteria from water samples; B. The 1% agarose gel electrophoresis of PCR products 

for detection of Salmonella sp.; Abbreviation of DNA samples: H2O (-) –negative control; Sb (+) –positive control 

(Salmonella bongori); D-CTC –colonies with potential chlortetracycline-resistance from raw water from Desilets; D –
colonies from raw water from Desilets; CH –colonies from raw water from Charlesbourg Drinking Water Treatment 

Plant; S-F -colonies from raw water from Sainte-Foy Drinking Water Treatment Plant 

According to the latest Canadian Antimicrobial Resistance Surveillance System (2017), the usage of 

antibiotics in Canada remained relatively stable over the last 10 years [11]. However, CIP was ranked 

as the most commonly purchased antibiotic for human medicine in Canada between 2010-2016. The 

usage of veterinary antibiotics, like CTC, follows decreasing trend in Canada due to concern regarding 

development of antimicrobial resistance [11]. However, pathogens may attain the antibiotic resistance 

from other bacteria, thus the presence of bacteria resistant to CIP/CTC was a concern [12]. The 

occurrence of CIP-resistant Salmonella strains in Canada has significantly increased from 0% (2003) to 

14% (2014) [11]. Campylobacter sp. isolates were resistant to tetracycline (44-78%) and CIP (11%) in 

2014 [11]. Moreover, CTC concentration (7-62 µg/L) is much higher than CIP (<0.7 µg/L) in Canadians 

waters [13, 14]. Thus, one can suspect that in the aquatic environment, the possible scenario would be 

the antagonistic interaction of 2MICCTC+1/4MICCIP. This may lead to selective pressure from 

antimicrobials leading to bacterial mutation and antibiotic resistance. The occurrence of tetracycline-

resistant genes is linked with a high concentration of tetracyclines in the environment, while 

fluoroquinolone resistance genes exhibited negative correlation [2]. Hence, this would explain the 

relatively high frequency of CTC-resistant bacteria presented in this study. Another study showed that 

antagonism between CTC and CIP may suppress the evolution of resistance [15].  

Conclusion 

Even though the pathogens were detected only in one water source, the presence of potentially resistant 

bacteria in the Quebec area is alarming. The time-kill studies showed the antagonistic relationship 

between CIP and CTC. Based on previous studies, such interaction may hinder the evolution of 
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antibiotic-resistant strains. In fact, during the monitoring of drinking water, sanitary quality and 

improvement of the water plant are important and as well, the efficiency of antimicrobials removal 

should be the priority.  

Acknowledgments 

The authors are sincerely thankful to the Natural Sciences and Engineering Research Council of Canada 

(Discovery Grant 355254 and NSERC Strategic Grant). Our sincere thanks to the Division de la 

qualité de l’Eau, Ville de Quebec for their help in processing the water samples.  

References 

1. Schuster, C.J., et al., Infectious disease outbreaks related to drinking water in Canada, 1974-

2001. Can J Public Health, 2005. 96(4): p. 254-8. 

2. Xu, J., et al., Occurrence of antibiotics and antibiotic resistance genes in a sewage treatment 

plant and its effluent-receiving river. Chemosphere, 2015. 119: p. 1379-85. 

3. Cuprys, A., et al., Ciprofloxacin-metal complexes -stability and toxicity tests in the presence of 

humic substances. Chemosphere, 2018. 202: p. 549-559. 

4. Standards, N.C.f.C.L., Methods for determining bactericidal activity of antimicrobial agents: 

NCCLS document M26-P. 1987, National Committee for Clinical Laboratory Standards, Villanova, Pa. 

5. Czekalski, N., et al., Does human activity impact the natural antibiotic resistance background? 

Abundance of antibiotic resistance genes in 21 Swiss lakes. Environ Int, 2015. 81: p. 45-55. 

6. Kong, R.Y., et al., Rapid detection of six types of bacterial pathogens in marine waters by 

multiplex PCR. Water Res, 2002. 36(11): p. 2802-12. 

7. Nogva, H.K., et al., Application of the 5'-nuclease PCR assay in evaluation and development of 

methods for quantitative detection of Campylobacter jejuni. Appl Environ Microbiol, 2000. 66(9): p. 

4029-36. 

8. Bollenbach, T., et al., Nonoptimal microbial response to antibiotics underlies suppressive drug 

interactions. Cell, 2009. 139(4): p. 707-18. 

9. Ocampo, P.S., et al., Antagonism between bacteriostatic and bactericidal antibiotics is 

prevalent. Antimicrobial agents and chemotherapy, 2014. 58(8): p. 4573-4582. 

10. González-Pleiter, M., et al., Toxicity of five antibiotics and their mixtures towards 

photosynthetic aquatic organisms: Implications for environmental risk assessment. Water Research, 

2013. 47(6): p. 2050-2064. 

11. Canada, P.H.A.o., Canadian Antimicrobial Resistance Surveillance System 2017 Report. 2017, 

Public Health Agency of Canada. 

12. Munita, J.M. and C.A. Arias, Mechanisms of Antibiotic Resistance. Microbiology spectrum, 

2016. 4(2): p. 10.1128/microbiolspec.VMBF-0016-2015. 

13. Puicharla, R., et al., A persistent antibiotic partitioning and co-relation with metals in 

wastewater treatment plant—Chlortetracycline. Journal of Environmental Chemical Engineering, 2014. 

2(3): p. 1596-1603. 

14. Lee, H.B., T.E. Peart, and M.L. Svoboda, Determination of ofloxacin, norfloxacin, and 

ciprofloxacin in sewage by selective solid-phase extraction, liquid chromatography with fluorescence 

detection, and liquid chromatography--tandem mass spectrometry. J Chromatogr A, 2007. 1139(1): p. 

45-52. 



112 

 

15. Chait, R., A. Craney, and R. Kishony, Antibiotic interactions that select against resistance. 

Nature, 2007. 446(7136): p. 668-71. 

 

  



113 

 

 
 
 
 
 
 
 
 
 
 
 

 

CHAPTER IV: NOVEL METHODS OF CIPROFLOXACIN REMOVAL  

 



114 

 

PART 1 

Ciprofloxacin removal via sequential electrooxidation and enzymatic oxidation 

 

Agnieszka Cuprys a, Paisley Thompson a, Yassine Ourda a, Gayatri Suresh a, Tarek Roussi a, Satinder 

Kaur Brar a,b,*, Patrick Drogui a, Rao Y. Surampallic 

 

a INRS-ETE, Université du Québec, 490, Rue de la Couronne, Québec, Canada G1K 9A9 

b Department of Civil Engineering, Lassonde School of Engineering, York University, North York, 

Toronto, Ontario Canada M3J 1P3 

c Department of Civil Engineering, University of Nebraska-Lincoln, N104 SEC PO Box 

886105, Lincoln, NE 68588-6105, USA 

* Corresponding author: E-mail: satinder.brar@ete.inrs.ca; Satinder.Brar@lassonde.yorku.ca 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Submitted to Journal of Hazardous Materials (accepted) 



115 

 

Résumé  

La contamination des compartiments de l'environnement par des antibiotiques est devenue un problème 

immense en raison de leur potentiel de sélection et de dissémination de la résistance aux antimicrobiens. 

La combinaison d'électro-oxydation et d'oxydation enzymatique a été testée pour évaluer la capacité du 

système à éliminer la ciprofloxacine (CIP), un antibiotique fluoroquinolone, de l'eau. Pour la partie 

électrochimique, deux anodes ont été étudiées, le diamant dopé au bore (BDD) et les oxydes de métaux 

mixtes (MMO), ainsi que trois densités de courant (4,42, 17,7and 35,4 A/cm2). L'anode BDD à 356.4 

A/cm2 a montré l'efficacité d'extraction la plus élevée dans les temps les plus brefs (élimination> 90% 

en 6 min); ces paramètres ont donc été choisis pour des expériences ultérieures. Pour l'oxydation 

enzymatique, la laccase obtenue à partir de Trametes versicolor a été choisie. La Laccase seule n'a pas 

été en mesure de supprimer la CIP; par conséquent, l'influence des médiateurs redox a été étudiée. 

L'ajout de syringaldéhyde (SA) et d'acide 2,2'-azino-bis (3-éthylbenzothiazoline-6-sulfonique) (ABTS) 

a entraîné une transformation accrue de la CIP. Il restait environ 48,9 ± 4,0% des CIP après 4 heures de 

traitement lorsque la laccase à médiation SA était appliquée et 87,8 ± 6,6% dans le cas de la laccase à 

médiation ABTS. Ainsi, le système à médiation SA a été choisi pour des expériences ultérieures. Le 

couplage de l'oxydation enzymatique suivi de l'électro-oxydation a permis d'éliminer 73% de 

l'antibiotique. De plus, l'activité antimicrobienne a augmenté jusqu'à son efficacité initiale après le 

traitement. La combinaison d'une électro-oxydation suivie d'une oxydation enzymatique a conduit à une 

élimination de 97 à 99% de la CIP. De plus, il n'y avait pas d'activité antimicrobienne de la solution 

après le traitement. Les tests avec des eaux usées réelles ont confirmé la capacité du système à éliminer 

le CIP de la matrice complexe. 

Mots-clés: ciprofloxacine, électro-oxydation, laccase, syringaldéhyde, eaux usées  
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Abstract  

The contamination of environmental compartments with antibiotics has become an immense problem 

due to their potential for selection and dissemination of antimicrobial resistance. The combination of 

electrooxidation and enzymatic oxidation was tested to evaluate the potency of this system to remove 

ciprofloxacin (CIP), a fluoroquinolone antibiotic, from water. For the electrooxidation, two anodes were 

investigated, boron-doped diamond (BDD) and mixed metal oxides (MMO), with three current densities 

(4.42, 17.7and 35.4A/cm2). BDD anode at 35.4 A/cm2 exhibited the highest removal efficiency in the 

shortest time (>90% removal in 6 min). For the enzymatic oxidation, laccase obtained from Trametes 

versicolor was chosen. Laccase alone was not able to remove CIP; hence the influence of redox 

mediators was investigated. Addition of syringaldehyde (SA) and 2,2'-azino-bis(3-ethylbenzothiazoline-

6-sulphonic acid) (ABTS) resulted in enhanced CIP transformation. About 48.9±4.0% of CIP remained 

after 4 hours of treatment when SA-mediated laccase was applied and 87.8±6.6% in the case of ABTS-

mediated laccase. The coupling of enzymatic oxidation followed by electrooxidation led to 73% removal 

of the antibiotic. Additionally, the antimicrobial activity was not decreased. The combination of 

electrooxidation followed by enzymatic oxidation led to 97-99 % removal of CIP. Moreover, there was 

no antimicrobial activity of the solution after the treatment. The tests with real wastewater confirmed 

the efficacy of the system to remove CIP from the complex matrix.  

Keywords: ciprofloxacin, electrooxidation, laccase, syringaldehyde, wastewater 
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Introduction 

Ciprofloxacin (CIP) is a widely used antibiotic belonging to the fluoroquinolone family, having a broad 

spectrum of antimicrobial activity [1]. However, the human body is not able to metabolize CIP 

completely, which results in the excretion of almost 65% of unmetabolized CIP into the environment 

via feces and/or urine [2]. Consequently, the antibiotic is introduced to the wastewater treatment plants 

(WWTPs). However, conventional WWTPs are not designed to remove these types of pollutants, 

resulting in the introduction of CIP to the aquatic environment at relatively low concentration (ng-µg/L) 

[3, 4]. This leads to the classification of CIP as the contaminant of the emerging concern due to the 

limited understanding of its further fate and nature in water and soil [5]. These type of contaminants 

have no regulatory guidelines, but many countries and organizations have started to consider them as 

potentially harmful [6-8]. However, the main threat of CIP released into the environment is induction, 

selection, and dissemination of antimicrobial resistance, which is currently one of the largest global 

problems [9, 10]. There is no safe antibiotic’s concentration that would prevent the development of 

antimicrobial resistance. Even when there is small amount of the antibiotic present in the ecosystem, it 

may lead to selective pressure and kill bacteria that are susceptible to it. As the result, only antimicrobial 

resistant bacteria will survive and further multiply. Therefore, various novel techniques are tested to 

improve WWT. 

In recent years, electrochemical technologies have gained major attention as the potential 

methods for the removal of organic pollutants [11]. Electro-oxidation is the simplest and most 

popular between electrochemical oxidation methods. With the electro-oxidation, either partial 

transformation of the organic pollutants into highly biodegradable compounds or the 

electrochemical mineralization of the parent compounds can be achieved. The generation of 

free radicals, which are the green oxidizing agents, is summarized in the following reactions 

(eq. 13-19): 

H2O → ̇͘ OH + H+ + e-  Eq. 13 

2Cl−→ Cl2 + 2e−  Eq. 14 

Cl2 + H2O → HOCl + H+ + Cl−  Eq. 15 

HOCl → H+ + OCl−
  Eq. 16 

˙OH → H2O2  Eq. 17 

H2O2 → O2 + 2H+ + 2e−  Eq. 18 

O2 +˙O → ˙O3  Eq. 19 

Hydroxyl radicals are generated on anode’s surface which can lead to direct oxidation (reaction (13)). 

The other radicals are obtained indirectly from chlorine, hypochlorite, ozone or hydrogen peroxide 

(reaction 14-19). The main advantages of the process are high energy efficiency, simplicity of the 
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equipment required, operation under mild conditions and most importantly electron as a clean reagent. 

However, the high electricity cost, fouling on the electrodes and need for electrolyte addition due to low 

conductance of wastewater are the main drawbacks.  

The various materials, such as lead, lead oxide, mixed metal oxides or graphite, are used as anodes in 

WWT [11]. However, the most efficient electrode was found to be a boron-doped diamond anode (BDD) 

[11]. It exhibits exquisite corrosion and electrochemical stability, and the highest oxygen evolution 

overpotential value, meaning it generates the highest amount of hydroxyl radicals. It has good current 

efficiency and good conductivity. However, its main disadvantage is a high cost compared to other 

electrodes. The alternative anode material is mixed metal oxides (MMO). The main advantages of MMO 

anodes are the relatively low cost and high stability under extreme conditions of electrolysis. However, 

MMO exhibits much lower oxygen over-potential compared to BDD [12].  

The other removal method widely investigated is the enzymatic degradation of pollutants. The major 

advantage of this system is its environmental friendliness and specificity. Special attention has been 

given to a group of oxidoreductase enzymes, laccases (EC 1.10.3.2). They are widely produced with 

other ligninolytic enzymes, manganese peroxidase, and lignin peroxidase, by white-rot fungi, such as 

Trametes versicolor or Pleurotus ostreatus [13]. Laccases catalyze the oxidative coupling of 

compounds, i.e., promote their bond cleavage via one-electron oxidation or radicals formation [13]. 

Laccases can transform a wide range of compounds. To expand the substrate specificity, the application 

of electron mediators has been widely tested [14, 15]. However, even though the system is very 

promising, its main drawback is a low degradation efficiency.  

To improve removal efficiency, researchers have combined electrooxidation with other oxidation 

techniques to degrade CIP. Rahmani et al. (2018) reported 94% of CIP removal in 90 minutes when 

electrooxidation was coupled with ozonation method [16]. The addition of the second technique 

significantly improved the water treatment; electrooxidation alone led to a decrease of CIP concentration 

up to 70% in 120 min. Yahya et al. (2014) reported high efficiency of CIP removal via electro-Fenton 

process [17]. The total mineralization was 94% after 6 hours of treatment.  

Based on this, the objective of this study is to couple two techniques: electrooxidation and enzymatic 

oxidation to efficiently remove CIP. To the best knowledge of the authors, the combination of electro 

and enzymatic oxidation described in this study was the first attempt to test this system. The use of two 

anodes, BDD and MMO, for the electrochemical part was evaluated along with different current 

densities. For the enzymatic degradation, the addition of mediators, i.e. syringaldehyde (SA) and 2,2′-

Azino-bis-3-ethyl-benzothiazoline-6-sulfonic acid (ABTS) was investigated. The optimized conditions 

were selected and coupling of the two systems was assessed. The antimicrobial activity of 

transformation products was also analyzed. 
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Materials and methods 

 Materials 

Ciprofloxacin (98% purity) was purchased from Across Organics, USA. Sodium sulphate anhydrous 

(99 %) and Tween 80 were bought from Fisher Scientific (Ottawa, Canada). Potato dextrose broth was 

obtained from Tekniscience, Canada. ABTS and SA were provided by Sigma-Aldrich (Oakville, 

Canada). HPLC-grade water was produced in the laboratory using a Milli-Q/Milli-Ro system (Millipore, 

USA). Purified laccase from T. versicolor was obtained from Sigma-Aldrich (Oakville, Canada), and its 

activity was 0.5 U/mg.  

Electrooxidation process 

CIP was added to Na2SO4 solution (1 g/L) to give the final concentration 1 mg/L. The volume of the 

reactor was 550 ml. For electrooxidation experiment two anodes were tested, BDD and MMO; the 

cathode was made of titanium (Ti). The experiment was conducted at 17.7 A/cm2 for 60 min, where the 

samples were taken at certain intervals of time. Later, three current densities were tested to achieve the 

highest removal efficiency (4.42, 17.7, 35.4 A/cm2) The efficiency of electrooxidation was tested with 

the addition of humic acid (10 mg/L) as the model compound of natural organic matter. The humic 

substances may accept or donate electrons in various redox reactions, hence their potential inhibiting 

effect on CIP electrooxidation was evaluated [18].  

 Enzymatic degradation 

The enzymatic degradation was conducted with purified laccase in 50-ml Falcon tubes under dark 

conditions to avoid photooxidation of CIP. To imitate the real wastewater pH, the reaction was carried 

out at pH 6.5 in 100 mM phosphate buffer. The concentration of mediators and laccase were based on 

literature with minor changes [19]. Briefly, the concentration of laccase was at 0.2 mg/ml and the 

mediators (SA or ABST) were at concentration 0.8 mM. The final volume of the reaction was 25 ml. 

CIP removal was carried out for 24 hours, at 25˚C, 200 rpm in triplicates. Samples were taken at different 

times to establish the kinetics of removal (0, 1, 2, 3, 4, 6, 7, 8, 24 h). Before analyzing residual CIP 

concentration, each sample was deproteinized by incubation in a water bath at 100˚C for 5 min. 

Subsequently, it was centrifuged (2 min, 9659 x g) and the supernatant was analyzed by liquid 

chromatography  

Combined removal system 

The coupled electro- and enzymatic oxidation was carried out under optimized conditions according to 

results from previous sections. The experimental procedure is presented in 4.1.1. 



120 

 

 

Figure 4.1. 1 Scheme of sequential removal systems 

The first set of experiments consisted of successively testing electrochemical and enzymatic processes 

(fig. 4.1.1A). Synthetic wastewater was prepared in a 550 mL glass-tank containing 100 mM phosphate 

buffer solution (pH 6.5) in which 1 mg/L of CIP and 1 g/L of Na2SO4 was added. A working volume of 

550 mL was used. The mixture was then subjected to electrooxidation. After 10 and 15 min, 25 ml of 

sample was collected to 50 ml Falcon tube in triplicate. To each sample, laccase and mediator was added 

to give the final concentration of 2 mg/mL and 0.8 mM, respectively. After each removal step, 1 mL of 

sample was taken to analyze it by liquid chromatography.  

The second set of experiments was carried out to test enzymatic process followed by electrochemical 

process (fig. 4.1.1B). A 550 ml of phosphate buffer solution (100 mM, pH 6.5) containing 1 mg/L of 

CIP, 1 g/L Na2SO4, 2 mg/ml of laccase and 0.8 mM of mediator was prepared. The enzymatic oxidation 

was performed for 6 hours, at 25°C, 200 rpm. Subsequently, the mixture was subjected to 

electrooxidation process. After each removal step, 1 mL of sample was taken to analyze it by liquid 

chromatography.  
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Subsequently, the most efficient system was tested in spiked (1 mg/L CIP) and non-spiked wastewater 

effluent. The wastewater was collected in May 2019 from the Quebec Urban Community wastewater 

treatment plant (Beauport, Québec City, Québec, Canada). The characterization of wastewater is 

presented in Table S1 (Annex D). For electrooxidation part of the experiment, 1 g/L of Na2SO4 was 

added to increase wastewater conductivity.  

 Antimicrobial activity of transformation products 

To evaluate the antimicrobial activity of transformation products, Escherichia coli (NRRL-3707) was 

used as a model microorganism. E. coli strain was revived in Tryptone-Yeast Extract-Glucose broth 

(tryptone 5 g/L, yeast extract 5 g/L, K2HPO4 1 g/L, glucose 1 g/L) suggested by Agricultural Research 

Service (NRRL) Culture Collection. Bacteria were incubated for 24 h, 28˚C, 150 rpm. Subsequently, E. 

coli was streaked onto Luria agar (LA) plates (tryptone 10 g/L, yeast extract 5 g/L, NaCl 10 g/L, agar 

1.5 % w/v) and incubated for 24 h at 37˚C. The plates were maintained at 4˚C for further use.  

The minimal inhibitory concentration (MIC) of CIP, defined as minimal concentration of the antibiotic 

that inhibits the bacterial growth, was determined against E. coli. It was evaluated by agar dilution 

method, as described by the European Committee for Antimicrobial Susceptibility Testing [20].   

The samples of CIP degradation by electrooxidation, enzymatic oxidation, individually and in 

combination were collected. Agar well diffusion technique was used to test the antimicrobial efficiency 

of transformation products [21]. The overnight E. coli culture was inoculated onto LA plates and then, 

wells were punched aseptically (6-8 mm) with sterile tips. Then, 100 µl of tested solutions (controls, 

electrooxidation, and enzymatic oxidation individually and combined treatment) were added into the 

wells and incubated for 24h at 37˚C. After the incubation time, the inhibition zones were measured, and 

the inhibition index was calculated according to equation 20:  

𝐼𝑖 = 1 −
𝐼𝑍𝑆−𝐼𝑍

𝐼𝑍𝑆
 Eq. 20, 

Where Ii stands for inhibition index, IZS is the inhibition zone for untreated samples and IZ is the 

inhibition zone for the treated solution.  

 Analytical method  

Samples were analyzed by liquid chromatography coupled with tandem mass spectrometry (LC-

MS/MS). The system included a Finnigan surveyor LC pump linked to TSQ Quantum access triple 

quadruple mass spectrometer (Thermo Scientific, Mississauga, ON, Canada) and electrospray ionization 

interface. A 10 µL aliquot of the processed samples was injected into BetaBasic-18 column (100 mm x 

2.1 mm x 3 µm). The column oven was at 40˚C and the flow rate was set at 0.3 mL/min. Ciprofloxacin-

d8 was used as the internal standard for CIP detection, and was added to each sample before the analyses 

to give the final concentration of 50 µg/L. Samples were eluted with a mobile phase which included 
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0.1% formic acid (mobile phase A) and acetonitrile combined with 0.1 % formic acid (mobile phase B). 

The gradient elution started with 90% of mobile phase A and 10% of mobile phase B. It was constant 

till 0.5 min and then mobile phase A started gradually decrease (30%) up to 3 min. Subsequently, the 

gradient was kept constant until 8 min and then it came back to the initial set up. The mass spectrometer 

was operated in SRM positive mode. Spray voltage was set at 4000 V and skimmer off-set at 20 V. 

Collision gas pressure was 1.5 mTorr. The capillary temperature was at 350˚C. The collision energy for 

CIP and CIP-d8 was set at 17, and 19 V respectively. The precursor and product ions (m/z) were selected 

as follows: 332.3 and 245.3 for CIP and 340.3 and 249.3 for CIP-d8. To minimize the matrix effect for 

wastewater samples, the calibration curve was made in wastewater effluent.  

 Statistical analysis 

The statistical analysis was performed via SigmaPlot 13.0 software. One-way ANOVA was used to 

evaluate statistically significant difference (p-values < 0.05). The data were presented as a mean of 

replicates (n= 2-4) ± standard deviation.  

 Economic aspects 

The economic study contained the consideration of chemicals and energy consumption to study cost 

efficacy of the proposed system. The electric cost was estimated to be around 0.05 $US kWh. The energy 

consumption (EC, kWh) was calculated using equation 21: 

𝐸𝑐 =
𝑈𝑐∙𝐼𝑒∙𝑡

1000
 Eq. 21 

Where Ie stands for applied current, t is treatment time, Ue stands for cell voltage. The cost of materials 

(industrial grade) is presented in Table S2 (Annex D). The total cost was presented in terms of $US/m3 

of treated solution.  

Results and discussion 

 Electrooxidation process 

Selection of anode 

Generally, the type of anode significantly affects the electrooxidation process which can be attributed 

to the variation in its crystalline nature [22]. The electrooxidation efficiency of two anodes, BDD and 

MMO, was tested by evaluating the change of the CIP concentration against time. Figure 4.1.2 A 

presents their comparison via decrease of CIP concentration, when the current density was 17.7A/cm2. 

As can be observed, at the initial stage, the BDD efficiency to remove CIP was higher when compared 

with MMO anode (p-value < 0.05 between 0 and 20 min). After 20 min, BDD was able to decrease CIP 

concentration down to 4.5±0.2% which presents a significant difference (p-value = 0.00011) compared 

to MMO where CIP concentration decreased to 24.0±0.1%. These results are consistent with previous 
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studies indicating that BDD anode performed better than MMO to degrade other contaminants, like 

methyl orange dye [12] or microcystin-LR [23].  

Figure 4.1. 2 Electrooxidation of CIP A. with two anodes BBD and MMO, current density 1.0 A, electrolyte: Na2SO4 

1g/L, CIP 1 mg/L; B. in the presence of humic acid (HA), current density 0.5 A electrolyte: Na2SO4 1g/L, CIP 1 mg/L, 

BDD anode; C. in the presence of humic acid (HA), current density 1.0 A electrolyte: Na2SO4 1g/L, CIP 1 mg/L, BDD 

anode; D. in the presence of humic acid (HA), current density 2.0 A electrolyte: Na2SO4 1g/L, CIP 1 mg/L, BDD 

anode; C – concentration of CIP in time, Co – initial concentration of CIP 

The difference in electrooxidation performance might be associated with higher hydroxyl radicals 

generation on BDD anode than MMO (Eq. 13) [23]. Interestingly, after 30 min of electrooxidation both 

anodes reached around 7% of the original concentration of CIP (BDD 6.5±3.1%; MMO 7.4±0.8%; p-

value = 0.79) which can be related to the apparent rate constants presented as the function of anode 

material in Table 4.1.1. BDD exhibits higher value (0.1362 s-1) than MMO (0.083 s-1). CIP removal was 

well fitted to pseudo-first-order reaction, which was also found in case of electrooxidation of norfloxacin 

(fluoroquinolone) using BDD anode [24]. Thus, overall, the BDD anode was chosen as working anode 

for CIP removal in further experiments.  
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Table 4.1. 1 Apparent rate constants as the function of various parameters 

Parameter Reaction order Rate constant [s1] R2 

Anode material 

BBD 

MMO 

 

Pseudo-first 

 

0.1362 

0.083 

 

0.94 

0.96 

Current density [A/cm2] 

4.42 

17.1 

35.4 

CIP CIP+HA CIP CIP+HA 

0.044  

0.1419 

0.41 

0.041 

0.070 

0.17 

0.99 

0.98 

0.99 

0.94 

0.98 

0.90 

Mediator 

SA 

ABTS 

 

0.18 

0.035 

 

0.96 

0.87 

ABTS - 2,2'-azino-bis(3-ethylbenzothiazoline-6-sulphonic acid); BDD- boron-doped diamond; CIP – ciprofloxacin; HA – 

humic acid; MMO – mixed metal oxides; SA – syringaldehydeInfluence of current density  

Figure 4.1.2 B-D presents the performance of the system while using three different current densities 

using BDD anode material. With the increase of current density, the residual CIP concentration 

decreased. Removal of more than 90% of CIP original concentration was achieved after 20 and 6 min 

when 17.7 A/cm2 and 35.4A/cm2 was applied, respectively (fig. 4.1.2 B, C). In the case of 4.42A/cm2 

application, after 60 min of electrooxidation, 15.5±3.0% of CIP was still present in the reactor (fig. 4.1.2 

B). Thus, the higher the applied current density, the more effective and more rapid is the CIP oxidation. 

A similar trend was observed by Tran et al. (2013) while studying microcystin-LR electrooxidation [25]. 

After 60 min oxidation, there was a reduction of the initial concentration of microcystin, from 12 µg/L, 

to 7.02 µg/L and 0.16 µg/L when 2.6 mA/cm2 and 51 mA/cm2 were applied respectively. Table 4.1.1 

presents the apparent rate constants as the function of the applied current density. Generally, value of 

the rate constants increases with the increase of applied current.  

Effect of humic acid on electro-oxidation  

Additionally, the effect of HA on CIP removal was also tested (fig. 4.1.2 B-D). The addition of HA 

hindered CIP oxidation in all three cases. The electrochemical oxidation occurs on the anode (BDD) due 

to the electrophilic attack of electrochemically generated hydroxyl radicals on electron-rich functional 

groups. Both CIP and HA are electron-rich compounds due to the presence of group like -C=C-, -C=O, 

-COOH, etc. [25, 26]. Thus, the competition over radicals, mainly hydroxyl radicals, is responsible for 

decreased removal efficiency CIP. The rate constants were also affected by the presence of HA; in 

general, the rate constants decreased with the addition of HA (Table 4.1.1). Based on the presented 

results, 35.4 A/cm2 was selected for further experiments as applied current intensity. 
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Enzymatic degradation 

The potential of laccase to remove CIP is presented in Figure 4.1.3. In the present study, laccase itself 

was not able to degrade CIP, which is in agreement with previously reported studies [15, 19]. This is 

because the chemical structure of CIP Figure (fig. S1, Annex D) does not favor laccase-mediated 

oxidation. The presence of strong electron-withdrawing groups, i.e. ketone, carboxylic acid, a fluorine 

atom, and the benzene ring, limits the electron availability, leading to reduction of compound’s 

susceptibility towards laccase. However, to increase laccase’s affinity towards various substrates, the 

redox mediators are used [13]. In this study, the addition of ABTS, a widely tested synthetic mediator, 

led to an 87.8±6.6% decrease in the antibiotic’s concentration in 4 hours (fig. 4.1.3A). Longer enzymatic 

oxidation in the presence of this mediator did not improve the CIP removal; after 24 hours, 83.4±4.4% 

of CIP remained in the mixture (data not shown). Prieto et al. (2011) presented that ABTS-mediated 

laccase oxidation from T. versicolor led to an almost complete removal of CIP in 30 hours [27]. On the 

other hand, Parra Guardado et al. (2019) reported no degradation of the antibiotic by ABTS system [15]. 

The variations between studies may be related to removal conditions as well as different fungal species 

that were used to produce laccase.  

SA-mediated system efficiently removed CIP; in four hours its concentration decreased up to 48.9±4.0% 

(fig. 4.1.3A). After 24 hours, only 31.1±3.4% of CIP remained (fig. 4.1.3B). A similar removal 

efficiency was reported by Parra Guardado et al. (2019), where 40 % of CIP was removed in 3 hours 

[15]. Interestingly, Ding et al. (2016) presented an opposite trend, where removal of quinolone 

antibiotics, including CIP, was negligible [19]. Based on the results presented in Figure 4.1.3A, the 

apparent rate constants were calculated, which are presented in Table 4.1.1. For ABTS-mediated 

reaction, it was found to be 0.035 s-1, while for SA-mediated reaction was 5-fold higher (0.18 s-1). 
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Figure 4.1. 3 Removal of CIP via laccase oxidation A. with and without the addition of mediators; B. with SA only; 

1 mg/L CIP, 0.2 mg/ml laccase, phosphate buffer pH 6.5, 25˚C, 200 rpm, 0.8 mM mediators; SA – syringaldehyde; 

ABTS - 2,2'-azino-bis(3-ethylbenzothiazoline-6-sulphonic acid); C – concentration of CIP in time; Co – initial 

concentration of CIP 

Generally, the efficiency of laccase mediated removal depends on the redox potential difference between 

the substrate and one of the copper atoms in the active site of the enzyme [13]. The mediators are small 

molecules which can act as an electron shuttle between the enzyme and substrate or increase laccase’s 

redox potential. However, different mediators have various mechanisms. The structures of used 

mediators are presented in Figure S1, Annex D. ABTS-mediated system follows an electron transfer 

route [13]. Firstly, the radical ABTS·+ is generated, which is oxidized to cationic form ABTS2+ [14]. The 

potential explanation for insufficient mediation of CIP oxidation could be due to the radical instability 

or transformation of the radical into its dicationic form, which can no longer act as the mediator [15, 

28]. In the case of SA, the phenolic group is oxidized by laccase, which gives the radical stabilized by 

two methoxy groups in the ortho position [14]. Hence, phenoxy radical generated is more stable, which 

improves the efficiency of SA-mediated CIP removal than ABTS-mediated removal. This confirms the 

results obtained in this study. Thus, the SA-mediated system was chosen as more suitable for the next 

experiments.  

Combined removal system 

Electro-enzymatic system 

Figure 4.1.4 presents the removal of CIP via the electro-oxidation system. For the electrooxidation part, 

two times of treatment were chosen: 10 and 15 min, those parameters exhibited high efficiency of CIP 

removal with and without HA (fig. 4.1.2). Electro-oxidative treatment after 10 min, in phosphate buffer 

with the addition of Na2SO4, decreased CIP concentration up to 22.6±1.8%. Subsequent enzymatic 

treatment led to a significant reduction of antibiotic’s concentration within the first hour. Further, the 

trend of decrease slowed down; after 6 hours only 3.3±1.2% of CIP remained in the solution. In the case 

of electrooxidation for 15 mins, 4.8±0.5% of CIP remained in the solution. The following enzymatic 
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treatment led to the almost complete removal of the compound (0.8±0.07%). Generally, in both cases, 

once the concentration of CIP was below 10%, a slower removal trend can be observed. It is most 

probably related to the low concentration of CIP, hence there was a lesser chance of laccase SA-mediated 

system to oxidize the compound. Moreover, transformation products generated could be competing with 

the remaining residue of CIP. Based on total organic carbon measurements and chromatograms, it can 

be proposed that CIP underwent partial oxidation (data not shown). 

 

Figure 4.1. 4 Removal of CIP via electro-enzymatic system; 1 mg/L CIP, 0.2 mg/mL laccase, 1 g/L Na2SO4, phosphate 

buffer pH 6.5, 0.8 mM SA; C – concentration of CIP in time; Co – initial concentration of CIP 

Enzymatic-electro system  

The reverse system (enzymatic-electrooxidation) was also tested. For laccase oxidation, 6 hours of 

treatment was chosen as it is a slower removal method. CIP was partly oxidized, and its concentration 

reached around 50% of its original concentration, and from that point, the removal process was much 

slower (fig. 4.1.3). Figure 4.1.5 presents the removal of CIP in time when the system was applied. After 

6 hours of laccase oxidation, 47.4±0.7% of CIP remained in the mixture. Subsequently, the solution was 

subjected to electrooxidation (35.4 A/cm2, BDD). After 15 min of electrooxidation, the CIP 

concentration was at 26.7±0.9% of its original amount. Slower electrooxidation than in the previous 

system may be associated with the presence of SA and laccase. It has been reported previously that BDD 

anode is able to oxidize proteins [29, 30]. Hence, electro-generated radicals are attacking not only CIP 

or SA, but also laccase, which is a large molecule containing various electron-donating functional 

groups. To avoid this competition, the enzyme should be removed before applying the electrooxidation 

treatment. The solution would be to immobilize laccase for effective stability and long use [31].  
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Figure 4.1. 5 Removal of CIP via enzymatic-electro system; 1 mg/L CIP, 0.2 mg/mL laccase, 1 g/L Na2SO4, phosphate 

buffer pH 6.5, 0.8 mM SA; C – concentration of CIP in time; Co – initial concentration of CIP 

Antimicrobial activity of transformation products  

Samples from both treatment systems were withdrawn and were tested for the potential antimicrobial 

activity of residual CIP and its transformation products. The antimicrobial activity is represented by 

inhibition index (0 ≤ I ≤ 1), when I=0, the treated solution exhibits no antimicrobial efficiency and when 

I=1, the transformation products mixture has the same antimicrobial potency before treatment.  

Electro-enzymatic system 

Figure 4.1.6 presents the changes in antimicrobial activity against E. coli for the enzymatic-electro 

system. It was observed that enzymatic treatment reduced only 10% of the antibacterial efficiency of 

the solution, even though the concentration of CIP decreased 2-fold. It is consistent with the finding of 

Cvancarová et al. (2015) [32]. They reported that even though the concentration of CIP significantly 

decreased due to fungal biotransformation, the transformation products contributed to the residual 

antimicrobial activity. The fungal biotransformation usually leads to substitution or decomposition of 

the piperazine ring of CIP [27, 32]. The presence of this functional group generally improves the 

antimicrobial potency of the compound [33]. The modification of this group, however, does not lead to 

loss of antibacterial activity. This explains the slight decrease of antimicrobial activity of treated 

mixture. As mentioned earlier, the electrooxidation resulted in a minor reduction of the antibiotic 

concentration. Moreover, after 10 min of the treatment, the antimicrobial activity increased up to its 

original potency. This may suggest the formation of transformation products that exhibit similar 

antimicrobial activity as CIP. 
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Figure 4.1. 6 Inhibition index of CIP and its transformation products during enzymatic-electro 

treatment Enzymatic-electro system  

Figure 4.1.7 presents the changes in antimicrobial activity during electro-enzymatic treatment. Around 

40% decrease of the antibacterial potency was achieved after 10 min of electrooxidation. Subsequent 

enzymatic treatment resulted in complete loss of antimicrobial activity after 6 hours (CIP concentration 

below 100/ µg/L). Moreover, after 15 min of electrooxidation, the solution did not exhibit any 

antimicrobial efficiency towards tested bacteria (CIP concentration below 100 µg/L). The subsequent 

enzymatic treatment did not result in the generation of reversion of toxicity (data not shown). The results, 

when I = 0, are in accordance with the MIC value, which was found to be 125 µg/L. Moreover, the 

transformation products generated did not exhibit antimicrobial activity. Hence, the system would not 

contribute to release of potentially new compounds that would have antimicrobial potency.  

 

Figure 4.1. 7 Inhibition index of CIP and its transformation products during electro-enzymatic treatment 

Tests with real wastewater effluent 

Based on the above results, the electro-enzymatic sequence was found to be the more efficient sequence 

was. Its potency was tested with spiked wastewater, which is presented in 4.1.2. The electrooxidation 
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alone was able to remove more than 95% of CIP (10- and 15-min treatment). Even though the 

concentration of the antibiotic after electrooxidation was low (9-26 µg/L), laccase was still able to 

decrease CIP concentration. The efficiency of the system was also tested with non-spiked wastewater 

effluent (Table 4.1.2). It can be observed that both treatment, 10 and 15 min of electrooxidation followed 

by enzymatic oxidation, led to 80-84 % removal of CIP. However, there was no significant difference 

between the two treatments (p-value = 0.6). Hence, the system is able to efficiently remove the antibiotic 

in real wastewater, even if the initial concentration is high (up to 1 mg/L) or low (2 µg/L). Hence, the 

sequential electrooxidation and enzymatic oxidation could be potentially used in the water treatment 

plant. 

Table 4.1. 2 CIP removal efficiency of electro-enzymatic treatment in spiked wastewater  

Treatment 

 CCIP in 

spiked 

wastewater 

[µg/L] 

Remaining concentration 

[%] 

CCIP in non-spiked 

wastewater [µg/L] 

Remaining 

concentration 

[%] 

Electrooxidation 

10 min  

1002.5 ±0.5 

 

5.5±0.2 

2.85 ±0.62 

 

20±0.2 

Enzymatic 

oxidation 
2.5±0.7 

Electrooxidation 

15 min  
3.0±0.2 

16±0.1 

Enzymatic 

oxidation  
1.5±0.2 

CIP – ciprofloxacin; CCIP – concentration of ciprofloxacin 

Economic aspect 

The estimated costs, including only energy consumption and material costs, are presented in Table 4.1.3. 

The highest costs were associated with enzymatic oxidation due to higher cost of materials (laccase, 

syringaldehyde). Future work should focus on lowering these prices. The potential solution could be: 1) 

decrease electrooxidation time, 2) increase of laccase production[34, 35], 3) immobilization of laccase 

and/or mediators to improve its catalytic ability and recovery [36] 4) finding alternative enzymatic 

system that would be more efficient than laccase and would not need the redox mediators. 
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Table 4.1. 3 Estimated costs of water treatment via electro-enzymatic oxidation 

Cost [USD/m3] 
Treated effluent via electro- (10 

min) + enzymatic oxidation 

Treated effluent via electro- (15 

min) + enzymatic oxidation 

Power consumption: 

Electrooxidation 

+ stirring 

 

0.45 

0.36 

 

0.63 

0.52 

Power consumption: 

Enzymatic oxidation 

(stirring only) 

13.00 

Material costs 

Electrooxidation 

Enzymatic oxidation 

 

0.30 

29.72 

Total cost 43.83 44.17 

Conclusion 

The study showed the potential of removal of CIP from the water via sequential electro-enzymatic 

oxidation. For the electrooxidation, BDD anode was chosen over MMO due to better performance. The 

removal efficiency was found to increase with the increasing current density. At 35.4 A/cm2, after 5 min 

of treatment, around 90% of antibiotic was removed. When HA was added, similar results were obtained 

after 20 min of electrooxidation. Hence, following electrooxidation tests were carried out at 35.4 A/cm2. 

As for the enzymatic removal via laccase, the SA-mediated system exhibited much better performance 

than ABTS-mediated system. Laccase alone was not able to degrade CIP. The electrooxidation (2A, 

BBD anode) followed by SA-mediated enzymatic oxidation showed more than 95% of CIP removal. 

The tests with real wastewater effluent confirmed the efficiency of the system. Interestingly, laccase 

treatment followed by electrooxidation did not give similar performance. The enzymatic treatment was 

able to remove more than 50% of CIP, but sequential electrooxidation led to decrease of CIP only to 

26.7±0.9% of its original concentration. Moreover, the antimicrobial activity of tested samples exhibited 

similar toxicity towards E. coli as the original stock solution. Hence, only electro-enzymatic sequence 

showed the potential for efficient water treatment. 
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Résumé 

La ciprofloxacine (CIP), un antibiotique largement utilisé, est fréquemment détectée dans 

l'environnement en raison d'un traitement insuffisant des eaux usées et de l'eau. Par conséquent, des 

technologies nouvelles, vertes et rentables sont nécessaires pour améliorer l'élimination de ces polluants. 

La puissance des enzymes brutes, en particulier des laccases, produites par les champignons de la 

pourriture blanche a été testée afin d'évaluer leur pouvoir de dégradation du CIP de l'eau. La laccase 

brute n’est pas capable d’éliminer la CIP seule. L’addition de syringaldéhyde, un médiateur rédox, a 

entraîné une diminution de la concentration en antibiotiques jusqu’à 68,09 ± 0,12% en 24 h, ce qui 

représente l’efficacité d’élimination la plus élevée obtenue à 0,8 mM de syringaldéhyde et à 2 mg / ml 

de laccase brute (0,1 U/mL). Ce qui est intéressant, l’oxydation brute de la CIP par la laccase était 

inhibée après 6 heures de traitement. A titre de comparaison, une enzyme pure ayant la même activité 

que la protéine brute a éliminé 86% de la CIP en 24 h. Aucun effet inhibiteur pendant le traitement n'a 

été observé. L'estimation de l'efficacité antimicrobienne a révélé que, en 6 heures de traitement, la 

toxicité envers Escherichia coli diminuait de 30%. On a estimé que le traitement des eaux usées par un 

système à médiation par la laccase brute réduisait considérablement le coût du traitement enzymatique. 

Mots-clés: ciprofloxacine, laccase brute, eaux usées, syringaldéhyde, calcul technoéconomique 
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Abstract  

Ciprofloxacin (CIP), a widely used antibiotic, is frequently detected in the environment due to 

insufficient wastewater and water treatment. Hence, novel, green and cost-effective technologies are 

needed to improve the removal of these pollutants. Crude laccases produced by white-rot fungi was 

tested to evaluate its potency to degrade CIP from water. Crude laccase alone was not able to remove 

CIP. The addition of syringaldehyde, a redox mediator, resulted in a decrease in antibiotic concentration 

up to 68.09±0.12% in 24 h, which was the highest removal efficiency achieved at 0.8 mM 

syringaldehyde and 2 mg/ml of crude laccase (0.1 U/ml). Interestingly, crude laccase oxidation of CIP 

was inhibited after 6 hours of treatment. To compare, pure enzyme with the same activity as the crude 

one removed 86% of CIP in 24 h. No inhibitory effect during the treatment was noticed. The estimation 

of antimicrobial efficiency revealed that in 6 hours of treatment, the toxicity against Escherichia coli 

decreases by 30%. The wastewater treatment by the crude laccase-mediated system was estimated to 

significantly reduce the cost of enzymatic treatment.  

Keywords: ciprofloxacin, crude laccase, wastewater, syringaldehyde, technoeconomic calculation 
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Introduction 

The discharge of pharmaceuticals into the environment due to insufficient wastewater treatment (WWT) 

has become an emerging problem around the world. Their presence in water and/or soil may lead to 

adverse effects on present fauna and flora, i.e. chronic and acute toxicity, bioaccumulation in organisms’ 

tissues [1, 2]. Especially, the introduction of antibiotics is an alarming problem due to their possibility 

of dissemination of antibiotic resistance [3]. Hence, novel and cost-effective techniques to improve 

wastewater and water treatment are needed.  

Ciprofloxacin (CIP) is a widely used antibiotic, which makes it one of the most frequently detected 

fluoroquinolone in the environment [4, 5]. Various techniques have been tested to improve the removal 

of CIP from wastewater, including advanced oxidation processes [6, 7], adsorption [8, 9] and biological 

methods [10]. While the chemical and physical techniques present rather satisfying removal efficiency 

of CIP, the biological systems are more demanding. The conventional biological treatment used for 

WWT, like membrane bioreactors or activated sludge, are able to degrade simple compounds, such as 

ibuprofen, when the complex structure exhibits no degradation [11]. The alternative approach, that is 

being currently investigated, is the usage of white-rot fungi and the enzymes they produce. They were 

found to be capable of degrading various pollutants, including pharmaceuticals [12]. Their effectiveness 

is due to various extracellular enzymes, especially lignin peroxidases, manganese-dependent 

peroxidases, and laccases. The latter is of special interest in research. Laccases (EC 1.10.3.2) are copper-

containing enzymes that catalyze the oxidation of phenolic and non-phenolic compounds using oxygen 

as electron acceptor [13]. The reaction involves the generation of free radical due to the transfer of a 

single electron to laccase.  

The oxidation efficiency of laccases depends on the redox potential between the substrate and one of 

the copper molecules in laccases [13]. However, oxidation efficiency may be enhanced by the 

application of redox mediators. They are small molecules which can act as an electron shuttle between 

the substrate and enzyme or increase the redox potential of laccases. The most common mediators 

currently in use are synthetic compounds like 2,2′-azino-bis (3-ethylbenzothiazoline-6-sulfonate) 

(ABTS) and 1-hydroxybenzotriazole or natural phenolic compounds, i.e. syringaldehyde (SA) and 

acetosyringone [13, 14].  

The enzymatic WWT requires large amounts of enzymes, hence the development of cost-effective 

procedure of their production is crucial. The cost of commercial laccases is high (around USD 95 /g), 

which is the main drawback of their use in real water treatment. The alternative to purified enzymes is 

the use of crude laccases, which would be a preferred format for environmental applications. 

Additionally, white-rot fungi are able to grow on agro-industrial wastes, which significantly decreases 

the cost of enzyme production [15]. Hence, the aim of this study was to grow white-rot fungi Trametes 

versicolor on apple pomace, waste from the apple juice industry, to produce laccase. Subsequently, the 
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extracted crude enzyme was tested to degrade CIP, with and without mediators (ABTS and SA). Later, 

the evaluation of transformation products’ antimicrobial activity was carried out. The estimation of the 

material costs and power consumption of crude enzyme production and WWT was carried out.  

Materials and methods 

 Materials 

Ciprofloxacin (98% purity) was obtained from Across Organics, USA. Tween 80 was bought from 

Fisher Scientific (Ottawa, Canada). Potato dextrose broth was obtained from Tekniscience, Canada. 

ABTS and SA were purchased by Sigma-Aldrich (Oakville, Canada). HPLC-grade water was produced 

in the laboratory using a Milli-Q/Milli-Ro system (Millipore, USA). 

Inoculum preparation 

Lyophilized strain of Trametes versicolor (ATCC 20869) was inoculated in potato dextrose broth (PDB) 

liquid medium, and as incubated in an orbital shaker at 30 ± 1 °C and 150 rpm for 7 days. Subsequently, 

100 μL of inoculum was streaked onto the potato dextrose agar (PDA) plates, which were kept in a static 

incubator at 30 ± 1 °C for 9 days. 

Solid-state fermentation 

To produce laccase by T. versicolor, apple pomace (with 70 wt % moisture and pH 4.5) was used as a 

cost-effective solid substrate as previously described [16]. Apple pomace, a juice industry residue, was 

gifted by Vergers Paul Jodoin, Inc., Quebec, Canada. About 20 g of apple pomace was added to a 500 

mL flask along with 0.5% (v/w) Tween 80 as inducer, mixed thoroughly, and autoclaved at 121 ± 1 °C 

for 30 min. Subsequently, the solid media was inoculated with the biomass content of one Petri plate 

obtained in the previous step. Then, it was kept in a static incubator at 30 ± 1 °C for 13 days. 

Enzyme extraction and assay 

The sample (1 g) obtained from the fermentation prepared in the previous step, was added to 20 mL of 

50 mM phosphate buffer pH 6.5, mixed thoroughly for 1 h at 35 ±1 °C, and centrifuged at 7000 x g for 

30 min. Later, the supernatant was collected, lyophilized (Dura Frezz Dryer, Kinetics). The relative 

laccase activity was analyzed by monitoring the oxidation of ABTS at 420 nm (ε420 = 36 000 M−1cm−1) 

at pH = 4.5 and 45 ± 1 °C using a Varian Cary-50 UV−vis spectrophotometer. Enzyme activity unit of 

laccase was defined as the amount of enzyme required to oxidize 1 μmol of ABTS within 1 min under 

assay conditions. The measurements were performed in triplicate.  

Enzymatic degradation optimization 

Crude laccase-mediated degradation of CIP was performed in 50 mL Falcon tubes, containing 100 mM 

phosphate buffer, pH 6.5 to imitate the real wastewater conditions. The concentration of lyophilized 

powder of crude laccase was optimized (0.08 mg/mL – 4 mg/mL), along with the presence of mediators, 
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i.e. ABTS and SA at concentration 0.4-2.0 mM. About 1 mg of lyophilized crude laccase dissolved in 1 

ml of deionized water, gave the activity of 0.1 U/mL. All the experiments were conducted for 6 hours 

at 25˚C, 100 rpm in triplicates.  

A comparison test with laccase purified from T. versicolor was performed (Sigma Aldrich, Oakville, 

Canada). The activity of purchased powder was 0.5 U/mg. The test was carried out in 50-ml Falcon 

tubes in 100 mM phosphate buffer pH 6.5 and 1 mg/L of CIP. The optimized concentration of mediator 

was added. Final activity of pure and crude laccase was 1 U/ml. The experiment was conducted for 24 

hours at 25˚C, 100 rpm in triplicates. 

Before analyzing residual CIP concentration, all samples were deproteinized by incubation at 100˚C for 

5 min. Subsequently, they were centrifuged (2 min, 9659 x g) and the supernatant was analyzed by LC-

MS/MS.  

Antimicrobial activity of transformation products 

Escherichia coli (NRRL-3707) was used as a model microorganism to evaluate the antimicrobial 

activity of transformation products. Firstly, the E. coli strain was revived as suggested by Agricultural 

Research Service (NRRL) Culture Collection (tryptone 5 g/L, yeast extract 5 g/L, K2HPO4 1 g/L, 

glucose 1 g/L). Bacteria were incubated for 24 h, 28˚C, 150 rpm. Then, E. coli was streaked onto Luria 

agar (LA) plates (tryptone 10 g/L, yeast extract 5 g/L, NaCl 10 g/L, agar 1.5 % w/v) and incubated for 

24 h at 37˚C. The plates were maintained at 4˚C till further use.  

The samples of 1 mg/L CIP degradation by enzymatic oxidation were collected. Agar well diffusion 

method was used to evaluate the antimicrobial activity of transformation products [17]. The overnight 

E. coli culture was inoculated onto LA plates and subsequently, wells are punched aseptically (6-7 mm) 

with sterile tip. Then, 50 µl of tested solutions (controls, enzymatic oxidation) were added to the wells 

and incubated for 24h at 37˚C. After the incubation time, the inhibition zones were measured, and the 

inhibition index was calculated according to equation 20.  

Determination of CIP concentration  

The concentration of CIP was analyzed by liquid chromatography-electrospray ionization- tandem mass 

spectrometry (LC-MS/MS). The system included a Finnigan surveyor LC pump coupled with TSQ 

Quantum access triple quadruple mass spectrometer (Thermo Scientific, Mississauga, ON, Canada) and 

electrospray ionization interface. A 10 µL aliquot of the processed sample was injected into the 

BetaBasic-18 column (100 mm x 2.1 mm x 3 µm) with the flow rate set at 0.2 mL/min. The column 

oven was set at 40˚C. Ciprofloxacin-d8 was used as the internal standard. It was added to each sample 

before the analyses to give the final concentration of 50 µg/L. The samples were eluted with a mobile 

phase which included 0.1% formic acid (mobile phase A) and acetonitrile combined with 0.1 % formic 

acid (mobile phase B). The gradient elution started with 90% of mobile phase A and 10% of mobile 
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phase B. It was constant till 0.5 min and then mobile phase A started gradually decrease (30%) up to 3 

min. Subsequently, the gradient was kept constant until 8 min and then it came back to the initial set up. 

The mass spectrometer was operated in SRM positive mode. Spray voltage was set at 4000 V and 

skimmer off-set at 20 V. Collision gas pressure was 1.5 mTorr. The capillary temperature was at 350˚C. 

The MS/MS parameters for CIP and CIP-d8 analysis are presented in Table 4.2.1. 

Table 4.2. 1 MS/MS parameters for CIP and CIP-d8 analysis 

Compound Precursor ion mass 

(Da)  

[M+H]+ (m/z) 

Product ion 

mass (Da) 

(m/z) 

Collision energy 

 (V) 

Ciprofloxacin 332.3 245.3 17 

Ciprofloxacin-d8 340.3 249.3 19 

Statistical analysis  

The statistical analysis was performed via SigmaPlot 13.0 software. The data were presented as a mean 

of replicates (n= 3) ± standard deviation. One-way ANOVA was used to evaluate statistically significant 

difference (p-values < 0.05).  

Techno-economic estimation  

The economic study included the cost of chemicals and energy consumption. The electricity cost was 

estimated to be USD 0.15 per kWh. The energy consumption (EC, kWh) was calculated using equation 

22:  

𝐸𝑐 =
𝑃∙𝑡

1000
  Eq. 22 

Where P stands for power and t is treatment time. The calculation related to the cost of laccase 

production was based on work of Osma et al. (2011) [18].  

Results and discussion  

 Effect of the mediators 

The potential of crude laccase to remove CIP was tested with and without redox mediators. The results 

are presented in Figure 4.2.1. The crude laccase itself was not able to transform CIP from media which 

can be connected to its chemical structure [13]. The similar results were obtained by Parra Guardado et 

al. (2019), when the crude laccase obtained from Pycnoporus sanguineus, grown on tomato media, was 

not able to degrade CIP [14].  
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Figure 4.2. 1 Different CIP treatments via crude laccase oxidation; 1 mg/L CIP, 2 mg/ml crude laccase, phosphate 

buffer pH 6.5, 25˚C, 200 rpm, 0.8 mM mediators (syringaldehyde, ABTS); C – concentration of CIP in time, Co – 

initial concentration of CIP 

To expand the enzyme-substrate range, the redox mediators are used to produce highly reactive radicals 

[13]. However, the addition of ABTS, well known synthetic laccase mediator, did not induce enzymatic 

oxidation. On the other hand, the addition of SA, naturally occurring mediator, led to decrease of CIP 

concentration up to 68.09±0.12% in 24 h (fig. 4.2.1). The ABTS and SA alone (without laccase) did not 

affect CIP concentration (data not shown). The results are in compliance with the study conducted by 

Parra Guardado et al. (2019) [14]. ABTS was not able to promote oxidation of CIP when the addition 

of SA resulted in 60% CIP removal in 8 h. Ding et al. (2016) reported that SA-mediated laccase 

oxidation was ineffective to degrade CIP [19]. Moreover, the study of Prieto et al. (2011) presents that 

the addition of ABTS to purified laccase led to 97.7% of CIP removal [20]. Another study reported that 

crude extract from P. sanguineus containing laccase led to 85% removal of CIP in 72 hours when 

ABTS was added [21]. The differences between obtained results may be due to the various oxidation 

conditions, different fungal strains and usage of purified laccase by most of the authors, whereas in this 

study the crude laccase was applied.  
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Optimization of enzymatic oxidation 

The influence of SA concentration on crude laccase performance was also investigated. The results are 

presented in Figure 4.2.2A. The increase of SA concentration beyond 0.8 mM did not give significant 

improvement with removal efficiency (p-value = 0.38). Ding et al. (2016) presented similar results; the 

removal efficiency would not improve even when the SA concentration was at 2 mM [19].  

The various crude laccase concentrations were also tested (Fig. 4.2.2B). The highest removal of CIP 

was obtained when the crude enzyme was at concentration 2 mg/ml. Interestingly, the increase in the 

concentration of lyophilized powder did not significantly increase removal efficiency (p-value = 0.37). 

Analogous interaction was observed by other researchers [16, 22]. For instance, degradation efficiency 

of carbamazepine increased when crude laccase activity was at 60 U/L, but decreased when activity was 

set at 80 U/L. It can be associated with enhancement of the collisions and interactions between enzymes 

of crude extract, when the laccase concentration is increased, which may lead to blockage of their active 

sites and decrease of enzyme’s efficiency [16]. Lonappan et al. (2017) observed that increase of crude 

laccase activity up to 500 U/L led to almost complete diclofenac removal after 24 hours [22]. However, 

a further increase of enzyme activity did not enhance the compound’s removal efficiency; higher 

activities of crude laccase led to almost complete degradation around the same time [22]. 
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Figure 4.2. 2 Optimization of CIP removal via crude laccase (1 mg/L CIP, phosphate buffer pH 6.5, 25˚C, 200 rpm, 6 

h) [A]. Different syringaldehyde concentrations (crude laccase 2 mg/ml); and [B]. crude laccase concentration (SA 0.8 

mM) 

Kinetics of CIP degradation 

Figure 4.2.3 presents the enzymatic removal of CIP with optimized conditions. As can be seen, after 

6 hours no significant difference in CIP concentration was observed (p-value >0.05). Hence, after CIP 

reaches around 30% of removal, the crude laccase is not able to proceed with the transformation of the 

compound. The activity of laccases may be inhibited by small anions, i.e. halides, halides, fluoride, 

cyanides or hydroxides, which bind to two copper atoms in catalytic center, resulting in disruption of 

electron transfer [23]. Hence, one can suspect that during enzymatic oxidation of CIP, the transformation 

product is formed which has an ability to inhibit the catalytic properties of crude enzyme. The crude 

laccase obtained from T. versicolor grown on apple pomace was tested before in our group for the 



144 

 

potential removal of other pharmaceuticals. The produced enzyme was able to efficiently remove 

chlortetracycline [24], carbamazepine [16] or diclofenac [22] without inhibition of laccase activity.  

The comparison between the performance of crude and pure laccase was investigated. The results are 

presented in Figure 4.2.3. Pure laccase was able to remove around 50% of CIP in 6 hours. Moreover, 

the enzymatic oxidation continued, even though the oxidation was slower (fig. 4.2.3). After 24 h of 

treatment, the concentration of CIP decreased to around 14%. Hence, generated transformation products 

did not result in inhibition of pure enzyme activity. It suggests, that specifically CIP transformation 

products generated by crude extract can alter enzyme activity or CIP is degrading via enzymatic cascade 

and the products are rate limitation factor [25, 26]. T. versicolor, apart from laccases, produces other 

enzymes, that exhibit potency to transform xenobiotics, mainly lignin peroxidase and manganese 

peroxidase [27]. However, during solid-state fermentation, the activity of these enzymes were not 

detected [16]. Moreover, Gao et al (2018) reported that crude extract from Phanerochaete 

chrysosporium, containing these enzymes, was not able to remove CIP [21]. Further studies are required 

to understand the exact mechanism.  

 

Figure 4.2. 3 Comparison of removal performance between crude and pure laccase; C – concentration of CIP in time, 

Co – initial concentration of CIP 

Since the laccase-mediated removal was observed only in the first 6 hours, this period was chosen to 

plot logarithmic concentration versus time. The results are presented in Figure 4.2.4. As can be seen, the 

CIP removal followed first-order kinetics (R2=95%). The rate constant kl was determined as 0.03 h-1
. 
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Figure 4.2. 4. A plot of logarithmic concentration versus time of CIP enzymatic oxidation (1 mg/L CIP, 0.8 mM SA, 

pH 6.5, 25˚C) 

Antimicrobial activity of transformation products 

Figure 4.2.5 presents the inhibition index of the treated solution, which contains CIP and its 

transformation products. The treatment of CIP with crude laccase resulted in around 25-30% decrease 

of antimicrobial activity in 6 hours. Then, the affinity of CIP and its transformation products remain 

constant throughout time. It may be attributed to remaining CIP residues (~750 mg/L). Moreover, the 

transformation products generated during enzymatic oxidation after 6 hours of treatment did not 

contribute to an increase in overall antimicrobial activity. Crude extract and mediator did not exhibit 

any antimicrobial potency.  



146 

 

 

Figure 4.2. 5 Inhibition index of CIP as the function of time 

Techno-economic estimation: crude laccase vs pure laccase treatment 

Cost estimation of crude laccase production  

Firstly, to compare crude laccase treatment with pure laccase treatment, there is a need to estimate the 

price of crude laccase. Three terms were taken under consideration: material cost (CostM), equipment 

cost (Costeq) and operation cost (Costop). The prices of materials and equipment, along with their 

specification are shown in Table S1 (Annex E). The material cost was calculated for one cycle (=13 

days) of crude laccase production. The calculations regarding solid-state fermentation were based on 

previous work from our research group [16]. 

The Costeq includes the cost of incubator Pi (solid-state fermentation), mixer Pm and centrifuge Pc 

(enzyme extraction). The lifetime (LF) and capacity (Cap) of the instrument was taken into the 

consideration. For instance, the solid-state fermentation lasts 13 days, hence in a year the incubator 

might be run for 28 cycles. The warranty for the equipment is 2 years, thus 56 cycles can be performed. 

The capacity of the incubator is around 330 Erlenmeyer flasks (500 mL capacity each). In summary, the 

following equation has been proposed (eq. 23) [18]: 

𝐶𝑜𝑠𝑡𝑒𝑞,𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑜𝑟 =
𝑃𝑖

𝑡𝑠𝑠𝑓

365
∙𝐿𝐹𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑜𝑟∙𝐶𝑎𝑝𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑜𝑟

 Eq. 23 
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Where tssf stands for time of solid-state fermentation. The remaining cost of equipment might be 

calculated accordingly. However, it can be assumed that mixer and centrifuge capacity depend on 

incubator capacity. Hence, the general cost equipment may be calculated as follows (eq. 24): 

𝐶𝑜𝑠𝑡𝑒𝑞 =
𝑡

365

𝐶𝑎𝑝𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑜𝑟
∙ (

𝑃𝑖

𝐿𝐹𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑜𝑟
+

𝑃𝑚

𝐿𝐹𝑚𝑖𝑥𝑒𝑟
+

𝑃𝑐

𝐿𝐹𝑐𝑒𝑛𝑡𝑟𝑖𝑓𝑢𝑔𝑒
) Eq. 24 

The operational cost was determined as the cost of energy consumption of equipment during one cycle 

multiplied by electricity cost (eq. 25): 

𝐶𝑜𝑠𝑡𝑜𝑝,𝑒𝑞𝑢𝑖𝑝𝑚𝑒𝑛𝑡 = 𝐸𝑐 ∙ 0.14 Eq. 25 

The total operation cost is the sum of Costop,incubator, Costop,mixer and Costop,centrifuge. The total cost of laccase 

production (Costlacc) was determined as follows (eq. 26): 

𝐶𝑜𝑠𝑡𝑙𝑎𝑐𝑐 =
𝐶𝑜𝑠𝑡𝑀+𝐶𝑜𝑠𝑡𝑒𝑞+𝐶𝑜𝑠𝑡𝑜𝑝

𝑙𝑎𝑐𝑐𝑎𝑠𝑒 𝑎𝑐𝑡𝑖𝑣𝑖𝑡𝑦∙𝑉
  Eq. 26 

Where laccase activity was defined as U/L and V stands for the volume of extract. Based on the described 

calculations, the results are presented in Table 4.2.2. As can be seen, the highest cost can be attributed 

to material expenses, it accounted for more than 70% of total cost. Similar results were obtained by 

Osma et al. (2011) [18]. In their study, the material cost ranged between 61-89% of total cost, depending 

on the type of fermentation. The estimated cost of crude laccase (USD/U) was almost 4-fold lower than 

the price for commercial laccase (Table 4.2.2). However, the calculations did not include all industrial 

aspects, like packaging, manpower, storage or distribution. The crude laccase production from 

Phanerochaete chrysosporium grown on apple pomace was estimated to cost around 0.02 USD/U, thus 

comparable with the price obtained in this study [28]. On the other hand, the calculation of Gassara F. 

(2012) included one additional step of enzyme formulation [28]. According to Osma et al. (2011), the 

production of laccases from mandarins waste was below 1 cent [18]. However, their study did not 

include the enzyme extraction.  

Table 4.2. 2 Cost analysis of crude laccase production and comparison with commercial laccase price 

Parameter Crude laccase [this 

study] 

Commercial laccase (supplier: Sigma 

Aldrich) 

Costeq [USD] 1.09 - 

Costop [USD] 74.45 - 

CostM [USD] 2.93 - 

Total cost [USD] 78.47 - 

Price [USD/g] - 105 

Laccase activity 1800 U/L 500 U/g 
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Costlacc [USD/U] 0.05 0.21 

Cost/removal efficiency 

ratio 

439 483 

The cost of both enzymes, i.e. crude laccase obtained in this study and pure laccase purchased from 

Sigma Aldrich (Canada), is based on lab-scale fermentation and does not account for bulk production. 

Hence, once the system will be scaled up, the price of laccase (USD/U) would decrease due to 

automatization of the process, decreased time of fermentation and continuous extraction of the enzyme 

[29]. For instance, the cost of pure laccase purchased in bulk can range between 10-7 – 10-5 USD/U 

(Xi'an Huisun bio-Tech Co., Novozymes). Hence, presented calculation should be treated as an estimate.  

CIP removal from water 

For the total cost of wastewater treatment, the only variable for laccase-mediated system (crude vs pure) 

is material cost. Hence, the comparison, between estimated costs regarding material cost to treat 1 m3 of 

water and removal efficiency of crude and pure laccase used in this study, is presented in Figure 4.2.6. 

Expanses connected to crude laccase-mediated treatment are lower than for pure laccase-mediated 

system, but the treatment by pure laccase is more efficient. Overall, based on the cost/removal efficiency 

ratio (Table 4.2.2), crude laccase mediated system is more economically feasible than pure laccase. 

 

Figure 4.2. 6 Comparison between material cost to treat m3 of solution and removal efficiency of two laccase-mediated 

systems 

Comparison of crude laccase potency obtained from T. versicolor to remove other pollutants 

The wastewater and wastewater sludge are complex matrices containing various kinds of organic and 

inorganic pollutants [1]. Pharmaceuticals are one of the most concerning group of contaminants present 

in water systems. Enzymatic oxidation was proposed as cost-effective, eco-firendly removal method. 
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Table 4.2.3 presents the comparison between various pharmaceuticals removal potency of crude laccase 

obtained from T. versicolor via solid fermentation from agro-industrial waste, apple pomace. Diclofenac 

and chlortetracycline were efficiently removed without any mediator; their removal efficiency was 

100% and 87% respectively (Table 4.2.3). Crude laccase alone was able to transform only 30% of 

carbamazepine. However, once ABTS was added, the compound was almost completely removed 

(95%). As described above, CIP was not susceptible to laccase-mediated oxidation (fig. 4.2.1.). 

Moreover, the type of mediator also played a role; the addition of ABTS did not promote the enzymatic 

transformation of the antibiotic. Only the SA-mediated reaction was able to oxidize CIP.  

Table 4.2. 3 Comparison of pollutants removal potency of crude laccase obtained from T. versicolor via solid-state 

fermentation from apple pomace 

Compound Crude 

laccase 

activity 

[U/L] 

Mediator’s 

concentration 

[µM] 

Conditions Removal 

efficiency 

[%] 

References 

Carbamazepine 

(anticonvulsant 

medication) 

60 NM 

 

18 (ABTS) 

35 °C, 24 h, pH 

6.0, DI water 

1 mg/L of 

pollutant 

30 

 

95 

[16] 

Ciprofloxacin 

(fluoroquinolone 

antibiotic) 

200 800 (SA) 

 

800 (ABTS) 

25°C, 24 h, pH 

6.5, 100 rpm 

phosphate buffer 

1 mg/L of 

pollutant 

32 

 

No removal 

This study 

Chlortetracycline 

(tetracycline antibiotic) 

0.5 NM 21°C, 48 h, pH 

7.5, 150 rpm 

wastewater 

2 mg/L of 

pollutant 

87 [24] 

Diclofenac 

(nonsteroidal anti-

inflammatory drug) 

500 NM 25°C, 24 h, pH 

6.5, 150 rpm, DI 

water 

1 mg/L of 

pollutant 

100 [22] 

ABTS - 2,2'-azino-bis(3-ethylbenzothiazoline-6-sulphonic acid); NM – no mediator; SA - syringaldehyde 

In general, the type of functional groups of substrates plays an important role in laccase-mediated 

oxidation [13]. The presence of electron-donating functional groups (-OH, -NH2, -RO, -COR) promotes 

laccase-mediated oxidation, when electron-withdrawing functional groups (-C=O, -C=C-, -COOH, -

CONH2, halogens) may lead to steric shield formation and restrict the electron availability, hence unable 

the oxidation [13]. Carbamazepine and CIP contain strong electron-withdrawing groups, i.e. amide 

group (carbamazepine) carboxylic acid, ketone, and fluoride (CIP), hence it is not surprising that they 

are recalcitrant to laccase-mediated oxidation [14]. Moreover, ABTS radical instability might be a 
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potential explanation for insufficient ABTS-mediated laccase oxidation. ABTS˙+ transforms into its 

ABTS2+ and can no longer act as the mediator [14, 30]. On the other hand, SA radical is stabilized via 

two methoxy groups in its structure, making it more stable than ABTS ˙+ [31].  

Structure of chlortetracycline, on the other hand, includes five electron-donating hydroxyl groups along 

with one tertiary amine, which makes it susceptible to laccase oxidation, despite the presence of 

electron-withdrawing groups. In diclofenac’s structure, two chlorine atoms are found, but the compound 

is still more susceptible to enzymatic transformation than carbamazepine and CIP.  

Taheran et al. (2017) tested the potency of immobilized crude laccase from T. versicolor to degrade 

diclofenac, carbamazepine, and chlortetracycline [32]. The removal efficiency was found to be 73%, 

63% and 49% for diclofenac, chlortetracycline, and carbamazepine, respectively. More studies and 

optimization regarding the simultaneous removal potency of various contaminants should be performed 

to fully understand the potency of the crude enzymatic extract. 

Conclusions  

The crude laccase extract, obtained from T. versicolor grown on agro-industrial waste, was tested toward 

CIP transformation in aquatic media. The crude enzyme was able to remove 32% of the antibiotic in 6 

hours. Further enzymatic oxidation did not lead to a decrease in CIP concentration. The comparison 

between pure and crude laccase was performed, however, oxidation via pure laccase did not exhibit any 

inhibitory effect. Moreover, pure laccase was able to efficiently remove 85% of CIP in 24 h. That 

suggests that with crude extract CIP might be transformed via enzymatic cascade and generated 

transformation products might be rate-limiting factors. During the oxidation of CIP via crude laccase, 

the antimicrobial activity towards E. coli was decreasing. Once the enzymatic reaction was hindered, 

the treated solution still exhibited antimicrobial potency, however, it remained constant. Most of the 

estimated costs of enzyme production were accounted for material cost. Other solutions should be 

investigated to decrease expenses. Even though CIP was not removed only to some extent, other studies 

reported the high removal efficiency of other pharmaceuticals via tested enzymatic extract. Thus, more 

studies are needed to evaluate the potency of crude laccase obtained from T. versicolor to transform the 

mixture of various contaminants.    
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Résumé 

Le biochar est considéré comme un adsorbant écologique et rentable pour la purification de l'eau. 

Cependant, le biochar cru présente généralement un faible capacité d’absorption vers la plupart des 

contaminants dissous, ce qui peut être amélioré par sa fonctionnalisation. Les billes de chitosan-biochar 

(CH-BB) ont été produites et testées pour leur efficacité d’élimination de la ciprofloxacine (antibiotique) 

et de trois métaux lourds (As, Cd, Pb). La modification du biochar de lisier de porc brut a entraîné une 

augmentation de sa capacité d’absorption dans presque tous les cas, l’augmentation la plus élevée étant 

celle de l’As (presque 6 fois) et la plus faible de la Cd (1,02 fois). L'adsorbant a pu éliminer 

simultanément tous les contaminants ciblés, individuellement et en mélange, à la suite d'une réaction de 

pseudo-deuxième ordre. L'affinité des contaminants envers CH-BB suivait l'ordre suivant: Pb> Cd >> 

As> CIP. Lorsque Pb et As étaient présents dans le même mélange, leur efficacité d'élimination 

augmentait en raison de leur co-précipitation. Les études de co-adsorption ont montré que le mécanisme 

d'absorption des polluants inorganiques était différent de celui de l'antibiotique. 

Mots-clés: ciprofloxacine, plomb, cadmium, arsenic, adsorption, biochar, chitosan 
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Abstract  

Biochar is considered as a green and cost-effective adsorbent for water purification. However, raw 

biochar generally exhibits low adsorption capacity towards most of dissolved contaminants which can 

be improved by its functionalization. The chitosan-biochar beads (CH-BB) were produced and tested 

for their removal efficiency of ciprofloxacin (antibiotic) and three heavy metals (As, Cd, Pb). 

Modification of raw pig manure biochar resulted in increase of its adsorption capacity in almost all 

cases, with the highest increment for As (almost 6-fold) and the lowest for Cd (1.02-fold). The adsorbent 

was able to simultaneously remove all targeted contaminants, individually and in mixture, following 

pseudo-second-order reaction. The affinity of contaminants towards CH-BB followed the order: 

Pb>Cd>>As>CIP. When Pb and As were present in the same mixture, their removal efficiency increased 

due to their co-precipitation. The co-adsorption studies showed that the uptake mechanism of inorganic 

pollutants was different from that of the antibiotic. 

Keywords: ciprofloxacin, lead, cadmium, arsenic, adsorption, biochar, chitosan 

  



156 

 

Introduction 

Pollution caused by pharmaceuticals, especially antibiotics, is an emerging problem with well-

documented evidence of environmental risks, particularly in relation to antimicrobial resistance and 

human health [1]. Fluoroquinolones are a family of broad-spectrum antibiotics, which have been 

classified as critically important antibacterial agents for human medicine by the World Health 

Organization due to their increased propensity to develop resistance [2]. Ciprofloxacin (CIP) is one of 

the most frequently prescribed fluoroquinolone worldwide [3]. Once it enters the human body, up to 

65% of CIP can be excreted unmetabolized in the urine and/or feces, and therefore can enter the 

environment [4].. The presence of CIP in water and soils has led to increased antimicrobial resistance 

throughout the years [3]. Additionally, it is persistent in nature and not easily biodegradable. In its 

structure, CIP consists of two ionizable groups, i.e. carboxylic and piperazinyl groups. These groups can 

interact with metal ions, and form stable CIP-metal complexes [5]. The complexation between 

antibiotics and metals present in the environment, results in alteration of mobility, solubility and 

antimicrobial properties of compound [4].  

Contamination with metals, especially heavy metals, is considered as a serious environmental threat [6]. 

Arsenic, lead and cadmium are considered as one of the ten chemicals of major public health concern, 

listed by the WHO. All of these occur in the environment naturally at lower concentration. However, 

due to anthropogenic activities, their concentration has increased significantly [6]. Arsenic (As) is a 

carcinogenic metalloid, detected worldwide in groundwater, surface water or sediments [7]. Due to its 

high toxicity towards living organisms, including humans, the WHO set a guideline value of 10 µg/L, 

which is much lower compared to other heavy metals. Lead (Pb) is a toxic metal, found in petrol, paint 

or plumbing. It has a cumulative toxic effect on many body systems. New legislation was proposed to 

the European Parliament, that will introduce new guidelines to restrict the maximum limits of selected 

pollutants, including lead [8]. Cadmium (Cd), similarly to As, is considered as a cancerogenic agent, 

which is easily accumulated in many organisms. Its exposure to humans is mostly through consumption 

of contaminated food or inhalation of tobacco smoke.  

Furthermore, their co-existence with antibiotics in the environment is highly alarming. The positive 

correlation between the presence of heavy metals and some antimicrobial-resistance genes has been 

reported previously [9, 10]. Studies have shown that the genes for resistance to antibiotics and heavy 

metals s may be linked in the same bacterial plasmid. Thus, the presence of heavy metals and/or certain 

antibiotics may exert selective pressure on the bacteria and disseminate both types of resistance 

simultaneously [9, 10]. Moreover, the metal resistance and the antibiotic resistance by microbes can be 

dominated by cross-resistance [11]. It happens, when two antimicrobial agents target the same 

microorganism. Together, they initiate the common pathway, that leads to cell apoptosis. Based on the 

review by Nguyen et al. (2019), metals most commonly associated with antimicrobial resistance were 
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Cd and Zn [11]. Pb and As also contributed to the dissemination of antimicrobial resistance, although, 

at lower scale. Hence, it is important to remove both antibiotics and heavy metals from the environment. 

Adsorption is one of the most promising removal methods as it is simple, cost-effective, and 

environment friendly. Biochar is a carbon-rich material obtained by the pyrolysis of biomass, and has 

gained interest as a potential adsorptive materials they are microporous and have high surface area[12]. 

Moreover, the production of biochar is economical and less energy-consuming compared to 

commercially available activated carbon [12]. Biochars have been extensively tested for the removal of 

various types of contaminants [13-15]. However, raw biochar may exhibit relatively lower adsorption 

capacity. Hence, various modifications have been tested, i.e. surface activation with steam, acid or alkali, 

and generation of biochar-based adsorbents with clays, metal oxides, organic compounds, carbonaceous 

materials or biofilms [16]. Chitosan, one of the most abundant natural polymers, has been used to modify 

biochar surface [17, 18]. The amine group of chitosan enhances the adsorption capacity of the modified 

material. Moreover, chitosan, like biochar, is obtained from waste (crustacean waste), and it is 

considered to be cost-effective and non-toxic [19].  

Till date, research has been focused mainly on removal techniques of only one kind of contaminant, i.e. 

organic or inorganic. Hence, the key objective of this study was to test the potency of chitosan-

functionalized biochar to individually and simultaneously remove CIP and three heavy metals, i.e. lead, 

cadmium and arsenic individually as well as simultaneously. The influence of different pH contact time 

and contaminant concentration were evaluated. Adsorption studies were performed for targeted 

pollutants individually and in the mixture. Additionally, the removal efficiency was also measured in 

real wastewater.  

Materials and methods 

Materials 

Ciprofloxacin (CIP) (98% purity) was purchased from Acros Organics (USA). HPLC-grade methanol 

(purity > 99.8%) and HPLC-grade acetic acid (purity > 99.7%) were obtained from Fisher Scientific 

(Ontario, Canada). Low molecular weight chitosan (50-160 kDa, 75-85% deacetylated) and sodium 

arsenate dibasic heptahydrate (purity >98%) were obtained from Sigma Aldrich (Ontario, Canada). 

Sodium hydroxide (pellet) and disodium ethylenediaminetetraacetate (Na2H2EDTA, 99%) were 

purchased from Merck (Germany). Cadmium sulfate (purity 98%) and lead sulfate (purity >99.9%) were 

obtained from VWR. Standards and internal standard for metal detection were purchased from Inorganic 

venture (Inorganic Ventures, Christiansburg, USA). Nitric acid (65%) was obtained from Normapur and 

37% hydrochloric acid from EMSURE. Deionized 18.2MΩ type I water was used for both standards 

and samples. Lead stock solution was prepared by dissolving lead sulphate in a mixture of 1:1 nitric and 

hydrochloric acid and its final concentration was determined by ICP-MS. Cadmium stock solution was 
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prepared by dissolving cadmium sulphate in deionized water with nitric acid. Arsenic stock solution was 

prepared by dissolving sodium arsenate in deionized water. 

Pinewood biochar (PW-BC) and almond shell biochar (AS-BC) were obtained from Pyrovac Inc. 

(Quebec, Canada). BC-PW was derived by the pyrolysis of a softwood mix of white pine wood 

(80% v/v), spruce and fir (20%). BC-PW was produced at 525 ± 1 °C under atmospheric pressure for 

2 min in an oxygen-free environment. BC-AS was produced by the pyrolysis of almond shells at 

520 ± 1 °C for4 h. Pig manure (PM-BC) was donated by Research and Development Institute for Agri-

Environment (IRDA), Quebec, Canada. BC-PM was produced by the pyrolysis of the solid fraction of 

pig slurry at 400 ± 1 °C, 2 h at 15 °C min−1 in the presence of nitrogen at a flow rate of 2 L min−1 during 

heating. . The characterization of each biochar was described previously [13, 20]. All biochars were 

ground to make a fine powder and sieved through a uniform sieve size of 0.25 mm. The prepared biochar 

samples were preserved at room temperature for further analyses. 

Chitosan-biochar beads 

Chitosan-biochar beads (CH-BB) were prepared as described by Azfal et al. (2018) with minor 

modifications [17]. Briefly, 1.67 mg L-1 of chitosan was dissolved overnight in 2% acetic acid. Biochar 

was added (1:1 biochar: chitosan) and the mixture was stirred for 2 hours. The prepared suspension was 

then added dropwise to 0.6 M NaOH and left overnight. Generated beads were then separated and 

repeatedly washed to remove the excess NaOH. Subsequently, the beads were dried and kept at room 

temperature for further use.  

CH-BH characterization 

The morphology of CH-BH was obtained via scanning electron microscopy (SEM) (CarlZeissEVO®50). 

SEM micrographs were captured at 10 kV accelerating voltage. The samples were not gold coated. The 

zeta potential was determined by the Malvern Zetasizer Nano-ZS particle analyzed. Fourier-transform 

infrared spectroscopy (FT-IR) spectra of adsorbent before and after adsorption was obtained via FT-IR 

(Nicolet FT-IR system, Thermofisher Scientific). The spectra were obtained at a resolution of 4 cm-1, in 

the range of 4000-400 cm-1. The surface area was investigated using N2 adsorption isotherms and using 

Brauner-Emmett-Teller (BET) method to evaluate mesopore-enclosed surface area. The metal leaching 

test from CH-BB was performed. Around 0.1 g of beads were added to 100 ml of deionized water, and 

the solution was left at room temperature for 48 h. Metal concentration was then analyzed via inductively 

coupled plasma mass spectrometry (ICP-MS) (Agilent Technologies 8800 ICP-MS Triple Quad). 

Adsorption experiments 

The initial adsorption capacity of generated biochars was tested in batch sorption experiments. All 

experiments were conducted at 20±1 ̊ C, pH 6.0, 150 rpm in an orbital shaker (PSU-20i Multi-functional 

Orbital Shaker, Biosan) unless stated otherwise. Blank experiments were included. About 0.05 g of 
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biochar was added to a 100-ml container and mixed with 50 ml solution of each contaminant (10 mg/L 

for CIP, As and Cd or 1 mg/L for Pb). Lower concentration of Pb ions was kept to avoid the precipitation 

of the salt due to circumneutral pH. Biochar with the highest adsorption capacity was then used to 

generate CH-HB (Section 2.2). For kinetic studies, adsorption experiments were performed individually 

(1 mg/L of metal or CIP) and in a mixture (1 mg/L each of metals and CIP). The influence of pH (5.0-

9.0) on adsorption capacity was tested for each contaminant, where the initial concentration was 10 

mg/L for CIP, As, Cd and 1 mg/L of Pb. To obtain sorption isotherms CH-HB was shaken with 

contaminants individually and in mixture, in a range of of 2-100 mg/L (CIP, As, Cd) or 0.5-2 mg/L (Pb). 

All samples were filtered through 0.22 μm PFTE syringe filters (VWR) and the filtrate was further 

diluted accordingly before measurement. Metal concentrations were estimated via ICP-MS (Agilent 

Technologies 8800 ICP-MS Triple Quad). CIP concentration was measured via UV-Vis 

spectrophotometry (UV-T500Pro) at a wavelength of 278 nm. CIP absorbance is influenced by presence 

of metal ions in matrix [21]. The metals present in biochar and beads may leach into solution (Table 

S1). Hence, to avoid false negative and/or false-positive results, all samples with CIP were diluted with 

0.1 M HCl (1:1) to protonate CIP (CIP+) and release it from metal complexation.  

The absorption capacity of ciprofloxacin/metals, qe (mg/g) was calculated by using Eq. (27). 

𝑞𝑒 =
(𝐶0−𝐶𝑒)𝑉

𝑚
  Eq. 27 

where C0 and Ce are the concentrations of ciprofloxacin/metals (mg/L) before and after adsorption, V is 

the initial solution volume (L), and m is the weight of adsorbent (g). 

ICP 

All analyses were performed using an Agilent Technologies 8800 Triple Quad ICP-QQQ with 

collision/reaction cell (CRC). Instrumental method for simultaneous measurement of As, Cd and Pb 

with oxygen as reaction gas was provided by Karl Andreas Jensen from Norwegian University of Life 

Sciences, Faculty of Environmental Sciences and Natural Resource Management. Robust instrument 

settings together with oxygen reaction gas were chosen due to the high concentrations used in the 

experiments. A quality control standard was performed every 10-12 samples for instrument drift.  

Mass 118 was monitored for mathematical removal of any isobar contribution from natural isotopes of 

both 114Cd and internal standard 115In. Mo 95 -> 127 was also monitored to verify low interference levels 

on 114Cd determination from 98Mo16O+ and 96Mo18O+. Lead was determined as the sum of the three major 

isotopes as variations from isotopic ratios change depending on the source of lead. 

208Pb = M(206->206) + M(207->207) + M(208->208) Eq. 28 

114Cd = M(114->114) – M(118->118)*0.0268 Eq. 29 

115In = M(115->115) – M(118->118)*0.0140  Eq. 30 
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Tests in real wastewater 

The treated wastewater was taken from pilot scale wastewater treatment plant (NMBU). Samples were 

spiked with 1 mg/L of As, Cd, Pb and CIP, and the pH was adjusted to 6.0. Adsorption experiments 

were performed by adding 50 mg of CH-BB to 50 mL of prepared wastewater and shaking for 24h, 150 

rpm, at 20±1˚C. To evaluate the removal efficiency of the generated adsorbent, comparison tests 

between CH-BB, PM-BC and commercial granulated active carbon (GAC, Filtrasorb 400) were 

performed. PM-BC and GAC were sieved to obtain the same particle size as CH-BB. After adsorption 

experiments, the samples were filtered through 0.22 μm PFTE syringe filters. The filtrates were then 

analyzed for heavy metals concentration via ICP-MS-MS. The residual concentration of CIP was 

detected via liquid chromatography coupled with tandem mass spectrometry (LC-MS/MS).  

LC-MS/MS 

The system included a Finnigan surveyor LC pump linked to TSQ Quantum access triple quadruple 

mass spectrometer (Thermo Scientific, Mississauga, ON, Canada) along with electrospray ionization 

interface. A 10 µL aliquot of the filtrates were injected into BetaBasic-18 column (100 mm x 2.1 mm x 

3 µm). The column oven was at 40˚C and the flow rate was set to 0.3 mL/min. Ciprofloxacin-d8 was 

selected as the internal standard and was added to each sample to give a final concentration of 50 µg/L 

before the analyses. Samples were eluted with a mobile phase of 0.1% formic acid (mobile phase A) 

and acetonitrile with 0.1 % formic acid (mobile phase B). Gradient elution started with 90% of mobile 

phase A and 10% of mobile phase B. It was constant till 0.5 min, following which, mobile phase A was 

gradually decreased to 30% up to 3 min. The gradient was kept constant till 8 min and after it was 

brought back to the initial set up. The mass spectrometer was operated in SRM positive mode. Spray 

voltage was set at 4000 V, skimmer off-set at 20 V. Collision gas pressure was set at 1.5 mTorr. The 

capillary temperature was at 350˚C. The collision energy for CIP and CIP-d8 was set at 17, and 19 V 

respectively. The precursor and product ions (m/z) were selected as follows: 332.3 and 245.3 for CIP 

and 340.3 and 249.3 for CIP-d8. 

Statistical analysis 

Statistical analysis was performed using SigmaPlot 13.0 software. One-way ANOVA was used to 

evaluate statistically significant difference (p-values < 0.05). The data were presented as a mean of 

triplicates ± standard deviation.  

Results and discussion 

Adsorption onto raw biochar 

To generate CH-BB, suitable raw biochar had to be chosen. Depending on the feedstock used, specific 

biochars with different functional groups that could potentially attract the contaminants were produced 
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(Figure S1, Annex F) [13]. Hence, the comparison of adsorption capacity s between PW-BC, AS-BC, 

and PM-BC was carried out (Table 4.3.1). All tested biochars were able to adsorb CIP and heavy metals. 

PM-BC exhibited the highest adsorption capacity for CIP, which can be attributed to high surface area 

[13]. The π-π interaction between CIP and PM-BC functional groups possibly contributed to antibiotic 

adsorption [22]. In a previously reported study, higher removal efficiency was obtained due to 

adsorption onto PM-BC than PW-BC for another pharmaceutical, diclofenac [13]. On the other hand, 

PM-BC and PW-BC had the same adsorption capacity for Pb. Almost 100% of this metal was adsorbed 

onto both biochars, while only 72% of Pb was adsorbed onto AS-BC. PW-BC was also more efficient 

to remove As from the solution. The potency of PW-BC to adsorb As is consistent with previous reports 

[23]. AS-BC had the highest adsorption capacity towards Cd ions. Based on the overall results, the PM-

BC was selected for the fabrication of CH-BB.  

Table 4.3. 1. Adsorption capacity of the tested adsorbents; pH 6.0, 150 rpm, 48 h 

Contaminant (initial concentration [mg/L]) 

Adsorption capacity [mg/g] 

PM-BC PW-BC AS-BC CH-BB 

Ciprofloxacin (10) 1.36±0.02 1.05±0.08 1.23±0.02 1.49±0.06 

As (10) 0.24±0.24 0.77±0.15 0.56±0.19 1.38±0.15 

Cd (10) 4.88±0.41 1.06±0.08 6.34±0.72 6.49±0.34 

Pb (1) 0.99±0.004 0.99±0.001 0.72±0.07 0.95±0.01 

Abbreviations: PM-BC – pig manure biochar; PW-BC – pinewood biochar; AS-BC – almond shell biochar; CH-BB – chitosan-

biochar beads 

CH-BB characterization 

SEM images of the fabricated CH-BB are shown in fFigure 4.3.1 A-C. Two surface morphologies can 

be distinguished in CH-BB: coarse (fig. 4.3.1C) and stratified (fig. 4.3.1B). The coarse area had small 

pores, which were unevenly distributed, while the stratified surface had many grooves, furrows, and tiny 

particles. The modification with chitosan changed the surface of raw biochar (comparison based on SEM 

images from Lonappan et al. (2018) [20]). The point of zero charged was found to be at pH 6.02 (fig. 

4.3.1D). Based on the BET analysis, the specific surface area was 42.0 and 36.6 for CH-BB and PM-

BC respectively. Thus, CH-BB had higher surface area than PM-BC. 
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Figure 4.3. 1. SEM images of chitosan-biochar beads (A-C); D. zeta potential of chitosan-biochar beads 

To detect functional groups, present in the generated adsorbent, FTIR analysis was carried out (Figure 

4.3.2). The surface of CH-BB differs from raw PM-BC (Fig. S1, Annex F). The wide peak between 

3000 and 3600 cm-1 in PM-BC belongs to O-H stretching. In CH-BB, this region changed, the peak 

shifted and widened, suggesting additional presence of amino group [17]. The peak at 2960 cm-1 

corresponds to the presence of aliphatic hydrocarbons and stretching vibrations of -CH/-CH2 groups. 

The band at 1660 cm-1 belongs to C=O vibrations. Three peaks at 1190 (C-O-C stretching), 1100 and 

1030 cm-1 (C-O stretching) can be identified as characteristic bands for saccharide chitosan structure 

[17]. The adsorption of CIP and heavy metals resulted in changes in CH-BB spectra (Fig. 4.3.2). The 

adsorption of Cd and Pb was via hydroxyl group as evidenced by the disappearance of the peak in the 

region between 3000-3500 cm-1. In case of As and CIP, the sharp, wide shoulder appeared at 3400 cm-

1. This also indicated binding of both contaminants in the region that corresponds to O-H stretching. It 

suggests that CIP and As may sorb via surface complexation reaction or ion exchange [24]. Moreover, 

in case of As spectra, the changes between 1016-1200 cm-1, connected to C-O stretching of alcohol 

esters and -COOH groups, can be observed. It could be associated with adsorption of various As 

speciation via electrostatic interactions or ion exchange [25]. The assessment of metals leaching from 

CH-BB was also performed (Table S1, Annex F). There was lesser leaching of metals from CH-BB as 
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compared to raw PM-BC. This is linked to extensive washing of beads after soaking it in NaOH. Hence, 

most of the metals that were present in raw biochar were washed away.  

 

Figure 4.3. 2 FTIR of CH-BB before and after adsorption of CIP or heavy metals; CH-BB – chitosan biochar beads, 

CIP - ciprofloxacin 

Modification of raw PM-BC resulted in an increase in its adsorption capacity in almost all cases (Table 

4.3.1). The highest increment was noticed for As (almost 6-fold) and the lowest for Cd (1.02-fold). 

However, the adsorption capacity towards Pb was slightly decreased.  

Adsorption onto CH-BB  

Effect of pH 

The effect of pH on adsorption of CIP and heavy metals was tested (Figure 4.3.3). The pH had no 

significant effect on the removal of CIP (p-value = 0.104) and Pb (p-value = 0.114). For Cd and As, the 

optimum pH for removal was found to be 6.0. For CIP, the results are consistent with the report of Afzal 

et al. (2018)[17]. CIP has two main ionizable groups, carboxylic (pKa1 6.09) and piperazinyl (pKa2 8.74), 

which makes the compound amphoteric. In the tested range of pH, CIP is present in the solution as 

zwitterion, hence it can adsorb onto CH-BB when its surface is protonated (pH <6) or negatively charged 

(pH>6) [26]. Moreover, further increase of pH would result in a decrease of CIP-adsorption potency due 

to the higher concentration of CIP-, as previously suggested [17, 27].  
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Figure 4.3. 3 Influence of pH on adsorption of ciprofloxacin (CIP) and heavy metals 

At around pH 6, the functional groups of CH-BB containing oxygen are deprotonated, hence they can 

attract most of the metals. Moreover, the presence of amine group of chitosan (pKa 6.5) increases the 

number of active sites [28-30]. The adsorption capacity towards As and Cd decreased with the increase 

of pH above 6. At the tested pH, As is present mostly as H2AsO4
-, however, due to its speciation, it is 

not certain if this main form of As was the one that was adsorbed onto CH-BB surface [7]
. In the case of 

Cd, the adsorption capacity increased significantly from pH 5 to 6 (p-value = 0.021) and then started to 

decrease gradually. Generally, at higher pH, the adsorption capacity decreases due to the formation of 

soluble hydroxylated complexes of the metal ions [30, 31]. Based on these, pH 6 was selected for further 

experiments.  

Adsorption kinetics 

Figure 4.3.4 presents the adsorption capacity of the four pollutants against time. All contaminants 

exhibited a similar trend of adsorption onto CH-BB. As (Fig. 4.3.4A). CIP (Fig. 4.3.4D) reached 

equilibrium in first 3 hours when tested individually or in mixture. It can be attributed to the availability 

of active sites present on the adsorbent surface. In the case of Pb (Fig. 4.3.4C) and Cd (Fig. 4.3.4B), 

around 24 h was required to attain equilibrium. This may be linked to the diffusion-controlled 

mechanism of metal adsorption [18]. The pore network of the adsorbent could hinder the intraparticle 



165 

 

mass transfer of metals which could explain the delay in adsorption equilibrium time. The adsorption 

capacity of Cd decreased from 0.99±0.02 mg/g to 0.78±0.007 mg/g and 0.68±0.005 mg/g in metal 

mixture and metal mixture with CIP, respectively. Hence, Cd competed for adsorption sites with other 

metals and CIP, which led to significant decrease in its removal (p-value < 0.001) [32]. In the case of 

As, the adsorption capacity increased almost 2-fold when other metals were present. A similar trend was 

observed for Pb adsorption capacity. It can be associated with co-precipitation of lead and arsenate as 

mimetite, which follows the reaction presented in Equation (31)[33]:  

5 Pb2+ + 3 AsO4
3- + Cl- → Pb5(AsO4)3Cl↓ Eq. 31 

The addition of CIP to the metal mixture decreased the adsorption capacity of As and Pb, however, it 

was still slightly higher than the removal of these two metals individually. It can correspond to potency 

of CIP to chelate metals. To confirm if CIP can form a complex with As and Pb, antibiotic and metals 

were mixed in different ratios at pH 6 and then scanned via UV-Vis spectrophotometer. The absorption 

of CIP was quenched when As was added and enhanced in the presence of Pb (Fig. S2, Annex F), thus 

it suggested that CIP was able to complex with As and Pb [21]. Most probably, when CIP-As/Pb 

complex is formed, the reaction presented in Equation 31 is hindered due to the decrease of concentration 

of free ions. On the other hand, the adsorption capacity of CIP was not altered by the presence of metals.  

 

Figure 4.3. 4. Kinetics curves of A. As; B. Cd; C. Pb; D. ciprofloxacin (CIP) individually and in mixtures 
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To understand the kinetics of the adsorption mechanism of tested pollutants, three models, i.e. pseudo-

first-order, pseudo-second-order and intraparticle diffusion model, was tested [17]. The equations and 

model parameters are presented in Table S2 (Annex F). The results are presented in Table 4.3.2. 

Generally, adsorption of all pollutants (individually and in mixtures) onto CH-BB followed pseudo-

second order (R2>0.90). It suggested that chemisorption was the main mechanism of the contaminant 

uptake. The higher values of k2 for CIP and As can be correlated to reaching equilibrium state more 

rapid than Cd and Pb [30]. Additionally, in some cases, the correlation coefficient (R2) was also higher 

for pseudo-first order (e.g. As, R2 = 0.996), hence physical adsorption might have contributed to the 

overall uptake mechanism.  

Table 4.3. 2. Kinetic parameters of the pollutants adsorption onto chitosan-biochar beads 

Contaminant  Pseudo-first order Pseudo-second 

order 

Intraparticle 

diffusion  

k1 R2 k2 R2 kp R2 

As Individually 0.84 0.99 19.34 0.99 0.08 0.95 

Metal mixture 0.68 0.98 3.27 0.99 0.11 0.90 

Metal mixture + 

CIP 
0.80 0.76 5.99 0.95 0.14 0.94 

Cd Individually 0.09 0.90 1.06 0.99 0.43 0.96 

Metal mixture 0.20 0.97 0.45 0.99 0.21 0.96 

Metal mixture + 

CIP 
0.47 0.77 0.83 0.99 0.21 0.75 

Pb Individually 0.21 0.36 0.53 0.98 0.26 0.67 

Metal mixture 0.33 0.90 1.02 0.99 0.27 0.68 

Metal mixture + 

CIP 
0.64 0.63 1.11 0.99 -0.02 0.28 

CIP Individually 2.77 0.75 10.44 0.99 0.88 0.72 

Metal mixture + 

CIP 
25.96 0.90 17.44 0.95 0.03 0.48 

Abbreviations: CIP – ciprofloxacin; k1 [1/h] - the rate constant of pseudo-first-order adsorption; k2 [g/mg h] - the rate constant 

of pseudo-second-order adsorption; kp [mg/g h1/2] the intraparticle diffusion rate constant 

Adsorption isotherms 

Figure 4.3.5 presents the adsorption capacity of CH-BB against the equilibrium concentration (Ce) of 

pollutants. Plots for Pb and CIP are L-shaped, which suggested that when the concentration of 
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contaminant increases, the absorption was hindered as most of adsorption sites were occupied. The 

isotherms for Cd and As are linear, which may indicate that both metals are distributed between the bulk 

solution phase and interfacial phase.  

 

Figure 4.3. 5 Adsorption isotherms of A. As; B. Cd; C. Pb; D. ciprofloxacin (CIP) 

To better understand the relationship between capacity of adsorbent and targeted pollutants, the three 

models, i.e. Langmuir, Freundlich, and Temkin (Table S2, Annex F), were fitted to experimental data. 

The results are presented in Table 4.3.3. Langmuir model fitted Pb adsorption (R2=0.99) better than 

Freundlich model (R2=0.96), indicating that it was monolayer adsorption. The data are consistent with 

previous reports [18, 28, 29]. It was reported that lead sorption may be influenced by coordination of 

chitosan amine groups, which usually is in agreement with Langmuir adsorption [18]. Liu et. al (2009) 

reported that as compared to this study, maximum adsorption capacity of lead onto biochars derived 

from hydrothermal liquefaction of biomass ranged between 2.40-4.25 mg/g [31]. On the other hand, 

Zhou et al. (2013) reported the maximum adsorption capacity of lead onto chitosan-modified biochar to 

be 14.3 mg/g [18], which is around 7-fold higher than the qm (2.46 mg/g) in this study. It may be 

associated with different feedstocks used for biochar generation and pyrolysis conditions. The separation 

factor (RL), known as equilibrium parameter of Langmuir model, is used to establish if the adsorption is 

favorable thermodynamically. When RL is higher than 1, then the reaction is unfavorable; when the 

parameter ranges between 0 and 1, it means that the reaction is favorable; when RL is equal to 0, then 
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the adsorption is irreversible. For lead adsorption, RL = 0.05, hence the Pb uptake by CH-BB was 

thermodynamically favored.  

Table 4.3. 3 Isotherm constants of ciprofloxacin (CIP) and heavy metals onto chitosan-biochar beads 

Isotherm Parameter As Cd Pb CIP 

Langmuir qm [mg/g] 7.92 57.47 2.46 40.32 

Kl [L/mg] 0.02 0.03 10.66 0.003 

RL 0.48 0.33 0.05 3.68 

R2 0.62 0.61 0.99 0.08 

Freundlich 1/n 0.43 0.48 0.63 0.92 

KF [L/mg] 0.65 4.45 4.69 0.13 

R2 0.90 0.94 0.96 0.95 

Temkin KT [L/mg] 1.13 4.11 147.46 0.32 

B 0.91 5.37 0.48 2.00 

bT [J/mol] 2666.75 453.65 5088.94 1220.36 

R2 0.66 0.65 0.98 0.81 

The rest of the pollutants followed the Freundlich model of adsorption (R2≥0.90) which is in accordance 

with previous reports [15, 34]. This suggests that adsorption of CIP, As and Cd was obtained onto 

heterogeneous surface of CH-BB. The value of 1/n (<1) indicated that the adsorption of contaminants 

was favorable. The KF followed order: Pb>Cd>>As>CIP, which means that CH-BB had higher affinity 

towards Pb and Cd than As and CIP. It corresponded to much higher adsorption capacities of these two 

metals onto tested adsorbent (Table 4.3.1). On the other hand, Afzal et al (2018, 2019) reported that 

adsorption of the antibiotic onto chitosan-biochar hydrogel beads fitted Langmuir model [17, 27]. 

Furthermore, removal of As and Cd via biochars and functionalized biochars generally followed 

Langmuir model [23, 30]. Similar to reports of Pb adsorption, the differences in reported results could 

be due to the various feedstocks and protocols for biochar generation.  

Co-adsorption of CIP and heavy metals 

To further investigate the influence of organic and inorganic contaminants on their removal via CH-BB, 

the co-adsorption test was performed. The metal concentration remained constant (4 mg/L), while the 

CIP concentration ranged between 0.5 – 20 mg/L. The results are presented in fFigure 4.3.6. The 

increasing CIP concentration generally did not have a significant influence on Cd (p-value = 0.99) and 
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As (p-value = 0.053) adsorption capacity. The Pb adsorption capacity was enhanced when initial 

concentration of CIP and Me was almost equal (5:4). After this point, Pb removal was constant (p-value 

> 0.05). The results suggest that the adsorption of heavy metals follows different mechanisms than the 

CIP uptake. It is consistent with the work presented by Liu et al (2018), where the co-adsorption of 

heavy metal ions and fluoroquinolones on the functionalized ferromagnetic microsphere was tested [32]. 

The inorganic contaminants did not alter the adsorption of antibiotics and vice versa due to different 

uptake mechanisms.  

 

Figure 4.3. 6 Co-adsorption of ciprofloxacin (CIP) and heavy metals; CIP concentration 0.5 – 20 mg/L, heavy metals 

4 mg/L) 

Test with real wastewater 

The results of the removal efficiency test are presented in Table 4.3.4. Pb removal was almost 100% for 

all tested adsorbents. In case of As and Cd, adsorbent generated in this study exhibited better removal 

efficiency than raw biochar and commercial GAC. Only CH-BB could remove As (4.5%). More than 

90% of cadmium was removed from wastewater. Moreover, adsorption of Cd increased 2-fold and 3-

fold when compared with PM-BC and GAC respectively. However, adsorption of CIP followed different 

order. Almost 90% of CIP was removed by GAC, when the CH-BB exhibited the lowest removal 

efficiency (35%). This proved that CH-BB is suitable adsorbent for heavy metals removal, however for 

CIP, the further improvements are needed. 
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 Table 4.3. 4 Comparison of removal efficiency between different adsorbents 

Adsorbent As [% 

removed] 

Cd [% 

removed] 

Pb [% 

removed] 

CIP [% 

removed] 

CH-BB 4.50±0.76 92.86±0.68 99.99±0.03 34.95±4.03 

PM-BC NR 42.54±6.25 99.74±0.07 43.57±6.71 

GAC NR 31.20±0.00 99.52±0.12 87.93±6.71 

Abbreviations: CH-BB chitosan-biochar beads; PM-BC pig manure biochar; GAC granulated active carbon; CIP – 

ciprofloxacin; NR – no removal 

Conclusion 

All tested raw biochars were able to remove all targeted pollutants. However, their adsorption capacity 

depended on the type of biochar and the pollutant. PM-BC exhibited the highest removal efficiency for 

CIP and Pb, PW-BC for Pb and As and AS-BC for Cd. Based on the data, the PM-BC was selected for 

its further modification. The fabricated CH-BB demonstrated an increased adsorption capacity towards 

all targeted pollutants compared to PM-BC, except for Pb, which decreased slightly. The optimal pH of 

adsorption studies was found to be at 6.0. Based on the kinetic studies, the adsorption of all targeted 

contaminants followed pseudo-second order, thus the main mechanism of their uptake was via 

chemisorption. The adsorption of CIP and As was rapid than for Cd and Pb. The adsorption studies with 

metal mixture revealed that Cd removal efficiency decreased due to the competition with other pollutants 

over the adsorbent active sites. However, the co-contamination of As and Pb led to their increased 

removal due to their co-precipitation as mimetite. The adsorption capacity towards CIP was not affected 

by the presence of metal ions. The increased CIP concentration mostly did not influence metals 

adsorption onto CH-BB. This suggests that inorganic pollutants exhibit different adsorption 

mechanisms. Hence, there should be no competition between CIP and heavy metals over adsorption 

sites. This indicates that the water treatment of these two types of pollutants will not cancel each other. 

The comparison of removal efficiency in real wastewater between CH-BB, PM-BC and GAC showed 

that CH-BB had much better performance than the rest of tested adsorbents.  
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Abstract: Fluoroquinolones (FQs), the group of broad-spectrum antimicrobials, are frequently detected 

in different environmental compartments, mostly due to incomplete metabolism in the target organism, 

inefficient wastewater treatment, and disposal of expired FQs directly into the environment. Another 

group of the contaminants, widely present in water, air, and soils, are the metal ions (Me). In general, 

FQs can form stable complexes with metal ions and their co-existence with Me in the environment leads 

to metal complexation. The most stable complexes are formed between FQs and trivalent ions, whereas 

FQs and alkali-earth metal ions, i.e. Ca2+ and Mg2+, are the least stable composites. This interaction 

between FQs and metal ions may alter antibiotic properties. Antibacterial activity of metal complexes 

is generally comparable with the parent compound; however, some FQs-metal complexes are found to 

exhibit higher antibacterial activity. Moreover, it was proved that FQs-Me complex can display 

antifungal potency toward Candida albicans. The mobility of FQs in soil and/or water strongly depends 

on pH, temperature, and type of metal ions, present in the environment. This review provides a brief 

description of FQs, their properties, and capacity to form complexes with metal ions. It summarizes 

influence of FQs-Me complexes on microorganisms and their mobility in different media. Further, the 

review provides a linkage between the presence of these metal ions in the environment and their effect 

on the chemistry and biology of fluoroquinolone antibiotics. 

Keywords: fluoroquinolones; metals; metal complexation; environment; toxicity; transport  
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Highlights:  

1. Fluoroquinolones-trivalent metal ion complexes are more stable than divalent metal ions. 

2. Metal ions may act as an intermediate in binding between fluoroquinolones and DNA /enzyme.  

3. Correlation of antibacterial and sorption properties of fluoroquinolones was affected by metal 

complexation. 

 4. Mobility fluoroquinolones is affected by environmental factors such as pH , temperature and presence 

of metal ions. 

Introduction 

The discovery of antibiotics, as the large group of antimicrobials, has revolutionized pharmaceutical 

industry. Nevertheless, their widespread use in human and veterinary medicine has led to the fact that 

they are repeatedly detected in environmental compartments, mostly due to their inefficient removal 

during wastewater treatment [1-3]. Moreover, the deposition of antibiotics has an adverse impact on the 

ecosystem, due to their toxic concentration [4]. Their presence exerts a selective pressure on bacteria, 

leading to the occurrence, selection and dissemination of antibiotic resistant genes and antibiotic 

resistant bacteria, which can be detected in surface water [5-7], groundwater [5], wastewater [8] and 

sediments [9, 10]. Moreover, it has been indicated, that antibiotics may interact with surrounding 

substances and their transformation products can retain their pharmacological activity, due to the 

preserving or gaining moiety, responsible for antimicrobial potency. For instance, a by-product of 

enrofloxacin is ciprofloxacin and both belong to FQ family of antibiotics having a characteristic 

structure of 4-pyridone-3-carboxylic acid with a ring at C-5 or C-6 position, which is essential for their 

antibacterial activity [11]. Thereby, antibiotics and their transformation products are a potential threat 

to the environment.  

Fluoroquinolones (FQs) are a family of broad-spectrum synthetic antibiotics, developed in the 1970s 

[12-14]. They belong to quinolone antibiotics, which are based on the structure of antimalarial quinine. 

FQs main characteristic is a fluorine atom attached to the central ring system. Most of the FQ’s name 

ends with the “-floxacin” suffix, i.e. ciprofloxacin (CIP) [15], ofloxacin (OFL) [16], norfloxacin (NOR) 

[13], levofloxacin (LEVO) [17], gatifloxacin (GTI) [18] or enrofloxacin (ENR) [19]. FQs are active 



176 

 

against Gram positive and Gram negative strains of bacteria - their effectiveness is due to their potency 

to inhibit bacterial DNA gyrase and/or topoisomerase IV [20].  

FQs have a higher frequency of detection in different environmental compartments. For instance, they 

are widely present in raw wastewater. In China, the prevailing FQs were OFL and NOR, with 

concentrations of 1287 ng/L and 775 ng/L, respectively [21]. In Maryland, USA, the concentration of 

CIP was found to be 1900 ng/L and OFL 600 ng/L in raw wastewater [22]. Moreover, the frequency of 

CIP detection was 100%, across all sampling sites. In Japanese wastewater influent, FQs were detected 

with the third and fourth highest concentration - 255 to 587 ng/L for LEVO and 155 to 486 ng/L for 

NOR, following clarithromycin and azithromycin [23]. In Finland, amongst all targeted pharmaceuticals 

(FQs, beta-blockers, antiepileptic drug) FQs, especially CIP (200-650 ng/L), were the most prevalent 

compounds detected in sewage influents [24]. During wastewater treatment, FQs tend to adsorb onto 

sludge so that high concentration of OFL and NOR, 7.29 mg/kg and 7.01 mg/kg, respectively, was found 

in the sludge [21]. In the WWTPs in Michigan, USA, OFL was found in secondary effluent at a 

concentration of 204 ng/L and in final effluent at a concentration of 100 ng/L. [25] It was calculated that 

daily 4.8 g of OFL was discharged into the river due to insufficient wastewater treatment. Miao et al. 

(2004) investigated final effluents in WWTPs in five Canadian cities (i.e. the Greater Vancouver 

Regional District, British Columbia; Calgary, Alberta; Burlington, Peterborough, and Windsor in 

Ontario) and detected CIP, NOR and OFL with the average concentrations of 118, 50 and 94 ng/L 

respectively [26]. Lee et al. (2007) analyzed sewage treatment plant in Ontario, Canada, and discovered 

that concentration of CIP in primary and final effluent ranged between 42-721 ng/L [27].  

Apart from wastewater samples, the other environmental compartments were also investigated. For 

instance, FQs were detected in Chinese reclaimed water and groundwater [28]. NOR, OFL and ENR 

concentration ranged between 45-181 ng/L in reclaimed water and followed the order [NOR]> [OFL]> 

[ENR]. The groundwater FQs concentration was between 36.2-96.8 ng/L, in the following order 

[NOR]> [ENR]> [OFL]. The analysis of contamination in the Seine river, France, showed that 

sulfamethoxazole (sulfonamide antibiotic) and NOR were the compounds with the highest 

concentrations of 40 ng/L and 31 ng/L, respectively [29]. According to the study of Gibs et al. (2013), 

in New Jersey, USA, the concentration of CIP in Hohokus Brook waters (downstream of WWTP 

discharge), increased from 0.03 µg/L to 0.077 µg/L in years 2001 – 2008 [30]. Moreover, in the same 

sampling site, two FQs antibiotics were detected in the sediments: OFL (21 µg/kg) and CIP (10 µg/kg), 

which were the second and the third highest concentrations of present antibiotics, following macrolide 

antibiotic, azithromycin (44 µg/kg). In Chinese rivers, FQs (CIP, NOR, OFL, LOME) exhibited the 

highest concentration in their sediments (ranged between 1.67-156 ng/g) amongst four targeted classes 

of antibiotics [10]. Furthermore, FQs have been also detected in soils – for instance, ENR concentration 

ranged between 17.36 – 26.69 µg/kg in Brazil [31] and 20-50 µg/kg in Turkey [32]. 
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FQs frequent detection is due to their widespread usage. According to the Report of Public Health 

Agency of Canada, FQs were the third most-prescribed antimicrobials to Canadians between 2010-2013 

[33]. Moreover, the overall quantity of FQs, distributed for use in animals has expanded since 2010, 

probably due to the approval of a new indication for use [33]. According to European Medical Agency, 

sales of veterinary antimicrobials decreased by 7.9 % (in mg/ population correction unit) in twenty-six 

European countries between 2011 and 2013. However, the sale of FQs, along with 3rd- and 4th-generation 

of cephalosporins, remained stable (or slightly increased) during this period [34]. 

The presence of FQs in the environment was also due to incomplete metabolism of the pharmaceutical 

in the target organism. In fact, from 8% (trovafloxacin) to 83% (GTI) of antibiotic may be released via 

urine and feces in active form into the environment [35]. For instance, unchanged CIP is excreted in 

65% via urine and 25% in feces [36]. This contributes to an increasing trend of drug-resistant bacteria 

occurrence. In 2014-2015, in Europe, Escherichia coli isolates were resistant mostly to aminopenicillins 

(57.2% of isolates) and FQs (22.8% of isolates) [37]. Between 2012-2015, a significant increase of FQs-

resistant Klebisiella pneumoniae was also noticed. Moreover, multidrug resistance, including FQs-

resistance, of E. coli and K. pneumoniae, was observed as an increasing trend [37]. Thus, WHO 

classified FQs as critically important antibacterial agent for human medicine due to the its increased 

bacterial resistance [38]. 

Nowadays, much attention has been given to antibiotics co-contamination with metal ions. Many 

pharmaceuticals, including FQs, possess an ability to form metal complexes, which may modify 

properties of FQs, i.e. altering the antimicrobial activity of antibiotic [39-41], solubility [42] or 

bioavailability [43]. The extensive studies have been performed for many pharmaceuticals-metal 

complexes, i.e. tetracyclines, quinolones or β-lactams [41, 44-47]. It was proved that metal ions presence 

alters antibiotic adsorption and desorption [48-50], photolysis [51-53] or uptake [47, 54].  

Previous reviews were mostly related to the chemical aspect of FQ-metal complexes and its biological 

properties, which could be used in pharmaceuticals applications [46, 55, 56]. There are also assessments, 

which are concerned about FQs and their environmental impact [57, 58]. However, the goal of this 

review is to summarize the knowledge about FQs-metal complexation through a brief description of 

FQs properties (medical usage, physicochemical and biological properties), followed by FQs-Me 

complexes characteristics. The impact of FQs-Me complexes on wastewater treatment is presented. The 

next objective is to introduce the influence of FQs-Me complexes on living organisms. Later, it is shown 

as to how the presence of metal ions affects the mobility of FQs in water and soils. The novel 

technological approaches towards FQs-Me complexation are introduced. Finally, the outlook for FQs-

Me complexation is presented. 

Fluoroquinolones: medical usage, structure, physicochemical properties 



178 

 

The effectiveness of the first-generation FQs was mostly against Gram-negative bacteria [59]. However, 

due to the modifications in their structure, the newer-generation of FQs possess broad antimicrobial 

spectrum, against Gram-positive and Gram-negative strains. They are used to treat infections of the skin, 

urinary, gastrointestinal and respiratory tracts or sexually transmitted diseases as shown in Table 1 [60, 

61]. Their structure differs from quinolones due to fluorine atom attached to the central ring at the C-6 

position and piperazine ring (or another N-heterocycle) at C-7 position (Table 1). The addition of these 

two groups improved antibiotic activity and pharmacokinetic properties [62]. Two ionizable groups are 

present in the FQs structure, i.e. carboxylic group at C-3 and piperazinyl group at C-7 with the 

macroscopic dissociation constants, which are referred to as pKa1 and pKa2, respectively, as shown in 

Figure 1. Different substituents, i.e. additional fluorine atom (lomefloxacin (LOME)) or methoxy group 

(GTI) at C-8, cyclopropane group (CIP, sparfloxacin) and ethyl group (NOR, LOME) at N-1 in central 

ring, amine group at C-5 (sparfloxacin), various N-heterocycles at C-7, modify features of the compound 

[11, 59]. However, groups at C-4 (carbonyl group), as well as C-2 (hydrogen atom) and C-3 (carboxyl 

group) remain unchanged due to their key role in antibacterial activity [59, 63]. In aquatic solutions, 

FQs can exist in protonated form in acidic pH (H2FQ+). At pH 1, this form is present in nearly 100%. 

Zwitterionic (HFQ±) or uncharged (HFQ0) form occurs in slightly acidic or neutral pH and anionic form 

in alkaline pH (FQ-) [56, 64, 65]. In general, FQs exist as a zwitterion, in broad pH spectrum (pH may 

range between 3 and 11) [56]. 

FQs target two bacterial enzymes, which are essential in DNA replication and/or transcription [59, 66]. 

DNA gyrase is a bacterial enzyme, which catalyzes negative super-coiling of double-stranded DNA. A 

homolog of gyrase, topoisomerase IV, is responsible for partitioning of chromosomal DNA following 

DNA replication. FQs form stable ternary complex that includes the antibiotic, enzyme and DNA 

segment. FQs bind to DNA via carbonyl and carboxylate oxygen atoms by hydrogen bonds, as shown 

in Figure 2 A, while the fluorine atom, N-heterocycle group at C-7 and carboxylate ion are connected 

with the enzyme [11]. This leads to the restraining of enzyme activity and blocks the regulation of 

conformational changes in the bacterial chromosome during replication and transcription. It probably 

causes the cleavage of DNA and release of double-strand DNA ends, followed by cell death [66]. 

The presence of Mg2+ is essential due to its role as a mediator between FQs, DNA, and targeted enzymes. 

The importance of magnesium ions in DNA unwinding, in the presence of FQs, was observed by 

Tornaletti and Pedrini (1988) [67]. Later, the mediator role of Mg2+ was confirmed by Palu et al. (1992) 

[68]. Subsequently, researchers aimed to investigate FQs-Mg-DNA-enzyme interaction. Based on the 

crystal structure, it was proved that magnesium ions are chelated by FQs via two oxygen atoms in the 

carboxylic group and the carboxyl group of FQ [69-72]. Further experiments, which investigated the 

CIP-Me complexes, suggesting that CIP-Mg complex is bound to DNA by phosphate group of DNA 

[73]. Two groups of researchers succeeded in obtaining the crystal structure of the complex between 

FQs and topoisomerase IV mediated by magnesium ions [63, 74]. It was proved that magnesium ions 
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are coordinated by FQ molecule via oxygen atoms in the carboxylic group (C-3) and a carboxyl group 

(C-4) (fig. 2 B) [63, 74]. Later, Mg2+, with coordinated water molecules, binds to one of the enzyme 

subunits by hydrogen bonds (fig. 2C), while groups at C-1 and C-8 FQ intercalate DNA. It was observed 

that the bases, which surround antibiotic, adapt FQ molecule and direct the base polar atoms Mg2+ and 

its water coordinates [63]. The N-heterocyclic group at C-7 opens the pocket between the enzyme 

subunit and DNA. Figure 2C presents the coordination sphere around magnesium ion, which shows the 

importance of Mg2+ in interaction with moxifloxacin, DNA and enzyme as described earlier, due to the 

coordinated water molecules, moxifloxacin-Mg2+ complex may bind with DNA bases and enzyme. 

However, the studies on GTI presented that Mg2+, may also be a bridge in FQs – DNA interaction by 

binding with the phosphate group of DNA [75]. Also, different divalent ions, i.e. Cu2+, Cd2+ and Co2+, 

may increase GTI – DNA binding ability – transition ions bind with N-7 of purine base of DNA, which 

is in inside its molecule (fig. 2 D) They facilitate the FQ binding by acting as an intermediate between 

GTI and DNA (fig. 2 E) [75]. Mediating properties of ions in FQs-DNA interaction were also confirmed 

for OFL and Cu2+, LOME and Cu2+, Ni2+, Co2+, Zn2+ [76].  

In general, magnesium ion was found to be the most potent in DNA-enzyme-FQs binding, even though 

its formation constant log β with FQs is relatively low as compared to other metal ions (logβMg may 

range between 10-12, logβCu=13-29, logβZn=11-26). Mg2+ has the lowest ability to bind to DNA bases 

amongst tested complexes, but it binds strongly with the DNA phosphate group [75]. However, there is 

not enough data about the exact influence of metal ions on FQs–enzyme–DNA interaction. Hence, 

extensive studies should be performed to understand the importance of FQs-metal complexation on a 

molecular level.  

FQs metal complexation 

The formation of FQs-metal complexes generally alters the properties of the parent compound. The first 

report was concerned about the malabsorption of ciprofloxacin in the presence of antacid, which 

contained magnesium/aluminum [43]. The decrease of absorption occurred due to the formation of CIP 

and ion metal chelate. Ever since the extensive studies of FQs metal complexation have been performed.  

Ability of FQs to form complexes  

The structure of FQs allows them to form metal complexes. Figure 1 presents FQs potential metal 

binding sites. A detailed description of FQs binding properties was presented by Turel (2002) [55], 

updated by Serafin and Stanczak (2009) [77] and most recently by Uivarosi V. (2013) [56]. Usually, 

they act as a bidentate ligand, through one of the oxygen atoms of a carboxylic group and a carbonyl 

ring oxygen atom [39, 78, 79]. They can also coordinate ions in a unidentate manner via terminal 

nitrogen atom in piperazinyl group [78]. Rarely, it is possible to form a FQs-metal complex by two 

carboxyl oxygen atoms or both piperazine nitrogen atoms [80, 81]. Hence, it can be observed that FQs 
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do not exhibit unitary manner of metal complexation. It makes the generation of FQs-Me complexes 

difficult to examine. 

 The investigation of thermodynamic parameters of decomposition process was performed to 

have more insight into complexation mechanism. The energy of activation (E*), the entropy of activation 

(ΔS*), enthalpy of activation (ΔH*) and Gibbs free energy (ΔG*) of NOR-Me complexes are presented 

in Table 2 [82-84]. They were calculated graphically by adapting Coats–Redfern equations as given in 

1-3 [85]: 

ΔS*=R·ln(Ah/kT)          (1) 

ΔH*=E*-RT           (2) 

ΔG*= ΔH*-T ΔS*          (3) 

where R is the gas constant, A is the Arrhenius constant, h is the Planck constant, k is Boltzmann 

constant, T is the peak temperature of the decomposition. The values of activation energy of 

decomposition are relatively high, and they show the thermal stability of the complex. All complexes 

exhibit negative values of ΔS*, which increased the overall value of ΔG*. This indicates that the process 

of decomposition is non-spontaneous, and the reaction is disfavored. The positive values of ΔH* 

indicates, that the process is endothermic – the system requires energy for the reaction to move onwards. 

Overall, the data presented in Table 2 proves that FQs form stable complexes with metal ions. 

Equilibrium of FQs-metal complexes  

FQs bind with divalent ions in 1:1 or 1:2 ratio (metal:ligand) and with trivalent ions, in 1:1 or 1:3 ratio, 

rarely 1:2 [39, 56]. Apart from the concentration of metal ion and ligand, the preferences of complex 

molar ratio may be pH dependent. For instance, during CIP-Cu complexation, 1:1 ratio is favored in 

more acidic regions, but at higher pH, 1:2 complex is formed [86]. Furthermore, it was discovered that 

FQs forms more stable complexes with trivalent cations than with divalent. The least stable FQs 

complexes are with magnesium (II) and calcium (II) [87, 88], The factor that affects the stability of the 

complex is also dielectric constant of solvent [89]. The dielectric constant ε (relative permittivity) is an 

ability of media to isolate charges. It is also related with the chemical polarity of media. In solutions, 

when the dielectric constant is high (e.g. water, ε = 78), there is no ion association due to the high 

polarization of media, metal ions and FQs in ionic form would exist as free ions. However, when ε is 

lower (e.g. MeOH, ε = 32.6), the complex can be formed via ion-pairing [89]. Hence, the lower dielectric 

constant, the more stable compound due to stronger ion association occurrence. However, the formation 

of metal complexes is a favored reaction and created compound exhibits high stability, which results in 

complex formation even in water (high dielectric constant). Complex formation is also pH-dependent, 

due to ionization of compound [90]. FQs are zwitterionic, due to the presence of carboxylic acid group 

and basic piperazinyl group. When pH is low (acidic), the basic group will be stronger ionized. With 
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increasing pH, ionization of basic group weakens, but ionization of acidic group increases. Hence, FQs 

affinity to bind ions differs, depending on ionization form of antibiotic. The affinity of LOME for two 

divalent ions (Mg2+, Ca2+) decreases in the order anion>zwitterion>>cation [56].  

Extensive studies have been performed to establish stability constants (log) of FQs metal complexes. 

However, the values of the log may differ from each other, due to various methods and experimental 

conditions that were used, especially pH. Table 3 presents overall stability constants of representative 

FQs-metal complexes, obtained by Urbaniak et al. (2009) [88]. The potentiometric titration experiments 

were performed at pH 2-11 range and ionic strength I= 0.1 M NaCl, so that all log values were 

determined in the same conditions. Later, obtained data were analyzed by Hyperquad program. The 

highest values of the log are found for complexes with trivalent ions, ranging between 15.8 and 51.6, 

which confirms that they are the most stable in tested conditions. The lowest log values can be observed 

for complexes with Mg(II) and Ca(II) – the values varied from 9.39 to 11.88. Hence, they are the least 

stable FQs complexes [87, 88].  

 Park et al. (2000) investigated the divalent cation complexation with OFL and NOR [45]. The 

complex formation constants values for cations, which belong to the beryllium group, decrease in the 

manner Mg2+>Ca2+>Ba2+, owing to increase of cationic radii. If the constant values for transition ion 

metals are compared, they are lower for Mn2+ and Zn2+ than for Ni2+ and Co2+. The lowered constants 

are due to the occupation of the electrons in d-orbital. For instance, Zn2+ d orbital is fully filled, hence 

the interaction between the metal ion and FQs orbitals is weak and the constant value is mainly 

determined by ion-dipole interaction. The cations, Ni2+ or Co2+ form more stable complexes than Mn2+ 

and Zn2+, due to additional electron-electron interactions between metal ion and ligands. In conclusion, 

the complex formation value increases with the increase of nuclear charge of metal ions. Thus, generally 

alkali-earth metal ions, commonly present in water and soils, form less stable complexes. However, 

metal ions that are considered as heavy metal ions, have higher nuclear charge, forms complexes which 

are more persistent and pose a greater threat to the environment [40, 91]. 

Impact of FQs complexation on wastewater treatment  

In recent years, the scientific community has focused on the investigation of FQs fate in WWTPs. 

However, the data concerned about FQs metal complexation influence on the WWTPs is still scarce. 

Generally, FQs are mostly removed by adsorption on the sludge, with 80-90% of removal efficiency 

[21, 92]. It was observed that presence of Mg2+ and Ca2+ inhibited sorption of NOR, OFL, and CIP in 

saline sewage [92]. As mentioned earlier, Mg2+ and Ca2+ generate the least stable complexes, hence it is 

possible that metal ions, like Cu2+ or trivalent ions, may exhibit the different effect. Formed complexes 

may enhance FQs affinity to the sludge or make them more resistant to further degradation, which may 

be anaerobic/aerobic digestion by bacteria. Studies showed that generally biodegradation of FQs is 

negligible, mostly due to the low hydraulic retention time of FQs in the system or/and predominance of 
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adsorption as a removal method [21, 92]. Moreover, the persistence of OFL and its toxicity towards 

Pseudomonas putida in activated sludge was observed [93]. As presented in next section (5.1.), FQs-

Me complexes may exhibit toxicity towards bacteria. This may result in a reduction of bacterial 

community, present in activated sludge. Thus, biological wastewater treatment would be less efficient. 

Furthermore, CIP was found to be difficult to degrade in aqueous systems, yet in soils, the mineralization 

was observed [94]. However, if CIP generates stable metal complexes, it is possible that mineralization 

will be slower, thus environmental exposure of antibiotic is longer. Hence, apart from FQs presence 

itself, other variables should be taken into consideration during wastewater treatment, such as the 

presence of other compounds, that may react with them, including metal ions.  

Numerous studies were performed to determine the efficiency of FQs degradation during 

physicochemical treatment. The most promising methods are advanced oxidation processes. For 

instance, it was proved that CIP can be effectively removed from via oxidation using titanium dioxide 

[95, 96]. The solar photocatalytic ozonation, using TiO2, exhibited high mineralization rate (around 

85%) of OFL, along with other pharmaceuticals and additionally this system decreased ecotoxicity of 

the compounds [97]. Over 90% of ENR was degraded during oxidation, using H2O2, facilitated by 

copper oxide and titanium carbide nanoparticles [98]. The effectiveness of Fenton process was also 

tested. Diao et al. (2017) developed a system, where FeS2/SiO2 microspheres were used as a Fenton 

catalyst [99]. As a result, almost 100% of CIP was degraded within 60 minutes. Even though presented 

methods are promising to degrade FQs, yet there is no information available on the possible degradation 

of FQs-metal complexes. They may facilitate the breakdown of such compounds or disturb the lysis due 

to relatively high stability constant of complexes.  

Impact of the FQs complexation on the microorganisms in the water and soil 

 Antimicrobial activity of FQs-Me complexes 

The presence of FQs and its persistence in environmental compartments may induce a toxic effect on 

microorganisms living in soil and water [94, 100]. It was proved that CIP maintained its antimicrobial 

activity in both systems, with the inhibition potency stronger in water than in soils. The FQs metal 

complexes may have the same antimicrobial efficiency as the parent compound, however, they may be 

more toxic. Factors that influence the complex efficiency against microorganisms are: (1) the nature of 

the metal ion; (2) the nature of the ligands; (3) the chelate effect, i.e. complexes with bidentate chelating 

ligands (FQs) and N, N′-donor ligands, exhibit increased antimicrobial potency; (4) the overall charge 

of complex – usually the antimicrobial activity follows the order: cationic> zwitterionic> anionic 

complex; (5) the nature and existence of the ion neutralizing the ionic complex; (6) the number of central 

metal atoms joined in the coordination compound (nucleus) - in general, dinuclear complexes are more 

potent than the mononuclear ones [46].  
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Table 4 presents antimicrobial activity expressed by minimal inhibition concentration (MIC) [g/ml] – 

the lowest concentration of compound that prevents the visible growth of bacteria [39, 72, 101-105]In 

Table 5, the results obtained via diffusion method, qualitative antimicrobial susceptibility test, are 

introduced [106-108]. In some cases, the efficiency to inhibit microorganisms is lower than the ligand 

itself. However, in general, FQs metal complexes exhibit similar or enhanced antimicrobial activity, 

comparing with free ligands. In fact, the composition of the media that was used and the experimental 

condition may affect the outcome of the toxicity assays [109]. The interaction between the antibiotic-

metal complex and media components may lead to complex alteration, i.e. hydrolysis. Thus, the active 

compound that exhibits toxic effect towards the microorganism, may not be necessarily tested substance.  

Chelation theory can explain the increase in the activity against microorganisms. Metal ions partially 

share positive charge with the donor groups of ligands, thus the polarity of ions is decreased. The orbital 

of ligand and orbital of the cation are overlapping. The delocalization of -electrons in the chelate ring 

occurs, thus the lipophilicity of the complex increases, which facilitates the passage of FQs-Me complex 

through the cell lipid membrane and cell penetration [44, 110, 111].  

  The antifungal activity of FQs was also tested. In most cases, FQs have no effect on fungi, 

except for [Ni/Co(LOME)(H2O)4]Cl2·H2O complexes (Table 5), which increased inhibition potency 

against C. albicans [106]. The results were compared with a standard antifungal antibiotic, 

Amphotericin B and LOME-Me complex proved to be less active. GTI-Me complexes (except for Mn2+ 

and Mg2+ complexes) also exhibited enhanced activity against C. albicans (Table 5) and Fusarium solani 

(data not shown) [108]. From a medical point of view, they are potential antibiotics against fungi, e.g. 

C. albicans, which causes candidiasis - one of the most common hospital infection [112]. FQs-Me 

complexes may be less toxic for humans than other antifungal compounds, such as amphotericin B. 

However, on the environmental point of view, FQs and their metal complexes may disturb fungal 

communities, which can be essential for their ecosystem. For instance, some of the fungi live in the 

symbiosis with plants (mycorrhiza) [113]. Hence, the presence of compounds that have a toxic effect on 

them, would also affect the growth of these plants. Moreover, the toxic effect on fungi may have an 

adverse effect on soil quality, since saprophytic fungi are important for retaining nutrients in the soil 

[114, 115]. 

Antibiotic resistance 

 Long-term exposure to FQs in the environment induces the selection of antibiotic-resistance 

bacteria, which has become more prevalent in recent years. Girardi et al. (2011) conducted the study 

concerned about CIP resistance genes present in soils [94]. The genes were not detected in tested bacteria 

strains, however, resistance genes occurred after >14 days of incubation with the antibiotic.  

The resistance of FQs may appear due to the mutation in specific regions of enzyme subunits – gryA 

and gryB in DNA gyrase and parC for topoisomerase IV [59]. The other resistance mechanism is 
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upregulation of efflux or reduction of the cell membrane permeability by altering membrane porins 

[116]. The plasmid-mediated resistance has been also observed [117]. Proteins, encoded on plasmids, 

can protect topoisomerase from the attack of quinolones.  

It was proved that presence of heavy metal ions in environment exhibits positive correlation with the 

abundance of some antibiotic-resistant genes [118-120]. Metals alone possess antibacterial properties 

[121]. They may lead to protein dysfunction and deactivate enzymes by exchange of structural/catalytic 

metal (Pb(II), Ni(II)) or oxidation of Cys in Fe-binding site. Production of reactive oxygen species by 

Fe(III) or Cu(II) may cause, for example, DNA damage. They may also disable membrane function 

(Ag(I), Cu(II), Cd(II)) or interfere with nutrient uptake (Fe(III)), Metals also exhibit genotoxicity (e.g. 

Mn(II), Cr(VI), Cd(II), Co(II)) [121]. Hence, bacteria have developed resistance mechanisms toward 

metals. Furthermore, the antibiotic and heavy metal resistance genes may be linked in the same plasmid 

[118, 120]. Hence, metals may influence selection for antibiotic-resistant strains due to a long-term 

selective pressure to bacteria – metal does not undergo degradation, like antibiotics and other chemical 

compounds. The exact mechanism and influence on antibiotic-resistant strains of heavy metals is yet to 

be further investigated.  

Modifications of known compounds can be tested to overcome the FQs-resistant bacteria and FQs-metal 

complexes which is promising in achieving this objective. The data suggested, that free antibiotic and 

FQs-Me complexes are transported via two different intake routes. FQs enter the cell through non-

specific channels, i.e. OmpF or OmpC porins, via passive diffusion and interaction within channels [116, 

122, 123]. However, bacteria have developed resistance to reduce antibiotic intake by changes in the 

permeability of porins or antibiotic efflux mechanisms. In fact, FQs-Me complexes probably enter the 

bacterial cell in a different manner [124, 125]. The interaction between lipids present in the membrane 

and antibiotic complex were found to be much stronger, than with free FQ, due to the electrostatic 

interaction between cationic FQ-Me complex and negatively charged groups of lipids. As a result, 

metalloantibiotic enter the cell based on hydrophobicity changes [125, 126]. On the other hand, due to 

the co-contamination of metal ions and antibiotics in the environment, it would be possible for FQs to 

obtain resistance against metalloantibiotics as well, by changes in membrane composition. 

The concerning phenomenon is the development of bacterial defense method via formation of biofilms 

[127]. In the presence of antibiotics, they use the extracellular biofilm permeability barrier to interfere 

with the uptake of toxic compounds. However, this process is energetically very costly, hence it may be 

ineffective. The presence of cations is crucial for this interaction. The metal bridge is formed by binding 

deprotonated tryptophan, present in biofilm matrices, to the metal ion, which is connected to 

carboxyl/carbonyl of FQs. Without metal bridging, the cell exhibits higher permeability, FQs uptake, 

hence the defective chemotaxis occurs [127]. The process is found to be cost-effective energetically for 

bacteria. Metal bridging forming in biofilm matrices is considered as a crucial factor in antibiotic 

resistance of bacteria.  
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Bioaccumulation  

FQs were found in golden eagle nestlings and vultures in a concentration range between 20-150 g/L 

[128, 129]. With bioaccumulation factor value of 3262 L/kg, CIP exhibited potential accumulation in 

crucian carp, present in the Haihe River, China [130]. The vegetable-soil systems were also investigated 

[131, 132]. It was discovered that CIP was absorbed by roots of Chinese cabbage, radish, tomato and 

long bean and then may be distributed to aboveground parts [131]. NOR was found to accumulate in 

radish and pakchoi [132]. This data is highly alarming – these vegetables are commonly used in many 

households throughout the world. Their presence may have an adverse effect on human homeostasis, 

like affecting gut bacterial flora. Nevertheless, the knowledge about FQs bioaccumulation is still 

insufficient and more so of the impact of FQs-metal complexation.  

 Mobility of FC-metal complexes in different environments (water & soil)  

The logKO/W values of different FQs (Table 1) indicate that they have a high affinity for water. 

Nevertheless, the studies revealed that FQs tend to adsorb to soil, sediments, and sludge [21, 28, 133-

135]. Van Doorslaer (2014) indicated that the reported literature values of logKO/W include modeled and 

experimental data, where experimental values are at least 1 log unit higher than data obtained via 

modeling tools [57]. Furthermore, the experimental data showed that there is variability between 

logKO/W values, probably due to different temperature of solution and pH depending partitioning [57]. 

The amphoteric nature of FQs also played a significant role in this case due to their various speciation 

occurrence.  

In the environmental compartments, the abundant substance, that may affect pharmaceuticals mobility 

is the organic matter [136, 137]. Aristilde and Sposito (2010) conducted the molecular simulations of 

the interaction between CIP and humic acid, the representative of the organic matter [138]. In an acidic 

environment, when the humic substances are protonated, CIP exhibits higher affinity towards them. 

However, at neutral pH and in the presence of divalent cations, two scenarios may take place. The first 

one is the formation of a ternary complex between CIP and humic substances with metal ions, acting as 

the mediator. In the second scenario, divalent ions impede the formation of the CIP-humic substance 

complex [138]. They concluded that the enhancement of the complex formation inversely depends on 

the ionic radius of the cation – Mg2+ and Fe2+ facilitating the bonding between CIP and humic substances 

when compared with Ca2+.  

Cation exchange, bridging, or surface complexation are the interaction mechanisms between FQs and 

soils [135, 139, 140]. In tropical conditions, their distribution coefficient Kd value can reach over 544.2 

L/g, while for sulfonamides under the same conditions, it ranged between 0.7-70.1 L/kg [135]. The soil 

contains different environmental particles, including mineral components, like hydrous oxides. One of 

the most important minerals, due to their highly reactive surfaces, are hydrous oxides of aluminum and 

iron [141]. They can form complexes with metal ions or organic compounds. In general, they are 
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amphoteric. Thus, sorption of the FQs, such as CIP, onto hydrous oxides is a highly pH-dependent 

process [141]. With the increased pH, the sorption of CIP increased as well, until it reached near neutral 

pH (pH 7.8 for hydrous oxides of aluminum, and 6.5 for hydrous oxides of iron). Beyond this pH value, 

the affinity to sorb CIP onto hydrous oxides decreased [141].  

The influence of divalent ions (Cu2+ and Ca2+) on CIP transport in saturated sand media was investigated 

[142]. When Al/Fe oxides were present, coated onto the native sand, CIP transport was hindered. Al/Fe 

tended to form strong complexes with CIP, which resulted in CIP immobilization onto sand and decrease 

of its concentration in aquatic solution. In this case, only Cu2+ could slightly promote CIP transport. 

When CIP was pre-sorbed onto the sand, both divalent ions were unable to support the mobilization of 

antibiotic. The pre-sorption of Cu2+/Ca2+ onto quartz sand increased CIP adsorption due to metal 

complexation [143]. However, in clean sand, where Fe/Al hydrous oxides were removed, Cu2+/Ca2+, 

present in solution, enhanced the mobility of CIP. Though, the effect of Cu2+ promotion was stronger 

than the effect of Ca2+ [142, 143]. These results indicate that the presence of metal ion may enhance or 

reduce CIP sorption efficiency, depending on the metal ion type and if they are present in solid or liquid 

phase. 

 FQs adsorption onto diverse types of soils in the presence of divalent ions have been performed. 

The presence of Zn2+ influenced the retention of the ERN on a calcareous soil, leading to an increase of 

the adsorbed ENR amounts, as presented in Figure 3 A [50]. The distribution coefficient Kd value for 

ENR adsorption was Kd=0.66 L/g, but for ENR in the presence of zinc (ENR-Zn complex, ratio 1:2), Kd 

was higher at 1.04 L/g [50]. The influence of Cu2+ on ENR has also been investigated– and the ion 

presence significantly enhanced ENR amount, which adsorbed onto the soil [144]. The data shows that 

ENR and Cu2+ create ternary surface complex, where Cu2+ binds in a bidentate fashion to the surface in 

an inner-sphere mode and it forms a bridge between ENR and soil surface.  

The similar dependence was observed with CIP adsorption on goethite [145]. The presence of divalent 

metal ions increased CIP retention on the soil surface, probably via cation bridging. The order of metal 

binding affinity of CIP was Cu2+>Pb2+>Cd2+>Ca2+, which corresponded with the obtained complexation 

constants values. The process did not depend on pH, except for CIP-Cu interaction, which exhibited 

significant pH dependency due to strong CIP-Cu complexation (the highest complexation constant value 

in this group of metal ions). The concentration ratio of CIP and metal ions affected antibiotic adsorption 

– the highest antibiotic adsorption did not occur when the metal ion concentration was in excess. It 

probably happened due to the partial contribution of metal ions in the CIP sorption process. Moreover, 

it was proved that metal ions can compete with CIP for the sorption site in the soil as shown in Figure 3 

B [142, 143]. Furthermore, the presence of Cu2+ and fluvic acid enhanced the sorption of CIP on soil, 

though the competition between them and decrease of CIP sorption was expected [145].  
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The co-adsorption of CIP and Cu2+ was also investigated on montmorillonite and kaolinite, where 

montmorillonite have greater cation exchange capacity than kaolinite [146]. The sorption process was 

tested in wide pH range. In acidic pH (<5.0), [Cu(CIP±)]2+, CIP+ and Cu2+ were present in solution. 

[Cu(CIP±)]2+ was prevalent between pH 6.0-7.0, and when pH reached 8.0, [Cu(CIP-
2)] started to 

precipitate. Between pH 4.0 – 7.0 CIP exhibited strong sorption ability on montmorillonite by cation 

exchange, probably between permanent charge site on the clay and nitrogen atom on heterocyclic ring 

of CIP+/CIP± [146]. The presence of copper (II) ions showed no effect on CIP sorption on 

montmorillonite below pH 6.0. It is possible, that montmorillonite provided sufficient sorption capacity 

and it could sorb CIP+ completely. However, above pH 6.0, the value of the CIP sorption increased, 

when Cu(II) was present. The negatively charged surface of montmorillonite affected the high 

adsorption of positively charged [Cu(CIP±)]2+/[Cu(CIP±)2]2+, rather than CIP±/CIP-. Another possible 

mechanism could be that first Cu(II) adsorbs onto clay and then CIP forms a complex with the adsorbed 

metal ion [146]. 

Kaolinite exhibited stronger sorption of CIP at higher pH (9.5) than montmorillonite, probably due to 

the interaction between the variable charge of the clay and carboxyl group of CIP [146]. Cu(II) presence 

decreased CIP sorption onto kaolinite below pH 6.0. CIP+ was more favorably adsorbed onto clay than 

CIP-Cu complex, because of the interfering interaction between the positively charged surface of 

kaolinite and carboxyl group of CIP. At higher pH, due to the cation bridge formation, 

[Cu(CIP±)]2+/[Cu(CIP±)2]2+ had a stronger affinity to sorb onto kaolinite [146]. 

 Studies investigating the influence of Ca2+ on adsorption of LEVO on goethite demonstrated 

another relationship between the metal ion and the antibiotic [147]. LEVO is a protonated form 

(H2LEVO+) at pH<5.0, which deprotonated (LEVO-) above pH 8.5 and it was neutral/zwitterionic 

(LEVO0/LEVO±) at pH range between its pKa values. The highest LEVO adsorption onto goethite is at 

pH 6.0 and it decreased above or below this pH value. The presence of Ca2+ inhibits adsorption which 

is pH independent. LEVO forms complexes with Ca2+ (fig. 3C), which are more positively charged than 

LEVO itself. Below pH 8.0, CaH2LEVO3+, CaHLEVO2+ or CaLEVO+ may be detected, which 

contributed to lowering of the concentration of absorbed LEVO. Probably, Ca2+ competed with the 

positively charged surface of goethite to form complexes with the carboxyl group of LEVO.  

Another research, conducted on three types of soils (Paddy H, Paddy G, and Red J), revealed that NOR 

adsorption capacity decreases, as the concentration of metal ions increases [148]. However, another 

study showed that in general, with increasing Cu2+ concentration, the Kd value and sorption amount of 

NOR in black soil, flavor-aquic soil and red soil increase, but then the sorption amount is reduced, 

regardless NOR concentration. Nevertheless, the inhibition effect of divalent ions on NOR adsorption 

follows the order Cu2+>Mg2+>Ca2+>Zn2+ for paddy soils and Cu2+>Zn2+>Ca2+>Mg2+ for red soil. The 

different ion inhibition order depends on soil properties, like containing additional clay mineral – 

smectite by paddy soils or higher cation exchange capacity of paddy soils than red soils [148]. Moreover, 
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the formation of the antibiotic-metal complex may affect sorption affinity of NOR onto soils, by 

affecting antibiotic properties. The other factor may be metal ions, which entered solution from tested 

soils. This may have changed the overall concentration of presentions and caused predominance of one 

metal ion over another.  

 The differences in environmental compartment composition are the main factors that influence 

the mobility of FQs and their metal complexes. Other parameters, such as pH, ambient temperature, and 

climate may also have influence. However, the data is still scarce, hence further evaluation of metal ions 

influence on FQs transportation should be performed.  

 Novel approaches towards FCs-metal complexation 

FQs-metal complexes are not only tested as antibacterial compounds but also, they have other 

applications. For instance, [CoCl2[149](H2O)2] and [CoCl2(SPR)(H2O)2] exhibit activity against the 

intracellular form of Trypanosoma cruzi, a parasite which causes Chagas disease. This potentially life-

threatening illness is mostly found in Latin America countries and during acute phase usually manifests 

as a skin lesion or a purplish swelling of the lids of one eye, but the chronic phase affects the heart or 

digestive system. SPR and NOR alone have a weak effect on the parasite, though. Moreover, FQs-Me 

complexes with phenanthroline (phen), [CuCl2(phen)] with [CuCl2(phen)(SPR)], present the significant 

efficacy against two bloodstream trypomastigotes and intracellular forms of T. cruzi [150]. Similar 

effectiveness has been displayed by LEVO-Cu complexes [151]. 

The ability of FQs to inhibit type II topoisomerases makes them an interesting potential anti-tumor drug, 

due to the same cellular target [152, 153]. Moreover, the combination of antimicrobial activity and 

cytotoxicity against tumor cells display the positive effect on patient survival. To enhance the potency 

of FQs, the studies, including metal-complexation influence, has been performed. The studies on FQs 

complexes with Zn (II) revealed that Zn-NOR complexes (1:2) displayed an efficiency to significantly 

decrease the viability of MDA (human breast adenocarcinoma), Caco-2 (human colon adenocarcinoma) 

and HeLa (human cervix carcinoma) cell lines [105]. The activity of complexes was higher than their 

ligand. However, the most promising application as an antitumor drug FQs-Me complexes are 

organoruthenium (II). The research group from the University of Ljubljana, Slovenia, have investigated 

complexes between Ru(II) and representatives of FQs (nalidixic acid, cinoxacin, OFL, LEVO, oxolinic 

acid) [154-157]. For instance, OFL-Ru complexes exhibited cytotoxicity against human tumor cell lines 

- colon adenocarcinoma and ovarian carcinoma [155]. The thiolated derivative of nalidixic acid and 

ruthenium complex exhibited higher inhibition potency of the two enzymes, involved in cancer 

progression and other human diseases – cathepsin B and S [156]. Furthermore, one of the complexes 

presented the activity against three different human tumor cell lines (small cell lung carcinoma, colon 

adenocarcinoma, and ovarian carcinoma) [156]. The novel nalidixic acid and Ru(II) complex exhibited 

cytotoxicity against HeLa cell line and weakly inhibited cathepsin enzymes [157].  
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The Mannich base is a CIP derivate, which was found to have more antitumor efficiency against human 

hepatoma cell lines (HCT-116 and HepG2) than its parent compound [158]. Moreover, the Mannich 

base complex with Cu2+ presented significant activity, however, its IC50 was lower than Mannich base 

itself. The cytotoxicity mechanism of the copper compound involved the stabilization of the intermediate 

of cleavage DNA-topoisomerase II complex and interference with the mitochondrial respiration chain. 

On the other hand, the Mannich base itself exhibited different mechanism: it caused cell cycle arrest, 

disrupted ATP production and inhibited topoisomerase II activity through regulation of a pro-apoptotic 

gene [158]. 

Komarnicka et al. (2016) presented cytotoxic effectiveness of complexes of Cu(I) and phosphine derived 

from SPR against mouse colon carcinoma CT26 and human lung adenocarcinoma A549 cell lines [159, 

160]. All compounds tended to accumulate in tumor cells and they induced their apoptosis. The stronger 

activity was exhibited by complexation with halogen ligands. The mechanism of cytotoxicity probably 

involves their interactions with DNA. Moreover, the presence of free radicals indicates that they may 

influence the antitumor activity of complexes as well [160].  

FQs-metal complexes are also used as a detection method. FQs complexes with Tb3+ and Eu3+ exhibit 

luminescence and chemiluminescence properties, which may be useful for analytical applications [161, 

162]. The detection method based on these interactions have been tested for presence of ENR [163, 

164], trovafloxacin [165], CIP [166], OFL [167], LEVO [168] or GTI [169]. FQs metal complexes may 

also be used to detect other compounds. For instance, the sensitive spectrofluorometric method has been 

developed to detect ATP due to its interaction with Al-GTI [170]. The fluorescence response of the 

complex has been enhanced by the increasing concentration of ATP. Moreover, the method is simple 

and cost-effective [170]. A similar method may be applied for DNA determination via Tb-prulifloxacin 

complex [171]. The enhancement of fluorescence intensity of the FQ-Me complex occurs after addition 

of DNA. The method is very sensitive and environmentally friendly.  

 Future outlook as extended to different environmental compartments 

Long FQs exposure in soils may affect soil fertility. It has been already proved that high concentration 

of CIP in soil significantly decreased radish growth [131]. Furthermore, FQs-metal complexes, which 

may be persistent in the environment, may also affect plants and microbial community, which is 

necessary for proper soil fertility. Disturbance of this dependence may cause reduction of yields or 

malformation of plants. Moreover, if the plant can accumulate FQs-metal complexes, they may affect 

living organisms, including human, when the plant is edible. This may lead to accumulation of heavy 

metals, which exhibit toxicity when alone, but also the presence of antibiotic may have adverse effects. 

However, the exact effect of FQs-Me complexes on living organisms, except for bacteria, fungi, and 

some protozoa, is still unknown.  
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The analogous situation takes place in aquatic compartments. FQs-Me may remain stable in solutions, 

hence they may affect aquatic fauna and flora, i.e. bacteria, cyanobacteria, green algae, aquatic plants 

or fish. Furthermore, rivers or water basins are often drinking water source, thus antibiotic-metal 

complexes may be present in households, which pose the same threats as mentioned earlier. 

Furthermore, due to the novel technological adaptation of FQs-Me, their application may expand, 

however, their possible environmental impact and safe disposal must be considered.  

Nowadays, there is still unawareness of harmful effects that are posed by FQs and its metal complexes. 

Extensive studies should be performed to know exact influence of the complexes on the ecosystem. 

Furthermore, the WWTPs should be improved to detect and eliminate FQs presence in water. Treatment 

of sludge and soils should also be investigated, to avoid the formation of FQs-Me occurrence. Awareness 

must be raised so that society will be sensible towards proper drug disposal preventing inadvertent 

antibiotic-metal interactions and reactions.  

 Conclusion 

The FQs ability to form metal complexes has been widely studied, as well as their potential medical use. 

They form complexes with divalent and trivalent ions, however interaction between trivalent metal ions 

and FQs is stronger due to higher formation constant. Formation of FQs-Me complexes and their 

influence on WWTP processes is still unknown. Researchers [39, 73, 101-108] have investigated the 

potential toxicity of FQ-Me complexes to microorganisms and generally, complexes have similar 

activity as FQs. In some cases, such as [Co(CIP)2(H2O)2]∙9H2O [39], Fe(ENR)3 [101] or Co-LEVO 

[107], they exhibit enhanced toxicity. Complexes, i.e. [Ni/Co(LOME)(H2O)4]Cl2·H2O [106] or GTI-Me 

(Me=Ca2+, Cd2+, Fe3+, Co2+, Ni2+, Co2+, Zn2+) [108], may also exhibit antifungal potency. Hence, so far 

knowledge of FQs-Me complexes strongly signifies that FQs-metal complexes may also contribute to 

the dissemination of antibiotic-resistant bacteria and/or genes. Further, FQs-Me complexation was 

promoting the FQs transport among different environmental compartments such as water, sediment, and 

soils by adsorption, desorption and ionization processes. And these interactions depend on the present 

condition and composition of the environmental matrices.  
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Tables 

Table 1. Structures, medical use and physicochemical properties of fluoroquinolones representatives. Data obtained from PubChem Compound Database [60] 

Quinolone 

structure 

  

Compound 

name 

Medical use R1 R2 R3 R4 R5 PubChem 

CID 

Molecular 

weight 

[g/mol] 

logKow  pKa Solubility (in 

water) [mg/L] 

Ciprofloxacin 

(CIP) 

Human medicine: urinary tract 

infections, acute uncomplicated 

cystitis, chronic bacterial prostatitis, 

lower respiratory tract infections, 

acute sinusitis, skin and skin 

structure infections, bone and joint 

infections, complicated intra-

abdominal infections (used in 

combination with metronidazole), 

infectious diarrhea, typhoid fever 

(enteric fever), uncomplicated 

 

-H 

 

-F -H 2764 331.347 0.28 pKa1=6.09 

pKa2=8.74 

30.0 (20°C) 
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Quinolone 

structure 

  

Compound 

name 

Medical use R1 R2 R3 R4 R5 PubChem 

CID 

Molecular 

weight 

[g/mol] 

logKow  pKa Solubility (in 

water) [mg/L] 

cervical and urethral gonorrhea, and 

inhalational anthrax (post-exposure) 

Enrofloxacin 

(ENR) 

Veterinary med: treatment of 

individual pets and domestic 

animals (U.S.) 
 

-H 

 

-F -H 71188 359.401 0.83* pKa1 = 5.88 - 

6.06 

pKa2= 7.70 - 

7.74 

>53.9 

[µg/mL] 

Gatifloxacin 

(GTI) 

Human med: bronchitis, sinusitis, 

community-acquired pneumonia, 

and skin infections (abscesses, 

wounds) 
 

 
 

-F -H 5379 375.4 2.6 pKa1=5.69** 

pKa2=8.73** 

60 (at pH4) 
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Quinolone 

structure 

  

Compound 

name 

Medical use R1 R2 R3 R4 R5 PubChem 

CID 

Molecular 

weight 

[g/mol] 

logKow  pKa Solubility (in 

water) [mg/L] 

Levofloxacin 

(LEVO) 

Human med: acute bacterial 

sinusitis, pneumonia, urinary tract 

infections, chronic prostatitis, some 

types of gastroenteritis; addition to 

other drugs - tuberculosis, 

meningitis, or pelvic inflammatory 

disease 

 
 

-F -H 149096 361.373 -0.39 pKa1=6.24 Insoluble 

(>54.2 

[g/mL]) 

Lomefloxacin 

(LOME) 

Human med: bronchitis and urinary 

tract infections 

-

CH2CH3 

-F 

 

-F -H 3948 351.354 -0.3 pKa1=5.64*** 

pKa2=8.70*** 

27.2 
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Quinolone 

structure 

  

Compound 

name 

Medical use R1 R2 R3 R4 R5 PubChem 

CID 

Molecular 

weight 

[g/mol] 

logKow  pKa Solubility (in 

water) [mg/L] 

Norfloxacin 

(NOR) 

Human med: urinary tract 

infections, prostatitis, and sexually 

transmitted diseases (syphilis)  

-

CH2CH3 

-H 

 

-F -H 4539 319.336 0.46 pKa1= 6.34 

pKa2=8.75 

0.28 (25°C) 

Solubility in 

water is pH 

dependent, 

increasing 

sharply at 

pH<5 or pH 

>10 

Ofloxacin 

(OFL) 

Human medicine: respiratory tract, 

kidney, skin, soft tissue infections, 

urinary tract infections, urethral and 

cervical gonorrhea  
 

-F -H 4583 361.373 -0.39 pKa1= 5.97 

pKa2=9.28 

28.3 
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Quinolone 

structure 

  

Compound 

name 

Medical use R1 R2 R3 R4 R5 PubChem 

CID 

Molecular 

weight 

[g/mol] 

logKow  pKa Solubility (in 

water) [mg/L] 

Sparfloxacin 

(SPR) 

Human med: pneumonia, bronchitis 

(withdrawn from the U.S. market) 

 

-F 

 

-F -

NH2 

60464 392.407 2.5 pKa1= 5.75** 

pKa2= 8.79 ** 

Practically 

insoluble 
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** Data obtained from DrugBank Database [61] 

*** Data obtained from He K. et. al (2015) [22] 

Table 2. Thermodynamic parameters of decomposition process of norfloxacin (NOR) metal complexation 

Compound Temperature 

range  

[K] 

E*  

[kJ mol-

1] 

ΔS*  

[JK-1mol-

1] 

ΔH*  

[kJ mol-

1] 

ΔG*  

[kJ mol-

1] 

Ref. 

NOR 336–458 

537–735 

844–996 

4.43 

12.6 

17.5 

-1.78 

-1.73 

-1.74 

4.11 

12.1 

16.7 

1.1 

2.25 

3.28 

[82] 

[Mn(NOR)2](OAc)2· 8H2O 305–369 

727–827 

3.65 

24.5 

-1.74 

-0.26 

3.38 

23.9 

0.91 

2.19 

[Fe(NOR)3]Cl3·12H2O 316-383 

597-694 

9.33 

15.3 

-0.007 

-0.526 

9.05 

14.8 

0.903 

1.81 

[Co(NOR)2]SO4 8H2O 312-372 

706-909 

8.02 

11.1 

-0.399 

-1.63 

7.44 

10.04 

0.907 

2.4 

[Cd(NOR)2]Cl2·2H2O 303-413 

413-843 

843-1273 

37.98 

27.96 

71.28 

-129.2 

-87.45 

-104.4 

37.48 

25.31 

65.29 

45.23 

53.30 

140.5 

[84] 

[Cd(NOR)2](NO3)2 373-696 

696-1173 

71.66 

56.79 

-133.0 

-96.26 

68.67 

51.14 

116.6 

116.6 

[Hg(NOR)2]Cl2 323-423 

423-693 

693-923 

116.2 

59.40 

49.82 

-83.50 

-146.8 

-69.82 

115.6 

57.15 

45.74 

109.7 

96.79 

93.18 

[Hg(NOR)2](NO3)2 323-773 17.24 -67.41 14.17 39.11 

[Zn(NOR)2]Cl2·2H2O 303-413 

473-583 

46.75 

113.6 

-116.5 

-80.39 

46.21 

111.0 

53.78 

136.7 

[Zn(NOR)2]Br2 423–1273 205.0 -67.52 16.34 50.10 

[Cr(H-NOR)2(Cl)2]Cl· · 

3H2O 

303-586 53.43 -95.32 53.21 112.21 [83] 

[Mn(H-NOR)2(Cl)2] 303-909 101.5 -142.6 81..65 177.20 

[Mn(NOR)2(H2O)2] 303-593 208 -51.21 93.44 88.94 

[Ni(H-NOR)2(Cl)2] 303-903 60.42 -151.24 58.34 96.22 

[Ni(H-NOR)2(SO4)] 303-303 50.11 -97.44 51.22 92.46 
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Table 3. Overall stability constants logβ of FQs-metal complexes received via potentiometric titration experiment, pH 2-11, 

ionic strength I= 0,1 M NaCl, under gaseous nitrogen atmosphere, at 22 ◦C, and analyzed by Hyperquad programe. Data 

obtained from [88] 

pMe+qFQ+rH→MepFQqHr 

𝑙𝑜𝑔𝛽 =
[𝑀𝑒𝑝𝐹𝑄𝑞𝐻𝑟]

[𝑀𝑒]𝑝[𝐹𝑄]𝑞[𝐻𝑟]
 

Metal ions Ca2+ Cu2+ Mg2+ Zn2+ Fe3+ Al3+ 

CIP 

Me(FQ)H 11.24 14.89 11.88 12.74 18.86 16.27 

Me(FQ)2H2 - 29.06 - 24.84 - 29.67 

Me(FQ)3H3 - - - - 48.63 43.53 

ENR 

Me(FQ)H - 12.73 10.11 13.26 17.58 15.14 

Me(FQ)2H2 - 25.73 - 23.70 - 27.36 

Me(FQ)3H3 - - - - 44.63 44.28 

LEVO 

Me(FQ)H 9.93 13.74 11.88 12.90 18.98 18.90 

Me(FQ)2H2 - 26.25 - 23.87 - 31.17 

Me(FQ)3H3 - - - - 46.92 40.85 

LOME 

Me(FQ)H 10.66 15.94 10.90 10.90 25.44 18.95 

Me(FQ)2H2 - 28.61 - - - 23.36 

Me(FQ)3H3 - - - - 51.60 45.55 

NOR 

Me(FQ)H 10.65 14.75 11.80 12.90 15.80 15.36 

Me(FQ)2H2 - 28.45 - 25.35 - 29.47 

Me(FQ)3H3 - - - - 47.80 42.79 

OFL 

Me(FQ)H 9.89 14.21 11.11 14.64 20.32 17.56 
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pMe+qFQ+rH→MepFQqHr 

𝑙𝑜𝑔𝛽 =
[𝑀𝑒𝑝𝐹𝑄𝑞𝐻𝑟]

[𝑀𝑒]𝑝[𝐹𝑄]𝑞[𝐻𝑟]
 

Metal ions Ca2+ Cu2+ Mg2+ Zn2+ Fe3+ Al3+ 

Me(FQ)2H2 - 26.25 - 24.40 - 28.84 

Me(FQ)3H3 - - - - 48.32 41.11 

SPR 

Me(FQ)H 10.97 14.41 11.54 13.16 - 17.68 

Me(FQ)2H2 - 28.44 - 25.91 - 29.47 

Me(FQ)3H3 - - - - 50.54 42.53 

Abbreviations: [Me] – metal concentration, [FQ] – fluoroquinolone concentration, [H] – protons concentration, [MeFQH] – 

complex concentration, p, q, r – molar ratios of metal, fluoroquinolone and protons repsectvely, CIP – ciprofloxacin, ENR – 

enrofloxacin, LEVO – levofloxacin, LOME -lomefloxacin, NOR – norfloxacin, OFL – ofloxacin, SPR – sparfloxacin  
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Table 4 Minimal inhibition concentration of fluoroquinolone-metal complexes [µg/mL] 

Compound Minimal inhibitory concentration [g/mL]  Additional information 

(media composition, pH) 

R
ef

er
en

ce
s 

Bacteria Gram+ Bacteria Gram- 

S
.a

u
re

u
s 

M
.l

u
te

u
s 

B
. 

su
b

ti
li

s 

S
. 

ep
id

er
m

id
is

 

E
. 

fa
ec

a
li

s 

E
. 

co
li

 

P
. 

a
eu

g
ri

n
o

sa
 

S
. 

en
te

ri
d

it
is

 

K
..

p
n

eu
m

o
n

ia
e 

S
. 

li
q

u
ef

a
ci

en
s 

C
. 

fr
eu

n
d

ii
 

CIP 0.25 - 0.03 0.12 1 0.12 0.12 - 0.12 0.004 0.004 Agar incorporation method; 

media: Mueller Hinton 

broth/agar (Difco) - Beef 

extract 2 g/L, Acid digest of 

Casein 17.5 g/L, Starch 1.5 

g/L, Calcium: 2.9–5.9 mg/L; 

Magnesium: 3.2–5.2 mg/L, 

pH (2.1% solution, 25°C): 

7.3 ± 0.1  

[39] 

[Co(CIP)2(H2O)2]∙ 9H2O 0.25 - 0.06 0.06 1 0.03 0.12 - 0.12 0.008 0.12 

[Zn(CIP)2(H2O)2]∙ 8H2O 0.25 - 0.03 0.12 1 0.03 0.12 - 0.06 0.008 0.004 

Ni(CIP)2∙10H2O 0.5 - 0.03 0.12 1 0.03 0.12 - 0.12 0.001 0.004 

Cu(CIP)2∙6H2O 0.25 - 0.03 0.06 1 0.12 0.12 - 0.06 0.004 0.001 

ENR 8 - - - - 1 1 - - - - Broth dilution method; 

media: minimal medium 

salts broth - 1.5% w/v 

glucose, 0.5% w/v NH4Cl, 

0.5% w/v K2HPO4, 0.1% w/v 

NaCl, 0.01% w/v 

MgSO4·7H2O and 0.1% w/v 

yeast extract 

[101] 

Mn(ENR)2(H2O)2 8 - - - - 1 1 - - - - 

Fe(ENR)3 2 - - - - 0.25 0.25 - - - - 

Co(ENR)2(H2O)2 2 - - - - 1 1 - - - - 

Ni(ENR)2(H2O)2 8 - - - - 1 1 - - - - 

Zn(ENR)2(H2O)2 2 - - - - 1 1 - - - - 
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Compound Minimal inhibitory concentration [g/mL]  Additional information 

(media composition, pH) 

R
ef

er
en

ce
s 

Bacteria Gram+ Bacteria Gram- 

S
.a

u
re

u
s 

M
.l

u
te

u
s 

B
. 
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s 

S
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C
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Cd(ENR)2(H2O)2 8 - - - - 1 1 - - - - 

Cu(ENR)2(H2O) 4 - - - - 0.125 0.125 - - - - [102] 

LEVO - 7 0.3 0.3 4 0.15 3 0.3 0.25 - - Agar diffusion method; 

media: Lauria Broth nutrient 

agar - 0.5% (w/v) yeast 

extract, 1% (w/v) tryptone, 

1% (w/v) NaCl; FQs-Me 

complexes diluted in 50 mM 

Tris HCl buffer pH 7.4  

[72] 

[Mg(LEVO)(H2O)2]∙ 2H2O - 10 0.5 0.6 4 0.15 5 0.6 0.5 - - 

NOR 0.06 - - 0.04 - 0.05 - - 0.075 - - Agar diffiusion method; 

media: Mueller Hinton 

broth/agar (Difco) - Beef 

extract 2 g/L, Acid digest of 

Casein 17.5 g/L, Starch 1.5 

g/L, Calcium: 2.9–5.9 mg/L; 

Magnesium: 3.2–5.2 mg/L, 

pH (2.1% solution, 25°C): 

7.3 ± 0.1 

[104] 

Bi(NOR)4(H2O)2 0.045 - - 0.03 - 0.025 - - 0.06 - - 

NOR - - - - 0.001 0.002 0.002 - - - - [105] 
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Compound Minimal inhibitory concentration [g/mL]  Additional information 

(media composition, pH) 

R
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Bacteria Gram+ Bacteria Gram- 
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C
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Zn-NOR - - - - 3∙ 

10-5 

0.001 0.002 - - - - Broth dilution method; 

media: Mueller Hinton 

broth/agar (Difco) - Beef 

extract 2 g/L, Acid digest of 

Casein 17.5 g/L, Starch 1.5 

g/L, Calcium: 2.9–5.9 mg/L; 

Magnesium: 3.2–5.2 mg/L, 

pH (2.1% solution, 25°C): 

7.3 ± 0.1 

OFL - 12 0.5 0.75 10 0.2 7 0.75 0.7 - - Agar diffusion method; 

media: Lauria Broth nutrient 

agar - 0.5% (w/v) yeast 

extract, 1% (w/v) tryptone, 

1% (w/v) NaCl; FQs-Me 

complexes diluted in 50 mM 

Tris HCl buffer pH 7.4 

[72] 

[Mg(R/S-OFL)(H2O)2]∙ 2H2O - 20 0.8 1 15 0.25 10 1 1 - - 

H-SPR 0.5 - - - - 8.0 0.25 - - - - - [103] 

Cu(SPR)2 1.0 - - - - 2.0 0.25 - - - - 

Abbreviations: S. aureus – Staphylococcus aureus; M. luteus - Micrococcus luteus; B. subtilis - Bacillus subtilis; S. epidermidis – Staphylococcus empidermidis; E. faecalis - Enterecoccus faecalis; 

E. coli – Escherichia coli; P. aeugrinosa - Pseudomonas aeruginosa; S. enteriditis - Salmonella enteriditi; Klebsiella pneumoniae – K. pneumoniae; Serratia liquefaciens - S. liquefaciens, 

Citrobacter freundi – C. freundi 
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Table 5 Antimicrobial activity tested via Dish Diffusion Testing  

Compound Bacteria Gram+ Bacteria Gram- Fungi 
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Inhibition zone diameter [mm/ml sample] [106] – media: Lauria Broth nutrient agar - 0.5% (w/v) yeast 

extract, 1% (w/v) tryptone, 1% (w/v) NaCl; 

LOME 48 - - - - 43 - - - 11 - NA - 

[Cr(LOME)(H2O)4

]·Cl3 

38 - - - - 36 - - - 12 - NA - 

[Mn(LOME)(H2O)

4]·Cl2 

48 - - - - 43 - - - 11 - NA - 

[Fe(LOME)(H2O)4

]Cl3·H2O 

46 - - - - 40 - - - 13 - NA - 

[Co(LOME)(H2O)

4]·Cl2 

44 - - - - 40 - - - 20 - NA - 

[Ni(LOME)(H2O)4

]Cl2·H2O 

40 - - - - 40 - - - 21 - NA - 

[Cu(LOME)(H2O)

4]Cl2·2H2O 

43 - - - - 42 - - - 12 - NA - 

[Zn(LOME)(H2O)4

]·Cl2 

47 - - - - 42 - - - 12 - NA - 

Inhibition zone diameter [mm] [107]– media: Nutrient Agar - agar 15 g/L, meat extract 1 g/L, peptone 5 

g/L, NaCl 5 g/L, yeast extract 2 g/L; 7.1±0.2 (25 °C) 

LEVO  12 10 12 - 12 16 14 - 16 - - - - 

Mn-LEVO 13 10 13 - 14 17 12 - 18 - - - - 

Co-LEVO 18 11 16 - 11 15 12 - 14 - - - - 

Ni-LEVO 15 12 13 - 12 16 15 - 17 - - - - 

Cu-LEVO 14 9 13 - 13 16 13 - 17 - - - - 

Zn-LEVO 14 11 14 - 13 15 16 - 17 - - - - 

[108]; Compound activity: +++++ = 150–200% inhibition; ++++, 90–100% inhibition; +++, 75–85% 

inhibition; ++, 50–60% inhibition; +, 20–30% inhibition 
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++ 

+++
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- - NA 

Abbreviations: NA – no activity; S. aureus – Staphylococcus aureus; C. hoffmannii - Corynebacterium hoffmannii B. subtilis 

- Bacillus subtilis; E. faecalis - Enterecoccus faecalis; P. mirabilis - Proteus mirabilis; E. coli – Escherichia coli; P. aeugrinosa 

- Pseudomonas aeruginosa; S. enteriditis - Salmonella enteriditi; Klebsiella pneumoniae – K. pneumoniae; C. albicans – 

Candida albicans; A. niger - Aspergillus niger; A. flavus- Aspergillus flavus; S. cereisiae – Saccharomyces cerevisiae 

Figures 
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Figure 1 Structure of Fluroquinones with possible binding sites (marked in rectangles) and position of ionizable groups, 

responsible for pKa values (marked in circles) 
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Figure 2 Schematic binding between DNA and A. fluoroquinolone; B. fluoroquinolone via magnesium bridge; C. Coordination sphere around Mg2+ based on the crystal structure of 

complex of moxifloxacin, DNA and magnesium ions [56]; D. fluoroquinolone via transition ion as a mediator; E. binding between N-7 at guanine and fluoroquinolone, when transition 

ion acts as mediator – the presence of ion facilities the binding of fluoroquinolone  
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Figure 3. Key interactions between soils, metals, and fluoroquinolones, where circle is fluoroquinolone and triangle is metal 

ion; A. metal ion acts as metal bridge between antibiotic and soil; B. metal ion and fluoroquinolone compete for 

binding sites in soil; C. formation of fluoroquinolone and metal complexes, which inhibits sorption onto soil 
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ANNEX B 

Minimal inhibitory concentration – protocol 

Firstly, the stock solutions of the tested MI-CIP complexes were prepared as described in section 2. The 

final concentrations of components were 10 mg/L of CIP, 0.4 of MI and 10 mg/L of HS, when they 

toxicity of antibiotic complex was investigated in the presence of HS. Then the serial dilutions were 

prepared with the final volume of 1 ml. 

The agar was prepared. It was sterilized and then cooled down to 50˚C in a water bath. About 19 ml of 

liquid agar was added to the tubes with a diluted solution of MI-CIP. They were mixed carefully and 

then poured into the Petri plates. The plates were left at ambient temperature to solidify. The inoculum 

of both bacteria was diluted in 0.85% w/v saline solution to obtain 107 colony-forming unit/ml. Then, 

the plates were inoculated with diluted strains onto the dried plates. The plates were incubated in the 

conditions given before.  

The minimal inhibitory concentration of the CIP complexes was estimated by the evaluation of the 

growth of the bacteria on the plates which contained a decreasing concentration of the complex. A single 

colony or thin haze within the area of the inoculated spot was disregarded. The Figure S1 presents the 

example of the investigated concentration of CIP-Cu. The 1st plate has few single colonies, which were 

discarded during the evaluation step. The growth of bacteria had an increasing trend with the decreasing 

CIP-Cu concentration, hence the authors concluded that the minimal inhibitory concentration, in this 

case, is represented by the first plate. 
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Figure S1. The example of agar dilution results for the estimation of MIC of Cu-CIP for E. aeruginosa; the plate with 

number 1 has the highest tested concentration, whereas the 6th plate has the lowest 

 



216 

 

 

Figure S2. The FTIR spectra of complexes between humic substances and metal ions 
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ANNEX C 

Methodology 

1. ICP-AES 

Calibration standards were prepared in 10% HNO3 and 30% HCl. To all standards and samples, Y 5mg/L 

+ CsCl 10 g/L in 1% HNO3 was added as the internal standard. Randomly chosen samples were spiked 

with a known concentration of elements; the recovery of all tested elements was 100±2%.  

2. CTC and CIP sludge extraction 

a. Pressurized hot water extraction  

The extraction of CIP and CTC from sludge was performed via PHWE using Dionex ASE 350 

accelerated solvent extractor (Dionex, Sunnyvale, CA, USA). The procedure described by Carretero et 

al. (2008) was used with some modifications [1]. A 0.5 g of lyophilized sludge was placed in the mortar 

and gently blended with the dispersing agent (EDTA-washed or not washed diatomaceous earth). 

Subsequently, the mixture was packed into a 34 mL stainless steel cell. The circular glass microfiber 

filters (1.98 cm diameter, Dionex) were placed on the top and bottom of the cell. Any void space that 

remained after packing, was filled with the dispersing agent (diatomaceous earth). The heating cell time 

was set at 5 min, the pressure was kept at 1500 psi, the time of purging with nitrogen was 60 s, the 

flushing volume of water with respect to the cell size was 40%. Tested parameters were the static time 

of solvent in contact with the samples (5, 10 and 15 min) and the temperature (70, 90 and 100 ˚C). 

b. Ultrasonic extraction  

 USE was carried out in an ultrasonic water bath (Fisher, FB 15069, Mississauga, Ontario) at a frequency 

of 37 kHz. The procedure was based on the protocol described by Martínez-Carballo et al. (2007) with 

some changes [2]. Lyophilized sludge sample (0.5 g) was transferred into a 50 mL Falcon tube (Fisher 

Scientific, Canada), followed by addition of 5 mL of solvent and vortexed. Different solvents, i.e. 

EDTA-McIlwaine buffer, pH 4.0; EDTA-McIlwaine buffer, pH 3.0; acetonitrile: acetic acid pH 4.0; 

acetonitrile: trichloroacetic acid pH 3.5 were used to optimize the best simultaneous recovery for CTC 

and CIP. The sonication was carried out for 20 min, then the samples were centrifuged (12,000 x g, 15 

min), the supernatant was collected. The extraction process was repeated twice for each sample. The 

supernatants were combined and preconcentrated via solid-phase extraction. 

Results 

Method development for simultaneous detection of CTC and CIP from WW and WWS 
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The quantification of CTC and CIP was successfully achieved by LC-ESI-MS/MS method. The 

calibration curve of CIP and that of CTC exhibited a good linear correlation in the tested concentration 

range (20 – 200 µg/L) with a correlation coefficient (R2) of 0.9975 and 0.9951 respectively. The limit 

of detection was found to be 8 µg/L and 15 µg/L for CIP and CTC respectively whereas the limit of 

quantification was 24 µg/L and 45 µg/L for CIP and CTC respectively.  

Due to their diverse chemical structures, antibiotics exhibited specific interactions in the wastewater 

matrix and the tested solvents even though both are hydrophilic and amphoteric compounds. To 

simultaneously extract both antibiotics, the extraction methods were adapted from Ferhi et al.  [3]. Based 

on the overall recovery results shown in Table S1 (Annex C), the elution carried out with MeOH: TCA 

(8:2) was chosen as a suiTable SPE eluent. The recoveries above 100% (Table S1, Annex C) may have 

been due to the differences between the extracted matrix and calibration matrix. The addition of 

Na2EDTA to liquid samples before SPE as the chelating agent was found essential due to minimized 

weak ion complexation by CTC and CIP [4] as characterized by decreases in recovery efficiency, which 

dipped to around 50% in absence of Na2EDTA addition (data not shown), which confirms the 

importance of EDTA addition from previous reports [4, 5]. Moreover, EDTA-metal complexes might 

have prevented the competitive interaction between the antibiotics and other metal ions over adsorbing 

sites of C18 cartridge [5]. On the other hand, the study of Lee et al. (2007) reported that addition of 

chelating agents in spiked sewage samples resulted in a substantial decrease of fluoroquinolone recovery 

(<40%) [6], which is similar to our results or dissimilar to our recoveries. The recoveries of CIP and 

CTC in selected wastewater matrixes are shown in Table S2 (Annex C). As can be seen, the elution of 

CTC/CIP from wastewater gives recoveries up to >85%. CTC has higher extraction efficiency in water 

samples than in spiked deionized water, which may suggest that compounds present in this matrix 

facilitated the extraction.   

The extraction of targeted antibiotics via PHWE was unsuccessful, as the recoveries were less than 10% 

for both the compounds. As for USE, a few extraction solvents were tested, and the results are presented 

in Table S3. One of the highest extraction efficiency was obtained with McIlvaine-EDTA buffer, pH 

3.0 (90% for CTC and 50% for CIP), thereafter all the sludge extractions were carried out using this 

method. The recovery studies showed that extraction efficiency depends on the type of sample (Table 

S2) [7]. 

Tables 

Table S1. Mean percent of SPE recoveries for CIP and CTC in deionized water 
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CTC 48±7 80±2 51±4 32±9 24±0.3 38±13 56±7 38±14 

CIP 85±11 50±16 126±5 126±17 92±15 123±9 118±12 30±4 

 

Table S2. Mean percent recoveries for CIP and CTC in the selected spiked matrix 

Compound Deionized 

water [%] 

Influent 

[%] 

Screening 

unit [%] 

Effluent 

[%] 

Primary 

sludge [%] 

Secondary 

sludge [%] 

Thickened 

sludge [%] 

CTC 56±7 90±0.3 123±4 85±0.02 25±5 45±2 90±14 

CIP 118±12 98±0.2 135±2 85±2 28±5 50±4 50±4 

 

Table S3. Mean percent of USE recoveries for CIP and CTC in thickened sludge 

Solvent 

Acetonitrile + 

acetic acid pH 

4.0 

[%] 

Acetonitrile + 

trichloroacetic 

acid pH 3.5 

[%] 

EDTA-

McIlvaine 

buffer pH 

4.0 

[%] 

EDTA-

McIlvaine 

buffer pH 

3.0 

[%] 

CTC <10 <10 65±11 90±14 

CIP <10 <10 43±6 50±4 

 

Figures 

 

Figure S1. Schematic procedure of fractionable extraction 
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Figure S2. Distribution of chlortetracycline (CTC) isomers, i.e. epi-iso-CTC and iso-CTC in waster 

sludges; PS – primary sludge; SS – secondary sludge; MS – mixed sludge; TS – thickened sludge  
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ANNEX D 

Tables 

Table S1. Characterization of wastewater effluent 

Parameter Value 

Total solids [g/L] 0.49 ± 0.013 

Total suspended solids [g/L] 0.071 ± 0.0041 

Volatile solids [g/L] 0.037 ± 0.022 

Total organic carbon [mg/L] 6.15±0.25 

Chemical oxygen demand [mg/L] 49 

pH 7.53 

CIP [µg/L] 2.85 ±0.62 

Table S2. Cost of materials used in the study 

Material Cost [USD/kg] 

Sodium sulfate 0.3 

Laccase 20 

Syringaldehyde 20 

Figures  
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Figure S1. Chemical structures of compound used in the study 
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ANNEX E 

Table S1 Estimation of the costs related to the production of the crude enzyme and water treatment 

Material Material cost Material cost to treat 1 m3 of wastewater 

[USD/kg] [USD/m3] 

Apple pomace 0.00* - 

Tween 80 2.57 - 

Na2HPO4 0.47 - 

NaH2PO4 1.13 - 

Syringaldehyde 20 2.90 

Pure laccase 105 000 42 000 

Crude laccase - 10 000 

  Equipment Equipment 

price [USD] 

Energy consumption 

to treat 1 m3 of 

wastewater [kWh] 

Cost to treat 1 

m3 of 

wastewater 

[USD/m3] 

Solid state 

fermentation 

Incubator (e.g. 

ThermoFisher 

HerothermTM, capacity 

747 L) 

6,200 468 

 

- 

Enzyme 

extraction 

Liquid mixer (e.g. 

LIANHE Chemical 

Machinery, capacity 100-

10000 L) 

2,000 50 - 

Centrifuge (e.g. PKII 

Ultracentrifuge Alfa 

Wassermann; 100 L in 4 

hours) 

12,000 14 

 

- 

Water treatment Liquid mixer (e.g. 

LIANHE Chemical 

Machinery, capacity 100-

10000 L) 

10,000 0.09 0.14 

* The haulage cost is non-significant to the overall cost of material procurement in case of scaled-up 

process 
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ANNEX F 

Table S1. Metals concentration leached from biochars and CH-BB. All concentrations are given in µg/L 

Metal  PM-BC PW-BC AS-BC CH-BB 

Al ND ND ND 356.9 

As 9.7 8.7 6.4 3.9 

Be 2.2 1.3 1.6 0.9 

Ca 1185.0 2670.7 ND ND 

Cd 0.6 0.3 0.2 0.3 

Co 1.2 0.8 0.6 0.4 

K 127566.3 15123.3 250530.9 ND 

Mg 2933.9 386.2 621.5 914.7 

Mn ND 188.6 ND 8.1 

Mo 2121.2 4564.8 2607.4 6451.5 

Na 16112.1 ND ND 5107.7 

Ni 1.5 5.4 4.0 9.3 

P 4003.4 405.8 2377.1 72.6 

Se 88.9 99.6 8.2 90.1 

Sr 5.9 14.5 2.9 2.1 

Abbreviations: PM-BC – pig manure biochar; PW-BC – pinewood biochar; AS-BC – almond shell biochar; CH-

BB – chitosan-biochar beads; ND – not detected 

Table S2. Kinetic and adsorption models and their parameters  

Model Equation Linearized form Parameters 

Pseudo-first 

order 

𝑑𝑞𝑡
𝑑𝑡
= 𝑘1(𝑞𝑒 − 𝑞𝑡) 

log(𝑞𝑒 − 𝑞𝑡) = 𝑙𝑜𝑔𝑞𝑒

−
𝑘1
2.303

 

bT [J/mol]: the Temkin constant 

related to the heat of adsorption 

C0 [mg/L]: initial concentration of 

pollutant 

I: thickness of the boundary layer  

k1 [1/h]: the rate constant of 

pseudo-first-order adsorption 

k2 [g/mg h]: the rate constant of 

pseudo-second-order adsorption 

KF [(mg/g)(L/mg)1/n]: the 

Freundlich adsorption constant 

Pseudo-second 

order 

𝑑𝑞𝑡
𝑑𝑡
= 𝑘2(𝑞𝑒 − 𝑞𝑡)

2 
𝑡

𝑞𝑡
=

1

𝑘2𝑞𝑒
2
+
1

𝑞𝑒
𝑡 

Intraparticle 

diffusion 
𝑞𝑡 = 𝑘𝑝𝑡

1/2 + 𝐶 𝑞𝑡 = 𝑘𝑝𝑡
1/2 + 𝐼 

Langmuir 
𝑞𝑒 =

𝑞𝑚𝐾𝐿𝐶𝑒
1 + 𝐾𝐿𝐶𝑒

 
𝐶𝑒
𝑞𝑒
=

1

𝑞𝑚𝐾𝐿
+
𝐶𝑒
𝑞𝑚

 

𝑅𝐿 =
1

1 + 𝐾𝐿𝐶0,𝑚𝑎𝑥
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Model Equation Linearized form Parameters 

Freundlich 𝑞𝑒 = 𝐾𝐹𝐶𝑒
1/𝑛

 𝑙𝑛𝑞𝑒 = 𝑙𝑛𝐾𝐹 +
1

𝑛
𝑙𝑛𝐶𝑒 

KL [L/mg]: the Langmuir 

adsorption constant 

kp [mg/g h1/2): the intraparticle 

diffusion rate constant 

KT [L/mg]: the Temkin constant 

related to the equilibrium binding 

energy 

n: the empirical parameter relating 

the adsorption intensity, which 

varies with the heterogeneity of 

the material (dimensionless) 

qe [mg/g]: the adsorption capacity 

at equilibrium 

qm [mg/g]: complete monolayer 

adsorption capacity 

qt [mg/g]: the adsorption capacity 

at time t 

R [8.314 J/(mol K)]: the gas 

constant 

RL : equilibrium parameter 

T [K]: the absolute temperature 

t [h]: contact time 

Temkin 𝑞𝑒 = 𝐵𝑙𝑛(𝐾𝑇𝐶𝑒) 𝑞𝑒 = 𝐵𝑙𝑛𝐾𝑇 + 𝐵𝑙𝑛𝐶𝑒 

𝐵 =
𝑅𝑇

𝑏𝑇
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Figure S1. FTIR Spectra of tested biochars 

 

Figure S2. UV-Vis absorption spectra of ciprofloxacin (CIP) in the presence of different concentrations of 

A. As; B. Pb 
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