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EXECUTIVE SUMMARY
This review identifies promising geochemical and ecotoxicological approaches that might be
used to monitor the biological effects of the sub-aqueous disposaI of reactive mine tailings.
Submerged mine tailings, and their constituent metals, may affect aquatic life in two ways:
indirectly (i.e., by leaching of the metals into the ambient water, followed by their assimilation from
the aqueous phase), and directly (e.g., in macrofauna, by ingestion ofthe tailings and assimilation of
the metals from the gut). Both routes ofmetal exposure are considered. The metals that have been
considered are those that are commonly present in reactive mine tailings, that are recognized as
potentially toxic at low concentrations to aquatic biota, and that exist in natural waters as dissolved
cations (e.g., Cd, Cu, Ni, Pb, Zn).

Geochemical considerations
• To evaluate indirect exposure, one needs to estimate metal concentrations in sediment pore
waters (i.e., [MJi). Such concentrations are thought to reflect the metal's chemical potential at the
sediment-water interface. Changes in this chemical potential will affect the metal's
bioavailability.
•

Two approaches can be used to estimate [Mh : one applies to oxic conditions and assigns control
of [Mh to sorption reactions on such sorbants as Fe-, Mn - oxyhydroxides or sediment organic
matter; the second applies to anoxic conditions and assumes that [Mh is controlled by
precipitation-dissolution reactions with reactive amorphous sulfides (Acid-Volatile-Sulfides,
AVS).

•

The two approaches differ in their choice of reactions controlling metal solubility in sediment
pore waters. This divergence stems from different concepts of what constitutes biologically
important sediments - fully oxidized, surficial sediments (where amorphous sulphide levels
should be vanishingly low and [Mh should be controlled by sorption reactions) vs. partially
oxidized, sub-oxic sediments (where significant AVS levels would be expected to persist, and
exchange reactions with amorphous sulphides would control metal partitioning between
dissolved and solid phases).

•

Choosing between the two approaches is not straightforward, even for natural sediments. In the
real world, due to small scale spatial heterogeneity, distinction between oxic and anoxic
sediments is often blurred. Most aerobic benthic organisms survive in sediments that are
underlain or even surrounded by anaerobic material, which constitute a potential source of AVS.

•

Depending on which geochemical approach proves more appropriate for deposited mine
tailings (i.e., fully or partially oxidized conditions at the tailings-water interface), it should be
possible to predict [Mh based on the geochemistry of the tailings after diagenesis and
admixture of natural particulate material.
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Interactions between dissolved trace metals and aquatic organisms
• Qualitative evidence suggests that the total aqueous concentration of a metal is not a good
predictor of its bioavailability. The metal's speciation greatly affects its availability to aquatic
orgamsms.
•

A convincing body of evidence supports the tenet that the biological response elicited by a
dissolved metal is usually a function ofthe free metal ion concentration, MZ+.

•

This Free-Ion Activity Model (FIAM) should apply to aquatic organisms that do not assimilate
particulate material (e.g., rooted aquatic plants), and to organisms that do assimilate particulate
material but for which the dissolved phase remains the primary vector for metal uptake.

•

However, most experiments designed to test the FIAM have been performed in the laboratory at
fixed pH, with divalent metals (Cu, Cd, Ni, Pb, Zn), in artificial (inorganic) media or in filtered
sea water, and in the presence ofknown quantities of synthetic ligands. The applicability of the
FIAM in natural waters, in the presence of natural dissolved organic matter (DOM ), is po orly
documented.

•

Two types of study have been carried out to test the applicability of the FIAM in the presence of
sediments: (1) laboratory bioassays on spiked sediments or on natural sediments collected from
known contaminated sites; and (2) field surveys of indigenous benthic organisms. Both
approaches support the Eeneral ide a that benthic orEanisms respond to the free-metal ion
concentration at the sediment-water interface.

Interactions between varticulate trace metals and aquatic organisms
• Benthic organisms that ingest particles tend to select the smaller and lighter particles in their
environment. This nutritional strategy results in the ingestion of particles that tend to be enriched
in metals.
•

Assimilation of particle-bound metals will normally involve their conversion from particulate to
dissolved form in the gut, followed by their facilitated diffusion across the intestinal membrane.
Digestive processes and chemical conditions prevailing within the intestinal tract thus assume
considerable importance (e.g., pH, digestion times, redox status).

•

Based on feeding experiments where metal uptake from different sediment phases was
monitored, the efficiency of uptake of a Eiven metal varied Ereatly amonE different model
sediments, and relative availability from a given sink varied from metal to metal. Thus, one
cannot generalize that metals are more available from phase A (e.g., organic detritus) than from
phase Z (e.g., Mn(IV) oxyhydroxide) - while the sequence A > Z may be true for one metal, it
will not necessarily hold for the next.

•

Differences in metal availability tend to be inversely related to the strength of metal binding to
particulates. Sediments that exhibited the hiEhest affinity for a metal (i.e., that released the least
amount of metal back into solution) were also the substrates from which metal bioavailability
was the least.
IV

•

From these studies it is clear that the physicochemical form of a sediment-bound metal affects its
availability in the digestive tract of the marine deposit feeder Macoma balthica. However, it is
premature to attempt to generalize these results to aIl deposit-feeders.

•

The results of the feeding experiments with M balthica are admittedly qualitative. Nevertheless,
there is an interesting parallel between the original "affinity" concept (according to which the
availability of a particle-bound metal is inversely related to the strength of the metal-particle
association) and more recent suggestions that the concentration of a metal in the interstitial water
can be taken as a measure of its chemical potential in surficial sediments and thus its availability.
This inference seems intuitively reasonable, provided that the chemical environment within the
animal's digestive tract is similar to that in its immediate environment ( i.e., provided the
chemical potential of a metal doesn't change drastically on passing from outside environment
into the digestive system). In this context, better knowledge of the chemistry of invertebrate
digestion will be very useful.

Biochemical indicators of metal-induced stress
• Traditionally, attempts to define the impacts of contaminants on aquatic ecosystems have
involved laboratory experiments under defined conditions (toxicity tests) and, to a lesser extent,
field observations on impacted indigenous populations. An alternative and complementary
approach involves the use ofbiochemical indicators to monitor the response ofindividual
organisms to toxic chemicals and to provide a measure of ecosystem health.
•

For metals, much ofthe attention in the area ofbiochemical indicators has focused on metalbinding proteins, in particular on metallothionein (MT) and metallothionein-like compounds.

•

Given its molecular properties, and present knowledge of its role in metal uptake, transport,
storage and excretion, metallothionein offers considerable potential as a contaminant-specifie
biochemical indicator of metal exposure and/or stress.

•

Possible approaches include: (i) measurement of metallothionein concentrations as an indicator
of prior exposure to toxic metals, and (ii) examination of the relative distributions of toxic metals
in cytosolic ligand pools to evaluate metal stress at the biochemicallevel.

•

Field evidence in support of the first approach is slowly accumulating in the eco-toxicological
literature. In studies involving the sampling of indigenous populations of aquatic animaIs from
sites chosen to represent a spatial (metal) contamination gradient, the concentrations of metaIlothionein-like proteins were consistently higher at the more contaminated sites.

•

Regarding the second possible use of MT, i.e. to evaluate metal stress at the biochemicallevel,
responses of aquatic organisms to excess metal have proven more diverse than originally
postulated. Thus, toxic metal distributions in the cytosolic fraction cannot yet be used to evaluate
metal stress at the biochemicallevel.
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Effects of metals at the population and community levels
• Structural components of ecosystems are often considered the most sensitive indicator of
disturbance. These components include communities (the biotic components of an ecosystem)
and populations (the members of a species that occupy the same habitat and can possibly
interbreed).
•

Recent studies also suggest that chronic exposure to low levels of contaminants often results in
severe effects on populations and communities in aquatic environments. Thus, community and
population data are essential for the prediction and monitoring of these effects.

•

However, the effects of natural population cycles, climate and other environmental factors not
related to contamination must be accounted for if the impacts of contaminants on populations
and communities are to be properly assessed. This can be accompli shed by the use of
representative reference sites and collection of sufficient background chemical and biological
data.

•

Certain community indices are more useful than others in detecting the impacts of contaminants
such as metals or acids.
(i) Changes in the algal community (number of species, diversity, species composition, dominant
species) are often observed. However, changes in dominance may also be due to other factors,
such as the availability of nutrients, reduced grazing pressure, or the development metal
tolerance by normally sensitive taxa. The most useful measures appear to be species composition
and richness.
(ii) F ew studies have examined impacts of metals on lake communities of crustacean
zooplankton, despite their importance as a prey item. Decreases in diversity and in total biomass,
as well as changes in dominance among crustacean zooplankton communities have been
observed.
(iii) The benthic community is in intimate contact with both water and sediment phases and has
been extensively used as an indicator of metal pollution in streams. In sorne studies of heavily
impacted lakes, the density ofbenthic organisms proved to be a useful indicator, though this may
not be the case in less severely contaminated habitats. Measurements of diversity have proven of
limited usefulness for the detection of community changes.
Proportions of tolerant and sensitive taxa have also been used as gradational indices of metal
stress. However, the classification of entire taxa as tolerant or sensitive may ignore important
differences which exist within them. Improved methods for the taxonomic differentiation of
benthic animaIs are needed both to improve the relationship of community composition with the
degree of metal stress and to place these effects in an ecological context.
(iv) Most studies involving fish communities have involved listing the species present
(community composition), measuring the species richness (the number of species) or using
associations of species, which are considered to prefer certain habitats, as indicative of water
quality.
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•

Fish populations are not necessarily the most sensitive predictors of the future state of a system.
However, there are certain advantages to their use, notably the relative facility of collecting the
data necessary for such studies (age of individuals, reproductive status, growth, condition) and
the existence of historical records for comparison. Furthermore, population data are essential to
relate chronic toxicity, often observed in individuals in the field, to effects at the level ofthe
population. Different strategies (r vs. k) may be observed in populations adapting to stress.

•

Many natural fish populations appear to be tolerant of waterbome metal concentrations that are
acutely toxic in laboratory studies. This apparent discrepancy may be related to differences in
metal speciation. Such explanations remain speculative, however, since in most field studies the
chemistry of the exposure medium (sediments, water column) was not sufficiently defined.

VIl

1. INTRODUCTION
In 1992 the Rawson Academy of Aquatic Sciences undertook a critical review of the studies
conducted to 1991 on the sub-aqueous disposaI of mine tailings under the "Mine Environment
Neutral Drainage" (or MEND) programme. In its final report, the Scientific Review Team
recommended that "selective and additionalliterature reviews" be undertaken on the biological
uptake of metals, their bioaccumulation and their possible toxic effects on aquatic organisms. The
present literature review aims to respond to this recommendation.
Given the extensive literature available on metal-organism interactions, and the consequent need
to limit the scope of this review, we have focused our attention on the possible biological effects
of the sub-aqueous disposaI of mine tailings. The basic premise has been that mine tailings, and
their constituent metals, may affect aquatic life in two ways: indirectly (i.e., by leaching ofthe
metals into the ambient water, followed by their assimilation from the aqueous phase), and
directly (e.g., in macrofauna, by ingestion of the tailings and assimilation of the metals from the
gut) .. Both routes of metal exposure have been considered.
The reasoning that guided our review is summarized in Table 1. Considering the indirect route of
exposure (via water), we first consider the reactions that are likely to control metal
concentrations, [M]i, in the interstitial or pore waters of deposited tailings (section 2:
Geochemical considerations). Two approaches are described for estimating [M]i on the basis of
the geochemistry of the tailings after diagenesis and admixture of natural particulate material.
Secondly, having considered possible geochemical controls on metal concentrations in pore
waters, we address the bioavailability of these dissolved metals (in the pore waters and in the
overlying water column, assuming vertical transfer), using as a convenient paradigm the Free-Ion
Activity Model (FIAM) of metal-organism interactions (section 3: Interactions between
dissolved metals and aquatic organisms).
After dealing with dissolved metals (geochemical controls; bioavailability), we focus on those
metals that remain in particulate form, i.e. the direct route of exposure (section 4.: Interactions
between particulate metals and aquatic organisms).This reasoning is designed to apply to
organisms for which particulate material constitutes an important vector for metal uptake. We
explore possible links between digestive processes in benthic organisms and the "bioavailability"
of ingested sediment-bound metals, and then review the results of laboratory experiments
designed to determine the assimilation efficiencies of metals present in different forms in the
"food".
In the final section of the literature review (section 5: Ecotoxicological considerations) we adopt a
more holistic approach and ask the question "What can the indigenous biota tell us about the
availability of the metals in mine tailings?". At the organismallevel, we consider the monitoring of
metal bioaccumulationper se, and the use ofbiochemical indicators (biomarkers) ofmetal-induced,
sub-Iethal stress. We also examine the possibility of monitoring effects at a higher level of
organization (population or community).

Table 1: Summary of the reasoning that guided the literature review on the possible
biological effects of the subaqueous disposaI of reactive mine tailings.
Comments/Rationale
1. Ignore how the tailings came to be
deposited, i.e. the disposaI operation itself.

In other words, consider only settled tailings.

2. Concentrate on the upper layer of the
deposited tailings.

The effective contact zone between the aquatic
biota and the deposited tailings (Davis and Luoma
1983; NRCC 1988).

3. In the case of metal exposure via the
dissolved phase, consider possible controls on
metal concentrations in the interstitial (pore)
water, [MJi .

Two possible approaches: (i) control by sorption
reactions on Fe, Mn-oxyhydroxides or on
sedimentary organic matter; (ii) control by
precipitation as amorphous sulphides.

4. Depending on which approach proves more
appropriate for deposited mine tailings,
estimate [MJi based on the geochemistry of
the tailings after diagenesis and admixture of
natural sediments.

In real world, the distinction between oxic and
anoxic sediments is often blurred; most aerobic
benthic organisms survive in sediments that are
underlain or even surrounded by completely
anaerobic sediments.

5. Consider the bioavailability ofthese
dissolved metals (in the pore waters; in the
overlying water, assuming vertical transfer),
using the Free-Ion Activity Model (FIAM).

FIAM should apply to organisms that do not
assimilate particulate material (e.g., rooted aquatic
plants), and to organisms that do assimilate
particles but for which the dissolved phase remains
the primary vector for metal uptake (e.g.,
molluscs).

6. Having dealt with dissolved metals
(geochemical controls; bioavailability), now
consider those metals that remain in
particulate form. Review results of laboratory
feeding experiments designed to determine the
assimilation efficiencies of metals present in
different forms in the ingested particles.

Applies to organisms for which particles constitute
the primary vector for metal uptake. Key factors
include the particle size ingested, digestion
chemistry in the gut (pH; pE; residence time).

7. To complement the "reductionist" approach What can the indigenous biota tell us about the
bioavailability of metals in mine tailings?
outlined in steps 1 to 6, consider a holistic
(biochemical indicators of metal exposure;
(ecotoxicological) approach.
population and community level indicators of
metal-induced stress).
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Given the very broad subject area to be covered in this report, it is important to define its scope at
an early stage. The metals of concem will be those that are commonly present in reactive mine
tailings, are recognized as potentially toxic at low concentrations to aquatic biota, and that exist
in natural waters as dissolved cations (e.g., Cd, Cu, Ni, Pb, Zn); we will not be dealing with
anionic species such as arsenate/arsenite, nor with organometallic species such as methylmercury. The ultimate aim ofthis review is to identify promising geochemical and
ecotoxicological approaches that might be used to monitor the biological effects of the subaqueous disposaI of reactive mine tailings.

2. GEOCHEMICAL CONSIDERATIONS

Given the existence of a sub-aqueous deposit of mine tailings, and ignoring how the tailings
came to be deposited (i.e., ignoring the disposaI operation itself and considering only the settled,
quiescent tailingsl), one can ask how the metals present in the tailings could become biologically
available, how they could affect the aquatic biota. As discussed in detail in an earlier MEND
literature review (Rescan 1989), diagenesis /oxidation ofthe superficial tailings would be
anticipated, leading to possible enrichment of the metal concentrations in the interstitial (pore)
waters. This reasoning leads naturally to a consideration of the geochemical controls on metal
concentrations in pore waters, [Mli.
Virtually aIl the relevant literature in this field has been derived from the study of aquatic
sediments. We assume that deposited mine tailings will behave in a similar manner to natural
sediments, and that metal concentrations in tailings pore waters are controlled by equilibrium
processes. Two approaches can be used to estimate [M]i : one applies to oxic conditions and
assigns the control of [Mli to sorption reactions on such sorbants as Fe-, Mn - oxyhydroxides or
sedimentary organic matter; the second applies to anoxic conditions and assumes that [Mli is
controlled by precipitation-dissolution reactions with reactive amorphous sulfides.
2.1 Oxic sediments
The evidence for sorptive control of dissolved trace metal concentrations under oxic conditions
has recently been reviewed by Tessier (1992). With the notable exception of Fe(III) and
Mn(IV), measured trace metal concentrations in oxic waters are consistently much lower than
those predicted from solubility equilibria involving known solid phases. It follows, therefore,
that reactions other than precipitation must be involved in the geochemical control of trace metal
concentrations under such conditions. Given the presence in natural sediments of solid phases
known to be good sorbants (e.g., Fe oxyhydroxides, Mn oxyhydroxides, sedimentary organic
1As discussed in the earlier review (Rescan 1989), the initial effect of sub-aqueous disposaI of mine tailings on the
benthic organisms will be largely physical in nature, Le. a drastic change of habitat that will probably eliminate the
benthic community. The rate ofrecolonization of the submerged tailings will presumably depend on the rate at which
organic material (e.g., sedimenting plankton) is incorporated into the (essentially inorganic) tailings, rendering them
habitable. The present literature report picks up the story at this point, as it assumes that the tailings have been colonized
- in unproductive systems it might take sorne time to reach this point.
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matter), sorption reactions have generally been invoked to explain the observed undersaturation
(Schindler 1967). Indeed, in laboratory studies metals added to suspensions of these various solid
phases are rapidly removed from solution and the metal concentrations in solution at equilibrium
are lower than those predicted from solubility relationships (Ksp). Similarly, in experiments
where natural sediments have been compared with individual sorbants, the dissolved metal
concentrations at equilibrium have been shown to respond to changes in various experimental
variables (e.g., i1pH, i1[M], i1{ sorb ant }) in much the same manner.
Models for the sorptive control of trace metal concentrations generally assume that the individual
sorbants present in the surface sediments compete for the trace metal. The partitioning of the
trace metal among the various sorbants can then be described as follows:

MN + = SI - OHx

(

MN + = S2 - OHx

(

MN + = S3 - OHx

(

....

•
Ki

+

(

*KI

) = SI -OM+nH+

(1)

*K2

) =S2 -OM+nH+

(2)

) =S3 -OM+nH+

(3)

*K,
*K

)

{=Si-OM}[H+r

(4)

= {=Si-OHJ[Mz +]

where S = sorbant (e.g., "S 1"= Fe(III) oxyhydroxide; "Si' = Mn(IV) oxyhydroxide; "S3"=
sedimentary organic matter); {=Si-OHn} = concentration offree binding sites on sorbant "i" ;
{Si-OM} = concentration of sites occupied by metal M; [Mz+] = concentration of the free metal
ion; *Ki = .apparent overall equilibrium constant for sorption on substrate "i". Note that here and
elsewhere in the text the concentrations of solid phases are indicated by { } parentheses, whereas
concentrations of dissolved species are designated by [ ] brackets; the notation "=" refers to
adsorption sites. Charges on the various solid phases have been omitted for simplicity.
To estimate the sorption constants, we need to be able to determine the variables on the righthand-side of equation (4) for at least one metal-sorbant combination present in natural sediments.
In principle, partial chemical extractions can be used to extract a particular sorbant (e.g.,
amorphous Fe (III) oxyhydroxides) and its associated metals. With certain simplifying
assumptions (described in Appendix 1, and discussed in detail in Tessier (1992)), the ratio {FeOM}/{Fe-ox} can be substituted in equation (4) for the ratio {=Si-OM}/{=Si-OHn}.
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{Fe-OM}{[H+r}
KM = {Fe-ox}{[M
N

(5)

]}

Note that {Fe-ox} corresponds to the analytically determined concentration of amorphous iron
oxyhydroxides and {Fe-OM} refers to the concentration of metal "M" co-extracted with the Feox sorbant. Values for the remaining variables in equation (5), i.e. [H+] and [MZ+], can be
obtained by sampling and analyzing the pore water in equilibrium with oxic surface sediments.
Once again certain simplifying assumption must be made, notably with respect to the speciation
of metal "M" in the oxic pore water (i.e., that there is no appreciable complexation of metal "M"
by the dissolved organic matter present in the interstitial water - see Appendix 1).
Using field measurements ofthis type, Tessier (1992) determined conditional constants for the
sorption of Cd, Cu, Ni, Pb and Zn on natural amorphous iron oxyhydroxides (Table 2). As
anticipated from equations (1) to (3), metal cation sorption is favoured at high pH - the slopes of
the log KM vs. pH relations shown in Table 2 are all positive.
Table 2: Field-derived equilibrium constants for the sorption of trace metals on amorphous
Fe(III) oxyhydroxides (from Tessier 1992).
Metal

Relation

Cd

Log KCd = 1.03 pH - 2.44

(r2=0.80; n=26)

Cu

Log KCu = 0.64 pH + 0.10

(r2=0.75; n=39)

Ni

Log KNi = 1.04 pH - 2.29

(r2=0.87; n=29)

Pb

Log Kpb = 0.81 pH + 0.67

(r2=0.81; n=7)

Zn

Log KZn = 1.21 pH - 2.83

(r2=0.89; n=41)

The proton stoichiometry as calculated from the field measurements (Table 2) is similar to that
observed for the surface complexation of metals on synthetic iron oxyhydroxides in laboratory
studies. At low pH values the field-derived KM values decrease in the sequence Pb > Cu > Zn >
Ni ~Cd (Tessier 1992); a similar affinity sequence is observed in laboratory sorption studies on
synthetic iron oxyhydroxides in well-defined media. This correspondence between field and
laboratory measurements can be taken as an indication that sorption phenomena are indeed
responsible for controlling dissolved trace metal concentrations under oxic conditions.
Given the field-derived constants from Table 2, the amount of amorphous iron oxyhydroxide
(sorbant), the amount of sorbed metal and the ambient pH, one can estimate the concentration
of the free metal ion, MZ+, in sediment interstitial water at equilibrium with the sediment
(equation 6).
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(6)

In a more recent publication (Tessier et al. 1993), the model for Cd sorption has been generalized
to inc1ude both Fe-ox and sedimentary organic matter as sorbants:

where {Cdh is the total concentration ofnon-detrital Cd in the sediment and {OM} is the
concentration of sedimentary organic matter.

2.2 Anoxic/suboxic sediments
Under anoxie, sulfate-reducing conditions, the partitioning of trace metals between the pore
waters and the solid phase is likely to be controlled by precipitation-dissolution reactions
involving amorphous sulphides. Evidence supporting this hypothesis has recently been presented
by Di Toro and coworkers (1990; 1992). By titrating suspended synthetic iron monosulphide or
natural sediments with Cd, these workers demonstrated that the added Cd could react with the
amorphous sulphides according to equation (8). Since the solubility product for CdS(s) is lower
than that ofFeS(s), the equilibrium in equation (8) will lie to the right.
Cd 2 + + FeS(s)~ CdS(s) + Fe 2 +

(8)

They conc1uded that under their experimental conditions the concentration of the free Cd2 + ion
was controlled not by sorption reactions, nor by reaction with free S2- in solution, but rather by
reaction with solid iron and manganese monosulphides. The reactive sulphide fraction was
operationally defined by co Id acid extraction of the sediments (one-hour treatment with 0.5 M
HCI at room temperature; the forms extracted in this manner are defined as "acid-volatile
sulphide", or AVS).
Di Toro et al. (1990; 1992) further hypothesized that since the sulphides formed by Ni, Zn, Pb,
Cu and Hg are also less soluble than FeS or MnS, they too should tend to displace Fe or Mn from
the AVS fraction. Using the solubility products for metal sulphides (Ksp ; Table 3), one should be
able to estimate the free- metal ion concentration in solution.
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Table 3: Metal sulphide solubility products (from Di Toro et al. 1992).
Metal
sulphide

log Ksp

FeS

-22.39

NiS

-27.98

-5.59

ZnS

-28.39

-6.00

CdS

-32.85

-10.46

PbS

-33.42

-11.03

CuS

-40.94

-18.55

HgS

-57.25

-34.86

2.3 Application to in situ sediments
The two approaches described above have as a common goal the prediction of dissolved metal
concentrations in the pore waters of natural, in situ sediments. In effect, pore-water metal
concentrations are considered to reflect the metal's chemical potential at the sediment-water
interface; changes in this chemical potential should in tum affect the metal's bioavailability. The
two approaches differ, however, in their choice ofthe reactions controlling metal solubility in
sediment pore waters. This divergence stems from a different conception of what constitutes
"biologically important sediments" - fully oxidized, surficial sediments (where A VS levels should
be vanishingly low and [Mli should be controlled by sorption reactions) vs. partially oxidized,
sub-oxic sediments (where significant AVS levels would be expected to persist, and exchange
reactions with the amorphous sulphides would control metal partitioning between the dissolved
and solid phases).2
Choosing between the two approaches is not as straightforward as might appear at first glance,
even for natural sediments (let alone mine tailings!). In the real world, due to spatial
heterogeneity at the centimetre scale, the distinction between oxic and anoxie sediment strata is
often blurred. Most aerobic benthic organisms survive in sediments that are underlain or even
surrounded by completely anaerobic sediments, which constitute a potential source of A VS. Di
Toro et al. (1992) suggest that the presence of A VS in the anaerobic layer may be sufficient to
reduce the metal activity to which the aerobic benthic animaIs are exposed, but admit that field
data to support this contention are lacking. The question of field validation is considered in detail
in section 3.4.

2For a thought-provoking discussion ofthis point, see Luoma and Davis (1983).
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Depending on which geochemical approach proves more appropriate for deposited mine tailings
(i. e., fully oxidized or partially oxidized conditions prevailing at the sediment-water interface),
one should be able to use one or the other to predict [MJi based on the geochemistry of the
tailings after diagenesis and the admixture of natural particulate material.

3. INTERACTIONS BETWEEN DISSOLVED TRACE METALS AND AQUATIC
ORGANISMS.
In the previous section, we have considered possible geochemical controls on metal
concentrations in pore waters in natural sediments and, by extrapolation, in submerged mine
tailings. The present section takes the reasoning one step further (see Table 1) and examines the
bioavailability of these dissolved metals3 .
Much qualitative evidence exists to the effect that the total aqueous concentration of a metal is
not a good predictor ofits "bioavailability", i.e. that the metal's speciation will greatly affect its
availability to aquatic organisms. Note that the term "speciation" is widely used/misused in the
trace metalliterature (Bernhard et al. 1986); in the present report the term will be used in the
passive sense to mean "the distribution or partitioning of a metal among various physicochemical forms in external medium".
3.1 Background information.
In much of the early (pre-1975) research on metal-organism interactions, the emphasis was on the
target organism and the influence ofbiological variables (e.g.: life stage; nutrition; age; etc.)
rather than on the exposure regime (metal speciation, pH, [Ca], alkalinity, ionic strength, ... ).
Many of the experiments were simply performed by adding the metal to standard growth
medium, with no real appreciation ofhow this medium might affect the speciation of the metal of
interest. There was however a qualitative recognition of the importance ofmetal "complexation",
gained largely from experiments where metals were added to the normal growth medium, with or
without various metal-binding ligands.
A major impetus for change occurred early in the 1970's with the popularization of computer
codes designed to perform complex chemical equilibrium calculations (e.g., Morel and Morgan
1972). The availability of such codes opened up the possibility of performing bioassays in
defined synthetic media, containing only known ligands, and ofbeing able to manipulate the
speciation of the metal. A subtle shift of emphasis ensued, from the target organism to the
chemistry of the exposure medium; bioassays were performed in defined media, with synthetic
ligands (known stability constants, and hence known metal speciation).
In the following years (1975-85) a convincing body of evidence was developed to support the
tenet that the biological response elicited by a dissolved metal is usually a function of the free
metal ion concentration, MZ+(H2 0)n, which in turn is determined not only by the total dissolved
metal concentration but also by the concentration and nature of the ligands present. T 0 rationalize
these experimental observations and explain what was perceived as "the universal importance of
3Much of the discussion in this section has been extracted from a chapter in a book that will be published later this year
or early in 1994 (Campbell 1993).
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free metal ion activities in determining the uptake, nutrition and toxicity of aIl cationic trace
metals", Morel (1983) formulated the Free-Ion Activity Model (FIAM) for metal-organism
interactions.

3.2 Formulation of the FIAM
To elicit a biological response from a target organism or to accumulate within this organism, a
metal must first interact with/traverse a cell membrane. This interaction of the metal with the
cell surface, involving either the free metal ion (Mz+) or a metal complex (MLz+) as the
reactive species, can be represented in terms ofthe formation ofM-X-cell surface complexes,
where X-ce Il = a cellular ligand present at the cell surface.

In the simplest case, where the free metal ion is the species reacting at the cell surface, one
can envisage the following reactions (where for simplicity charges on the ligand are not
shown):

solution equilibria

(9)
(9a)
surface reaction of MZ+

where K9 and KlO are apparent (concentration) equilibrium constants. The biological response
is assumed to be proportional to the concentration of the surface complex, [MZ+-X-cell] (see
below). Provided the concentration of free X-cell sites remains approximately constant,
equation (1 Oa) indicates that the biological response will vary as a function of [MZ+]. A
similar situation prevails if a metal complex (ML) is the species reacting at the cell surface,
provided that the reaction proceeds by ligand-exchange (Campbell 1993).
Possible mechanistic links between the formation of a surface complex, M-X-cell, and the
initiation of a biological effect have been suggested by several workers (Morel 1983;
Pagenkopf 1983). IfX-cell represents a physiologically active site at the cell surface, then the
binding of metal M might induce a direct biological response (e.g.: fish gills - Pagenkopf
1983). Altematively, ifX-cell corresponds to a transport site that allows metal M to traverse
the cell membrane and enter the cytosol, then binding at the surface site would simply precede
transport into the cell (i.e., the actual reaction ofM with the metabolically sensitive site would
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occur intracellularly, following transport - Morel 1983). In a variation ofthis scenario, X-ce Il
might correspond to a transport site normally used by an essential micronutrient; binding at
the cell surface site by metal M would then inhibit the supply of the essential element and
induce nutrient deficiency (e.g.: phytoplankton - Sunda and Huntsman 1983 (Mn,Cu);
Harrison and Morel 1983 (Fe,Cd)).
A number ofkey assumptions underlie the Free-Ion Activity Model, sorne obvious and others
rather more subtle:
(1) The key interaction of a metal with a living organism involves the plasma membrane,
which is impermeable to the free metal ion, MZ+, and to its (hydrophilic) complexes, ML± .
(2) The interaction of the metal with the plasma membrane can be described as a surface
complexation reaction, forming MZ+-X-cell (equation 10). The biological response, whether it
be metal uptake, nutrition or toxicity, is proportional to the concentration ofthis surface
complex.
(3) Metal transport in solution, towards the membrane, and the subsequent surface
complexation reaction occur rapidly, such that a (pseudo-)equilibrium is established between
metal species in solution and those at the biological surface ("rapid" = faster than metal
uptake, faster than the expression of the biological response).
(4) In the range ofmetal concentrations oftoxicological interest, variations in [M-X-ceIl]
follow those of [MZ+] in solution (equation 10a).

3.3 Applicability of the FIAM - studies with dissolved metals
In principle the Free-Ion Activity Model should apply to aquatic organisms that do not assimilate
particulate material (e.g., rooted aquatic plants), and to organisms that do assimilate particulate
material but for which the dissolved phase remains the primary vector for metal uptake (e.g., fish).4
A considerable body of experimental evidence has accumulated in support of the Free-Ion Activity
Model - examples of such experiments have recently been critically reviewed by Campbell (1993).
Several points of general interest can be extracted from this review.
organisms studied
Studies on marine and freshwater phytoplankton outnumber all others. This
distribution presumably reflects the sensitivity of algae to trace metals (Morel 1983)
and the relative ease with which they can be studied in the laboratory (defined
inorganic growth media; rapid response). References to invertebrates are also frequent,
with a distinct bias towards marine species. In contrast, the few fish studies were all
performed with freshwater species.

40ne could also argue that even in the case where ingested particulate material constitutes the primary vector for metal
uptake, provided the particulate material being ingested is itself in equilibrium with the ambient water, then the response
of the consuming organism may still depend indirectly on the free-metal ion concentration in the ambient water.
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Various "end-points" have been studied in the bioassays, covering a spectrum from highly
specific (e.g. metal accumulation per se: surface adsorption; absorption; subceIlular
distribution) to more holistic (e.g., growth, motility, mortality).
experimental conditions (metals/ligands)
Almost without exception, the experiments designed to test the FIAM have been performed
at a fixed pH, with divalent trace metals (Cu, Cd, Ni, Pb, Zn), in artificial (inorganic) media
or in filtered seawater, and in the presence ofknown quantities of synthetic ligands such as
EDTA or NTA. These ligands act as metal buffers - by manipulating [MJr and/or [L Jr, one
can adjust the free-ion concentration, [MZ+], over the desired range. Perhaps fortuitously,
these ligands form hydrophilic complexes with the metals of interest, towards which
biological membranes are virtuaIly impermeable.
Copper has been studied far more extensively than any other metal. Relevant citations
decrease in the order Cu > Cd > Zn >> aIl others.
The major conclusions of the review are summarized below.
studies performed in the absence of natural dissolved organic matter (DOM)
- In experiments performed at constant pH and water hardness, in the presence of
synthetic ligands forming hydrophilic metal complexes (ML±), the biological
response consistently varies as a function of the concentration of the free metal ion, as
predicted by the FIAM (52 of 59 cases reviewed).
- Documented examples of experiments where changes in metal bioavailability do
not conform to the FIAM are relatively few in number, and most of these can be
explained as cases where the metal forms a neutral, lipophilic complex (ML 0) to
which biological membranes are permeable.
- For studies performed with freshwater organisms under conditions where the pH
and/or the water hardness was varied, it is clear that one must consider potential
competition for the metal binding site, -X-ceIl, by the hydrogen ion, H+, and by the
hardness cations, Ca2+ and Mg2+. These effects were explicitly included in Morel's
original formulation of the FIAM (Morel 1983), but since most of the early work was
done in seawater variations of [H+] and [Ca2+] were of relatively little concern. The
influence ofthe hydrogen ion on metal-organism interactions has been reviewed by
Campbell and Stokes (1985).
studies performed in the presence of natural DOM
- Particularly striking is the scarcity of studies suitable for testing the applicability of
the FIAM in the presence of DOM. There are numerous reports in the literature of the
effects of DOM on metal bioavailability, but virtually aIl ofthese studies are
qualitative in nature (i.e., metal speciation is undefined).
- The few quantitative studies that do exist are more-or-Iess evenly divided between
examples that conform to the predictions FIAM and others that appear to be in
contradiction - i.e., unlike the studies performed in the absence of DOM, no
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consensus is evident for the experiments run in the presence of DOM. The
applicability ofthe FIAM in natural waters in the presence of natural DOM remains
to be demonstrated (Campbell 1993).

3.4 Applicability of the FIAM - studies with sediments
AlI of the studies considered in the preceding section were carried out in the absence of sediments
(water-only exposures); in the present section we return to our area ofprimary concem, the
sediment-water interface, and consider several studies that pertain to simultaneous water-sediment
exposures. Two types of study have been carried out: (1) laboratory bioassays on spiked sediments
(Di Toro et al. 1990; 1992; Carlson et al. 1991) or on natural sediments collected from known
contaminated sites (Ankley et al. 1991; 1993); and (2) field surveys of indigenous benthic organisms
(Campbell and Tessier 1989, 1991; Tessier and Campbell 1990; Couillard et al. 1993; Tessier et al.
1993). Both approaches support the general idea that benthic organisms respond to thefree-metal
ion concentration at the sediment-water interface.

3.4.1 Laboratory bioassays
Vnder the auspices of the V.S. Environmental Protection Agency, a major research effort is
currently underway to define criteria for assessing contaminated sediments (Adams et al.
1992; Burton and Scott 1992). One ofthe avenues being explored is the so-called
"Equilibrium Partitioning" (EP) approach, which assumes that the partitioning of
contaminants between sediments and pore water can be described on the basis of chemical
equilibria - i.e., the concentration ofthe chemical present in either phase can be estimated by
measuring the concentration present in the other phase. The EP approach has proved
successful for non-ionic organic contaminants, where the concentrations of the contaminant
in the sediment pore water and in the bulk sediment are related by Koc> the organic-carbon
normalized sediment-water partitioning coefficient (Di Toro et al. 1991); attempts to extend
this approach to metals are described below.
The goal ofthe EP approach as applied to metals is to be able to predict the (free-)metal
concentration in the sediment pore water. As outlined earlier (section 2.2), the EPAsponsored researchers have assumed that this concentration is controlled by precipitation
reactions with amorphous sulphides (AVS). Since in the presence of excess A VS the
concentrations of free metal should be vanishingly low (Di Toro et al. 1990, 1992), these
workers have hypothesized that provided the molar ratio of {SEM}/{AVS} is less than unity,
the metal should not exhibit any toxicity (SEM = "simultaneously extracted metal" = metal
extracted by the same co Id acid reagent used to determine the amorphous volatile sulphide
fraction). The corollary is that if the {SEM}/{AVS} ratio exceeds 1, the metal should be
toxic.
In a number ofrecent papers the EPA-sponsored research team (based at Manhattan College
and at the VS EPA Duluth laboratorîes) has tested this hypothesis in the laboratory, using
various benthic bioassay organisms. Of the five studies summarized in Table 4, three were
performed on spiked sediments (#1 to 3) and two on "naturally" contaminated sediments that
had been collected along a contamination gradient (#4 and #5). AlI the studies share a
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number of common features: the sediments were collected as a grab sample, i.e. with no
attempt to distinguish between the oxic or sub-oxic strata, and were then homogenized and
analyzed for {AVS} and for the simultaneously extracted metals, {SEM}. In experiments #1
to #3, the {SEM}/{AVS} ratio was varied by spiking the sediment with increasing amounts
of the test metal. After a short "equilibration" period the sediments were placed in small
containers and allowed to settle (normally 24 h). The test organisms were then introduced
and their survival monitored over the next 4-10 days. In most of these experiments the
sediments were recovered at the end of the bioassay, re-homogenized, and re-analyzed for
{SEM} and {AVS}. Virtually the same protocol was followed for the experiments with
naturally contaminated sediments (#4 and #5), except that no additional metal was added to
the sediments; {SEM}/{AVS} ratios were determined on the original sediment and again at
the end of the bioassay, both times on homogenized samples.
The bioassays fUll with cadmium or nickel conformed to the AVS model (Table 4:
experiments #1 to #4): both for spiked sediments and for the naturally contaminated
sediments, no significant mortality occurred relative to controls if the molar concentration of
simultaneously extracted cadmium or nickel was less than the molar concentration of acid
volatile sulphide (AVS) in the sediment. Mortality began to occur when the {SEM}/{AVS}
ratio reached unity, and total mortality was observed when the ratio exceeded ~3. The results
for copper were, however, markedly different (Table 4: experiment #5). Normalization of
sediment copper concentrations to AVS accurately predicted that sediments were non-toxic
when the {Cu} / {AVS} ratio was less than one, but toxicity was frequently absent in samples
with {Cu}/{AVS} ratios significantly greater than unity. The authors determined pore-water
copper concentrations in these experiments and showed that [Cuh still was an excellent
predictor of amphipod mortality - toxicity curves for water-only exposure and for pore-water
exposure were superimposed (Ankley et al. 1993). The authors concluded that "AVS is not
the appropriate partitioning phase for predicting copper bioavailability in freshwater
sediments".
Relationships between metal bioaccumulation and {SEM}/{AVS} ratios have also been
investigated, but the data base is more limited than for organism mortality (Table 4, column
3). In experiment #2 (Lumbriculus variegatus; Helisoma sp.) whole-body Cd concentrations
were measured in worms and snails that survived to the end of the bioassay (i.e., for
sublethal conditions, where the majority of the test organisms survived). Cadmium
bioaccumulation tended to increase over the range of experimental {Cd} / {AVS} values from
0.05 to 3, with separate and distinct plots for each sediment. In addition, contrary to what
would have been predicted, there was no distinct threshold effect when the ratio {Cd]/{AVS}
ratio exceeded 1.0 (Carlson et al. 1991). In contrast to these results, in experiment #4 (L.
variegatus) negligible bioaccumulation of Cd or Ni occurred at {SEM}/{AVS} ratios less
than one. For ratios greater than one, the magnitude by which {SEM}/{AVS} exceeded unity
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Table 4: Laboratory tests of the hypothesis that acid volatile sulphide (AVS) controls the toxicityof
metals in sediments.
Metal

Organism

Response

Geochemical Predictor

Sediment

Reference

1. Cd

Marine amphipods
Ampelisca abdita;
Rhepoxynius
hudsonii

Mortality (96 h)

ratio {added Cd}/{AVS}

spiked marine
sediments

Di Toro et al.
1990

2. Cd

Freshwater
oligochaete
Lumbriculus
variegatus;
snail
Helisoma sp.

Mortality (10d)

ratio {added Cd}/{AVS}

spiked
freshwater
sediments
{SEM}/{AVS}
varied from 10
toO.1)

Carlson et al.
1991

Bioaccumulation

3. Cd, Ni

Marine amphipods
Ampelisca abdita;
Rhepoxynius
hudsonii
Freshwater
oligochaete
Lumbriculus
variegatus;
snail
Helisoma sp.

Mortality

ratio {added M}/{AVS}

spiked
freshwater or
marme
sediments

Di Toro et al.
1992

4. Cd, Ni

Freshwater
amphipod Hyalella
azteca; oligochaete
Lumbriculus
variegatus

Mortality (lOd)

ratio {SEM}/ {AVS}

estuarine
sediments
sampled along
contamination
gradient;
{SEM}/{AVS}
varied from 0.1
to 220

Ankley et al.
1991

ratio {SEM}/{AVS}

freshwater
sediments
sampled along
contamination
gradient;
{SEM}/{AVS}
varied from 0.2
to 68

Ankley et al.
1993

5. Cu

Freshwater
amphipod Hyalella
azteca

Bioaccumulation

Mortality (10d)
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was however an unreliable predictor of bioaccumulation. As pointed out by the Ankley et al.
(1991), this is not surprising since the {SEM}/{AVS} ratio is dimensionless; high ratios can
in principle occur in sediments with relatively low or relatively high metal contamination.
The authors sought to improve the prediction of bioaccumulation by taking into account the
"excess" metal in the sediment, i.e. the difference {SEM}-{AVS}, but did not find any
"definable relationship".

In designing their sediment bioassays, the US EP A-sponsored researchers have emphasized
the importance of establishing and maintaining reproducible experimental conditions. While
understandable and even commendable, this stress on reproducibility has unfortunately
resulted in a certain artificiality - if is nat at al! clear that the results af the biaassays
presented in Table 4 can be extrapalatedfram the labaratary ta the field
This criticism of the bioassay approach bears on three related points: sediment diagenesis,
bioturbation, and microhabitats. As pointed out in the first paper in the series (Di Toro et al.
1990), the normal method of preparing sediments for bioassays is to pro duce a uniform
mixture of sediment and pore water by thorough mixing. For such systems the AVS and the
metals will be uniformly distributed and the concentrations to be used for calculating the
{SEM}/{AVS} ratio are relatively unambiguous. However, as soon as the sediment is placed
in the test container, even before the bioassay organisms are introduced, it begins ta change!
Under the influence ofthe indigenous sediment microorganisms, a redox cline rapidly
develops across the sediment-water interface. Vertical gradients are established in the pore
water, for such variables as dissolved oxygen, iron (II), manganese(II), sulphate and
sulphide, and in the solid phase for such key phases as iron(III) and Mn(IV) oxyhydroxides,
and iron(II) plus manganese(II) sulphides (these latter two being major contributors to the
A VS fraction - Di Toro et al. 1990). Thus, even in the absence of benthic invertebrates, the
distribution of SEM and AVS in settled sediments would be expected to vary vertically and
temporally (Herlihy et al. 1988; Nriagu and Soon 1985)5.
The introduction of test organisms into the experimental systems further complicates the
system. In reworking the sediment, either to create their own micro habitat or in the course of
their normal feeding/excretion behaviour, benthic animaIs will exert an influence on the
diagenetic reactions described above. The influence of this "bioturbation" on sediment
chemistry was ignored in aIl but the most recent of the bioassay experiments summarized in
Table 4 (i.e., the determinations of {SEM} and {AVS} were performed on sediments
collected from parallel control containers without test organisms). Note, too, that benthic
invertebrates can create their own microhabitat within the sediment (Aller 1978; Aller and
Yingst 1978; Krantzberg 1988). The activity of the animaIs (burrowing, feeding) creates
micro-scale variations in sediment chemistry, which will be superimposed on the general

5 These reactions occur sufficiently rapidly to affect sediment chemistry during the course of a 4 to 10 day bioassay.
Indeed, marked changes in {SEM} / {AVS} ratios are often noted when samples collected at the beginning and end of the
bioassay are compared (e.g., Di Toro et al. 1990; Ankley et al. 1993). Note that these differences cannot be attributed to a
sampling artifact - the sediments are normally analyzed at the end of the bioassay after re-homogenization.
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vertical redox-cline. For example, the physical exchange ofwater between the sediment porewater compartment, the burrow and the overlying water column will tend to favour the
diffusion of oxygen into an otherwise anoxic environment.
It is clear from the preceding discussion that under the combined influence of sediment
microorganisms and benthic macrofauna, SEM and AVS concentrations in sediments will
vary temporally and vertically. Given this variability, it is difficult to de ci de which SEM and
AVS concentrations should be used to evaluate the potential toxicity of the metals in
sediments. Concentrations of SEM and AVS can be measured reproducibly on a
homogeneous sediment suspension .... but how do these values relate to the true exposure
conditions experienced by benthic organisms in situ?
It should be emphasized that the preceding critical analysis applies to the AVS approach, as
tested in the laboratory, but does not imply a rejection of the Equilibrium Partitioning
paradigm per se. On the contrary, we would argue that the EP model (with its emphasis on
the prediction ofthe free-metal ion concentration, [M]i, in the interstitial water - see Table 1)
constitutes a valid conceptual framework - what remains to be determined is the nature of the
geochemical phases/reactions that are involved in controlling [Mli. Normalization ofmetal
concentrations with respect to AVS is, of course, invalid if {AVS} is zero, as would be the
case in a fully oxidized sediment. For sediments with trace amounts of AVS, Di Toro et al.
(1990) suggest that it is likely that "other phases" (e.g., sedimentary organic matter; iron
oxyhydroxides) would be important. Indeed, in their most recent laboratory experiments with
copper, Ankley et al. (1993) conclude that strong binding phases other than AVS exist for
copper in freshwater sediments, and suggest that this additional binding capacity may be
correlated with sedimentary organic matter.
AlI the studies discussed to this point have been carried out in the laboratory on
"manipulated" sediments. Field studies on in situ sediments and indigenous benthic
organisms might be expected to yield a clearer indication as to which geochemical
phases/reactions are involved in controlling metal bioavailability at the sediment-water
interface. Such studies are the subject of the following section.

3.4.2 Field Studies
As an alternative to the laboratory bioassay approach described in the preceding section, one
could in principle also study metal-contaminated sediments in situ. The literature is however
replete with unsuccessful examples of this approach, notably where researchers have sampled
along a contamination gradient and have sought relationships between metallevels in the
indigenous benthic organisms and total metal concentrations in the host sediments. More
recently, as the link between metal speciation and metal bioavailablity has become better
recognized, attempts have been made to refine the geochemical approach used to define the
contamination gradient. In particular, several recent papers have used a geochemical
modeling approach to estimate the free-metal ion concentration at the sediment-water
interface, and have then defined the contamination gradient in terms of [MZ+]. The present
section focuses on such investigations.
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AlI the studies considered in this section were performed in the field, at sites chosen to
represent a metal contamination gradient (Table 5). Surficial oxic sediment samples were
collected at each site and analyzed to define and quantify the contamination gradient from a
geochemical point ofview. Similarly, to evaluate the bioavailability of the sedimentassociated metals, indigenous benthic organisms were collected and analyzed. The common
goal of these studies was thus to relate the metal concentrations observed in the benthic
organisms to the geochemistry of the host sediments. In each case the geochemical gradient
has been defined in terms of either the free-metal ion (as estimated from sediment-water
equilibria - section 2.1) or the ratio of sorbed metal to sorbant. Provided that the ambient pH
varies little along the contamination gradient, this latter ratio can be taken as a surrogate
measure of the free-metal ion concentration (NRCC 1988; Tessier and Campbell 1990;
Tessier et al. 1993).
Pathways for metal accumulation differ for the two types of benthic organisms represented in
Table 5. Rooted aquatic plants live in intimate contact with the sediments but can only take
up metals from the dissolved phase (sediment interstitial water and/or overlying water
column). In the single study relating to this class of organism, regression analysis was used
to examine the relationship between metal concentrations in the plant roots/rhizome ([M]r)6
and metal concentrations at the sediment-water interface. Since the pH varied little over the
limited study region, [H+]X was dropped from equation (5) and relationships were sought
between the metallevels in the plant (dependent variable) and the ratio {Fe-OM}/{Fe-ox} in
the host sediment. The usefulness ofthis ratio as a predictor varied among metals (Cu> Pb,
Zn) and among plants (Potamogeton richardsonii > Eleocharis smallii, Nuphar variegatum,
Sparganium americanum > Glyceria borealis) - see Campbell and Tessier (1991). These
preliminary results suggested that the pondweed P. richardsonii may prove to be useful as a
biomonitor species for sediment-associated metals. However, to confirm the potential ofthis
species and the usefulness of the expression {Fe-OM} [H+]X / {Fe-ox} as a surrogate for
[MZ+], it would be necessary to extend the study to a wider geological setting.
Benthic invertebrates are directly exposed to sediment-bound metals and may accumulate
metals from the ambient water and/or from ingested sediment (Luoma 1983; NRCC 1988). If
water is the more important exposure vector, [M]benthos should be correlated with the freemetal ion concentration in the interstitial water ([MZ+] or its surrogate). This hypothesis has
been tested for a variety offilter- and deposit-feeding invertebrates (Table 5). The general
experimental approach has involved field studies at lacustrine or estuarine sites located along
a spatial contamination gradient. Measured biological variables have included metal
concentrations in the indigenous organisms and, in one case, metallothionein levels.
Regression analysis was used to examine relationships between the biological response and
either the free-metal ion (as estimated from sediment-water equilibria - section 2.1) or the
ratio of sorbed metal to sorbant. Relationships between the biological response and these

6 For submerged rooted species in a field setting, the least ambiguous indicator ofmetal bioavailability in the sediments
in the underground parts of the plants (Schierup and Larsen 1981; NRCC 1988).
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will be the metal concentrations

Table 5: Relationships between metal bioavailability, as sensed by indigenous benthic organisms, and
geochemical estimates of the free-metal ion concentration present at the oxic sediment-water interface.
Metal

Organism

Response

Geochemical predictor

Site a

Reference

1. Cu
Pb

Rooted freshwater
aquatic plants, e.g.
Potamogeton
richardsonii

Metal
bioaccumulation

{Fe-OM}/ {Fe-ox}

RouynNoranda
(N=10;
r2 =0.72 for Cu
r2 =0.62 for Pb)

Campbell and
Tessier 1991

2.Cd

Filter-feeding
freshwater mollusk
Anodonta grandis

Metal
bioaccumulation

[Cd2 +], as estimated from
oxic sediment-water equilibria

RouynNoranda;
Chibougamau;
Eastern
Townships,
Quebec;
Sudbury;
Muskoka
(N=19;
r2 =0.82)

Tessier et al. 1993

3. Cd

Filter-feeding
freshwater mollusk
Anodonta grandis

Metallothionein
induction

[Cd2 +], as estimated from
oxic sediment-water equilibria

RouynNoranda
(N=11;
r2 =0.56)

Couillard et al. 1993

4. Cu

Filter-feeding
freshwater mollusc
El/plio complanata

Metal
bioaccumulation

{Fe-OCu}/{Fe-ox}, both
extracted with NH20HeHCI

RouynNoranda
(N=8;
r 2 =0.95)

Tessier et al. 1984

5.Pb

Estuarine deposit
feeder
Scrobicularia plana

Metal
bioaccumulation

{Fe-OPb}/{Fe-ox},
both extracted with HCl

UK estuaries
(N=37;
r2 =0.88)

Luoma and Bryan
1978

6. Hg

Estuarine deposit
feeder
Scrobicularia plana

Metal
bioaccumulation

{Hg}/{OM},
Hg extracted with HN03,
organic matter determined by
loss on ignition

UK estuaries
(N=78;
r2 =0.63)

Langston 1982

7.As

Estuarine deposit
feeder
Scrobicularia plana

Metal
bioaccumulation

{Fe-OAs}/{Fe-ox},
both extracted with HCI

UK estuaries
(N=75;
r2 =0.93)

Langston 1980

aN = number of field sites.
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geochemical predictors were consistently highly significant (Table 5). In contrast,
correlations with total metal concentrations in the sediments were consistently weaker and
often statistically insignificant.
The approach to metal bioavailability described in this section is based on the Free-Ion
Activity Model (FIAM). It draws on surface complexation (SC) concepts (sorption) to
predict the free-metal ion concentrations that should prevail in equilibrium with oxic
sediments, and then assumes that the biological response should vary as a function of this
concentration, [MZ+]. The success ofthe approach under field conditions, as demonstrated in
Table 5, suggests that the underlying concepts may weIl be of general applicability. It should
be pointed out, however, that aIl the organisms represented in Table 5 live at the sediment
water interface (as opposed to within the sediment, e.g. in burrows, where AVS might be
expected to play a more important role). It remains to be seen if the FIAM-SC approach also
applies to infaunal organisms whose behaviour brings them into contact with sub-oxic
sediments.

4. INTERACTIONS BETWEEN PARTICULATE TRACE METALs AND AQUATIC
ORGANlsMs
Having dealt with dissolved metals (geochemical controls; bioavailability) in the previous two
sections, we now focus on those metals that remain in particulate form, i.e. the direct route of
exposure. The reasoning described below applies to organisms for which particulate material
constitutes an important vector for metal uptake. We describe possible links between digestive
processes in benthic organisms and the fate of ingested sediment-bound metals in the intestinal tract,
and review the results of laboratory experiments designed to determine the availability of metals
present in different forms in the "food".
4.1 Background information
Benthic organisms that ingest particles tend to select and ingest the smaller and lighter particles in
their environment. This nutritional strategy is "designed" to maximize the ingestion of organic
carbon in the form of attached bacteria or surface-bound organic coatings, but it also results in the
ingestion of fine-grained particles that tend to be enriched in metals 7 •

Assimilation of particle-bound metals will normally involve their conversion from particulate to
dissolved form in the gut, followed by their facilitated diffusion across the intestinal membrane
(Luoma 1983). Digestive processes and the chemical conditions prevailing within the intestinal tract
thus assume considerable importance (e.g., pH, digestion times, redox status). Digestive pH values
tend to vary for different taxa and, within the gut of a complex organism, may vary 10ngitudinaIly.
For lower trophic level invertebrates, such as those found at the sediment-water interface,
circumneutral pH values are the norm - pH 5 is the lowest reported for the digestive tract of
suspension feeders such as oysters (Owen 1966), whereas the digestive pH ofmost deposit-feeding
7 For example, Tessier et al. (1984) recovered the gut contents from two freshwater molluscs (Elliptio complanata and
Anodonta grandis; discussed in section 3.4.2), and showed that more than 90% of the particles were sm aller than 80 /lm.
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organisms is in the range 6-7 (Luoma 1983; NRCC 1988). More extreme pH conditions are observed
in upper trophic level organisms. Intuitively, acidic conditions within the gut might be expected to
favour metal desorption and dissolution, leading to higher concentrations of dissolved metals in the
lumen. Counteracting this effect, however, will be the tendency of the hydrogen-ion, H+, to compete
with the dissolved metal for uptake sites on the intestinal membrane (Luoma 1983; Campbell and
Stokes 1985). Indeed, the link between (low) digestive pH and (enhanced) metal uptake is weak - it
would appear that while low pH may indeed extract more metal from the ingested partic1es, the
membrane carriers in such an environment are less efficient in complexing the metal for transport
(Luoma 1983).
The residence time of the sediments in the digestive tract will also be of importance, since the
desorptionldissolution processes involved in the digestive process may be slow - longer digestive
times would tend to favour more complete extraction of the metal. Extended residence times in the
gut might also affect the redox status of the ingested sediment. Microorganisms associated with the
ingested sediment will continue to consume oxygen - given sufficient time an originally oxic
sediment may weIl find itself in an anaerobic environment, with obvious consequences for the
amorphous Fe- and Mn-oxyhydroxides and their associated metals.
Metal uptake may also occur by endocytosis in sorne benthic invertebrates, but the quantitative
importance ofthis pathway is unknown. Endocytosis is the engulfment of a (metal-bearing) partic1e
by the epithelial membrane, which then pinches off and forms a membrane-limited vesic1e within the
cell. In a variation ofthis mechanism, specific amoebocytes and/or digestive vesic1es may engulfthe
partic1es outside the cell membrane, e.g. in the lumen ofthe digestive tract or outside the gills, and
then move back into the tissues carrying their particulate burden (George et al. 1978; Luoma 1983).
Note that although a metal may find itself "within" a tissue as a result of endocytosis, strictly
speaking it has not been truly "assimilated" since it is still separated from the cytosol by the original
vesic1e membrane. Digestive processes within the vesic1e might be expected to result in the
desorptionlsolubilization of the metal and its subsequent movement from the vesic1e into the cytosol,
as discussed above for the intestinal tract. Although such a scenario seems plausible, it remains
speculative - little is known about the chemical conditions within digestive vesic1es or amoebocytes.

4.2 Laboratory feeding experiments
Having described the conditions likely to prevail in the digestive tract of a typical benthic
invertebrate, we can now ask the obvious question: do different metal forms behave differently in
this internaI environment? One might formulate the same question in a more general manner: is the
bioavailability of sediment-bound metals affected by their partitioning among various solid phases?
To answer these questions one could in principle study metal bioaccumulation from different
sediment phases, and indeed several such feeding experiments have been performed. The general
approach in these experiments has been to (radio )label various "model" substrates, chosen to
represent geochemical phases known to be present in natural sediments (e.g., organic detritus;
amorphous Fe(III) or Mn(IV) oxyhydroxides; synthetic calcite; biogenic carbonate), and then to
offer these substrates as "food" to a sediment-ingesting organism. Accumulation ofthe labeled metal
within the test organism is then taken as evidence of the metal's "bioavailability" (Luoma and Jenne
1976, 1977; Harvey and Luoma 1985a,b).
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Though simple and direct, this approach is not without its drawbacks (Luoma 1983). The most
important ofthese is related to the tendency of the (radio)label to re-equilibrate with the solution
phase. It is relatively straight-forward to spike a model substrate with radio-Iabeled metal. However,
as soon as the solid phase is recovered and placed in a "clean" aqueous system, the radio-label will
tend to redistribute between the model sediment and the aqueous phase. It follows that the test
organism will be exposed not only to the particulate metal, but also to metal in solution. To evaluate
the bioavailability of the particulate metal, it will be necessary to correct for any "accidental"
uptake from solution. Similarly, metal redistribution among sediment phases may occur if one type
oflabeled phase is mixed with several types ofunlabeled particles (Tessier and Campbell 1988).
Note too that the retention ofundigested radio-Iabeled sediment in the digestive tract of the test
organism may bias the results ofwhole-body metal analyses (Chapman 1985; Hare et al. 1989).
Luoma and Jenne (1976, 1977) managed to minimize the influence ofthese factors in their studies
on Macoma balthica., an estuarine deposit-feeder that ingests both suspended particulates and
surficial botiom sediments. In a series of elegant experiments, these authors exposed M balthica to
various model substrates, each ofwhich had previously been radio-Iabeled with llOmAg, 60Co, 65Zn
or I09Cd. For each experiment a thin layer of labeled sediment of a single type was placed in an
aquarium and covered with sea water. Eight clams were placed in the aquarium and allowed to feed
on the sediments. To correct for uptake from solution, four clams were enclosed individually in
dialysis bags and placed in the aquarium - the dialysis bag separated the enclosed animaIs from the
sediment, but allowed exposure of both groups of animaIs to the same concentration of dissolved
metal. The experiments were run for 14 d and at various intervals the organisms were removed from
their microcosm, counted for radio label (non-destructively) and retumed to their container. Nuclide
concentrations in enclosed animaIs were subtracted from those in feeding animaIs to obtain an
estimate of uptake from ingestion alone. Corrections were also applied to account for the presence
ofundigested radio-Iabeled substrate in the clams' digestive tract.
Significant bioaccumulation by ingestion alone was observed in the Jenne and Luoma experiments,
but the ejjiciency ofuptake varied greatly among different sediment types (Table 6). For example,
uptake of silver varied over three orders of magnitude when normalized for the concentration of
radionuclide in each substrate: uptake from calcite or Mn(IV) oxide was much greater than from the
other model sediments (amorphous Fe(III) oxide; organic detritus). With the same suite of
substrates, uptake of zinc varied over two orders of magnitude; in this case, uptake from biogenic
carbonates and organic detritus was greater than from the Fe or Mn oxides. This difference between
silver and zinc illustrates an important general conclusion from these feeding experiments, namely
that relative metal availability from a given sink variedfrom metal to metal8• The differences in
metal availability were inversely related to the strength of metal binding to the particulates sediments that exhibited the highest affinity for the metal (i.e., that released the least amount of
metal back into solution) were also the substrates from which metal bioavailability was the lowest.
Within the same sediment type (e.g., Fe(III) oxide), metal bioavailability from ingested particles
appeared to be sensitive to the degree of crystallinity of the model sediment - uptake of radiolabel
In other words, one cannot simply generalize that "metals" are more available from phase A (e.g., organic detritus) than
from phase Z (e.g., Mn(IV) oxyhydroxide) - while the sequence A> B may be true for one metal, it will not necessarily
ho Id for the next.
8
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from freshly precipitated Fe203 (3 h) was much greater than from slightly aged oxhydroxides (1624 h).

Table 6: Assimilation of sediment-bound metals by the estuarine deposit-feeder, Macoma balthica summary of controlled feeding experiments with radio-Iabeled (model) sediments.

METAL

RELATIVE BIOAVAILABILITY SEQUENCE

Cd

uncoated F e-ox >> coated Fe-ox, organic detritus

Ag

calcite>Mn-ox »biogenic CaC03>Fe-ox>detritus

Zn

biogenic CaC03>detritus>calcite>Fe-ox, Mn-ox

Co

biogenic CaC03>calcite ~ detritus>Fe-ox>Mn-ox

Cd

(exopolymer + Fe-ox) > (bacteria + Fe-ox) ~ uncoated Fe-ox
natural sediment» alkaline extracted sediment
extracted sediment + exopolymer ~ original sediment

Zn

REFERENCE
Luomaand
Jenne 1976

Luomaand
Jenne 1977

Harvey and
Luoma 1985a

(exopolymer + Fe-ox) slightly> uncoated Fe-ox
natural sediment» alkaline extracted sediment
extracted sediment + exopolymer ~ original sediment

A similar experimental design was employed by Harvey and Luoma (1985a,b) in their more recent
studies on Macoma balthica - instead of individual dialysis bags, a filter chamber device was used
to separate the feeding from the non-feeding clams. Their experiments were designed to quantify the
effects of adherent bacteria and bacterial extracellular polymer ("exopolymer") on the uptake of
particle-bound metals. Earlier experiments had shown that adherent bacteria were an important food
source for M balthica, but that the bacterial exopolymer (used in the process ofbacterial adhesion)
was not assimilated in the time frame of the feeding experiments. Various radio-Iabeled test
sediments were used (Table 6): amorphous Fe(III) oxyhydroxides (Fe-ox); amorphous Fe(III)
oxyhydroxides to which either Pseudomonas atlantica, an adherent bacterium, or its exopolymer had
been added; unaltered San Francisco Bay sediments; sediments that had been extracted with an
alkaline solution to remove the fulvic/humic acid component; extracted sediments that had been recoated with bacterial exopolymer.
As in the earlier experiments, amounts of metal taken up from a given model sediment varied greatly
from one metal to another. For example, ingestion ofradio-Iabeled but uncoated iron oxyhydroxides
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did not contribute appreciably to uptake of Ag or Cd, but accounted for 89-99% of Zn uptake.
Similarly, amounts ofmetal taken up from ingested sediment were sensitive to the nature of the
particle surface. For example, exopolymer adsorbed onto the Fe-ox surface caused an increase in the
availability ofparticle-bound metals in the order Ag >Cd>Zn. Adherent bacteria had no effect on
metal uptake, even though Cd and Zn were taken up from suspensions of bacteria that had been prelabeled with metal (Harvey and Luoma 1985b).
In the trials with labeled sediments from San Francisco Bay, ingested particles contributed more than
50% of the Cd uptake. In marked contrast, uptake from alkaline-extracted sediments was negligible interestingly, addition ofbacterial exopolymer to the extracted sediments restored the bioavailability
of sediment-bound cadmium (note the parallei with the effect noted earlier for amorphous Fe(III)
oxyhydroxides amended with exopolymer). A similar but less dramatic effect was noted for zinc.
Harvey and Luoma (1985a) were unable to explain how the alteration of inorganic particles with
bacterial exopolymer enhanced the availability of particle-bound Ag, Cd and Zn to M balthica.
They discounted the possibility that the exopolymer simply affected the affinity of the particles for
the metal, or that feeding rates changed in the presence of coated particles - they suggested instead
that the presence of exopolymer may have stimulated the secretion of enzymes capable of competing
with Fe-ox for metals in the clam's digestive tract. The observation that adsorbed bacterial
exopolymer and NaOH-extractable organics had a similar effect on the availability of Cd and Zn
from ingested natural sediments suggests that the organic component of a natural sediment may have
a marked influence on the biological availability of metals.

******
The most important conclusion from the above studies is that the physicochemical form of a
sediment-bound metal definitely affects its availability in the digestive tract of Macoma balthica.
However, it should be emphasized that aIl of the studies were performed on the same deposit-feeder,
M balthica, and as the authors themselves point out, it would be premature to attempt to generalize
these results to aIl deposit-feeders.
The results of the feeding experiments are admittedly qualitative and thus are not yet very useful
from a quantitative or predictive point ofview. Nevertheless, there is an interesting parallei between
Luoma and Jenne's "affinity" concept (wherein they suggest that the availability of a particle-bound
metal will be inversely related to the strength of the metal-particle association - Luoma and Jenne
1976,1977) and the more recent suggestion by Di Toro et al. (1990) that the concentration ofthe
metal in the interstitial water can be taken as a measure ofits "chemical potential" in surficial
sediments and thus its availability. This inference seems intuitively reasonable, provided that the
chemical environment within the animal's digestive tract is similar to that in its immediate
environment ( i.e., provided the chemical potential of the metal doesn't change drastically on
passing from outside environment into the digestive system). In this context, better knowledge of
the chemistry ofinvertebrate digestion would be very useful 9 .

9Reinfelder and Fisher (1991) recently studied the efficiency with which various ingested elements were assimilated by
marine calanoid copepods (zooplankton). These authors fed their animaIs radio-Iabeled diatoms rather than sediments,
but their results are nevertheless pertinent: assimilation efficiencies ranged from 0.9% to 97%, and were directly related
to the cytoplasmic content of the diatoms. Reinfelder and Fisher speculate that these zooplankton, with their short gut
residence times, have developed a gut lining and digestive strategy that only provide for assimilation of soluble material.
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5. ECOTOXICOLOGICAL CONSIDERATIONS
5.1 Biochemical indicators of metal-induced stress

5.1.1 Background information
Although the present literature report is focused on the subaqueous disposaI of reactive mine
tailings, it should not be forgotten that even in the absence of such practices freshwater
sediments act as an important reservoir for metals of anthropogenic origin. Whether the
fluxes of metals to sediments are gravitational or diffusive, the overall result is a marked
enhancement of metal concentrations in the upper strata of lake sediments (Livett 1988) metal concentrations in such systems can attain levels 1000 - 5000 times higher (on a ~g/g
fresh weight basis) than those in the overlying water column.
Even in contaminated lakes, the sediment-water interface is normally the habitat for a diverse
and often abundant benthic community. The contamination of surficial sediments by metals
of anthropogenic origin is thus of potential ecological importance. Two related questions
have attracted the attention of researchers and regulators: (A) To what extent are the
sediment-bound metals bioavailable? (B) Are there demonstrable adverse effects on the
benthic community, or on the predatory wildlife that depend on this community, that can be
attributed to metal contamination? With regard to question (A), potentially toxic metals can
attain very high levels in benthic organisms living in contaminated sediments (particularly in
the invertebrate community). Considerable progress has been made towards the development
of predictive models that relate metal body burdens in benthic invertebrates to the
geochemical conditions prevailing in the host sediments (NRCC 1988; see section 3.4.2),
and partial responses to question (A) are already available. However, as discussed below,
benthic invertebrates possess a variety of metal detoxification mechanisms, and metal
bioaccumulation per se is not necessarily an indication of adverse effects. The response to
question (B) thus remains unclear.
Traditionally, attempts to define the impacts of contaminants on aquatic ecosystems have
involved laboratory experiments under defined conditions (toxicity tests) and, to a lesser
extent, field observations on impacted indigenous populations. Extrapolation of laboratoryderived toxicological data to the field is fraught with difficulties (Kimball and Levin 1985;
Cairns 1986), as is the unambiguous interpretation of field observations (Ford 1989 - see
section 5.2). An alternative and complementary approach involves the use of biochemical
indicators to monitor the response of individual organisms to toxic chemicals and to provide
a measure of ecosystem health.
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5.1.2 Biochemical Indicators
The biochemical indicator concept is based on the principle that biological effects of toxic
chemicals in the environment are initiated by the interaction of the toxic chemical with a
biological receptor in a living organism (NRCC 1985; Huggett et al. 1992). The assumption
is made that effects at the ecosystem level are preceded by chemical reactions in individual
organisms, and that concentrations of the contaminant needed to initiate these reactions are
lower than those required to provoke a life-threatening situation for the target organism or
perceptible degradation of the ecosystem. The detection and quantification of these chemical
reactions could then be developed as a sensitive, specific indicator of environmental stress.
A successful biochemical indicator should satisfy a number of criteria (Stegeman et al. 1992;
Haux and Fôrlin 1989):
(i) the indicator should have an early waming capacity, i.e., the biochemical response
should be predictive of effects at higher levels of biological organization and should
precede them;
(ii) the indicator should be specific to a particular contaminant or for a class of
contaminants;
(iii) the indicator should respond in a concentration-dependent manner to changes in ambient
levels of the contaminant;
(iv) the basic biology/physiology ofthe biomonitor organism should be known so that
sources ofuncontrolled variation (growth and development; reproduction; food sources)
can be minimized;
(v) levels of the indicator should be related to the health or "fitness" status of the organism.
For metals, much ofthe attention in the area ofbiochemical indicators has focused on metalbinding proteins, in particular on metallothionein (MT) and metallothionein-like compounds.
Metallothionein, a low molecular weight, soluble, metal-binding protein or group of proteins,
has been identified in mammals, invertebrates, plants and prokaryotes (Roesijadi 1981, 1992;
NRCC 1985; Engel and Roesijadi 1987). Much of the early research on the structure and
function of MT was performed on mammals, but over the last 10-15 years marine
invertebrates have been studied intensively and the role of MT in their metal metabolism has
been clarified (Engel and Roesijadi 1987; Roesijadi 1992) - in distinct contrast, freshwater
invertebrates have been studied much less intensively. Metallothioneins isolated from marine
invertebrates exhibit properties that differ slightly from those ofmammalian MT (e.g.: lower
cysteine content; presence of low levels of aromatic amino acids; propensity to form dimers)
and thus they are often referred to as "metallothionein-like" proteins. In the present context,
we shaH use metallothionein (MT) in its generic sense.
In marine invertebrates metallothionein has been implicated in the storage, transport and
exchange of essential metals (Cu, Zn), and in the detoxification ofthese and non-essential
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metals (Ag, Cd, Hg). As a soluble protein present in the cytosol, with a demonstrably high in
vitro affinity for such toxic metals as Ag, Cd and Hg, metallothionein is poised to sequester
incoming metals and reduce their availability to critical biochemical sites within the cell
(Roesijadi 1981). In such a scheme, as applied to (marine) invertebrates, MT would be
involved in the initial detoxification of the incoming metal, and would play a role in
funneling the metal to such complementary sinks as lysosomes and granules / concretions
(Viarengo 1985).
Support for the putative role of MT in metal detoxification is derived from the observation
that exposure to elevated concentrations of Cd, Cu, Hg or Zn often induces the synthe sis of
MT; in the case of Cd and Hg, the toxic metals have been reported to displace the essential
metals normally associated with metallothionein. Consistent with such a role is the
observation of enhanced metal tolerance associated with the induction of metallothionein.
For example, prior exposure of the marine mussel Mytilus edulis in the laboratory to copper
or cadmium, at concentrations sufficiently high to induce metallothionein-like proteins,
conferred increased tolerance to the toxicity of inorganic mercury (Roesijadi and Fellingham
1987). Similar results have been reported for freshwater fish (Klaverkamp et al., 1984; Roch
and McCarter 1984a; Klaverkamp and Duncan 1987).
Despite this correlation between acclimation to metal toxicity and induction of MT synthesis,
however, metal sequestration by metallothionein may not be a "pure" metal detoxification
mechanism. Metallothionein has been reported as a constitutive (Cu,Zn-)protein in organisms
collected from pristine sites, and it has been shown to play a central role in the moulting
cycle of marine crustaceans (Engel and Brouwer, 1987). In other words, it is not clear that
binding of toxic metals to MT is purely protective and is not itself a deleterious event
(Petering and Fowler 1986).
5.1.3 Metallothionein as a monitoring tool
Given its molecular properties, and present knowledge of its role in metal uptake, transport,
storage and excretion, metallothionein offers considerable potential as a contaminant-specific
biochemical indicator of metal exposure and/or stress (Roesijadi 1992; Stegeman et al.
1992). Possible approaches include:
(i) Direct measurement of [MT] as a simple indicator of prior exposure to toxic metals.
In this case, it is assumed that constitutive levels of MT are low, and that any increase in
concentration above these low basallevels is attributable to the induction of MT in
response to an influx of toxic metals. Such an approach would in principle furnish a
measure ofthe toxicologically significant intracellular fraction of metals (Olafson et al.
1979).
.: ...;
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(ii) Examination of the relative distribution of toxic metals in cytosolic ligand pools as a
means of evaluating metal stress at the biochemicallevel.
It has been suggested that excessive accumulation of metals beyond the binding capacity
of available MT should result in their binding to other intracellular ligands (notably
those ofhigh molecular weight, HMW), a phenomenon termed "spillover" - metals
bound to these other ligands are considered to be capable of exerting cellular toxicity
(Brown and Parsons 1978). In principle this condition could be considered as
symptomatic of metal stress and would be amenable to detection.
Field evidence in support ofthe first approach is slowly accumulating in the ecotoxicologicalliterature. The studies summarized in Table 7 all involved the sampling of
indigenous
populations of aquatic animaIs from sites chosen to represent a spatial (metal) contamination
gradient - in ail cases the concentrations of metallothionein-like proteins did indeed
prove to be higher at the more contaminated sites. Note, however, that in most cases the
contamination gradient was defined only in a qualitative sense (e.g., upstream and
downstream from a known point source of metals, or as a function of distance from a base
metal smelter) and a true dose-response relation could not be derived. In only two cases
(Roch et al. 1982; Couillard et al. 1993) were strict relations demonstrated between tissue
metallothionein concentrations and ambient metallevels.
In the studies of organisms living along a contamination gradient, tissue metallothionein
concentrations were often positively correlated with tissue cadmium levels (Table 7). This
correlation between [MT] and tissue levels of Cd is consistent with the reported potency of
Cd in inducing MT biosynthesis in laboratory experiments (e.g, Roesijadi et al. 1988)10 and
suggests that metallothionein levels will be particularly sensitive to increases in ambient
cadmium.
In addition to spatial trends in tissue metallothionein concentrations, several workers have
demonstrated that MT levels also respond temporally to changes in the degree of metal
contamination (Table 8). For example, Roch and McCarter (1984b) kept hatchery-raised
rainbow trout in pens at three contaminated sites in the Campbell River drainage system
(May-June 1982: S. Buttle Lake, N. Buttle Lake; John Hart Lake) - elevated levels ofhepatic
metallothionein had developed after four weeks exposure in situ. In a companion study, the
levels ofhepatic metallothionein in the indigenous Buttle Lake trout population were
monitored over the period 1981 to 1985, i.e. as the ambient metallevels declined in response
to changes in the tailings disposaI methods - hepatic MT concentrations decreased over the
same period from a high of269 (±23) nmol/g wet wt in August 1981 to a low of 64 (±22)
lOJones et al. (1988) showed that the relative ability ofmetals to induce metallothionein synthesis is inversely correlated
with their softness parameter, p. A "soft" electron acceptor is characterized by a high polarizability of its outer electronic
shell and a tendency to form stable bonds with "soft" ligands, e.g. those containing free thiol groups, RS-. Lower values
of p correspond to softer ions; p values for Cd2+, Cu2+, and Zn2+ are respectively 0.081, 0.104, and 0.115 (Ahrland
1968).
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Table 7: Field validation of the use ofmetallothionein as a biochemical indicator of exposure to bioavailable
metals - spatial studies (N = number of sites).

Field site
Campbell
River
Watershed,
British
Columbia
(N=4)

Sentinel
orgamsm
Rainbow
trout
(Oncorhynchus
mykiss)

Eman River Perch
Sweden
(Perca
(N=2)
jluviatilis)

Metal
gradient

Tissue
liver

Zn, Cu, (Cd)
defined in
terms of
dissolved
metal, [M]d

liver

Cd
gradient
undefined
(up- and
downstream
from point
source)

Flin FIon
lakes,
Manitoba
(N=6)

White sucker
(Catastomus
commersoni)

liver,
kidney

RouynNoranda
lakes,
Quebec
(N=11)

Freshwater
mollusc
(Anodonta
grandis)

gills;
whole
organism

Canadian
Atlantic
coast
(N=7)

Various
seabirds

kidney

Cd, Cu,Zn
defined in
terms of
distance from
smelter
Cd
defined in
terms of
[Cd2+] at
sedimentwater
interface
gradient
undefined
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Re suit

Reference

Hepatic metallothionein
increased ~4-fold in the
indigenous trout
populations along the
contamination gradient;
[MT] correlated with
hepatic Cu or Cd

Roch et al.
1982

Hepatic metallothionein
higher at downstream
site;

Olsson and
Haux 1986

[MT] correlated with
hepatic Cd in individual
specimens (N=20)

Hepatic and renal
metallothionein inversely
correlated with distance
from smelter

Klaverkamp
et al. 1991

Metallothionein
Couillard et
increased 2.5- to 4-fold
al. 1993
in the indigenous mollusc
populations along the
contamination gradient;
[MT] correlated with
tissue Cd

[MT] and [Cd] correlated
in the kidneys of Leach's
storm-petrels, Atlantic
puffin and herring gull

Elliot et al
1992

Table 8: Field validation ofthe use ofmetallothionein as a biochemical indicator of exposure to bioavailable
metals - temporal studies.

Field site

Sentinel
organism

Metal
gradient

Tissue

Campbell
River
Watershed,
British
Columbia
(Buttle
Lake; John
Hart Lake)
(Exposure
period = 4
weeks)

Rainbow
trout
(Oncorhynchus
mykiss)

liver

Zn, Cu, (Cd)

Campbell
River
Watershed,
British
Columbia
(Buttle
Lake)
(Exposure
period = 4
years)

Rainbow
trout
(Oncorhynchus
mykiss)

liver

Zn, Cu, (Cd)

RouynNoranda,
Quebec
(Lake
Vaudray)
(Exposure
period =
400 days)

Freshwater
mollusc
(Anodonta
grandis)

gills;
mantle;
whole
organism

Cd

Result

Hepatic metallothionein
increased ~3-fold in the
trout held for 4 weeks in
defined in
terms of [M]d net pens at three
locations contaminated
by metals;
after 4 weeks exposure in
situ, hepatic [MT] was
correlated with degree of
contamination as
measured by [Zn]d

Reference
Roch et
McCarter
1984b

Hepatic metallothionein
Deniseger et
decreased ~4-fold in the
al. 1990
defined in
indigenous trout
terms of [M]d populations from 1981 to
1985, presumably in
reponse to the decrease in
ambient dissolved metal
levels.

defined in
terms of
[Cd2+] at
sedimentwater
interface
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Metallothionein
Couillard et
increased 2.5-fold over
al. 1994
the first 400 days in
molluscs transferred from
controllake to highly
contaminated Lake
Vaudray; increase in
tissue [MT] correlated
with increase in tissue Cd

nmol/g wet wt in June 1985, this latter value being comparable to levels found in fish from
controllakes (Deniseger et al. 1990).

As for the second possible use of MT, i.e. as a me ans of evaluating metal stress at the
biochemicallevel, the responses of aquatic organisms to excess metal have proven rather
more diverse than originally postulated; in sorne cases the initial binding is not to
metallothionein but to the HMW fraction (Roesijadi 1982; Langston and Zhou 1987), in
other cases both the HMW and the MT fractions increase in parallel (Roesijadi et al. 1982),
and in still other examples the onset of toxic effects appears to be correlated not with the
appearance of excess metals in the HMW fraction but rather with the detection and
subsequent increase of metals in the very low molecular weight (VLMW) fraction (Sanders
and Jenkins 1984). The use of the spillover model in a diagnostic sense is thus premature;
any such application must await specific information on the metal detoxification mechanisms
that are operative in the proposed biomonitor species (Engel and Roesijadi 1987; Roesijadi
1992).

5.1.4 Summary
Metallothioneins offer a number of advantages as biomarkers for exposure to toxic metals in
the (aquatic) environment (Stegeman et al. 1992) - e.g., presence of an extensive and
increasing scientific information base; availability of sensitive analytical methods;
concentration-dependent response to changes in ambient levels of (soft) metal cations.
However, the biological functions of metallothionein are not fully understood and it is not
yet possible to link changes in metallothionein status unambiguously to injury at the cellular
or organismallevel. In order to exploit metallothionein as a predictive indicator of toxicity, it
will be necessary to exp and our knowledge base relative to its normal physiological function.
The basic biologyl physiology of the proposed biomonitor organismes) must be known so
that sources of variation other than metal exposure (e.g., growth and development;
reproduction; food sources) can be taken into account.

5.2 Effects of metals at the population and community levels
5.2.1 Introduction
Much of our knowledge of the deleterious effects of metals on aquatic life has been provided
by laboratory studies, which cannot be considered as representative of natural ecosystems.
Despite this limitation, water quality criteria have frequently been based, in part, on data of
this type. This approach has been criticized as being too simplistic and as providing
inadequate protection for aquatic life (Kimball and Levin 1985; Cairns 1986, 1988; Schindler
1987). One alternative, also known as the holistic or ecosystem "health" approach, is based
on an assessment of the status of the ecosystem using functional and/or structural properties
ofthe system itself (Odum 1985; Schindler 1987; Munkittrick and Dixon 1989a, 1989b;
Edwards et al. 1990; Rapport 1990; Ryder 1990). Ecosystem functions are processes
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(respiration, production, nutrient cycling), while ecosystem structure concerns the organisms
present, organized into communities and populations.
Odum (1985) suggested that certain key features of ecosystem function and structure should
be useful as indicators of contaminant stress and system degradation (Table 9). However, the
normal variation of functional parameters can be quite extensive in unaffected systems and
their relation to environmental factors such as temperature or climate is not well understood
(Schindler 1987). Whole lake manipulation experiments have also shown that ecosystem
functions can be accomplished via several pathways. This redundancy of these functions
makes them poor predictors in systems undergoing chronic stress (Schindler et al. 1985;
Schindler 1987). Schindler (1987) further suggested that structural components are the most
sensitive indicator of a disturbance to an entire system. This would include communities the biotic component of an ecosystem - and populations, the members of a species that
occupy the same habitat and can possibly interbreed.
This section will focus on the structural components of ecosystems - the effects of metals on
fish populations and on algal, zooplankton, benthic invertebrate and fish communities. Two
points should be emphasized here. The first is the artificial separation of ecosystem
components which are of course interrelated. This treatment reflects the focus of many of the
studies cited, few of which deal with organisms outside the authors' area of specialization.
However, the interactions of fish, zooplankton and phytoplankton are important in
determining the productivity ofaquatic ecosystems (McQueen et a1.l986; Northcote 1988;
Carpenter 1991; Mills and Forney 1991; Crowder et al. 1991). According to the trophic
cascade theory, the presence of predaceous fish influences the stability and productivity of
the system; the effects ofpredators are "cascaded" through lower trophic levels such as
planktivores and herbivores (Carpenter et al. 1985; Carpenter and Kitchelll988; Northcote
1988). It is probable that these interactions would also be important in the responses of a
single trophic level to contaminants. For example, both white sucker (Catastomus
commersoni) and lake trout (Salvelinus namaycush) populations in Lake 223, an
experimentally acidified lake, showed unexpected increases during acidification (Mills et al.
1987). It was suspected that the formation of algal mats provided young white sucker with
increased protection from predation; these juvenile white sucker also possibly supplemented
the diet of the lake trout (Mills et al. 1987). These type of interactions should not be ignored
when considering the effect of contaminants on separate communities or populations.
A second point deals with the relative importance of structural and functional measurements.
While structural measures are often considered as more sensitive than functional ones, the
latter can be considered as better indicators of the ecological consequences of stress
(Crosseley and La Point 1984). Such consequences can include the effects of structural
changes on community metabolism and the capacity of the system to deal with contaminants
(Crosseley and La Point 1984).

31

Table 9: Trends expected in stressed ecosystems (after Odum 1985).

Energetics:
1.
2.
3.
4.
5.

Community respiration increases
ProductioniBiomass becomes unbalanced
RespirationiBiomass ratios increase
Importance of imported energy increases
Exported or unused primary production increases

Nutrient cycling:
6. Nutrient turnover increases
7. Horizontal transport increases and vertical cycling decreases
8. Nutrient loss increases
Community Structure:
9. Proportion of r-strategists increases*
10. Size of organisms decrease
Il. Lifespans decrease
12. Food chains shorten, disappearance oftop predators
13. Species diversity decreases and dominance increases (if original diversity is low,
the reverse may occur)
General system-level trends:
14. Ecosystem becomes more open, input and output become more important as
internaI cycling is reduced
15. Succession reverts to earlier stages
16. Efficiency of resource use decreases
17. Parasitism increases, mutualism decreases
18. Functional properties, such as community metabolism, are more robust than are
species composition and other structural properties

* see text (p. 40) for definitions of rand k.
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A community can be characterized by measurements of the total abundance, density or
biomass of all individuals, the total number of species (the species richness), the relative
abundance of species (evenness), or by the most common or dominant taxa (family, genus or
species). Species usually found together, or associations, can be used to typify a habitat.
The diversity of a community can also be expressed as an index, which measures the
uncertainty in predicting the species of the next individual sampled (Washington 1984;
Fausch et al. 1990). The effects of pollution are often most evident as changes either in the
density or abundance of individuals, or in community composition and dominance, as
sensitive species are replaced by tolerant ones (Clements 1991; Luoma and Carter 1991;
Hare 1992). Communities, in particular those comprising periphyton and benthic insects,
have been quite commonly used to evaluate the impact of metals.
The characteristics of a population include abundance, productivity and persistence
(Goodyear 1983). Fish populations have often been used as bioindicators in aquatic systems,
in part because oftheir economic and aesthetic value to society. For example, the lake trout
population in Lake Ontario has recently been proposed as an indicator of the "health" of the
entire system (Edwards et al. 1990; Ryder 1990). Munkittrick and Dixon (1989a, 1989b)
have proposed an approach using white sucker (Catastomus commersoni) for the evaluation
of stress associated with low levels of contaminants. In their framework, the characteristics
of a population suffering from contaminant stress should fit one of five patterns or response
types, which are indicative of effects on certain life stages. The approach includes
measurements of several parameters that are essential in order to assess the average health,
reproductive effort, growth, abundance and recruitment of a population (Table 10). Other
factors that may usefully be measured include effects on diet and on the use of habitat
(Goodyear 1983).

5.2.2 The effects of metal stress on communities
5.2.2.1 Aigai communities
The composition of the algal community in freshwaters has often been used as an indicator of
water quality, especially in streams and rivers (Crosseley and La Point 1984; Rai et al. 1985;
Clements 1991). Changes in this community - the number of species present, its diversity or
overall composition, or its dominant species - are often observed in the presence of
contaminants (Stokes 1983; Whitton 1984).
Buttle Lake has been the site of numerous studies examining the impacts of mine wastes on
lake communities. In 1966, a Cu-Zn mine began operations in the vicinity of the lake, which
is situated on Vancouver Island, British Columbia. Metal concentrations in the lake
increased until abatement measures were instigated in 1980, and metallevels began to
decline in 1984. The species composition changed as metal tolerant species became
dominant, replacing those species usually found in oligotrophic B.C. lakes (Austin et al.
1985; Deniseger et al. 1990). The total number of species (species richness) and the
community diversity also decreased. With declining metallevels, tolerant species gradually
were replaced as metal-sensitive genera and species returned to dominance (Austin et al.
1985; Deniseger et al. 1990). In particular, one previously dominant species (Rhizosolenia
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eiseneri) disappeared in 1983, recovered dominance in 1984, and virtually excluded aIl other
algae from the lake in 1985.
It has been suggested that the dominance of certain algal taxa can be used as a diagnostic tool
for evaluating the degree ofmetal contamination (Foster 1982; Crosseley and La Point 1984;
Clements 1991). While the results from Buttle Lake appear to support this contention, other
factors contribute to dominance of one species or another in polluted waterbodies. Prior to
1984, R. eiseneri had been considered as a "metal-sensitive" species, yet its recovery and
predominance in later years occurred at metal concentrations that had previously caused its
decline. The recovery was also associated with an increased availability of nitrogen in the
lake, the source ofwhich was N-rich mine waste. This increased supply, coupled with this
organism's high requirement for N, possibly allowed it to dominate the lake during recovery
(Deniseger et al. 1990).

Normally sensitive taxa have also been found to develop metal tolerance and thus reliance
upon the presence of a certain genus or species as indicative of metal contamination is not
recommended (Foster 1982; Stokes 1983, Whitton 1984).
Dominance changes associated with metal contamination may also be related to increased or
reduced grazing pressure (Langston 1990). Yan (1979) and Yan and Strus (1980) studied
acidic metal-contaminated lakes in Ontario. Algal communities in stressed lakes had reduced
species richness, decreased biomass and were of a different composition when compared to
reference lakes. The effects were most severe in acid lakes if metals were also present.
However, the dominant zooplankton in these lakes were small organisms, such as Bosmina
longirostris, which also feed on small sized algae (Yan and Strus 1980). By reducing the
numbers of small algae, these organisms may have contributed to the dominance of larger
species in these lakes. The interactions of phytoplankton and zooplankton are important
factors to consider when determining algal dominance.
Changes in the composition of algal communities, generally reductions in species richness,
have been correlated with the degree of pollution in metal-contaminated streams (Foster
1982; Crosseley and La Point 1984; Clements 1991). Algal community composition was
also considered as the most sensitive indicator of the state of an experimentally acidified lake
(Schindler et al. 1985; Schindler 1987). Changes in dominant algal species may also be
detected using paleoecological techniques; these changes can be correlated with suspected
changes in water quality, such as acidification and elevated levels ofmetals (Dixit et al.
1988a; 1988b). However, this approach is limited to algae that can be fossilized (diatoms,
chrysophytes) and is not specific for metal contaminants.
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Table 10: Population parameters for the assessment oflow-Ievel contaminant stress in fish populations (Munkittrick and Dixon,
1989)

Type of response,
life stage affected
1
direct on adults
2
direct on eggs,
larvae
3
direct on juveniles
(multiple stress)

4
indirect, above
indicator organism
(predator)
5
indirect, below
indicator organism
(prey)

mean age

age
growth
distribution rate

condition
factor 1

age at
maturation

R.L.S. 2

fecundity

egg
Slze

CPUE3

population
size

-, +

-

-

-

-

+

+

-

o, -

-

+

0,+

0

0

+

0

0

-

-

+

+

-

-

+

0

-

-,0

-

-

0

0

-

-

+

-

-

-

+

+

0

0

-

0

+

-

-

-

-,0

-,0

1. condition factor:

=

100 (wt/(length3).

2. reproductive life span = mean age - (age to maturation).
3. catch per unit effort.
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5.2.2.2 Crustace an zooplankton
F ew studies have examined the impacts of metals on lake cpmmunities of crustacean
zooplankton, despite their importance as a prey item for fish. In Buttle Lake, calanoid
copepods and cladocerans decreased in numbers until 1984, at which point almost the entire
community had disappeared (Deniseger et al. 1990). The abundance of individuals and the
diversity of the community began to recover after this date and in 1986 the community
diversity and composition resembled that observed in 1966-67. Similar results have been
reported for lakes both during acidification and after recovery. In acid lakes, decreases in
diversity, total biomass and changes in dominance among crustace an zooplankton have also
been observed (Sprules 1975; Yan and Strus 1980; Confer et al. 1983; Schindler et al. 1985).
Keller and Yan (1991) reported that increases in zooplankton community species richness
and the retum of acid intolerant species occurred in lakes recovering from acid and metal
contamination.
In the Experimental Lakes Area, the effects of additions of Cd have been studied. Lawrence
and Holoka (1987) added Cd to lake enclosures, as the pH of the lake was gradually lowered
over several years, and observed the effects on the zooplankton community. There were
reductions in community biomass and in the number of species at low pH, yet Cd appeared to
mitigate sorne of the effects ofacid pH. At pH 5.6, the effects on biomass were less severe
in the presence of Cd, while the metal did have effects on the species composition. Low
levels of Cd (1.78 nM) have also been added to the epilimnion of Lake 382 over a period of 4
years (Malley et al. 1990). While there was no clear evidence of community-Ievel effects,
the authors suggested that zooplankters avoided the epilimnion when Cd concentrations were
elevated.
5.2.2.3 Benthic invertebrates
The benthic community is in intimate contact with both water and sediment phases and is
also a source of food for birds and fish. The impact of metals on benthic communities has
been extensively studied in streams polluted by mine tailing residues, acidic mine drainage or
by experimental additions of metals (Clements 1991; Hare 1992). The existence of gradients
in streams allows comparisons among impacted sites, as well as with upstream and
downstream reference sites. Attempts have been made to correlate the biological changes
observed with distance from the source or with the degree of contamination (Clements 1991).
The effects noted have included reductions in the number of taxa (taxonomic richness:
Clements et al. 1988, 1992), changes in the proportion oftolerant vs. sensitive taxa (Winner
et al. 1980; Sheehan and Winner 1984; Clements et al. 1992), the losses of selected
representative taxa (Moore et al. 1991) and reductions in the density (Chadwick and Canton
1984; Sheehan and Winner 1984; Chadwick et al. 1986) and abundance ofindividuals
(Clements et al. 1988, 1992).
The complexity of a community is frequently expressed as a diversity index, a measurement
of the species richness weighted with the abundance ofindividuals per species (Washington
1984). However, such traditional ecological measurements are not always useful in detecting
the effects of pollution. In metal-polluted streams, benthic community diversity is not
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generally indicative of the degree of contamination (Winner et al. 1980; Chadwick and
Canton 1984; Chadwick et al. 1985). Chadwick and Canton (1984) studied sites along Silver
Bow Creek, a Montana stream polluted by mine waste. At contaminated sites, organism
density was reduced without corresponding decreases in the number of species. These
effects were not reflected in the diversity indices they tested. Existing diversity indices, such
as the Shannon-Weiner Index, do not take these changes into account. Many diversity
indices are strongly influenced by sample size (Winner et al. 1980; Chadwick et al. 1985)
and tend to over-represent species with few individuals (Sheehan 1984). Measurements of
diversity are thus of limited usefulness for the detection of community changes, apart from
situations of severe impact (Clements 1991).
In cases of severe metal pollution, however, communities do tend to resemble one another
and the use of similarity indices has been useful in identifying these impacted sites (Winner
et al. 1980; Clements et al. 1988, 1992). From their work on the Clinch River (Virginia),
Clements et al. (1992) developed an index of common sensitivity (lCS) to differentiate
reference and impacted sites. The ICS is a measure of the similarities in community
composition, and in the number of individuals and taxa present, based on 13 dominant
benthic taxa. It was applied to both the Clinch River and experimental stream sites with
sorne success, and could be used on other polluted rivers (Clements et al. 1992).
Proportions of tolerant and sensitive taxa at different sites have also been used as indices of
the degree of metal stress in streams (Winner et al. 1980; Clements et al. 1988, 1992; Moore
et al. 1991). Winner et al. (1980) and Clements et al. (1988) have suggested a simple scale
wherein severe pollution is indicated by the dominance of chironomids (Chironomidae),
moderate pollution by caddisflies (Trichoptera) and chironomids, and the least pollution by
caddisflies and mayflies (Ephemeroptera). The Chironomidae, and in sorne cases the
Oligochaetae (Chapman et al. 1985), are apparently tolerant of severe pollution, while the
Ephemeroptera are considered as extremely sensitive (Winner et al. 1980, Clements et al.
1988, 1992; Moore et al. 1991).
Rowever, the classification of entire taxa as tolerant or sensitive may ignore important
differences that exist within certain taxa. Rare (1992) points out that sensitivity within
orders of insects varies; for example, certain Ephemeropteran genera appear more tolerant of
metals in certain habitats than in others. Clements et al. (1992) have determined that at least
one chironomid tribe - the Tanytarsini - is as sensitive to metals as are mayflies. Chapman et
al. (1985) noted that the sensitivity to pollution differs among the oligochaetes. The
interpretation of results, and the classification of taxa as tolerant or sensitive, is often
dependent on the level of taxonomic resolution (Winner et al. 1980). Thus the classification
of habitats as polluted or not by the presence or absence of orders may be inaccurate.
In addition, the different ecological roles of the organisms are ignored when species, genera
or orders are pooled and treated as one unit (Rare 1992). Trophic interactions may be
simplified in impacted habitats (Sheehan 1984) yet relatively few studies have attempted to
account for the ecological niche of either sensitive or tolerant organisms. Moore et al. (1991),
in studies of a mountain river affected by acidic mine drainage (the watershed of the
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Blackfoot River, Montana), found that predaceous species were more sensitive than detritus
feeders to metal pollution. In contrast, other studies suggest that predators are less affected
by metal exposure than other functional groups (Selby et al. 1985; Leland et al. 1989).
In many stream studies, temporal and spatial variability has complicated the analysis and
interpretation ofresults (Sheehan and Winner 1984; Clements et al. 1992). Coefficients of
variation (Sheehan and Winner 1984), as weIl as more sophisticated statistical techniques
such as cluster (Chadwick et al. 1986) or multivariate analyses (Clements et al. 1992), have
been used to compare sites and to detect trends despite significant variation. The importance
of seasonal variation was emphasized by Hare and Campbell (1992), who found that there
was significant seasonal variation in accumulated metals in several insect taxa in lakes.
Organisms from the same sites were compared over an annual cycle and the accumulation of
cadmium was found to vary seasonally, yet not aIl metals responded in a similar manner.
Measurements of functional and population parameters in impacted communities have also
been rare. Sheehan and Knight (1985) combined structural and functional parameters in a
"multilevel" approach, studying sites along Little Grizzly Creek. They measured the
taxonomic composition (abundance of genera, species richness, and the dominant taxa), in
addition to the secondary production and production:biomass ratio, of the chironomid
community. Recruitment of early instar larvae was decreased during the faH, though it was
difficult to trap aH ofthese smaller organisms because of downstream drift. However, they
postulated that energy was lost from the system as food (algae, periphyton) was being
exported.
The impact of metals on benthic communities in lakes has received proportionally less
attention (Hare 1992). Moore (1979) considered that density of organisms was the best
indicator of pollution in Great Slave Lake (NWT), a sub-arctic lake affected by mining
effluent. Species composition and diversity were similar in heavily contaminated sites and in
relatively clean ones, while density increased with distance from the source of effluent.
Moore (1979) also concluded that diversity indices may not be applicable in sub-arctic
environments, due to the low species counts.
Munkittrick et al. (1991) also found that density, as weIl as the numbers of taxa, ofbenthic
invertebrates were reduced in a metal-contaminated lake, in comparison with a reference
lake. Lake Manitouwadge, part of a chain of lakes in Northem Ontario, has been severely
contaminated by copper and zinc derived from mine tailings. Chironomidae and Copepoda
were dominant taxa in both lakes, yet the order of dominance was reversed in the
contaminated lake. Other invertebrates (Amphipoda, Ephemeroptera, Gastropoda, nondipteran insects) commonly found in the region were totally absent in Lake Manitouwadge.
Effects observed in the indigenous white sucker (Catastomus commersoni) were linked to the
disappearance ofthese taxa (Munkittrick and Dixon 1988a; Munkittrick et al. 1991).
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5.2.2.4 Fish communities
Most studies involving fish communities have involved listing the species present
(community composition), measuring the species richness (the number of species) or using
the associations of species, which are considered to prefer certain habitats, as indicative of
water quality (Karr 1981; Fausch et al. 1990). As with other communities, the presence of
tolerant, or the absence of sensitive, species is not necessarily indicative of pollution (Fausch
et al. 1990). The use of diversity indices either to predict or to measure the degree of
contamination in rivers and streams has also met with mixed results, because fish species
diversity is known to vary substantially with season and with year in these habitats (Fausch
et al. 1990).
Population density and total biomass are frequently used measurements of the state of stream
communities. In Welsh streams affected by metal and acid runoff, Turnpenny et al. (1987)
found that the presence of fish, the population density and the total biomass were affected by
low pH. In certain streams, the presence ofmetals (Al, Zn, Mn) accounted for the effects
observed. In acidified Nova Scotia rivers, fish communities had lower density, lower
biomass and shifts in species composition, when compared to neutral pH systems (Lacroix
1987).
Somers and Harvey (1984) sampled fish communities in lakes receiving atmospheric inputs
ofacid and metals from a smelter in the vicinity ofWawa, Ontario. Part of the study
involved tabulating population losses. Many lakes were fishless and historical data
suggested that previously existing populations, in particular the top predator species brook
trout (Salvelinus fontinalis) and the lake trout (Salve lin us namycush) had become extinct.
Associations of species, especially those species considered as sensitive, were also examined.
In many lakes, the commonly co-occurring species ofNorthem pike (Esox lucius), walleye
(Stizostedion vitreum vitreum), and yellow perch (Percaflavescens), appeared most affected.
The frequency of occurrence (% of lakes with fish) and the species richness increased with
distance from the source of pollution. Associations of species were also used as indicative of
metal and acid stress. Lakes closest to the smelter were also characterized by "unusual"
species associations and by communities dominated by cyprinids. Many studies of the
effects of acidic precipitation (Wright and Snekvik 1978; Harvey 1982; Minns et al. 1990)
have used similar approaches and have shown similar effects on fish communities in lakes
(absence offish, reduced species richness, decreased frequency of occurrence).

5.2.3 Effects of Metals on Fish Populations
Recent studies examining the effects of metals on fish populations have been concemed with
either the impacts of atmospheric deposition due to smelter operations, or the influence of
mine tailings. The source of the metal is important when fish population characteristics are
measured. Hamell Lake, Saskatchewan, has been contaminated by metals (mainly Zn and
Cd) originating from a nearby smelter (Van Loon and Beamish 1977). McFarlane and
Franzin (1978) found that the native white sucker population grew faster, had higher
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fecundity (number of eggs per female), had fewer adults, and was on average younger than
the reference population in Thompson Lake. They also found that the females matured
earlier, but reproduced less successfully. They concluded that the population attempted to
compensate for this reduced spawning success by increasing their reproductive effort
(McFarlane and Franzin 1978). Populations that attempt to maximize their rate of
reproduction are following a strategy of "r" selection, so-called because r represents the
intrinsic natural rate of increase of the population.
Lake Manitouwadge, discussed previously, had similar total metal concentrations (Zn and
Cu) in the water column, and a similar water chemistry (pH and hardness) to Hamell Lake
(McFarlane and Franzin 1978; Munkittrick and Dixon 1988a; 1989b). However, effects on
the white sucker population were considerably different. In comparison with the reference
population in Loken Lake, the Lake Manitouwadge population exhibited smaller egg size,
reduced larval growth rates and survival (Munkittrick and Dixon 1989c) and had reductions
in growth rate and in fecundity, yet there were no differences in either age of maturation or in
condition (Munkittrick and Dixon 1988a).
Due to the fact that the size of the population has not changed despite the reduced larval
survival, Munkittrick and Dixon suggested that the carrying capacity (k, the number of
individuals a habitat can support) of the habitat had been reduced. In later studies
(Munkittrick and Dixon 1991; see above), evidence was presented to support their hypothesis
of a niche shift by this population (the replacement ofpreferred prey species by less
nutritious ones in the diet). The population would thus be forced into a new equilibrium at a
lower k.
These two studies show the importance of population strategies (r vs. k) in adapting to stress,
a factor that should be considered when measuring population characteristics. In addition, the
source of contamination was evidently important for the effects observed in the two white
sucker populations. In lakes contaminated by atmospheric deposition, such as Hamelliake,
the primary effects of increasing metallevels may be on the young larval stages. In the case
ofmine tailings (eg Lake Manitouwadge),·benthic invertebrates, the favored prey ofwhite
sucker, may be the first organisms affected.
Of course, the biology of the species under study, as well as its habitat, would play a role in
the importance of niche shift in a population. Tumpenny et al. (1987) studied the diet of
brown trout (Salma trutta) inhabiting low pH and metal polluted streams in Wales. They
classified organisms found in the gut, as well as comparing stomach fullness. Comparisons
with populations in neutral pH streams revealed that there were no differences, despite the
reductions in prey fauna in the low pH-metal stressed habitats. The latter trout populations
appeared to supplement their diet from terrestrial sources.
Another important aspect arising from studies of natural populations is their tolerance of
waterbome metal concentrations that are apparently toxic. Van Loon and Beamish (1977)
proposed that organisms in lakes near a smelter, including those in Hamell Lake, were more
tolerant of high zinc concentrations than what would be expected from laboratory toxicity
data. On the basis of data obtained in 1981, Klaverkamp et al. (1990) reported that Hamell
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lake white suckers were much more resistant to lethal Cd levels than were fish from
relatively non-contaminated Thompson Lake. White sucker larvae, originating from Lake
Manitouwadge and raised from the egg stage in clean laboratory water, were more tolerant of
metals (Cu, Zn) during toxicity tests than were similarly treated larvae from Lake Loken, the
reference lake (Munkittrick and Dixon 1988b; 1989c). The concentrations ofmetals present
in Buttle Lake caused mortality to rainbow trout (Oncorhynchus mykiss) under laboratory
conditions (Roch and McCarter 1984a). In addition, many of the trout prey species in Buttle
Lake (i.e. crustacean zooplankton) suffered almost total extinction at one point in time
(Deniseger et al. 1990), yet trout populations continued to exist, apparently successfully
(Roch et al. 1982; Deniseger et al. 1990). The maintenance of populations at these elevated
metallevels suggested the existence of tolerance mechanisms, such as the production of
metallothioneins (Hamell Lake: Klaverkamp et al. 1990; Buttle Lake: Roch et al. 1982; Roch
and McCarter 1984b). However, the fact that these mechanisms have been shown to exist in
natural populations does not imply that these populations are not at risk. As of 1986, the
Hamell Lake white sucker population appeared close to extinction (Klaverkamp et al. 1990).

5.2.4 Summary
Recent studies suggest that chronic exposure to low levels of contaminants eventually results
in severe effects on populations (Munkittrick and Dixon 1989) and communities (Schindler
1987) in aquatic environments. Thus, community and population data are essential for the
prediction and monitoring of these effects, in combination with appropriate toxicity tests
(Schindler 1987) and the use ofbiochemical and physiological indicators (Munkittrick and
Dixon 1989a).
Difficulties may be encountered in relating contaminants to observed effects due to natural
variation or to unrelated environmental changes. The effects of natural population cycles,
climatic effects and other environmental factors not related to contamination, must be
accounted for if the impacts of contaminants on populations and communities are to be
properly assessed (Munkittrick and Dixon 1989a; Schindler 1987; Schindler et al. 1985).
Lessons may be learned from the lake manipulation studies carried out in the Experimental
Lakes Area in Ontario. The results ofthe acidification studies in particular have emphasized
the importance of representative reference sites and the benefits of an extensive chemical and
biological data base. In addition, population and community parameters were monitored
over several years, which allowed the changes observed to be linked to the experimental
manipulation (Schindler et al., 1985; Schindler 1987; Mills et al. 1987; Mohr et al. 1990).
Community level studies, which encompass several trop hic levels, can be essential in
interpreting the response of one population to a stress (metal mine waste: Munkittrick and
Dixon 1988a; acidification: Mills et al. 1987). This approach avoids the possible exclusion
of the most sensitive components of a community, which might occur if attention is
concentrated on a single species. From an ecological perspective, the feedback mechanisms
that exist among trop hic levels and between competitors are important in determining
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dominance in an algal community (Yan and Strus 1980) or survival of young fish (Mills et
al. 1987).
Certain community indices have been shown to be more useful than others in detecting the
impacts of contaminants such as metals or acid. The most useful appear to be species
composition (Schindler et al. 1985; Schindler 1987; Deniseger et al. 1990) and species
richness (Austin et al. 1985; Deniseger et al. 1990). In the limited number oflake studies
available, the density ofbenthic organisms has proven useful (Moore 1979; Munkittrick et al.
1991), though this may not be the case in less severely contaminated habitats. Improved
methods for the taxonomic differentiation of benthic animaIs are needed both to improve the
relationship of community composition with the degree of metal stress and to place these
effects in an ecological context (Hare 1992).
Fish populations are not necessarily the most sensitive predictors of the future state of a
system (Schindler et al. 1985). However, there are certain advantages to the use offish
populations, notably the relative facility of collecting the data necessary for such studies (age
ofindividuals, reproductive status, growth, condition) and the existence ofhistorical records
for comparison. In the appropriate context, fish population assessments are an integral
component for the evaluation of contaminant impacts (Munkittrick and Dixon 1989a;
1989b). Furthermore, population data are essential to relate chronic toxicity, often observed
in individuals in the field, to effects at the level of the population. In their studies of
metallothionein in European perch (Perca fluviatilis), Hogstrand et al. (1991) also noted
differences in sex ratio and body weight between populations in their contaminated and
reference sites. However, there was insufficient population data to evaluate whether these
differences were associated with metal exposure.
Finally, the importance ofmetal bioavailability should be considered. In many ofthese
studies, the chemistry ofthe exposure milieu (sediments, water column) was insufficiently
defined, thus precluding reasonable speculations about the amount of metal that was actually
bioavailable. Comparisons between lakes, or even within the same lake over time, are
hazardous without accounting for the fraction of total metal that causes the observed
biological effects.

42

6. REFERENCES
Abu-Hilal, A., Badran, M. and de Vaugelas, J. 1988. Distribution of trace elements in Callichirus
laurae burrows and nearby sediments in the Gulf of Aqaba, Jordan (Red Sea). Mar. Environ. Res.
25: 233-248.
Adams, W.1., Kimerle, RA. and Barnett, J.W. 1992. Sediment quality and aquatic life assessment.
Environ. Sci. Technol. 26: 1864-1875.
Ahrland, S. 1968. Thermodynamics of complex formation between hard and soft acceptors and
donars. Struct. Bonding 5: 118-149.
Aller, RC. 1978. Experimental studies of changes produced by deposit feeders on pore water,
sediment and overlying water chemistry. Am. 1. Sci. 278: 1185-1234.
Aller, RC. and Yingst, J.Y. 1978. Biogeochemistry of tube dwellings: a study of the sedentary
polychaeteAmphitrite ornata (Leidy). J. Mar. Res. 36: 201-254.
Ankley, G.T., Mattson, V.R., Leonard, E.N., West, C.W. and Bennett, J.L.. 1993. Predicting the
acute toxicity of copper in freshwater sediments: evaluation ofthe role of acid-volatile sulfide.
Environ.Toxicol.Chem. 12: 315-320.
Ankley, G.T., Phipps, G.L., Leonard, E.N., Benoit, D.A., Mattson, V.R, Kosian, P.A., Cotter, A.M.,
Dierkes, J.R, Hansen, D.J. and Mahony, 1.D. 1991. Acid-volatile sulfide as a factor mediating
cadmium and nickel bioavailability in contaminated sediments. Environ.Toxicol.Chem. 10: 12991307.
Austin, A., Deniseger, J. and Clark, M.J.R 1985. Lake algal populations and physico-chemical
changes after 14 years input ofmetallic mining wastes. Wat. Res. 19: 299-308.
Bernhard, M., Brinckman, F.E. and Irgolic, K.J. 1986. Why "speciation"? In: The Importance of
Chemical "Speciation" in Environmental Processes, M. Bernhard, F.E. Brinckman and K.J. Irgolic,
[Eds.], Springer-Verlag, Berlin, pp. 7-14.
Brown, D.A. and Parsons, T.R. 1978. Relationship between cytoplasmic distribution ofmercury and
toxic effects to zooplankton and chum salmon (Oncorhynchus keta) exposed to mercury in a
controlled ecosystem. J.Fish.Res.Board Cano 35: 880-884
Burton, G.A. and Scott, K.J. 1992. Sediment toxicity evaluations - their niche in ecological
assessments. Environ. Sei. Technol. 26: 2068-2075.
Cairns, J. Jr. 1986. The myth of the most sensitive species. Bioscience 36: 670-672.

43

Cairns, J. Jr. 1988. What constitutes field validation of predictions based on laboratory evidence?
In: Aquatic Toxicology and Hazard Assessment. W.J. Adams, G.A. Chapman and W.G. Landis,
[Eds.], ASTM STP 971. American Society For Testing and Materials, Philadelphia, PA, pp. 361368.
Campbell, P.G.C. 1993. Interactions between trace metals and aquatic organisms: a critique of the
Free-Ion Activity Model. In: Metal Speciation and Bioavailability, A. Tessier and D.R. Turner,
[Eds.], Lewis Publishers Inc., Boca Raton, FL, Chapter 2 (in press).
Campbell, P.G.C. and Stokes, P.M. 1985. Acidification and toxicity ofmetals to aquatic biota.
Cano J. Fish. Aquat. Sci. 42: 2034-2049.
Campbell, P.G.C. and Tessier, A. 1989. Geochemistry and bioavailability of trace metals in
sediments. In: Aquatic Ecotoxicology, A. Boudou and F. Ribeyre, [Eds.], CRC Press Inc., Boca
Raton, FL, Chapter 7, pp. 125-148.
Campbell, P.G.C. and Tessier, A. 1991. Biological availability ofmetals in sediments: analytical
approaches. In: Heavy Metals in the Environment, l-P. Vernet [Ed.], Elsevier Sci. Publ. B.V.,
Amsterdam, Netherlands, pp. 161-173.
Carlson, A.R., Phipps, G.L., Mattson, V.R., Kosian, P.A. and Cotter, A.M. 1991. The role ofacid
volatile sulfide in determining cadmium bioavailability and toxicity in freshwater sediments.
Environ., Toxicol. Chem. 10: 1309-1319.
Carpenter, S.R. and Kitchell, J.F. 1988. Consumer control oflake productivity. Bioscience 38: 764769.
Carpenter, S.R., Kitchell, J.F.and Hodgson, J.R. 1985. Cascading trophic interactions and lake
productivity. Bioscience 35: 634-639.
Carpenter, S.R. 1991. Transmission of variance through lake food webs. In: Complex Interactions
in Lake Communities. S.R. Carpenter, [Ed.], Springer-Verlag, New York, NY, pp. 119-135.
Chadwick, J.W., Canton, S.P. and Dent, R.L. 1986. Recovery ofbenthic invertebrate communities
in Silver Bow Creek, Montana, following improved metal mine wastewater treatment. Wat. Air Soil
Pollut. 28: 427-438.
Chadwick, J.W. and Canton, S.P. 1984 Inadequacy of diversity indices in discerning metal mine
drainage effects on a stream invertebrate community. Wat. Air Soil Pollut. 22: 217-223.
Chapman, P.M. 1985. Effects of gut sediment contents on measurements ofmetallevels in benthic
invertebrates - a cautionary note. Bull. Environ. Contam. Toxicol. 35: 345-.

44

Chapman, P.M., Churchland, L.M., Thompson, P.A. and Michnowsky, E. 1980. Heavy metal studies
with Oligochaetes. In: Aquatic Oligochaete Biology. RO. Brinkhurst and D.G. Cook, [Eds.],
Plenum Press, New York, NY, pp. 477-502.
Clements, W.H., Cherry, D.S. and Cairns, l 1988. Impact ofheavy metals on insect communities in
streams: a comparison of observational and experimental results. Cano l Fish. Aquat. Sei. 45: 20172025.
Clements, W.H. 1991. Community responses of stream organisms to heavy metals: a review of
observational and experimental approaches. In: Metal Ecotoxicology: Concepts and Applications.
M.C. Newman and A.W. McIntosh, [Eds.], Lewis Publishers, Chelsea, MI, pp. 363-391.
Clements, W.H., Cherry, D.S. and Van Hassel, lH. 1992. Assessment ofthe impact ofheavy metals
on benthic communities at the Clinch River (Virginia): evaluation of an index of community
sensitivity. Cano l Fish. Aquat. Sei. 49: 1686-1694.
Confer, J.L.; Kaaret, T. and Likens, G.E. 1983. Zooplankton diversity and biomass in recently
acidified lakes. Cano J. Fish. Aquat. Sei. 40: 36-42.
Couillard, Y, Campbell, P.G.C. and Tessier, A. 1993. Response ofmetallothionein concentrations in
a freshwater bivalve (Anodonta grandis: Mollusca, Pelecypoda) along an environmental cadmium
gradient. Limnol. Oceanogr. 38: 299-313.
Couillard, Y, Campbell, P.G.C., Tessier, A., Auclair, J.C. and Pellerin-Massicotte, l 1994.
Temporal changes ofmetallothionein and metal (Cd, Cu, Zn) concentrations in freshwater mollusc
tissues during an in situ transplant experiment (in preparation).
Crosseley, M.J. and La Point,T.W. 1988. A comparison of community structural and functional
responses to heavy metals. Hydrobiol. 162: 109-121.
Crowder, L.B., Drenner, RW., Kerfoot, W.c., McQueen, D.J., Mills, E.L., Sommer, U., Spencer,
C.N. and Vanni, M.J. 1991. Food web interactions in lakes. In: Complex Interactions in Lake
Communities. S.R. Carpenter, [Ed.], Springer-Verlag, New York, NY, pp.141-160.
Davis, W.R. 1983. Sediment-copper reservoir formation by the burrowing polychaete Nephtys
incisa. In: Wastes in the Ocean, Vol. II: Dredged Material DisposaI in the Ocean, D.R Kester, B.H.
Ketchum, LW. Duedall and P.K. Park, [Eds.], l Wiley and Sons, Inc., New York, NY, pp. 173-184.
Deniseger, J., Erickson, L.J., Austin, A., Roch, M. and Clark, M.J.R. 1990. The effects of
decreasing heavy metal concentrations on the biota of Buttle lake, Vancouver Island, British
Columbia. Wat. Res. 24: 403-416.
Di Toro, D.M., Mahony, lD., Hansen, D.J., Scott, K.J., Carlson, A.R and Ankley, G.T. 1992. Acid
volatile sulfide predicts the acute toxicity of cadmium and nickel in sediments. Environ.Sci.Technol.
26:96-101.
45

Di Toro, D.M., Mahony, J.D., Hansen, D.J., Scott, K.J., Hicks, M.B., Mayr, S.M. and Redmond,
M.S. 1990. Toxicity of cadmium in sediments: the role of acid volatile sulfide. Environ. Toxicol.
Chem.9:1487-1502.
Di Toro, D.M., Zarba, C.S., Hansen, D.J., Berry, W.J., Swartz, RC., Cowan, C.E., Pavlou, S.P.,
Allen, H.E., Thomas, N.A. and Paquin, P.R. 1991. Technical basis for establishing sediment quality
criteria for nonionic organic chemicals using equilibrium partitioning. Environ. Sci. Technol. 10:
1541-1583.
Dixit, S.S., Dixit, A.S. and Evans, RD. 1988a. Scaled chrysophytes (Chrysophyceae) as indicators
ofpH in Sudbury, Ontario, lakes. Cano J. Fish. Aquat. Sei. 45: 1411-1421.
Dixit, S.S., Dixit, A.S. and Evans, RD. 1988b. Paleolimnological evidence for trace-metal
sensitivity in scaled chrysophytes. Environ. Sci. Technol. 23: 110-115.
Edwards, C.J., Ryder, RA. and Marshall, T.R 1990. Using lake trout as a surrogate of ecosystem
health for oligotrophic waters ofthe Great Lakes. J. Great Lakes Res. 16: 591-608.
Engel, D.W. and Brouwer, M. 1987. Metal regulation and molting in the blue crab, Callinectes
sapidus: metallothionein function in metal metabolism. Biol. Bull. 173: 239-251.
Engel, D.W. and Roesijadi, G. 1987. In: Pollution Physiology of Estuarine Organisms, W.B.
Vemberg, A. Calabrese, F.P.Thurberg and F.J. Vemberg, [Eds.], Univ. S. Carolina Press, pp.421438.
Fausch, K.D., Lyons, J., Karr, J.R and Angermeier, P.L. 1990. Fish communities as indicators of
environmental degradation. Amer. Fish. Soc. Sym. 8: 123-144.
Ford, J. 1989. The effects of chemical stress on aquatic species composition and community
structure. In: Ecotoxicology - Problems and Approaches, S.A. Levin, M.A. Harwell, J.R Kelly and
K.D. Kimball, [Eds.], Springer-Verlag, New York, NY, pp.99-144.
Foster, P.L. 1982. Species associations and metal contents of algae from rivers polluted by heavy
metals. Freshwat. Biol. 12: 17-39.
Goodyear, c.P. 1983. Measuring effects of contaminant stress on fish populations. In: Aquatic
Toxicology and Hazard Assessment. W.E. Bishop, RD. Cardwell and B.B. Heidolph, [Eds.], ASTM
STP 802. American Society for Testing and Materials, Philadelphia, PA, pp. 414-424.
Hare, L. 1992. Aquatic insects and trace metals: bioavailability, bioaccumulation, and toxicity. Crit.
Rev. Toxicol. 22: 327-369.
Hare, L. and Campbell, P.G.C. 1992. Temporal variations of trace metals in aquatic insects.
Freshwat. Biol. 27: 13-27.
46

Hare, L., Campbell, P.G.C., Tessier, A. and Belzile, N. 1989. Gut sediments in a burrowing
mayfly (Ephemeroptera, Hexagenia limbata): their contribution to animal trace element
burdens, their removal and the efficacy of a correction for their presence. Can J. Fish. Aquat.
Sci. 46: 451-456.
Harrison, G.1. and Morel, F.M.M. 1983. Antagonism between cadmium and iron in the marine
diatom Thalassiosira weissflogii, J. Phycol. 19: 495-507.
Harvey, H.H. 1982. Population responses offish in acidified waters. In: Acid Rain/Fisheries. E.
Johnson, [Ed.], American Fisheries Society, Bethesda, MD, pp. 227-242.
Harvey, RW. and Luoma, S.N. 1985a. Effect ofadherent bacteria and bacterial extracellular
polymers upon assimilation by Macoma balthica of sediment-bound Cd, Zn and Ag. Mar.
Ecol. - Prog. Ser. 22: 281-289.
Harvey, RW. and Luoma, S.N. 1985b. Separation of solute and particulate vectors ofheavy
metal uptake in controlled suspension-feeding experiments with Macoma balthica.
Hydrobiologia 121: 97-102.
Haux, C. and Forlin, L. 1989. Nine selected assays for health status in natural fish
populations. In: Chemicals in the Aquatic Environment: Advanced Hazard Assessment. L.
Landner [Ed.], Springer-Verlag, New York, NY, pp. 197-215.
Herlihy, A.T., Mills, A.L. and Herman, J.S. 1988. Distribution ofreduced inorganic sulfur
compounds in lake sediments receiving acid mine drainage. Applied Geochem. 3: 333-244.
Hogstrand, C., Lithner, G. and Haux, C. 1991. The importance ofmetallothionein for the
accumulation of copper, zinc and cadmium in environmentally exposed perch Percafluviatilis.
Pharmacol. Toxicol. 68: 492-502.
Huggett, RJ., Kimerle, R.A., Mehrle, P.M. and Bergman, H.L., [Eds.], 1992. BiomarkersBiochemical, Physiological and Histological Markers of Anthropogenic Stress, Lewis Publishers,
Boca Raton, FL, 347 p.
Jones, M.M., Meredith, M.J., Dodson, M.L., Topping, R.J. and Baralt, E. 1988. Metallothionein
synthesis and its induction mechanism: correlation with metal ion electronic configurations and
softness parameters. Inorg. Chim. Acta 153: 87-92.
Karr, J.R 1981. Assessment ofbiotic integrity using fish communities. Fisheries 6: 21-27.
Keller, W.and Yan, N. D. 1991. Recovery of crustace an zooplankton species richness in Sudbury
area lakes following water quality improvements. Cano J. Fish. Aquatic Sci. 48: 635-1644.
Kimball, K. D. and Levin, S. A. 1985. Limitations oflaboratory bioassays: the need for ecosystemlevel testing. BioScience 35: 165-171.

47

Klaverkamp, J.F. and Duncan, D.A. 1987. Acc1imation to cadmium toxicity by white suckers:
cadmium binding capacity and metal distribution in gill and liver cytosol. Environ. Toxicol. Chem.
6: 275-289.
Klaverkamp, J.F., Dutton, M.D., Majewski, H.S., Hunt, R.V. and Wesson, L.J. 1991. Evaluating
the effectiveness of metal pollution controls in a smelter by using metallothionein and other
biochmical responses in fish. In: Metal Ecotoxicology: Concepts and Applications. M.C. Newman
and A.W. McIntosh, [Eds.], Lewis Publishers, Chelsea, MI, pp. 33-64.
Klaverkamp, J.F., Macdonald, W.A., Duncan, D.A. and Wagemann, R. 1984. Metallothionein and
acc1imation to heavy metals in fish - a review. In: Contaminant Effects on Fisheries, V.W. Cairns,
P.V. Hodson and J.O. Nriagu, [Eds.], J.Wiley and Sons, Toronto, pp. 99-113.
Krantzberg, G. 1985. The influence ofbioturbation on physical, chemical and biological
parameters in aquatic environments: a review. Environ. Pollut. A39: 99-122.
Lacroix, G.L. 1987. Fish community structure in relation to acidity in three Nova Scotia rivers. Cano
J. Zool. 65: 2908-2915.
Langston, W. J. 1990. Toxic effects ofmetals and the incidence ofmetal pollution in marine
ecosystems. In: Heavy Metals in the Marine Environment. R.W. Furness and P.S. Rainbow,
[Eds.], CRC Press, BocaRaton, FL, pp.101-122.
Langston, W.J. and Zhou, M. 1987. Cadmium accumulation, distribution and elimination in the
bivalve Macoma balthica: neither metallothionein nor metallothionein-like proteins are involved.
Mar. Environ. Res. 21: 225-237.
Langston, W.J. and Zhou, M. 1986. Evaluation of the significance ofmetal-binding proteins in the
gastropod Littorina littorea. Mar. Biol. 92: 505-515.
Lawrence, S.G. and Holoka, M.H. 1987. Effects oflow concentrations of cadmium on the
crustace an zooplankton of an artificially acidified lake. Cano J. Fish. Aquat. Sci. 44 (Suppl 1.): 163172.
Leland, H. V., Fend, S. V., Dudley, T. L. and Carter, J. L. 1989. Effects ofcopper on species
composition of benthic insects in a Sierra Nevada, California, stream. Freshwater Biol. 21: 163-179.
Livett, E.A. 1988. Geochemical monitoring of atmospheric heavy metal pollution: theory and
applications. Adv. Ecol. Res. 18: 65-177.
Luoma, S.N. 1983. Bioavailability of trace metals to aquatic organisms - a review, Sci. Tot.
Environ. 28: 1-22.

48

Luoma, S.N. and Carter, J.L. 1991. Effects of trace metals on aquatic benthos. In: Metal
Ecotoxicology: Concepts and Applications. M.C. Newman and A.W. McIntosh, [Eds.],Lewis
Publishers, Chelsea, MI, pp. 261-300.
Luoma, S.N. and Davis, J.A. 1983. Requirements for modeling trace metal partitioning in
oxidized estuarine sediments. Mar. Chem 12: 159-181.
Luoma, S.N. and Jenne, E.A. 1976. Factors affecting the availability ofsediment-bound
cadmium to the estuarine, deposit-feeding clam, Macoma balthica. In: Radioecology and
Energy Resources, C.E. Cushing, [Ed.], Ecol. Soc. Am. Spec. Publ. No. 1, Dowden,
Hutchinson and Ross, Stroudsbourg, PA, pp. 283-290.
Luoma, S.N. and Jenne, E.A. 1977. The availability of sediment-bound cobalt, silver and zinc
to a deposit-feeding clam. In: Biological Implications of Metals in the Environment, H.
Drucker and RE. Wildung , [Eds.], ERDA Symp. Ser. No. 42, Energy Research and
Development Administration, Washington, DC, pp. 213-230.
MaIley, D.F., Brown, S.B., Baron, c.L., Brunskill, M.J., Capel, S.M., Chalanchuk, S.M., Chang,
P.S. S., DeBruyn, E.R, Evans, R.E., Findlay, D.L, Harrison, S.E., Hesslein, RH., Holoka, M.H.,
Huebert, D., Hunt, R.V., Klaverkamp, IF., Lawrence, S.G., Majewski, D.A., Majewski, H.S., Mills,
K.H, McNichol, RE., Palace, V., Ranson, C.I, Scherer, E., Shaw, M., Stephenson, M., Stewart,
A.R., and Wesson, L.J. 1991. Biological effects of cadmium on a smaIl Precambrian Shield lake: is
the Canadian water quality guideline safe? Cano Tech. rep. Fish. Aquat. Sci. No.l774, Vol. 1, pp.
40-46.
McFarlane, G.A. and Franzin, W.G. 1978. Elevated heavy metals: a stress on a population of white
suckers, Catastomus commersoni, in HameIl Lake, Saskatchewan. J. Fish. Res. Bd. Cano 35: 963970.
McQueen, D.J., Post, J.R. and Mills, E.L. 1986. Trophic relationships in freshwater pelagic
ecosystems. Cano J. Fish. Aquat. Sci. 43: 1571-1581.
Mills, K.H., Chalanchuk, L.C., Mohr, L.C. and Davies, LI 1987. Responses offish populations in
Lake 223 to 8 years of experimental acidification. Cano 1 Fish. Aquat. Sci. 44 (Suppl. 1): 114-125.
Mills, E.L. and Fomey, J.L. 1991. Trophic dynamics and development offreshwater pelagic food
webs. In: Complex Interactions in Lake Communities. S.R Carpenter, [Ed.], Springer-Verlag, New
York, NY, pp. 1-30.
Minns, C.K., Moore, J.E., Schindler, D.W. and Jones, M.L. 1990. Assessing the potential extent of
damage to inland lakes in eastem Canada due to acidic deposition. III. Predicted impacts on species
richness in seven groups ofaquatic biota. Cano J. Fish. Aquat. Sci. 47: 821-830.

49

Mohr, L.C., Mills, K.H. and Klaverkamp, J.F. 1990. Survival and development oflake trout
(Salve lin us namaycush) embryos in an acidified lake in northwestern Ontario. Cano J. Fish. Aquat.
Sci. 47: 236-243.
Moore, J.W. 1979. Diversity and indicator species as measures ofwater pollution in a subarctic
lake. Hydrobiol. 66: 73-80.
Moore, J.W., Luoma, S.N. and Peters, D. 1991. Downstream effects of mine effluent on an
intermontane riparian system. Cano 1. Fish. Aquat. Sci .. 48: 222-232.
Morel, F.M.M. 1983. Principles of Aquatic Chemistry, Wiley-Interscience, New York, NY,
pp. 300-309.
Morel, F. and Morgan, J.J. 1972. A numerical method for computing equilibria in aqueous
chemical systems, Environ. Sci. Technol. 6: 58-67.
Munkittrick, K.R. and Dixon, D.G. 1988a. Growth, fecundity, and energy stores ofwhite sucker
(Catastomus commersoni) from lakes containing elevated levels of copper and zinc. Cano J. Fish.
Aquat. Sci. 45: 1355-1365.
Munkittrick, K.R. and Dixon, D.G. 1988b. Evidence for a maternaI yolk factor associated with
increased tolerance and resistance of feraI white sucker (Catostomus commersoni) to waterborne
copper. Ecotoxicol. Environ. Safety 15: 7-20.
Munkittrick, K.R. and Dixon, D.G. 1989a. Use ofwhite sucker (Catostomus commersoni)
populations to assess the health of aquatic ecosystems exposed to low-Ievel contaminant stress. Cano
J. Fish. Aquat. Sci. 46: 1455-1462.
Munkittrick, K.R. and Dixon, D.G. 1989b. A holistic approach to ecosystem health assessment using
fish population characteristics. Hydrobiol. 188/189: 123-135.
Munkittrick, K.R. and Dixon, D.G. 1989c. Effects ofnatural exposure to copper and zinc on egg size
and larval copper tolerance in white sucker (Catostomus commersoni). Ecotoxicol. Environ. Safety
18: 15-26.
Munkittrick, K.R., Miller, P.A., Barton, D.R. and Dixon, D.G. 1991. Altered performance ofwhite
sucker populations in the Manitouwadge chain of lakes is associated with changes in benthic
macroinvertebrate communities as a result of copper and zinc contamination. Ecotoxicol. Environ.
Safety 21: 318-326.
Northcote, T.G. 1988. Fish in the structure and function offreshwater ecosystems: a "top-down"
view. Cano J. Fish. Aquat. Sci. 45: 361-379.

50

NRCC. 1988. Biologically available metals in sediments. National Research Council Canada,
Associate Committee on Scientific Criteria for Environmental Quality, NRCC Report No. 27694,
298 p.
NRCC 1985. The Role of Biochemical Indicators in the Assessment of Ecosystem Health - Their
Development and Validation, National Research Council Canada, Associate Committee on Scientific
Criteria for Environmental Quality, NRCC Report No. 24371, 119 p.
Nriagu, J.O. and Soon, Y.K. 1985. Distribution and isotopic composition of sul fur in lake
sediments of northem Ontario. Geochim. Cosmochim. Acta 49: 823-834.
Odum, E.P. 1985. Trends expected in stressed ecosystems. Bioscience 35: 419-422.
Olafson, R.W., Keams, A. and Sim, R.G .. 1979. Comp. Biochem. Physiol. 62B: 417-424.
Pagenkopf, G.K. 1983. Gill surface interaction model for trace-metal toxicity to fishes: role of
complexation, pH and water hardness, Environ. Sci. Technol. 17: 342-347.
Petering, D.H. and Fowler, B.A.. 1986. Discussion summary. Roles ofmetallothionein and related
proteins in metal metabolism and toxicity: problems and perspectives. Environ. Health Persp. 65:
217-224.
Rai, L.C., Gaur, lP. and Kumar, H.D. 1981. Phycology and metal pollution. Biol. Rev. 56: 99-151.
Rapport, D.J. 1990. Challenges in the detection and diagnosis ofpathological changes in aquatic
ecosystems. l Gt. Lakes Res.16: 609-618.
Rescan. 1989 Subaqueous disposaI ofreactive mine wastes: an overview. Rescan
Environmental Services Ltd., Technical Report.
Reinfelder, J.R. and Fisher, N.S. 1991. The assimilation of elements ingested by marine copepods.
Science 251: 794-796.
Roch, M. and McCarter, lA. 1984a. Hepatic metallothionein production and resistance to heavy
metals by rainbow trout (Sa/ma gairdneri) - I. Exposed to an artificial mixture of zinc, copper and
cadmium. Comp. Biochem. Toxicol. 77C: 71-75.
Roch, M. and McCarter, J.A. 1984b. Hepatic metallothionein production and resistance to heavy
metals by rainbow trout (Sa/ma gairdneri) - II. Held in a series of contaminated lakes. Comp.
Biochem. Toxicol. 77C: 77-82.
Roch, M., McCarter, J.A., Matheson, A.T., Clark, M.lR. and Olafson, R.W. 1982. Hepatic
metallothionein in rainbow trout (Sa/ma gairdneri) as an indicator of metal pollution in the
Campbell River system. Cano J. Fish. Aquat. Sci. 39: 1596-1601.

51

Roesijadi, G. 1981. The significance oflow molecular weight, metallothionein-like proteins in
marine invertebrates: current status. Mar. Environ. Res. 4: 167-179.
Roesijadi, G. 1982. Uptake and incorporation ofmercury into mercury-binding proteins of gills of
Mytilus edulis as a function oftime. Mar. Biol. 66: 151-157.
Roesijadi, G. 1992. Metallothioneins in metal regulation and toxicity in aquatic animaIs. Aquat.
Toxicol. 22: 81-114.
Roesijadi, G., Drum, A.S., Thomas, lT. and Fellingham, G.W. 1982. Enhanced mercury tolerance in
marine mussels and relationship to low molecular weight, mercury-binding proteins. Mar. Pollut.
Bull. 13: 250-253.
Roesijadi, G. and Fellingham, G.W. 1987. Influence of Cu, Cd and Zn pre-exposure on Hg toxicity
in the mussel Mytilus edulis. Cano J. Fish. Aquat. Sci. 44: 680-684.
Roesijadi, G., Unger, M.E. and Morris, lE. 1988. Immunochemical quantification of
metallothioneins of a marine mollusc. Cano J. Fish. Aquat. Sci. 45: 1257-1263.
Ryder, R.A. 1990. Ecosystem health, a human perception: definition, detection and the Dichotomous
Key. J. Gt. Lakes Res.16: 619-624.
Sanders, B.M. and Jenkins, K.D. 1984. Relationships between free cupric ion concentrations in sea
water and copper metabolism in growth in crab larvae. Biol. Bull. 167: 704-712.
Schindler, D. W. 1987. Detecting ecosystem responses to anthropogenic stress. Cano J. Fish. Aquat.
Sei .. 44 (Suppl. 1): 6-25.
Schindler, D.W., Mills, K.H.., Malley, D.F., Findlay, D.L., Shearer, lA., Davies, LJ., Turner, M.A.,
Linsey, G.A., and Cruickshank, D.R. 1985. Long-term ecosystem stress: the effects ofyears of
experimental acidification on a smalliake. Science 228: 1395-1401.
Schindler, P.W. 1967. Heterogeneous equilibria involving oxides, hydroxides, carbonates and
hydroxide carbonates. In: Equilibrium Concepts in Natural Waters, W. Stumm, [Ed.], Amer.
Chem. Soc., ACS Adv. Chem. Ser. No. 67, Washington, DC, pp.196-221.
Selby, D. A., Ihnat, J. M. and Messer, J. 1 1985. Effects ofsubacute cadmium exposure on a
hardwater mountain stream microcosm. Wat. Res. 19: 645-655.
Sheehan, P.J. 1984. Effects on community and ecosystem structure and dynamics. In: Effects of
Pollutants at the Ecosystem Level. P.J. Sheehan, D.R. Miller, G.C. Butler and Ph. Bourdeau, [Eds.],
John Wiley and Sons Ltd, New York, NY, pp. 55-99.
Sheehan, P.J. and Knight, A.W. 1985. Multilevel approach to the assessment of ecotoxicological
effects in a heavy metal polluted stream. Verh. Int. Ver. Limnol. 22: 2364-2370.
52

Sheehan, P.J. and Winner, R.W. 1984. Comparisons of gradient studies in heavy-metal-polluted
streams. In: Effeets ofPollutants at the Eeosystem Leve!. P.J. Sheehan, D.R. Miller, G.C. Butler
and Ph. Bourdeau, [Eds.], John Wiley and Sons Ltd. New York, NY, pp. 145-179.
Somers, K.M. and Harvey, H.H. 1984. Alteration offish eommunities in lakes stressed by aeid
deposition and heavy metals near Wawa, Ontario. Cano J. Fish. Aquat. Sei. 41: 20-29.
Sprules, W.G. 1975. Midsummer erustacean zooplankton eommunities in aeid stressed lakes. J.
Fish. Res. Bd. Cano 32: 389395.

53

Stegeman, J.J., Brouwer, M., Di Guiulo, R.T., Forlin, L. Fowler, B.A., Sanders, B.M. and Van Veld,
P .A. 1992. Molecular responses to environmental contamination - enzyme and protein systems as
indicators of chemical exposure and effect. In: Biomarkers - Biochemical, Physiological and
Histological Markers of Anthropogenic Stress. RI Huggett, RA. Kimerle, P.A. Mehrle and H.L.
Bergman, [Eds.], Lewis Publishers, Chelsea, MI, Chapter 6, pp. 235-335.
Stokes, P. 1983. Responses of freshwater algae to metals. Prog. Phycol. Res. 2: 87-111.
Sunda, W.G. and Huntsman, S.A. 1983. Effect of competitive interactions between
manganese and copper on cellular manganese and growth in estuarine and oceanic species of
the diatom Thalassiosira, Limnol. Oceanogr. 28: 924-934.
Tessier, A. 1992. Sorption of trace elements on natural particles in oxic environments. In:
Environmental Particles - Environmental Analytical and Physical Chemistry Series. J. Buffle and
H.P. Van Leeuwen, [Eds.], Lewis Publishers, Boca Raton, FL, pp. 425-453.
Tessier, A. and Campbell, P.G.C. 1988. Comments on the testing ofthe accuracy of an extraction
procedure for determining the partitioning of trace metals in sediment. Anal. Chem. 60: 1475-1476.
Tessier, A. and Campbell, P.G.C. 1990. Partitioning of trace metals in sediments and its relationship
to their accumulation in benthic organisms. In: Metal Speciation in the Environment. J.A.C
Broekaert, S. Guçer and F.B. Adams, [Eds.], NATO ASI Series G - Ecological Sciences, Vol. 23,
Springer-Verlag, Berlin, pp. 545-569.
Tessier, A., Campbell, P.G.C. and Bisson, M. 1979. Sequential extraction procedure for the
speciation of particulate trace metals. Anal. Chem. 51: 844-851.
Tessier, A., Couillard, Y., Campbell, P.G.C. and Auclair, IC. 1993. Modeling Cd partitioning in
oxic lake sediments and Cd concentrations in the freshwater bivalve Anodonta grandis (Mollusca,
Pelecypoda). Limnol. Oceanogr. 38: 1-17.
Turnpenny, A.W.H., Sadler, K., Aston, RJ., Milner, A.G.P. and Lynam, S. 1987. The fish
populations of sorne streams in Wales and northem England in relation to acidity and associated
factors. J. Fish. Biol. 31: 415-434.
Van Loon, J.c. and Beamish, RI 1977. Heavy metal contamination by atmospheric fallout of
several Flin FIon area lakes and the relation to fish populations. J. Fish. Res. Bd. Cano 34: 27672771.
Viarengo, A. 1985. Biochemical effects of trace metals. Mar. Pollut. Bull. 16: 153-158.
Viarengo, A. 1989. Heavy metals in marine invertebrates: mechanisms ofregulation and toxicity at
the cellular level. Rev. Aquat. Sci. 1: 295-317.

54

Washington, H.G. 1984. Diversity, biotic and similarity indices: a review with special re1evance to
aquatic systems. Wat. Res. 18: 653-694.
Whitton, B.A. 1984. Algae as indicators ofheavy metals in freshwaters. In: Algae as Ecological
Indicators. L.E. Shubert, [Ed.], Academic Press, New York, NY, pp.12-34.
Winner, R.W., Boesel, M.W. and Farrell, M.P. 1980. Insect community structure as an index of
heavy-metal pollution in lotic ecosystems. Cano J. Fish. Aquat. Sci .. 37: 647-655.
Wright, R.F .and Snekvik, E. 1978. Acid precipitation: chemistry and fish populations in 800 lakes in
southernmostNorway. Verh. Int. Verein. Limnol. 20: 765-775.
Yan, N.D. 1979. Phytoplankton community of an acidified, heavy-metal contaminated lake near
Sudbury, Ontario: 1973-1977. Wat. Air Soil Pollut. 11: 43-56.
Yan, N.D. and Strus, R. 1980. Crustacean zooplankton communities ofacidic, metal-contaminated
lakes near Sudbury, Ontario. Cano J. Fish. Aquat. Sci. 37: 2282-2293.
=============================================

55

APPENDIX 1 - DERIVATION OF THE SURFACE COMPLEXATION MODEL FOR
METAL SORPTION ON SURFICIAL SEDIMENTS
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It is assumed that: (i) the two main components of oxic sediments that sorb metal M are iron

oxyhydroxides (Fe-ox) and sediment organic matter (OM); (ii) these components have surface
sites for sorption that can be treated as surface ligands; and (iii) surface complexation
concepts that have been developed for simple, well-defined systems in the laboratory can be
applied to more complex sediment components. According to surface complexation theory,
sorption of M can be expressed in a simplified manner as:

(Al)

(A2)

where charges on the solid species are omitted for simplicity; S

= sorbent (either amorphous

Fe-ox or sediment organic matter); *~ is an apparent overall equilibrium constant; "=" refers
to sorption sites and p

= the average number of protons released per metal ion sorbed.

At low sorption densities, i.e. when the concentration of occupied sorption sites is low
relative to the free site concentration, the condition {=S-OHxl

z

{=S-O- h should apply,

where {=S-O- h is the total concentration of sorption sites. This term can in turn be related to
the analytical concentration of the sorbents,

{=S-O-h

=

(A3)

Ns'{S-OH}

= the analytical concentration of the sediment component acting as sorbent,
{Fe-ox}; N s = the number of moles of sorption sites per mole S-OH. If it is further

where {S-OH}
e.g.

assumed that each sorbed metal ion occupies a single site, then

{=S-OM}

=

(A4)

{S-OM}

57

Combining equations (A2), (A3) and (A4) yields

{Fe-OM}
= -----------

(A5)

{Fe-ox}
which shows how one might ca1culate the free-ion concentration, [Mz+], provided that the
value of Npe*Ka is known. Note that { } and [ ] refer to concentrations of solids and dissolved
species respectively.

To estimate Npe*Ka, equation (A5) can be rearranged as follows

{Fe-OM}

Npe'*Ka
KPe_M

=

----------

[H+Y

=

(A6)

-------------

{Fe-ox} [MZ+]

where Kpe-M is an apparent equilibrium constant which is a function of pH. Values of
{Fe-OM} and {Fe-ox}, needed to estimate KPe_M' can be obtained by selective extraction of
the surficial sediments; values of [Mz+] can be obtained by in situ dialysis (porewater
peepers) - see Tessier (1992) and Tessier et al. (1993).

Equation (A6) can then be linearized

log Kpe-M

=

x pH + log (Npe .*~)

(A7)

and a plot of log KPe_M vs. pH should yield a slope of x and a Y-intercept of log (Npe ·*Ka).
Values of "x" and "log (Np/~)" obtained in this manner are summarized in Table 2.
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