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RESUME

Bien que les métaux soient naturellement présents dans les écosystémes d’eau douce, les
activités anthropiques telles que les opérations miniéres peuvent entrainer une augmentation de
leurs concentrations et des conséquences environnementales sur le long terme. Rejetés dans les
milieux aquatiques, les contaminants métalliques sont susceptibles d’avoir des répercussions sur
les communautés microbiennes comme le biofilm périphytique, qui joue un rdle clé dans la
production primaire des écosystémes des cours d’eau. Le biofilm est un modéle intéressant, car
il est ubiquiste, sédentaire, a la base de la chaine trophique et se compose d’un consortium de

microorganismes de différents réegnes vivant dans une matrice d’exopolysaccharides.

Ces travaux de these portent sur les liens existants entre la bioaccumulation des métaux, la
composition physico-chimique de l'eau, les variables environnementales (température et
photopériode) et la structure de la communauté du biofilm (c.a.d autototrophe et hétérotrophe).
Sur le terrain, la teneur en métaux du biofilm s’est montrée fortement corrélée a la concentration
ambiante en ions métalliques libres (Cu, Ni et Cd), et ce, malgré des différences dans les
caractéristiques physico-chimiques de I'eau, le climat ou le type d’écosysteme. Néanmoins, un
effet protecteur apparent du pH a été mis en évidence et les effets de compétition entre les
métaux dissous pour les sites de fixation a la surface des organismes du biofilm étaient en accord
avec les principes du modéle du ligand biotique. En paralléle, une premiére série d’expériences
en laboratoire visait a vérifier l'influence de facteurs environnementaux (température et
photopériode) sur 'accumulation du Ni par un biofilm cultivé en laboratoire. Les résultats indiquent
qu’'une température plus élevée favorise la bioaccumulation et augmente la sensibilité des
biofilms exposés a différentes concentrations en Ni. Une deuxiéme série d’expériences a permis
d’examiner les relations existantes entre toxicité, bioaccumulation et acquisition de tolérance de
deux biofilms naturels récoltés durant deux saisons distinctes (été et hiver). Les communautés
estivales divergeaient structurellement des communautés d’hiver, et présentaient un contenu
bioaccumulé en Ni significativement supérieur pour une méme concentration d'exposition. Dans
un contexte ou les biofilms d’eau douce peuvent étre utilisés comme indicateurs d’exposition aux
métaux, ces résultats impliquent que des variations saisonniéres dans la bioaccumulation des
métaux sont susceptibles de se produire. De plus, ces variations ont été montrées comme
principalement conditionnées par la structure et les fonctions initiales de la communauté du

biofilm.



Ces travaux démontrent le potentiel universel des biofilms périphytiques d’eau douce comme

outil de biosurveillance et d’évaluation du risque écotoxicologique des contaminants métalliques.

Mots-clés : Biofilm périphytique; métaux; spéciation; biosuivi; bioaccumulation; BLM; PICT,;

facteurs environnementaux; température; photopériode
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ABSTRACT

While metals occur naturally in freshwater ecosystems, anthropogenic activities such as
mining operations represent a long-standing concern of discharge. When released into aquatic
environments, metal contaminants are likely to impact microbial communities such as periphytic
biofilms, which play a key role in the primary production in stream ecosystems. The biofilm is an
interesting model because it is ubiquitous, sedentary, at the base of the trophic chain and
represents a consortium of microorganisms from different kingdoms living in an
exopolysaccharide matrix. This work presented in this thesis focuses on the links between metal
bioaccumulation, water physico-chemical characteristics, environmental variables (temperature

and photoperiod) and biofilm community structure (i.e. autototrophic and heterotrophic).

In the field, biofilm metal contents were highly correlated to the ambient free metal ion
concentrations despite different physico-chemical characteristics of the ambient water, climate or
ecosystem types. Nevertheless, the apparent protective effect of pH was demonstrated and the
observed competition effects among dissolved cations for surface binding sites of biofilm
organisms were in agreement with the principles of the biotic ligand model. In parallel, a first
series of laboratory experiments were carried out to verify the influence of environmental factors
(temperature and photoperiod) on Ni accumulation by a biofilm grown in the laboratory. These
experiments showed that increasing temperature enhanced the accumulation capacity and
sensitivity of biofilms exposed to different Ni concentrations. A second series of experiments
examined the relationships between toxicity, bioaccumulation and tolerance acquisition of two
natural biofilms collected in two distinct seasons (summer and winter). The two communities were
structurally divergent and showed higher bioaccumulated Ni content in summer biofilms
compared to winter ones, for a given exposure concentration. In a context where freshwater
biofilms can be used as indicators of metal exposure, these laboratory results imply that seasonal
variations in metal bioaccumulation response are likely to occur and that this response is primarily

conditioned by the initial structure and functions of the biofilm community.

Nevertheless, this project demonstrates the universal potential of periphytic freshwater

biofilms as a tool for biomonitoring and ecological risk assessment of metallic contaminants.

Keywords: Periphytic biofilm; metals; speciation; biomonitoring; bioaccumulation; BLM; PICT;

environmental factors; temperature; photoperiod
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1 INTRODUCTION

1.1 Mise en contexte

Le Québec, et plus généralement le Canada, vit actuellement une période d’exploration et
d’exploitation miniére sans précédent a 'exemple de ['initiative gouvernementale « Plan Nord ».
L’essor de ces activités, bien que bénéfiques sur le plan économique, peut néanmoins conduire
a des pressions importantes pour les écosystémes naturels. A ce titre, les écosystémes
aquatiques sont particulierement sujets a la contamination par les activités anthropiques. Afin
d’étre en mesure d’appréhender I'exposition des organismes aquatiques aux contaminants et les
effets qui en découlent, il apparait essentiel d’avoir une bonne connaissance de base des
écosystémes a risque. Ceci est d’autant plus vrai dans le contexte de changements globaux que

I'on connait actuellement.

A T'heure actuelle, une des approches utilisées dans l'investigation de I'impact des activités
anthropiques sur les milieux aquatiques est I'analyse physico-chimique des eaux de surface et
les réglementations en vigueur sont d’ailleurs souvent basées sur des mesures s’y rapportant.
Bien qu'utiles, elles ne permettent d’obtenir qu'une information partielle liée aux effets des
changements environnementaux sur les communautés biologigues, car celles-ci ne donnent
gu’une vision instantanée de I'écosystéme pour un site de prélévement donné. L’effet de dilution
par les précipitations, le gradient amont/aval ou encore la fréquence et la durée des rejets sont
autant de variables sur lesquelles une analyse de I'eau ne fournit qu’une vision partielle. De plus,
ce type d’approche ne permet pas d’avoir accés a de l'information sur la biodisponibilité des
contaminants et donc sur leur réelle toxicité. En effet, considérant un contaminant métallique, sa
toxicité est relative a sa spéciation chimique. La spéciation chimique correspond a la forme
chimique et/ou physique sous laquelle le métal est présent dans le milieu aquatique. Cette
spéciation dépend autant des parametres physico-chimiques de I'eau (pH, alcalinité, etc.) que
des concentrations d’autres composés également présents dans le milieu (matiére organique,
nutriments, autres métaux, etc.). Finalement, il convient aussi de noter que les analyses physico-
chimiques des eaux ne peuvent étre utilisées que dans un cadre prédictif d’'impacts, ne pouvant
remplacer une mesure biologique directe. Les organismes aquatiques étant en constante
interaction physique, chimique et biologique avec leur écosystéme, ils sont capables de nous
apporter des informations pertinentes sur les fluctuations environnementales subies par le milieu

naturel.



Si de nombreux organismes peuvent prétendre a cette fonction, tous ne peuvent pas étre
utilisés pour I'évaluation de la qualité de leur environnement. En effet, un bon bioindicateur doit
présenter plusieurs caractéristiques : il doit étre scientifiquement bien connu (biologiquement et
écologiquement), étre lie a des fonctions clés de I'écosystéme, se montrer sensible aux
modifications du milieu et étre facile a mesurer/interpréter. Tous ces points sont autant de
conditions qui restreignent le choix du modéle biologique que I'on va considérer. Ceci est
également a remettre en perspective avec un contexte anthropique : si 'on considére la présence
de contaminants dans le milieu, des individus vont invariablement disparaitre et libérer des niches
écologiques laissant place a de nouvelles especes qui ne seront pas ou moins affectées par la
contamination en question. Ce point souligne I'importance d’avoir une bonne connaissance du
modéele biologique utilisé afin d’étre capable de mesurer les modifications de I'écosystéme de son
état d’origine. Aujourd’hui, plusieurs approches de biosuivi ont été développées au fil des années
a I'exemple de l'indice biologique global normalisé (IBGN) ou de l'indice des diatomées de l'est
du Canada (IDEC).

Dans ce contexte, les microorganismes regroupent beaucoup de caractéristigues
intéressantes. En effet, ils sont a la base de la chaine trophique et répondent rapidement aux
changements de leur environnement. lls sont également ubiquistes et d’'une grande diversité
d’espéces. Le biofilm d’eau douce correspond a un consortium complexe d’organismes
microscopiques de divers regnes du vivant qui se développent a la surface de substrats
immergés. Ces dernieres années, un effort de recherche conséquent a été effectué afin de
comprendre les effets des contaminations métalliques sur le biofilm en laboratoire ou en milieux
naturels. Cet effort a permis de montrer que le biofilm pouvait étre un bioindicateur robuste dans
le suivi des contaminations métalliques comme organiques, et un excellent proxy de la
biodisponibilit¢ des contaminants. Ce constat ouvre la possibilit¢ au développement d’'une
approche multimétrique ou d’'un modéle prédictif qui intégrerait la réponse des organismes vivants
aux méthodes actuelles d’évaluation de la qualité des eaux et qui permettrait ainsi de mieux
quantifier les effets des activités anthropiques. Cette perspective d’outil de biosuivi représenterait
une avancée majeure pour tous les acteurs du suivi de la qualité des écosystemes allant des
organismes de bassins versants, aux gouvernements en passant par les compagnies

industrielles.



1.2 Revue de littérature générale

1.2.1 Le biofilm, un modéle biologique pour appréhender les changements
dans le fonctionnement des écosystemes aquatiques

1.2.1.1 Le biofilm : définition et structure

L’appellation biofilm regroupe différents types de communautés de microorganismes. Qu'ils
tapissent les cathéters ou implants dans le domaine médical, qu’ils se développent le long des
coques immergées des bateaux ou qu’ils forment la plaque dentaire, tous sont autant d’exemples
de biofilms (Battin et al. 2016). Toutefois, le biofilm qui nous intéresse ici correspond aux
communautés de microorganismes qui colonisent la surface des substrats immergés (notamment
a linterface eau-sédiment) des milieux lotiques et lentiques a I'échelle mondiale : le biofilm
périphytique. En limnologie, le terme périphyton désigne les communautés microbiennes
associées aux surfaces solides immergées (Wetzel, 1983). Ce terme fait toutefois exception
d’'organismes tels que les champignons, les bactéries ou les protozoaires. Le terme biofilm se
veut donc moins discriminant en incluant 'ensemble des organismes qui composent ce mélange
complexe et hétérogéne, regroupant ainsi plusieurs régnes du vivant. Selon le type de substrat,
d’autres termes peuvent étre utilisés afin de définir plus précisément le périphyton, comme par
exemple I'épiphyton (associé a des macrophytes et algues), épilithon (associé a des roches
minérales), épipélon (surface des sédiments) ou encore épipsammon (associé au sable ; Wetzel,
(1983)). Dans ce document, bien que le modeéele biologique considéré correspondant
spécifiqguement & un biofilm épilithique, les termes biofilm, périphyton ou épilithon ne seront donc

pas distingués et I'appellation biofilm sera préférée.

La structure du biofilm est grandement influencée par une multitude de processus qu'ils
soient biotiques ou abiotiques. En effet, les conditions environnementales autant physiques
(température, lumiére, type de support, régime hydrodynamique) que chimiques (pH, dureté de
leau, concentration en nutriments, présence de contaminants) influencent sa conformation
comme sa composition (Battin et al. 2016). Par exemple, selon le type de régime hydrologique
(turbulent ou laminaire) d’'un cours d’eau, le biofilm présente une structure plus compacte ou a
linverse, plus étendue et lache. Les phénoménes de compétition de par la forte diversité
microbienne du biofilm, ou la prédation par des organismes variés a I'exemple d’insectes,
mollusques (particulierement les gastéropodes), crustacés ou poissons sont des exemples de
parameétres biotiques ayant aussi une forte influence sur la composition (Guasch et al., 2016;
Mebane et al., 2020; Neury-Ormanni et al., 2020).
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Figure 1-1: Schéma illustratif du biofilm présent sur des substrats immergés en milieu naturel. La zone qui
nous intéresse majoritairement ici est la zone benthique et donc la face des roches orientée
vers la surface pouvant profiter d’'un accés a la lumiére. Tiré de Battin et al. (2016).

Comme défini par Characklis & Wilderer (1990), le biofilm peut-étre décrit comme « une
communauté microbienne adhérente a une surface et incluse dans une matrice de polyméres
exocellulaires » (Figure 1-1). En effet, 'ensemble de ces organismes est présent dans une
matrice extracellulaire poreuse principalement composée de substances polymériques
extracellulaires (extracellular polymeric substances ; EPS). Ce terme regroupe différents
composés a lI'exemple de polysaccharides, de protéines, de lipides, d’enzymes ou encore
d’acides nucléiques (Aguilera et al. 2008; Flemming et al. 2016). D’autres substances comme
des carbohydrates, des substances humiques et inorganiques peuvent également s’y retrouver
(Pistocchi et al., 2000; D’Abzac et al., 2013; Bonnineau et al., 2020). L'ensemble de ces
composeés est issu des organismes eux-mémes vivant au sein de cette matrice (Flemming et al.,
2007; Flemming & Wingender, 2010) et permet une grande variété de réactions chimiques. Ces
EPS sont constituées de groupements fonctionnels trés variés, a 'exemple des groupements
carboxyliques (Aguilera et al. 2008). Cette matrice joue premiérement un réle de rétention pour

divers produits métaboliques a I'exemple d’enzymes extracellulaires, d’ADN ou de débris



organiques qui peuvent étre réutilisés par les organismes en son sein. Ainsi, cette matrice peut
étre comparée a un systeme externe de digestion et de recyclage qui joue un réle important dans
le cycle énergétique et des nutriments (Flemming & Wingender 2010). Elle permet aussi au
biofilm d’étre cohésif et d’offrir un environnement intermédiaire de protection contre des
phénoménes comme I'érosion, la dessiccation, la prédation, les radiations ultraviolettes, etc. (Vu
et al., 2009; Flemming & Wingender, 2010). Elle assure de plus 'immobilisation, la proximité et
les interactions entre cellules et ce, qu’elles soient de la méme espéce ou non (Romani, 2010).
De plus, les EPS sont également capables de complexer certains métaux a I'exemple du Cu, du
Cd, ou du Pb (Flemming & Wingender, 2010; D’Abzac et al., 2013; Hobbs et al., 2019). En effet,
des études ont démontré que certaines espéces d’algues, ou du biofilm, exposées a différentes
concentrations en métaux augmentaient leurs productions d’EPS ou de polyméres (Jang et al.
2001; Aguilera et al. 2008; Loustau et al. 2019). Cette augmentation est souvent interprétée
comme une stratégie de défense afin de maintenir ces métaux hors de la cellule (Pistocchi et al.,
2000). Toutefois, bien que ces composés complexent les métaux, les concentrations en métal
dissous entre la colonne d’eau et les sites de complexation de la matrice devraient étre a
I'équilibre et ainsi ne peuvent pas réduire I'exposition aux métaux ; le réle des EPS est donc a
nuancer. Néanmoins, des études cinétiques ont permis de démontrer que les EPS pouvaient
jouer un réle dans la vitesse de diffusion des contaminants (métalliques ou organiques) au travers
de la matrice (Buffle et al., 2009; Dranguet et al., 2017; Chaumet et al., 2019). Cette matrice a
donc un effet de rétention des organismes vivant en son sein et permet d’apporter une intégration
temporelle d’'une exposition aux métaux dans un contexte de contamination (Arini et al., 2013;
Bonet et al., 2013; Hobbs et al., 2019). Ce point représente un avantage conséquent par rapport
aux dosages des métaux dans les eaux de surface qui permettent seulement d’avoir une
information instantanée. En d’autres termes, cette matrice, ainsi que les organismes qui y vivent,
peuvent étre considérés comme un microhabitat a part entiere ou une grande diversité
d’organismes interagissent par des phénomeénes de coopération comme de compétition au méme
titre que dans un écosystéme (Nadell et al., 2016; Figure 1-2). Le biofilm est donc un ensemble
trés riche en matiére de biodiversité et est le siege d’importantes activités métaboliques et
enzymatiques qui sont en lien avec les processus écosystémiques et les cycles biogéochimigues

des environnements naturels (Battin et al., 2016).
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Figure 1-2 : Schéma décrivant les principales propriétés de la matrice constitutive du biofilm. La matrice est
composée d’EPS qui servent de base architecturale. Des phénoménes de sorption, de
rétention, de coopération et de compétition s’y déroulent. C’est donc un microhabitat a part
entiere a la fois complexe et riche en biodiversité. Tiré de Flemming et al. (2016).

1.2.1.2 Fonctions dans les écosystémes d’eau douce

Les biofilms périphytiques correspondent a des communautés qui, en plus d’étre a la base
de la chaine trophique, contribuent de maniére substantielle aux flux d’énergie, aux cycles des
nutriments ou aux flux biogéochimiques globaux (Battin et al., 2003; Tercier-Waeber et al., 2009;
Battin et al., 2016). A ce titre, le biofilm peut étre subdivisé en deux compartiments principaux qui
n'ont pas forcément les mémes rdles d’'un point de vue écosystémique : le phototrophe et
'hétérotrophe. Le compartiment phototrophe regroupe les organismes autotrophes
photosynthétiques telles les microalgues et les cyanobactéries. Ces organismes, qui effectuent
la photosynthése, sont impliqués dans la fixation/réduction du dioxyde de carbone (CO.), la
production de dioxygéne (O2) ainsi que de matiére organique (MO) (Roeselers et al., 2008). La
matiére organique joue un réle clé dans les écosystémes d’eau douce, car elle alimente a terme
des organismes de niveau supérieur dans la chaine trophique eux-mémes alimentant encore les
maillons suivants. A ce titre, les organismes du compartiment hétérotrophe jouent un rdle majeur
dans la transformation de la MO (Romani, 2010). C’est notamment le cas par exemple des
bactéries et des champignons. Ceux-ci sont impliqués dans la dégradation de la MO et dans le
cycle des nutriments a I'exemple de 'azote ou du phosphore (Findlay et al., 2003). La MO est

composée de molécules hétérogénes de haut poids moléculaire qui doivent au préalable étre



hydrolysées afin d’étre transformées en molécules de plus faibles poids et donc accessibles pour
les communautés bactériennes et fongiques. Ce processus est réalisé par les enzymes
extracellulaires (Vu et al., 2009). La -glucosidase (B-Glu), la leucine-aminopeptidase (Lap), la 3-
glucosaminidase (Glsm) sont des exemples d’enzymes bactériennes retrouvées dans les milieux
aquatiques. Elles interviennent principalement dans les cycles du carbone et de l'azote
nécessaires au métabolisme bactérien et sont donc responsables de la dégradation de
polyméres. Cependant elles peuvent également étre impliquées dans d’autres fonctions telles
gue la lyse des parois cellulaires microbiennes pour la croissance microbienne ou le broutage
des protozoaires. Par exemple, la B-glucosidase est impliquée dans I'étape finale de la
décomposition de la cellulose et des polysaccharides tandis que la B-glucosaminidase intervient
dans la décomposition des peptidoglycanes et de la chitine (Romani et al., 2008). Néanmoins,
cette minéralisation permet de rendre les nutriments de nouveau disponibles pour les organismes
phototrophes qui ensuite produisent de la matiére organique pour les organismes hétérotrophes
dans un cycle symbiotique qui contribue aux cycles biogéochimigues (Romani, 2010; Battin et
al., 2016).

Le biofilm joue donc un réle important en tant qu’acteur des productions primaire et
secondaire, mais aussi en étant 'un des premiers maillons de la chaine trophique (Zou et al.,
2016). En effet, les biofilms sont consommés par divers consommateurs, comprenant des
organismes de la microméiofaune (e.g. rotiferes; Weitere et al., 2018; Neury-Ormanni et al., 2020)
ou de la méso/macro faune (p. ex. poissons; Alvarez & Peckarsky, 2005; Schneck et al., 2013).
De par ses fonctions clés au sein des écosystémes d’eau douce, il est en mesure de jouer un
réle dans le devenir des contaminants en milieu naturel (Hobbs et al., 2019; Bonnineau et al.,
2020).

1.2.1.3 Le biofilm comme bioindicateur dans un contexte de

contamination anthropique

Aujourd’hui, I'approche bioindicatrice est souvent utilisée pour investiguer la question de
I'effet d’'un contaminant en intégrant la composante biologique des écosystemes et ce, jusque
dans la Iégislation (exemple de la Directive européenne Cadre sur 'Eau 2000/60/CE). Beaucoup
d’especes peuvent regrouper des caractéristigues intéressantes comme bioindicateur :
microorganismes, flore ou faune, le choix est vaste. Pour citer quelgues exemples, on peut

trouver dans la littérature des études portant sur des oiseaux (Defo et al., 2014), des poissons



(Giguére et al., 2005; Campbell & Hare, 2009; Martyniuk et al., 2020), des invertébrés (Crémazy
et al., 2019; Mebane et al., 2020; Neury-Ormanni et al., 2020), des algues vertes unicellulaires
(Le Faucheur et al., 2011; Kochoni & Fortin, 2019; Liu et al. 2020), des diatomées (Morin et al.,
2017; Pandey et al., 2017; Lavoie et al., 2018) ou encore le biofilm (Lavoie et al., 2012; Leguay
et al., 2016; Laderriere et al., 2020; Pandey, 2020). Namba et al. (2020) ont fait une méta-analyse
des études publiées de 1991 a 2015 s’intéressant aux contaminations métalliques en milieux
lotiques. Les auteurs ont montré que les macro-invertébrés benthiques ont été le plus souvent
choisis tout au long de cette période (59-76% selon les tranches de 5 ans considérés par les
auteurs), suivis par le biofilm périphytique (jusqu’a 30 %) et les poissons (jusgu’a 20 %), et le
nombre d’études étudiant au moins 2 groupes biologiques en méme temps était tres limité (10%).
Néanmoins, les études portant sur le biofilm sont en augmentation ces dernieres années. Le
biofilm est un modéle biologique pertinent, car il posséde plusieurs propriétés intéressantes, il
est : (1) ubiquiste ; (2) sédentaire ; (3) influencé par les processus environnementaux chimiques
comme physiques (luminosité, température, hydrodynamique) ; (4) caractérisé par un cycle de
vie court (il réagit donc rapidement aux changements) ; et (5) a la base de la chaine trophique
(Guasch et al., 2016a). Compte tenu de toutes ces caractéristiques, les biofilms ont le potentiel
d’étre un outil efficace pour intégrer les variations spatiales et temporelles des sources de
contaminants ainsi que les effets écologiques possibles sur les niveaux trophiques supérieurs
(Hobbs et al., 2019).

A plus petite échelle d’organisation biologique, le biomarqueur est une mesure biochimique
ou moléculaire dans des cellules ou tissus indiquant un effet du contaminant. Les biomarqueurs
peuvent ainsi autant correspondre a des processus métaboliques, a des structures (exemple des
anomalies physiologiques) ou encore a des fonctions mesurables du systeme biologique (Lagadic
et al., 1997). Le biofilm étant un ensemble de communautés, de nombreuses méthodes peuvent
étre utilisées pour détecter I'effet des substances toxiques sur celui-ci. Le choix d’un biomarqueur
ou d’'un autre peut dépendre de I'effet attendu du contaminant considéré et donc la fonction a
considérer. La encore, le choix est vaste. Durant les derniéres années, les biomarqueurs ciblant
la composante phototrophe (et notamment algale) ont été tres largement utilisés (Corcoll et al.
2012). La fluorescence de la chlorophylle-a (Corcoll et al., 2011; Oukarroum et al., 2012), I'activité
photosynthétique (Kim Tiam et al., 2015; Cheloni & Slaveykova, 2018), la synthese de
phytochélatines (Faucheur et al., 2005; Lavoie et al., 2012), I'expression de certains genes
(Lavoie et al., 2016; Dranguet et al., 2017; Tiam et al., 2018), les profils en acides gras (Fadhlaoui
et al., 2020; Pandey, 2020) et les déformations tératologiques de diatomées (Morin et al., 2012;

Lavoie et al., 2014; Pandey et al., 2017) en sont des exemples non-exhaustifs. Concernant le



compartiment hétérotrophe, des études ont également utilisé la respiration microbienne (Tlili et
al., 2010) ou encore l'activité d’enzymes extracellulaires (B-glucosidase, B-glucosaminidase,
leucine-aminopeptidase, etc) donnant une information plus mécanistique (Fechner et al., 2011;
Faburé et al., 2015; Pesce et al., 2018). Ciblant non spécifiguement I'un ou I'autre compartiment,
les enzymes antioxydantes ont aussi largement été utilisées dans la littérature (Bonnineau et al.,
2013; Bonet et al., 2013). Du cbté de la matrice, les protéines totales comme les polysaccharides
peuvent nous renseigner sur la structure de celle-ci (Pistocchi et al., 2000; Romani et al., 2008;
Chaumet et al., 2019). La microméiofaune joue également un réle crucial notamment par effet de
consommation, consommation qui peut étre modulée selon les effets de certains contaminants
(Guasch et al., 2016c; Neury-Ormanni et al., 2020). Cette faune est définie par 'ensemble des
consommateurs primaires des biofilms périphytiques, regroupant des protozoaires et des
organismes pluricellulaires compris entre 2 ym et 2 mm (Weitere et al., 2018). En plus de
participer a la richesse spécifique des biofilms, ces organismes participent également au transfert
des contaminants le long de la chaine trophique en tant que consommateurs primaires (Ancion
et al., 2013; Scheibener et al., 2017; Mebane et al., 2020).

L’approche multimarqueurs ciblant différents compartiments est intéressante pour déméler
les effets des contaminants sur les biofilms. En revanche, certains biomarqueurs permettent de
mesurer les effets des contaminants sur le biofilm de maniére plus générale afin d’appréhender
au mieux le risque que peuvent encourir les écosystémes aquatiques (Sabater et al., 2007). On
pourra ainsi citer la composition taxonomique (Lavoie et al., 2012; Tlili et al., 2020) ou la qualité
nutritionnelle (Guo et al., 2016; Fadhlaoui et al., 2020). La bioaccumulation peut également étre
utilisé comme biomarqueur d’exposition (Hobbs et al., 2019; Fernandes et al., 2020; Bonnineau
et al., 2020). Celle-ci a en effet été démontrée comme étant liée a la structure, a la composition
des communautés algales et bactériennes ainsi qu’a leurs fonctions (Duong et al., 2008; Bonet
et al., 2013; Lebrun et al.,, 2015). Néanmoins, des divergences existent dans la littérature
suggérant par exemple que 'accumulation est indépendante de la composition de la communauté
(Stewart et al., 2015). Toutefois, la composition taxonomique reflete également les effets des
contaminants a I'échelle de la communauté. Une exposition peut en effet entrainer le passage
d’'une communauté sensible & une une progressivement tolérante. Cependant, les approches
basées sur la composition taxonomique ne reflétent généralement pas de maniére adéquate les
relations de cause a effet, et une analyse de toxicité des effets a court terme est souvent
nécessaire a 'exemple de I'approche PICT (Pollution Induced Community Tolerance ; Tlili et al.,
2016; voir section 1.2.3.1). Les techniques récentes de biologie moléculaire (a I'exemple du

séquencage d’ADN), de la protéomique ou de la métabolomique sont prometteuses pour mesurer



la tolérance de ces communautés aux contaminants (Bricheux et al., 2013; Friesen et al., 2017;
Gongalves et al., 2018).

Par leur complexité et leurs réles écosystémiques, les biofilms sont susceptibles d’avoir de
multiples interactions avec tous types de contaminants et influencer leur devenir dans
l'environnement (Edwards & Kjellerup, 2013). En effet, que ce soit pour leurs capacités de
sorption, d’accumulation ou de séquestration, les biofilms peuvent donc étre considérés comme
des systéemes d’alerte précoce pour la détection des effets de contaminants sur les milieux

naturels (Bonnineau et al., 2020).

1.2.2 Les métaux, devenir dans I’environnement et effets sur le biofilm

1.2.2.1 Contexte d’aujourd’hui : entre exploitations miniéres, enjeux

économiques et législation

Depuis I'ere industrielle, les activités miniéres représentent un pdle économique en constante
croissance. En effet, la demande en métaux est en augmentation depuis plus d’'un siécle. Rien
gu’au Canada, ce sont plus de 60 minéraux différents qui sont exploités dans plus de 200 mines
en cours d’exploitation. A titre d'illustration, le Canada est le plus grand producteur mondial de
potasse et fait partie des producteurs mondiaux les plus importants de métaux comme
aluminium (Al), le cobalt (Co), le nickel (Ni) et 'or (Au). Cependant, les actifs miniers canadiens
ne s’arrétent pas aux frontieres nationales. Les compagnies canadiennes exploitent en effet dans
plus d’'une centaine de pays étrangers pour des valeurs d’actifs miniers de I'ordre de 250 G$
CAD. Ce secteur économique représente ainsi 3,3% du PIB total du pays et emploie prés d’un
demi-million de personnes (Ressources naturelles Canada, 2016). De plus, le Canada est loin
d’étre le seul pays a avoir d'importants actifs dans le domaine de 'exploitation miniére (Graedel
& Cao, 2010). Pourtant, suite a ce contexte économique positif peuvent découler des problemes
environnementaux notamment dus aux rejets urbains et industriels dans les eaux naturelles. La
question de la qualité de I'eau et de I'accés a I'eau potable peut engendrer des conflits sociétaux
allant de I'échelle locale a mondiale (Shoreman-Ouimet & Kopnina, 2015; Murguia et al., 2016).
En effet, on estime aujourd’hui qu’environ 80 % des eaux utilisées par I'Homme sont rejetées
dans I'environnement sans aucun traitement. Des études ont en effet montré qu’environ 65 %
des riviéres dans lesquelles sont déversés des rejets d’origine anthropique sont dans un état

passable a médiocre (Nations-Unies, 2018). Ceci est a remettre dans un contexte de croissance
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démographique avec une demande mondiale en eau potable augmentant d’environ 1% par an
(Vorosmarty et al., 2010). Il apparait donc crucial d’améliorer les pratiques existantes, mais aussi
de développer de nouveaux outils de détection et de suivi des contaminations anthropiques. Il
existe cependant de nombreuses réglementations et 1égislations qui permettent d’encadrer les
activités productrices de rejets. Les critéres de la bonne qualité des écosystemes aquatiques en
matiére de concentrations métalliques varient d'un pays a lautre. Au Canada, les
recommandations du Conseil canadien des ministres de 'Environnement (CCME) sont souvent
citées comme référence (Conseil canadien des ministres de 'Environnement, 2018) et la plupart
des nouveaux projets miniers sont assujettis a la Loi canadienne sur ['évaluation
environnementale (LCEE 2012; Justice, 2012). Au Québec, l'industrie miniére doit respecter les
critéres établis dans la Loi sur la qualité de I'environnement (LQE) (article 22 de la LQE ainsi que
la Directive 019; Québec, 2017) ainsi que dans la Loi sur les mines (Québec, 1988). Pour autre
exemple, dans le cas de la France et plus généralement de I'Union européenne (UE), ce sont
souvent les normes de qualité environnementale (NQE) de la directive-cadre sur I'eau (DCE) qui
font office de critéres pour la protection de la vie aquatique (exemple de la Directive 2013/39/UE;
Parlement européen et Conseil de I'Union européenne, 2013). La mise en place de 'European
Union’s Registration, Evaluation, Autorisation and Restrictions of Chemicals (REACH) participe
aussi a la protection de I'environnement puisqu’elle correspond a la principale réglementation sur

les produits chimiques de 'UE.

1.2.2.2 Cycle naturel des métaux et perturbations anthropiques

Les métaux sont naturellement présents dans la crodte terrestre. lls se retrouvent dans les
écosystemes aquatiques sous différentes formes chimiques, souvent a I'état de trace, et leurs
concentrations varient selon la géologie de la région (Figure 1-3). En effet, c’est en grande partie
les produits de I'érosion des sols par I'eau qui vont déterminer la composition physico-chimique
des eaux naturelles. Outre I'érosion de la roche, d’autres phénomeénes sont impliqués dans le
passage des métaux vers les eaux naturelles. Ces processus peuvent la encore étre d’origine
naturelle comme anthropique. D’un point de vue naturel, les mécanismes principaux sont I'érosion
physique et chimique (vent, eau ou activité biologique) et le transport atmosphérique (éruption
volcaniqgue, transport de poussiére par le vent). Les composés majeurs régissant la composition
chimique des eaux naturelles sont au nombre de 15 : H, C, N, O, Na, Mg, Al, Si, P, S, Cl, K, Ca,

Mn et enfin Fe. Les ions majeurs, par exemple le Ca, le Mg et le K, sont présents a des
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concentrations de I'ordre du mg/L. Les autres éléments, incluant les métaux, sont naturellement
présents a I'état de trace, c’est-a-dire a de faibles concentrations, le plus souvent de I'ordre du
pg/L ou du nmol/L (Shoreman-Ouimet & Kopnina, 2015). Comme ils sont liés a la géologie des
sols, on parle alors de « fond géochimique ». Le défi est alors de bien dissocier le « bruit de fond »
naturel d’'une potentielle contamination anthropique. Les sources anthropiques sont souvent
reliées aux rejets industriels (Lavoie et al., 2012), urbains (Faburé et al., 2015) et agricoles
(Nagajyoti et al., 2010). Les métaux peuvent alors étre rejetés de maniere ponctuelle dans
I'environnement (exemple des effluents urbains/miniers ou rejets atmosphériques), ou de

maniere diffuse (exemple du lessivage ou de la percolation de sites industriels).
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Figure 1-3: Représentation graphique de I'ordre et de la magnitude des concentrations naturelles des
éléments traces sous forme dissoute dans les milieux lotiques (valeurs moyennes
mondiales). Tirée de Gaillardet et al. (2004).

De nombreuses études ont fait état de fortes contaminations métalliques en lien avec les
activités anthropiques, et ceci aussi bien pour des pays en voie de développement (Islam et al.,
2015; Duan & Tan, 2013; Thi et al., 2006) que pour des pays dits développés (Ancion et al., 2013;
Faburé et al., 2015; Leguay et al., 2016). Lorsque les concentrations en éléments traces sont
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supérieures au fond géochimique, le cycle naturel des éléments peut étre perturbé. Par exemple,
Leguay et al. (2016) ont fait état de concentrations dissoutes en métaux divalents (Cu, Cd, Zn,
Pb) supérieures aux recommandations du CCME dans des rivieres adjacentes a des sites miniers
abandonnés au Québec (Canada). Les auteurs ont en effet retrouvé des concentrations en Cu
pouvant aller jusqu’a environ 2 mg/L. Le cuivre peut étre d’origine géogénique avec des
concentrations naturelles de I'ordre du ng/L au ug/L dans les eaux de surfaces (Gaillardet et al.,
2003). Une concentration de I'ordre du mg/L implique donc, dans la quasi-totalité des cas, des
sources anthropiques qu’elles soient directes ou indirectes. Pour citer d’autres exemples, Mandal
et al. (2002) ont retrouvé des concentrations avoisinant les 430 pg/L de Ni dans la région de
Sudbury et plus spécifiquement dans la riviere Copper Cliff qui recoit les rejets d’effluents de la
mine Copper CIiff encore en activité aujourd’hui. Plus récemment, et dans la méme région
d’étude, Lavoie et al. (2018) ont montré des concentrations de 'ordre du mg/L au niveau de la
riviere Frood Branch Creek, également réceptrice d’effluents miniers. En France, dans la riviére
du Riou Mort, les concentrations retrouvées dans les eaux étaient bien supérieures au milieu de
référence et pouvaient aller jusqu’a 49 ug/L de Cd et presque 3 mg/L de Zn (Morin et al., 2008).
Si des perturbations existent avec des concentrations dissoutes en métaux anormalement

élevées, reste a savoir comment se comportent ces métaux dans les environnements aquatiques.

1.2.2.3 Concept de spéciation, de ligands et de biodisponibilité

Dans les eaux naturelles, les métaux ont la particularité d’étre présents sous plusieurs formes
chimiques en plus d’étre infiniment persistants. Ces formes sont trés variables et possédent donc
des caractéristiques de mobilité, de biodisponibilité et de toxicité différentes. Elles peuvent étre
regroupées en deux grandes familles : (1) le particulaire ; et (2) le dissous. Dans la premiére
catégorie, se retrouvent : (a) les solides a 'exemple des oxydes comme (b) les métaux adsorbés
sur les particules (> 0,45 um). Dans la catégorie du dissous, les métaux peuvent étre sous forme :
(c) d’ions libres, (d) de complexes (c’est-a-dire liés a des ligands organiques ou inorganiques),
ou encore (e) colloidale (associés a un colloide de taille comprise entre 1 nm et 0,45 um). Une
sixieme catégorie pourrait cependant étre ajoutée : la partie constitutive du vivant, c’est-a-dire
présente a lintérieur des organismes vivants (Tercier-Waeber et al., 2012). Lorsque l'on
s’intéresse au comportement d’'un métal, le concept de spéciation est fondamental, car il régit
autant le devenir que les impacts qu’un métal sera susceptible d’avoir dans son environnement
et donc sur le vivant (Figure 1-4; Campbell et al., 2002; Lavoie et al., 2016; Zhao et al., 2016).
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Les composés majeurs (organiques comme inorganiques) régissent en grande partie la
composition chimique des eaux naturelles. lls contrélent donc les réactions chimiques de base et
par conséquent, le devenir des éléments traces dans les milieux naturels (Tercier-Waeber et al.,
2012; Zhao et al., 2016).

inorganic ligands

MeCO; MeOH?*

~
organic ligands O /O
MeEDTA MeNTA Vs N
O R
Me-fulvic/humic
acids

Me-L

Surface of
natural particles

uptake by
organisms

Figure 1-4 : Classification des interactions majeures entre les principaux composés et les métaux traces
présents dans les écosystémes aquatiques. Tirée de Wehrli & Behra (2015). Me = métal. EDTA
= acide éthylénediaminetétraacetique. NTA = acide nitrilotriacétique.

L’ensemble des différentes formes chimiques se rapportent donc a la spéciation métallique
et les processus impliqués sont divers. Certaines variables environnementales ou paramétres
physico-chimiques agissent directement sur ces processus a I'exemple du pH qui influence la
complexation des éléments métalliques (Tercier-Waeber et al., 2009; Vidali et al., 2010; Tercier-
Waeber et al., 2012). En effet, & pH acide, la quantité de protons H* dans le milieu augmente,
accroissant ainsi la compétition avec des métaux sous forme libre pour des sites de complexation,
notamment avec des ligands organiqgues comme inorganiques (Leguay et al., 2016; Laderriere et
al., 2020). Les métaux auront alors une plus grande prévalence a se retrouver sous leur forme
libre. De la méme maniére, un autre parameétre influencant les réactions chimiques dans les eaux

de surface est la dureté de 'eau relative a la quantité de cations majeurs présents dans I'eau
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(exemple du Ca et du Mg). Les cations peuvent par exemple jouer un réle de compétition envers
les métaux pour certains sites de complexation tout comme les protons (Fortin et al., 2007;
Leguay et al., 2016; Laderriere et al., 2020). Les variables abiotiques comme la température ou
la lumiere (composition spectrale, photopériode ou intensité lumineuse) peuvent également jouer
un role direct ou indirect sur la spéciation des métaux (Tercier-Waeber et al., 2012; Worms et al.,
2015; Cheloni & Slaveykova, 2018). Par exemple, I'intensité lumineuse est susceptible d’avoir un
effet d’altération sur la structure de certains ligands organiques, et notamment la matiére
organique dissoute (MOD), pouvant mener a une diminution de leur capacité de complexation
(Worms et al., 2015; Cheloni & Slaveykova, 2018).

Les ligands peuvent étre de nature inorganique (carbonates, hydroxydes, etc.) ou organique
(Figure 1-4 ; acides humiques, acides fulviques, acides aminés, etc). Comme dit précédemment,
'un des parameétres physico-chimiques les plus importants en relation avec la spéciation est le
pH. A pH acide, les ligands complexant majoritairement les métaux seront les acides forts tels
que les sulfates, les chlorures et les fluorures. A pH plus élevé, les acides faibles comme les
carbonates et 'eau vont dominer les réactions de complexation des métaux. Si la spéciation
dépend donc de parameétres physico-chimiques comme le pH, elle dépend aussi du type de
ligands présents et de leur concentration (Sulzberger & Durisch-Kaiser, 2009; Tercier-Waeber et
al., 2012; Mueller et al., 2012). A ce titre, la matiére organique dissoute joue un rdle
particulierement important comme ligand. Elle correspond en effet a des molécules hétérogénes
gue ce soit sur le plan de la structure, de la charge ou des groupements fonctionnels. Elle est
notamment riche en groupements carboxyliques et phénoliques qui sont connus pour lier les
cations métalliques (Mueller et al., 2012). Les ligands peuvent aussi découler du métabolisme
des organismes. En effet, la synthése de chélateurs ou de polyméres extracellulaires, I'excrétion
d’exsudats et les débris biologiques sont autant de ligands potentiels susceptibles d’influencer la
spéciation chimique des éléments (Tercier-Waeber et al., 2012; Tonietto et al., 2015; Loustau et
al., 2019). Enfin, les colloides et particules peuvent également jouer le réle de ligand (par

complexation ou adsorption).

Tous ces parametres modifient la spéciation des métaux, mais influencent également
'accumulation de ces composés par les organismes vivants. Selon les multiples formes sous
lesquels peuvent étre présents les métaux, cela peut affecter la biodisponibilité et la toxicité. Le
métal biodisponible est le métal susceptible d’étre assimilé par les organismes. La réactivité du
métal, c’est-a-dire 'activité des ions de métal libre, détermine I'étendue des réactions de celui-ci

avec les sites cellulaires de surface et donc sa biodisponibilité (Campbell, 1995). La
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biodisponibilité est un concept permettant de relier quantitativement les changements dans les
concentrations et la spéciation des métaux avec l'intensité des effets biologiques induits sur le
biote (Tercier-Waeber et al., 2012). Dans la grande majorité des cas, la biodisponibilité et la
toxicité dépendent de la concentration en ions libres (Campbell et al., 2002). Pour provoquer un
effet biologique, le métal doit d’abord réagir avec des sites récepteurs sur la membrane
biologique, souvent (mais pas nécessairement) suivi d’'un transport a travers la membrane. Une
fois a l'intérieur de la cellule, les métaux interagissent avec différents composants intracellulaires
et affectent ainsi les processus cellulaires (Campbell et al., 2002; Tercier-Waeber et al., 2012;
Zhao et al., 2016).

1.2.2.4 Métaux d’étude

Le projet s’est articulé autour d’un partenariat avec la mine Nunavik Nickel exploitée par
Canadian Royalties Inc qui est une société miniére privée basée a Montréal et appartenant a la
compagnie chinoise Jilin Jien Nickel Industry Co., Ltd. La mine Nunavik Nickel exploite
majoritairement le Cu et le Ni, c’est donc naturellement que le projet s’est intéressé a ces métaux.
Etant des métaux divalents (M?"), les autres métaux de méme configuration électronique ayant

une large gamme de variation de concentrations ont été étudiés, c’est le cas notamment du Cd.

Tableau 1-1: Concentrations typiques en Cd, Cu et Ni dans des rivieres déterminées apreés filtration (0.2 um)
et acidification (Gaillardet et al., 2004, cités par Tercier-Waeber et al., 2012). :Gamme de
concentrations totales dissoutes mesurées (et moyenne mondiale). Adapté de Tercier-
Waeber et al. (2012).

Métal Concentrations (nM) *
Cd 0,009 — 1,6 (0,7)
Cu 3,6 — 40,9 (23,3)
Ni 3,4 — 85,2 (13,6)
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Le Nickel (Ni)

Du point de vue de sa spéciation, le Ni est le plus souvent retrouvé dans les eaux naturelles
sous sa forme libre Ni** ou hexahydratée (Ni(H20)s)?*. Il peut néanmoins former des complexes
avec des ligands comme les carbonates. Il peut également se lier avec des ligands organiques
comme la matiere organique dissoute, mais dans une moindre mesure que d’autres métaux a
I'exemple du Cu (Mueller et al., 2012; Macoustra et al. 2020; Macoustra et al. 2021). Il est connu
comme étant un oligo-élément notamment pour certaines espéces de plantes, d’'invertébrés,
d’'oiseaux et de mammiféres (Ronald, 1990). Chez les procaryotes, il existe une famille de
transporteurs NicO qui correspond a des transporteurs du Ni et du cobalt et qui permettent de
fournir ces deux métaux aux organismes pour la biosynthése de molécules comme la cobalamine
(aussi connue sous le nom de vitamine B12), de la Ni-uréase, etc. (Blaby-Haas & Merchant,
2012). A Tinverse, les organismes ne possédant pas d’uréase (enzyme spécialisée dans la
dégradation de I'urée) n'ont pas nécessairement besoin du Ni pour leur métabolisme et n’ont
donc pas forcément de récepteurs spécifiques a son import. La présence de NicO dans les
génomes des algues dépourvues d’enzymes dépendantes de Ni suggére soit qu’il existe une
enzyme de Ni non identifiée, soit que NicO transporte également d’autres métaux (Blaby-Haas &
Merchant, 2012).

Le cuivre (Cu)

Le premier état d’oxydation du cuivre Cu (I) tend a former des complexes plus stables que le
Ni, en particulier avec les ligands organiques comme la MOD qui possédent des groupements
thiols (Lavoie et al., 2016; Macoustra et al., 2020a). Il a également une forte affinité pour les ions
chlorures. Le Cu (Il), lui, s’associe également a la MOD ainsi qu’aux ions hydroxydes et
carbonates. Il se retrouve donc peu sous sa forme libre, il est en effet en grande proportion sous
forme complexée (Fortin et al., 2010). De plus, les paramétres physico-chimigques des eaux
comme le pH ou la concentration en ligands influencent de maniére importante sur la spéciation
de ce métal et donc sur les proportions retrouvéees sous sa forme libre (Fortin et al., 2010). C’est
également un oligo-€élément, il a par conséquent des voies d’entrée dans les cellules qui lui sont
dédiées. Plusieurs familles d’organismes de plantes (Embryophyta) ou d’algues (Chlorophyta,
Rhodophyta, Bacillariophyta, etc.) possédent des transporteurs CTR (Copper Transporters) ou
des transporteurs Cu-ATPase (Blaby-Haas & Merchant, 2017). Les CTR sont des transporteurs
spécifiques au Cu (1) impliqués dans I'import de celui-ci tandis que les Cu-ATPase geérent I'export

du Cu (I) hors des cellules. Ces systémes de transport sont associés a des enzymes
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membranaires qui sont connues comme réduisant le Cu(ll) en Cu(l) en milieu aérobie permettant
ainsi sa prise en charge en Cu(l) par les CTR (exemple de la réductase cuprique et de la
réductase ferrique ; Blaby-Haas & Merchant, 2012; Lavoie et al., 2016).

Le cadmium (Cd)

Le Cd est relativement stable dans les eaux douces naturelles et reste en trés grande
majorité sous forme ionique Cd?*. Cependant, dans certaines conditions basiques, il peut former
des complexes avec des ligands organiques ou inorganiques en proportion notable (Lavoie et al.,
2016; Worms et al., 2015). Cette tendance est bien moins moindre en comparaison d’autres
métaux comme le Cu. Pour prendre un exemple d’étude en contexte minier, Fortin et al. (2010)
ont déterminé que le Cd sous forme ionique (Cd?*) pouvait représenter jusqu'a 80 % de la
proportion du Cd totale dans des riviéres d’Abitibi (QC, Canada). A titre de comparaison, dans le
cas du Cu, la proportion sous forme libre dans les zones étudiées ne dépassait pas les 30 %. De
plus, le Cd est un métal qui a longtemps été considéré comme n’ayant aucune fonction
biologique. Cependant, il semble y avoir des exceptions notamment avec I'exemple d’une
diatomée marine Thalassiosira weissflogii qui peut utiliser le Cd (Lane & Morel, 2000). Il est
néanmoins connu comme étant trés toxique. Des études ont montré que le Cd sous forme ionique
(Cd?*) pouvait emprunter les transporteurs membranaires du Zn?* (Lavoie et al., 2012a) chez
lalgue verte Chlamydomonas reinhardtii, mais aussi ceux du Mn?* (Sunda & Huntsman 2010)
chez la diatomée Thalassiosira oceanica. Il est donc intéressant de noter ici que, selon
'organisme considéré, les voies d’exposition peuvent étre différentes (importance du choix du
modele biologique) tout comme les voies d’entrée dans I'organisme (différents types de canaux

impliqués selon les especes).

1.2.25 Interaction des métaux avec le vivant et modéle du ligand

biotique

Si certains métaux n’ont aucune fonction biologique connue a 'exemple, du Hg(ll) et du Pb(ll)
(Arini et al., 2013; Le Faucheur et al., 2014), d’autres sont essentiels a la vie (Cu(ll), Zn(ll), Fe(lll),
Mn(ll), Co(ll), Ni(ll), Mo(IV), V(V), etc. ; Tercier-Waeber et al., 2012; Blaby-Haas & Merchant,
2017). Ainsi, essentiel ou non, la question de la concentration de ces éléments est importante a

'exemple de la citation « Tout est poison et rien n’est poison ; c’est la dose qui fait le poison »
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(Paracelse ; 1537). Ce concept, a la base de la pharmacologie, s’applique également pour les
organismes aquatiques en milieu naturel. lls peuvent ainsi induire une toxicité parfois méme a de

trés faibles concentrations (Nagajyoti et al., 2010).

Au cours de I'évolution, les cellules ont développé des moyens de réguler I'absorption des
métaux essentiels tout en minimisant I'internalisation des métaux non essentiels qui pourraient
interférer avec le métabolisme cellulaire (Pen et al., 2006; Blaby-Haas & Merchant, 2012). A ce
titre et comme mentionné précédemment, les membranes biologiques (dépendamment des
espéces considérées) possedent différentes familles de protéines impliquées dans le transport
des métaux qui varient selon leurs fonctions et leurs structures (Campbell et al., 2002). lls
permettent ainsi a ces organismes de subvenir a leurs besoins en métaux essentiels et ainsi
d’éviter les phénoménes de carence et/ou de toxicité (Blaby-Haas & Merchant 2017). Cependant,
ces systémes n’étant pas totalement spécifiques aux oligo-éléments, certains éléments non
essentiels peuvent passer a travers les membranes biologiques et potentiellement interférer avec
I'homéostasie cellulaire. En effet, les cellules ne sont pas seulement limitées par la biodisponibilité
de ces éléments mais aussi par leur abondance (Blaby-Haas & Merchant, 2012). Les
mécanismes de transport d'import/d’export des métaux a travers les membranes biologiques
peuvent donc étre régulés selon les pressions géochimiques et ce, de maniére non
nécessairement spécifique. Par exemple, Lavoie et al. (2012a) ont montré que des variations de
la concentration en Zn?* pouvaient influer sur linternalisation du Cd chez Chlamydomonas
reinhardtii. A I'inverse, la concentration en Cd?*influe sur l'internalisation du Zn2* par un effet de

rétrocontr6le en raison de la forte affinité de ces deux métaux pour les voies de transports du Zn.

La question de la concentration des possibles compétiteurs comme les cations majeurs
(Ca?*, Mg#, Na*, K*, etc.) est également un point trés important dans I'évaluation de la toxicité
des métaux, car ils vont jouer le rble de protecteur par compétition ionique (Deleebeeck et al.,
2009; Leguay et al., 2016; Laderriere et al., 2020). Afin de bien comprendre linteraction des
métaux avec la surface des membranes biologiques et donc la biodisponibilité de ceux-ci, des
modeéles ont été développés, a I'exemple du modéle du ligand biotique (Biotic Ligand Model,
BLM). Quand on fait référence au BLM, il est important de parler de son prédécesseur, le modele
de l'ion libre ou free-ion activity model (FIAM) (Lavoie et al., 2016). Ce sont tous deux des
modeles décrivant les processus de prise en charge des métaux par les organismes vivants. Dés
les années 1970, le FIAM fut développé, principalement en milieu marin, sur le principe que la
toxicité d’un métal ainsi que son internalisation sont proportionnelles a I'activité de I'ion libre M**

considéré. Beaucoup d’études ont suivi et ont démontré que la réponse biologique a la suite d’'une
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exposition en métaux était bel et bien proportionnelle a sa concentration sous forme libre (Lavoie
et al., 2016). Le BLM part également du principe trés simple que pour qu’'un métal soit toxique, il
doit au préalable interagir avec la surface biologique et par la suite étre transporté a l'intérieur
des cellules vivantes. Son objectif est donc de prédire au mieux comment les métaux dissous
dans I'eau vont réagir et éventuellement affecter les organismes aquatiques (Erickson, 2013). Il
continue également de considérer que la biodisponibilité et la toxicité d’'un métal sont liées a sa
concentration en ions libres dans I'eau, mais a I'avantage d’incorporer les effets compétitifs des

ions en solution.
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Figure 1-5 : Mode d’interaction d’un ion métallique a la surface biologique selon le modeéle du ligand biotique.
MZ* = ijon métallique libre; ML = métal complexé; L= = ligand (acides aminés, citrate, S>03%,
COs%, Cl', etc.); X-M = métal complexé a la surface cellulaire. Adaptée de Lavoie et al. (2016).

Les différentes étapes nécessaires au métal pour accéder a la membrane biologique sont
présentées dans la Figure 1-5. Selon la forme chimique sous laquelle est présent le métal M
(forme complexée : ML ; forme libre : M**), plusieurs voies d'interactions sont possibles avec la
membrane biologique des organismes. Le récepteur X représente ici le site clé permettant au
métal M d’interagir physiologiquement avec la cellule. K; correspond a la constante d’équilibre
décrivant la réaction de complexation du métal M avec un ligand L* (a noter que les charges

pouvant étre différentes entre M et L, celles-ci seront omises par souci de simplicité). Ces

20



réactions sont supposées a I'équilibre (Di Toro et al., 2001). L’équation (1) ci-dessous permet de
calculer K.

[ML]

& =D

€y

Selon la Figure 1-5, deux possibilités se présentent : (1) le métal est sous sa forme libre M**
et diffuse jusqu’a atteindre la membrane plasmique avec laquelle il forme le complexe X-M ; (2)
le métal forme un complexe avec un ligand organique (MOD, acide aminé, etc.) ou inorganique
(carbonates, sulfures, chlorures, etc.) et il interagit alors avec le site cellulaire X pour former le
complexe X-M en libérant ainsi son ligand sous la forme L.

L’équation (2) permet de décrire la complexation du métal sous sa forme libre M** avec les
transporteurs membranaires X. {} et [] indiquent respectivement les concentrations a la surface
biologique et dans le milieu.

_ A{cellule — X — M}
27 [MZ+]).{cellule — X~}

(2)

L’équation (3) s’intéresse au deuxieme cas décrivant l'interaction du métal cette fois sous sa

forme complexée avec un ligand L et le récepteur membranaire noté X.

{cellule — X — M} = K} {cellule [_L]X ML)

L’équation (4) décrite ci-dessous nous montre que la concentration du complexe cellule-X-M

(3)

est fonction de la concentration en métal libre dans le cas ou le complexe ML réagirait avec le

site cellulaire X par échange de ligands.
{cellule — X — M} = K,.K; {cellule — X" }[M?*] (4)

Dans tous les cas, la formation du complexe cellule-X-M dépend de la concentration en métal
libre et ceci, que le métal soit initialement libre et donc sous la forme M** ou sous sa forme
complexée ML. La toxicité d’'un métal pour les organismes aquatiques est donc proportionnelle a
la portion du métal sous forme libre. Si ce modéle peut parfois ne pas s’appliquer dans certaines
conditions tres précises (voir (Zhao et al., 2016) pour une discussion détaillée), il est aujourd’hui
un des outils les plus complets pour prédire la toxicité des métaux sur les organismes vivants

notamment pour les métaux divalents (Brix et al., 2020; Adams et al., 2020).
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1.2.2.6 Mécanismes de toxicité des métaux

Les algues vertes unicellulaires ont beaucoup été utilisées afin d’appréhender le risque
écotoxique des métaux : c’est en effet un modeéle biologique simple et qui posséde un cycle de
vie court. Chez ces organismes, une des principales conséquences d’'une exposition aux métaux
est un stress oxydatif d0 a la production d’espéces réactives a 'oxygéne (reactive oxygen species
- ROS) a 'exemple du peroxyde d’hydrogéne (H20:) ou de I'oxygéne radicalaire (O2) (Szivak et
al., 2009; Figure 1-6). Ces ROS peuvent interférer avec les activités enzymatiques liées a la
photosynthése ainsi qu’au niveau des photosystémes, structures responsables de la
photosynthése (Corcoll et al., 2012). Selon le type de contaminants et d’exposition (aigué ou
chronique), les systemes antioxydants mis en place ne seront pas forcément les mémes (Pinto
et al., 2003) avec la production par exemple de la superoxyde dismutase (SOD), de la catalase
(CAT), du glutathion peroxydase (GPX), etc. (Bonet et al., 2012; Bonnineau et al., 2013; Bonet et
al., 2013). Il existe également des systémes de défense non enzymatiques a I'exemple de la
séquestration du métal dans des composés granulaires ou la synthése de phytochélatines et de
caroténoides qui sont respectivement des peptides et des pigments antioxydants (Pistocchi et
al., 2000; Le Faucheur et al., 2005; Lavoie et al., 2009). Si les mécanismes de gestion sont
dépassés, les répercussions peuvent avoir une multitude d’effets en interférant avec la
machinerie normale du métabolisme cellulaire (Nagajyoti et al., 2010). Par exemple, la toxicité
peut se manifester par une modification de I'intégrité structurelle de la cellule (perméabilité de la
membrane, transports membranaires, etc. ; Lavoie et al., 2012b) ou en perturbant les processus
métaboliques (inhibition d’enzymes, interaction avec les acides aminés et les protéines, etc. ;
Torres et al.,, 2008). La composition biochimique de la cellule peut également étre affectée
(Okamoto et al., 2001) tout comme I'expression de certains génes (Moisset et al., 2015; Kim Tiam
et al., 2018).
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Figure 1-6 : Schémaillustrant la mobilité des métaux dans la cellule qui peut entrainer la production de formes
réactives de I’'oxygéne. L’internalisation de métaux peut modifier la perméabilité membranaire
et, une fois dans le milieu intracellulaire, induire un stress oxydatif. D’autres mécanismes
peuvent étre affectés comme le systéme photosynthétique de la cellule, Pactivité
mitochondriale, ’expression génétique, et éventuellement aboutir a la mort cellulaire. Il existe
également des systémes de défense comme la production d’EPS, la complexation des métaux
par des ligands intracellulaires ou encore I’expulsion de ceux-ci hors de la cellule. Adapté de
Pinto et al. (2003) et Morin et al. (2012).

Le biofilm étant un consortium d’organismes composé de plusieurs ordres du vivant, il
apparait important de raisonner également par rapport aux organismes qui ne possédent pas de
pigments photosynthétiques. En effet, les effets toxiques des métaux peuvent varier selon le
parameétre structurel ou fonctionnel considéré. Plusieurs études ont en effet démontré que, suite
a une exposition chronique en métaux, l'influence relative sur la vulnérabilité fonctionnelle des
communautés microbiennes dépendait de la fonction étudiée a savoir phototrophe ou
hétérotrophe (Tlili et al., 2011; Lambert et al., 2012; Pesce et al., 2018). || apparait donc important
de considérer différents compartiments fonctionnels et différents descripteurs fonctionnels afin de
pleinement appréhender la vulnérabilité des biofilms & des expositions aux éléments métalliques

(Pesce et al., 2018). Par exemple, bien que le Cu est principalement utilisé comme fongicide,
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celui-ci est connu pour affecter tous les régnes. En effet, une exposition chronique au Cu est
connue pour entrainer une diminution de la biomasse globale, une modification de la répartition
des classes algales ainsi qu’'une modification des communautés diatomiques (Serra & Guasch,
2009; Lambert et al., 2012; Morin et al., 2017). Le Cd et le Ni ont été démontrés pour avoir des
effets similaires (Morin et al., 2008; Duong et al., 2008; Lavoie et al., 2018; Regenmortel et al.,
2018). Le Cu est également connu pour affecter les communautés bactériennes notamment par
des effets indirects du fait d’'une modification importante des ressources nutritives. |l a en effet
été montré que le Cu entrainait des effets sur le rendement photosynthétique des organismes
phototrophes (Serra et al., 2009; Oukarroum et al., 2012; Lambert et al., 2017). Cette toxicité
induite peut conduire a la sénescence de cellules phototrophes entrainant ainsi une plus forte
disponibilité en MO pour les organismes hétérotrophes et donc a terme, induire des changements
dans les communautés bactériennes (Massieux et al., 2004; Tlili et al., 2010; Proia et al., 2012).
I a également été démontré qu'une exposition chronique au Cu pouvait diminuer
significativement 'activité d’enzymes extracellulaires notamment impliquées dans la dégradation
de la MO (Fechner et al., 2011; Lambert et al., 2012; Pesce et al., 2018). D’autres études ont
montré des effets des métaux sur les protozoaires de la microméiofaune (Ancion et al., 2013;
Balistrieri et al., 2015; Mebane et al., 2020) par des effets directs ou indirects. Par exemple, il
existe une relation d’interdépendance du biofilm avec les protozoaires de la microméiofaune par
effet de prédation (Ancion et al., 2013; Mebane et al., 2020; Neury-Ormanni et al., 2020). En effet
de nombreuses études ont mis en évidence le transfert trophique de métaux bioaccumulés par le
biofilm vers les maillons supérieurs a I'exemple du Cd (Xie et al., 2010), du Zn (Kim et al., 2012)
ou encore d’autres éléments (Scheibener et al., 2017). De plus, une exposition au Ni peut modifier
le profil en acides gras du biofilm (Fadhlaoui et al., 2020). Cette modification peut avoir un impact
sur les organismes de niveau trophique supérieur en changeant la qualité nutritionnelle du biofilm
(Guo et al., 2016). Les effets toxiques sur les consommateurs primaires peuvent donc entrainer
un effet indirect des métaux sur le biofilm qu’ils soient synergiques ou antagonistes. Ces effets
toxiques, de par leur effet sur le premier maillon de la chaine trophique, sont donc susceptibles

d’avoir des répercussions sur l'intégralité de I'écosysteme.
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1.2.3 Biosuivi a grande échelle : variables a prendre en compte pour
comprendre laréponse des biofilms face aux métaux

1.2.3.1 Influence de variables biotiques : le concept du « PICT »

Les biofilms peuvent donc étre utilisés comme indicateurs biologiques des contaminations
métalliqgues en raison de leur sensibilité et de leur capacité a accumuler les métaux a partir de
faibles concentrations dans les eaux de surfaces (Vendrell-Puigmitja et al., 2020). Le concept du
« PICT » traduit le fait qu'une communauté exposée de maniére chronique a un contaminant
devrait, par rapport & une communauté non exposée dite de référence, avoir subi une pression
de sélection pour finalement présenter une tolérance accrue a ce contaminant (Blanck et al.,
1988; Blanck, 2002; Figure 1-7). En termes de composition taxonomique du biofilm, cette
pression peut mener a la sélection d’especes tolérantes au détriment d’espéces plus sensibles.
Ces espéces plus tolérantes sont sélectionnées sur la base de mécanismes d’acclimatation voire
d’adaptation et permettent a terme, une plus grande résilience de la communauté face a ce stress.
Par exemple, il est bien connu que des contaminations métalliques entrainent des changements
structuraux et fonctionnels chez les communautés phototrophiques et que certains de ces
changements sont caractéristiques de la présence de hautes concentrations métalliques (Lavoie
et al., 2008; Morin et al., 2012; Vendrell-Puigmitja et al., 2020). Dans ce contexte, le concept du
PICT vise donc a évaluer la pression de sélection exercée sur les communautés naturelles.
Brievement, il repose sur deux phases : (1) une phase de sélection et (2) une phase de détection
(Tlili et al., 2016a). Durant la phase de sélection, les communautés sont exposées de maniére
chronique au contaminant considéré conduisant a une sélection intra- et interspécifique. Cette
sélection entraine la restructuration de la communauté avec la disparition de certaines espéces
au profit d’autres. Lors de la deuxiéeme phase, il est possible de mesurer la tolérance de la
communauté exposée et de la communauté non exposée au moyen de tests de toxicité aigué
utilisant différents paramétres fonctionnels. La comparaison des courbes dose-réponse des deux
communautés et plus particulierement des réponses de toxicité calculées telles que les
concentrations effectives (ECy), permet de mettre en évidence leur tolérance. La composition des
deux communautés peut également étre évaluée et comparée afin de vérifier I'hypothése d’'une

sélection intra- et interspécifique.
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Figure 1-7 : Principe du concept du « PICT » (Pollution Induced Community Tolerance). La communauté
« downstream » représente une communauté préalablement exposée a un contaminant,
devenue plus tolérante, tandis que la communauté «upstream » correspond a une
communauté de référence non préalablement exposée. Cette derniére se caractérise par une
courbe dose-réponse avec une ECso plus faible par rapport au pourcentage d’activité du
biomarqueur d’effet considéré. Tirée de Tlili et al. (2020).

Ainsi I'approche PICT permet de savoir si le biofilm est un bioindicateur pertinent en
s’intéressant aux liens existants entre expositions aux contaminations et des changements
significatifs (structure et diversité) conduisant a une tolérance accrue. Plusieurs études ont
démontré I'acquisition de tolérance des communautés phototrophiques lorsque celles-ci étaient
exposeées de maniére chroniqgue aux contaminations métalliques. En effet, des marqueurs
fonctionnels tels que le rendement photosynthétique ou les concentrations en chlorophylle-a se
sont montrés efficaces dans ce type d’approche (Foulquier et al., 2015; Lambert et al., 2017,
Pesce et al., 2018; Tlili et al., 2020). De maniére similaire, d’autres études ont utilisé 'approche
PICT avec succes sur le compartiment hétérotrophe du biofilm utilisant différents marqueurs
fonctionnels a 'exemple de la respiration microbienne (Tlili et al., 2011) ou encore de l'activité
enzymatique de la B-glucosidase ou de la leucine-aminopeptidase (Fechner et al., 2011; Fechner
et al., 2012; Pesce et al., 2018; Tlili et al., 2020). Toutes ces études, qui utilisent 'approche du
PICT, ont permis de montrer que les changements dans les descripteurs utilisés

traditionnellement en écotoxicologie peuvent fournir une information pertinente sur I'historique
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d’exposition et les altérations résultantes pour les biofilms d’eau douce. Néanmoins, un défi
majeur dans I'évaluation des risques environnementaux des contaminants est d’établir une
relation causale entre exposition et effets au regard de la diversité fonctionnelle et structurelle
des biofilms périphytiques d’eau douce (Tlili et al., 2020). Ceci permettra a terme de distinguer
I'effet spécifique des contaminants de ceux des facteurs environnementaux sur les communautés

périphytiques d’eau douce.

1.2.3.2 Influence de variables abiotiques : du facteur

environnemental au facteur de stress environnemental

Le biofilm étant en constante interaction avec son environnement, un point crucial en
écotoxicologie est de déméler les effets d’'une exposition aux contaminants de ceux dus a des
différences dans des variables physiques, chimiques ou biologiques (qui peuvent conduire a un
stress environnemental). En d’autres termes, la tolérance induite sur les communautés exposées
ne peut pas toujours étre attribuée uniguement a la présence de substances toxiques, car divers
facteurs environnementaux peuvent également étre impliqués (Holmstrup et al., 2010; Laskowski
et al., 2010). Par exemple, Tercier-Waeber et al. (2009) ont montré des corrélations entre
concentrations en métaux dissous, température et pH. En effet, au cours d’une journée, l'intensité
lumineuse stimule l'activité photosynthétique entrainant une augmentation du pH tandis que la
température peut varier avec I'ensoleillement (en particulier pour les cours d’eau a faible hauteur
de colonne d’eau). Ainsi, au méme titre que lorsque les métaux sont présents en mélange, ces
facteurs peuvent avoir des effets indépendants, antagonistes ou synergiques (Nys et al., 2018)
et ainsi influencer la réponse du biofilm & des contaminations métalliques. Les facteurs
environnementaux peuvent induire un stress comme étre bénéfiques pour les microorganismes
ce qui pourrait atténuer les effets négatifs des contaminants (Tlili et al., 2020). Si I'on prend
'exemple de la lumiere, la pénétration de celle-ci dans la colonne d’eau est influencée par la
physico-chimie des eaux comme les concentrations en MOD ou la présence de particules. De
son c6té, la composition de la MOD est connue comme étant sous l'influence de la lumiére, car
ces molécules sont photodégradables (Sulzberger & Durisch-Kaiser, 2009; Vidali et al., 2010).
Cette photolyse peut devenir un facteur important dans les eaux naturelles, car elle peut conduire
a une modification de la spéciation des éléments métalliques et donc de leur biodisponibilité
(Worms et al., 2015; Cheloni & Slaveykova, 2018). De plus, la spéciation des éléments

métalliques est dépendante de paramétres tels que le pH ou le dioxygene dissous, ces derniers
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étant associés aux réactions photosynthétiques de la production primaire (Tercier-Waeber et al.,
2009; Tercier-Waeber et al., 2012; Macoustra et al., 2020a). Ces parametres variant au cours
d'une journée (durée, intensité, etc.), ils sont donc susceptibles d’influencer les biofilms
périphytiques tout comme leur exposition aux métaux. Si les facteurs environnementaux peuvent
agir sur les conditions d’exposition, ils peuvent aussi directement influencer les biofilms d’eau
douce. En effet, des études ont démontré que lintensité lumineuse, la température ou les
conditions hydrodynamiques du milieu influencaient significativement la structure et la diversité
des biofilms de riviere ainsi que leurs réponses aux contaminations (Villeneuve et al., 2010;
Cheloni et al., 2014; Lambert et al., 2016; Chaumet et al., 2019). Par exemple, Friesen et al.
(2017) ont cultivé un biofilm naturel en microcosmes en présence de Se et pendant 21 jours sous
différentes conditions de lumiére et de nutriments, et ce, a partir du méme inoculum. Les auteurs
ont trouvé que les différentes conditions environnementales testées avaient abouti a des biofiims
différents en termes de composition taxonomique. Cette modification d’assemblage entrainait des
différences significatives dans les concentrations internalisées en Se suggérant que des facteurs
autres que la concentration totale de Se dissous dans 'eau influencent 'accumulation de Se dans
le biofilm, notamment la composition taxonomique et les caractéristiques physico-chimiques de
'eau. La question est donc de savoir si ces variables environnementales peuvent avoir des effets
indépendants, antagonistes ou synergiques a ceux engendrés par une exposition chronigue aux

éléments métalliques (Cheloni & Slaveykova 2018).

Comme mentionné par Cheloni & Slaveykova (2018), si beaucoup d’études se sont
intéressées aux effets combinés de la lumiére (et en particulier des UV) sur des cultures algales
monospécifiques, peu d’études se sont intéressées aux biofilms périphytiques. Navarro et al.
(2008) ont étudié les changements induits par les rayons UV et la tolérance au Cd sur des biofilms
d’eau douce. L’étude a montré des assemblages différents selon les traitements en UV. De plus,
la communauté exposée sous fort rayonnement UV a augmenté sa tolérance aux effets toxiques
des UV et a montré une co-tolérance au Cd. Les auteurs ont également démontré que méme si
'accumulation de biomasse offrait une certaine protection contre les rayons UV et le Cd, les
changements de communauté subis par la communauté a fort taux d’UV ont majoritairement
contribué a la tolérance aux rayons UV. De maniéere similaire, Corcoll et al. (2012) a évalué la
relation entre les changements d’intensité lumineuse (sans UV) a court terme et la toxicité
chronique du Zn des biofilms périphytiques, et ce, apres une photo-acclimatation a long terme a
différentes conditions lumineuse (25, 100 et 500 pmol photons/m?/s respectivement). A l'issue de
'acclimatation, les biofilms présentaient la aussi des caractéristiques structurelles différentes

(biomasse, concentrations en chlorophyll-a, EPS, taxonomie, rendement photosynthétique). De
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plus, la toxicité du Zn était modulée selon le traitement de photo-acclimatation et les conditions
lumineuses lors de I'exposition. En effet, les effets du Zn sur le rendement photosynthétique
étaient plus importants lorsque I'exposition de biofilms acclimatés sous faible intensité lumineuse
se faisait sous moyenne et haute intensité. Les auteurs ont ainsi mis en lumiére le fait que des
biofilms acclimatés & moyenne et haute intensité lumineuse montraient une sensibilité plus faible,
probablement de par leurs différentes caractéristiqgues structurales (notamment un plus fort
contenu en EPS et une composition taxonomique différente). Ces deux études soulignent le fait
que la composition spectrale ou lintensité de la lumiére peuvent représenter des facteurs de
stress suffisants pour entrainer une modification de structure qui peut mener a un effet de co-
tolérance aux métaux. Ces résultats suggérent donc I'importance de prendre en compte le stress
environnemental dans une perspective de biosuivi, car ces stress sont susceptibles de modifier
la réponse de ces communautés aux contaminations métalliques. L'effet combiné de la
température et des métaux a recu plus d’attention comme facteur environnemental. Par exemple,
Lambert et al. (2017) ont exposé au Cu un biofilm cultivé a différentes températures et a mis en
évidence l'influence de la température a la fois sur la capacité basale du périphyton phototrophe
a tolérer une exposition ultérieure au Cu et sur sa capacité a acquérir une tolérance aprés une
exposition chronique au Cu. Les auteurs ont ainsi conclu que la température devait étre
considérée pour établir des liens de causalité entre I'exposition chronique au Cu et les effets sur
le biofilm phototrophique. D’une maniére similaire, Pesce et al. (2018) se sont intéressés a la
réponse du compartiment phototrophe comme hétérotrophe d’un biofilm exposé a plusieurs
températures. Les auteurs soulignent que l'influence de la température sur la vulnérabilité des
communautés microbiennes phototrophes et hétérotrophes a la toxicité du Cu peut varier
fortement selon la fonction étudiée. Cette étude souligne donc I'importance d’étudier différents
marqueurs fonctionnels afin d’évaluer au mieux la vulnérabilité du biofilm exposé a de multiples
stress. Ce raisonnement reste valable pour d’autres facteurs environnementaux susceptibles
d’avoir une influence directe sur le biofilm. D’autres études ont également mis en lumiére des
variations dans la réponse de toxicité en fonction des concentrations en nutriments dans les
milieux aquatiques a I'exemple du phosphore (Serra et al., 2010; Tlili et al., 2010; Bonet et al.,
2013). En effet, les communautés phototrophes ont été décrites comme plus tolérantes en
conditions riches en nutriments. De méme, la tolérance induite des communautés hétérotrophes
a été montrée comme positivement influencée par I'exposition du Cu ainsi que du gradient en P,
avec une plus grande influence de I'un ou de l'autre selon I'activé enzymatique considérée (Tlili
et al., 2010). Les auteurs ont ainsi souligné la possible interaction entre les cycles du carbone

comme du phosphore (de par I'activité de la B-glucosidase) et ceux du phosphore et de I'azote
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(de par l'activité de la leucine-aminopeptidase) dans un contexte de contamination métallique.
Leurs résultats suggérent premierement le réle important que joue le biofilm dans les cycles
biogéochimiques de ces éléments et donc dans I'écosysteme. Deuxiemement, I'étude permet
d’affirmer que la réponse des communautés hétérotrophes aux contaminations métalliques peut
au moins en partie étre influencée par les concentrations de P dans le milieu d’ou I'importance
d’'une approche multimarqueur. De plus, sur le terrain, Bonet et al. (2013) ont montré que des
variations saisonniéres en concentrations de phosphore, mais aussi de température et d’intensité

lumineuse influencaient la réponse de communautés exposées au Zn.

Ainsi, comme déja mentionné par plusieurs études, la variabilité des facteurs
environnementaux rend difficile I'établissement d’'un lien de causalité entre I'exposition aux
métaux et les effets biologiques observés (Bonet et al., 2013; Faburé et al., 2015; Lambert et al.,
2017). Mieux comprendre les interactions de ces différents facteurs de stress est aujourd’hui une
des présentes perspectives a explorer en écotoxicologie. Néanmoins, les qualités du biofilm en
font un outil prometteur en matiére de biosurveillance pour le suivi des conditions stables, mais
aussi pour les conditions changeantes, et ce pour tous types de contamination (Hobbs et al.,
2019; Bonnineau et al., 2020; Pandey, 2020).

1.3 Structure de lathése

Cette thése s’articule autour de trois chapitres visant a comprendre les différents
mécanismes influant sur la bioaccumulation des métaux par les biofilms périphytiques dans les
écosystémes d’eau douce. Le but de ce projet est donc d'identifier les paramétres et réponses
clés afin d’utiliser le biofilm comme outil de biosuivi des contaminations métalliques dans les cours

d’eau et ainsi a terme, mieux protéger les écosystemes aquatiques des pressions anthropiques.

Les principales questions de recherche sont les suivantes :

1- Quel est le lien entre ’exposition et I’accumulation des métaux dans le biofilm?

L’objectif est de vérifier la capacité du biofilm a prédire la biodisponibilité des métaux et donc
de connaitre I'exposition du biote dans les milieux aquatiques. La relation entre les concentrations

en métaux dans 'eau, leur spéciation (en s’intéressant particulierement au métal dit « libre ») et
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les concentrations retrouvées dans les biofilms a été examinée. Deux régions ayant des sites
miniers en activité ont été échantillonnées : la ville de Sudbury en Ontario et le site minier Nunavik
Nickel (Canadian Royalties Inc.). Ce premier chapitre a permis de mettre en lumiére le réle clé
du pH et des effets de compétitions cationiques. Une fois ces parametres pris en compte, les
résultats ont montré gu’il existe une relation linéaire entre concentrations libres des métaux dans
I'eau et les concentrations internalisées par le biofilm des deux régions, et ce malgré 1700 km de
distance entre ces régions. Une extension de ce chapitre est le développement d’'un modéle
prédictif des quantitts de métaux bioaccumulés se basant sur les caractéristiques

biogéochimiques des sites d’étude.

Ce chapitre a fait I'objet d’'une publication :

Laderriere V, Le Faucheur S, Fortin C (2021) Exploring the role of water chemistry on metal
accumulation in biofilms from streams in mining areas. Sci Total Environ 784:146986
https://doi.org/10.1016/j.scitotenv.2021.146986

2- Quelle est larelation entre température, photopériode, accumulation et toxicité

des métaux chez le biofilm?

Ce deuxiéme chapitre vise a explorer si des variations environnementales susceptibles de
se produire au sein d'une méme saison (ex. température ou photopériode) modifient la
bioaccumulation des métaux par le biofilm. Par exemple, il est connu que la température peut
modifier le métabolisme des organismes unicellulaires. Ce volet s’intéresse également a mieux
caractériser les liens entre toxicité induite et accumulation. Des biofilms ont ainsi été cultivés en
microcosmes dans une salle environnementale (a température et photopériode contrblées) afin
de subir des expositions chroniques au Ni. Le Ni a été choisi en fonction du manque de données
concernant ce dernier en comparaison d’autres métaux primaires (ex. du Cu, Zn, Pb, Cd). Les
résultats ont permis de montrer des réponses différentes selon les conditions environnementales
testées. Ainsi, un biofilm ayant été exposé aux mémes concentrations d’exposition, mais cultivé
a plus haute température (20°C contre 14°C) a montré de plus hautes quantités internalisées tout
en présentant une concentration effective a 50 % (ECso) plus faible aprés 7 jours d’exposition.
Une variation de la photopériode (cycle diurne/nocturne de 16/8 contre 10/14) n’a pas montré
d’effet significatif sur les différents biomarqueurs suivis. Ces résultats nous permettent de mieux
comprendre les relations complexes qui existent en milieu naturel dans une optique

d’extrapolation des données obtenues du laboratoire vers le terrain.
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Ce chapitre a fait I'objet d’'une soumission d’article au journal Environmental Toxicology and
Chemistry :

Laderriere V, Richard M, Morin S, Le Faucheur S, Fortin C (2021) Seasonal factors affect the
sensitivity of biofilms to nickel and its accumulation

3- Quel est le lien causal entre la bioaccumulation et la composition taxonomique du

biofilm?

Le but de ce troisieme axe est d’explorer I'aspect communautaire du biofilm en s’intéressant
aux différents compartiments qui le constituent a savoir le compartiment autotrophe et
hétérotrophe. Des études ont en effet montré que la toxicité des métaux variait selon le
compartiment considéré. Un biofilm naturel a donc été exposé de maniere chronique a différentes
concentrations en Ni et sa tolérance a été étudiée selon I'approche du PICT (Pollution Induced
Community Tolerance). Ces données ont permis de mettre en lien toxicité, accumulation et
composition structurale du biofilm. Le but était donc de mesurer compartiment par compartiment,
la réponse aux métaux de biofilms exposés a différentes concentrations et de vérifier si la réponse
de descripteurs classiques était modifiée en conséquence. Ce troisieme chapitre a ainsi permis
d’identifier les descripteurs qui restent pertinents en comparant une communauté devenue
tolérante et une communauté dite de référence (définie comme non tolérante). Par exemple, ce
chapitre a permis de comparer si ces deux communautés bioaccumulent autant les métaux pour
une méme concentration d’exposition selon des caractéristiques structurales différentes. La
encore, ces résultats nous permettent une meilleure compréhension des relations complexes qui

existent dans les milieux naturels dans une perspective de biosuivi.

Ce chapitre a fait I'objet d’'une ébauche d’article préte a soumettre :

Laderriere V, Morin S, Fortin C (2021) Role of seasonality in the vulnerability and tolerance of

periphytic biofilms to nickel
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3.2 Abstract

Biofilms play a key role in aquatic ecosystems. They are ubiquitous, even in the most
contaminated ecosystems, and have great potential as bioindicators of exposure to contaminants
such as metals. Freshwater biofilms and surface waters were sampled in two active mining areas
of Canada: in the northern part of Nunavik (Quebec) and in the Greater Sudbury area (Ontario).
Significant linear relationships were found between both total dissolved and free metal ion
concentrations with biofilm metal contents for Cu and Ni, but not for Cd. When pH was below 6,
biofilms accumulated less metals than at higher pHs. These results confirm that protons have a
protective effect, leading to lower internalized metal concentrations. When considering only the
sites where pH was above 6, the linear relationships between metal concentrations in water and
in biofilms were improved for all three studied metals. The presence of metal ions could also
modify the internalization of a given metal. To further study the role of cations as competitors to
Cu, Ni and Cd uptake, relationships between the ratio of biofilm metal contents (Cu, Ni and Cd)

on the ambient free metal ion concentrations were built as a function of potential cation
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competitors, such as major cations and metals. Surprisingly, our data suggest that calcium plays
a minor role in preventing metal accumulation as compared to magnesium and possibly other
metals. At a global scale, metal accumulation remained highly consistent between the two studied
regions and over the sampling period, despite differences in ambient physicochemical water
characteristics, climate or types of ecosystems. Metal bioaccumulation is thus a promising
biomarker to assess metal bioavailability in a mining context. Nevertheless, more data are still
required to further highlight the contribution of each competitor in metal accumulation by biofilms

and to be able to build a unifying predictive model.

Keywords: Biotic ligand model, Metal speciation, Biomonitoring, Nickel, Copper, Cadmium
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3.3 Introduction

Human activities, such as mining operations, release significant amounts of metals into
aguatic environments, which may exert pressures on aquatic ecosystems (Tercier-Waeber et al.,
2012). Measuring the total dissolved concentration can identify the level of exposure to living
organisms but it does not provide information on the bioavailability of metals. Total metal
concentrations are thus not always representative of ecotoxicological risk. Indeed, metals are
present under several chemical forms in natural waters, which influence their bioavailability
(Erickson, 2013; Adams et al., 2020). Sites with similar total metal concentrations may result in
different rates of bioaccumulation in aquatic organisms. For instance, Lopez et al. (2017)
demonstrated that the accumulation of arsenic in benthic invertebrates varied significantly with

pH for exposures to similar concentrations.

While high concentrations of metals can have direct toxic effects, mining activities often result
in additional changes to water quality (Cadmus et al., 2016). For instance, these operations can
generate acid mine drainage, which can cause acidification when introduced to aquatic systems.
This acidic byproduct is often neutralized by the addition of CaO, however, this subsequently
yields high concentrations of cations that influence hardness (i.e. Ca) within receiving waters
(Kalin et al., 2006). Similar to the pH of water, changes in water hardness have been shown to
modify metal bioavailability. As explained by Tercier-Waeber et al. (2012) competition of H*, Mg?*
and Ca*" occurs at the transport binding sites of a metal. Additionally, competition between H*
and metals for binding ligands in ambient water can change metal speciation and thus
bioavailability. In recent decades, models have been developed to describe the interaction of
metals with biological membranes, such as the Free lon Activity Model (FIAM) and later on, the
Biotic Ligand Model (BLM; Morel, 1983; Campbell & Fortin, 2013). These two models predict that
the biological response to metal exposure is mainly proportional to its free ion concentration, with

the BLM incorporating the competitive effects of ions at the membrane surface. Applying such
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models to field data can be challenging, however, as metal interactions to exposed organisms
differ with the physicochemical composition of the medium and biotic factors specific to each

organism.

The biomonitoring approach has proven to be very useful as a proxy for the bioavailability of
metals in the field. In recent years, many biological models have been used in natural waters,
such as fish (Weber et al., 2008; Martyniuk et al., 2020), invertebrates (Lebrun et al., 2015;
Mebane et al., 2020) or freshwater periphytic biofilms (Xie et al., 2010; Faburé et al., 2015). The
latter are particularly useful for a biomonitoring approach in natural waters; they are sedentary,
ubiquitous and at the base of the trophic chain. Biofilms (or periphyton) are a community
constituted of a variety of autotrophic and heterotrophic microorganisms (such as bacteria,
microalgae, fungi and micromeiofauna) included in a self-produced matrix of extracellular
polymeric substances (EPS; Flemming & Wingender, 2010; Battin et al., 2016). Because biofilms
are an assemblage of many organisms, some studies use one group inside the biofilm, such as
diatom communities, as a bio-indicator of contaminants by their presence or absence (Morin et
al., 2012; Morin et al., 2016; Tolotti et al., 2019). Biological interactions (e.g. mobility, predation
or food selection behavior) within the biofilm community can also be modified by contaminants,
and thus can be used as a marker of direct or indirect effect (Neury-Ormanni et al., 2020).
Numerous studies successfully used biofilms as biomonitors because they are known to respond
quickly to organic or metal contaminants (Chaumet et al., 2019; Bradac et al., 2010; Lavoie et al.,
2012a). Furthermore, some studies have demonstrated that diet is a predominant exposure route
and that metals can be transferred from biofilm to grazers (Xie et al., 2010; Kim et al., 2012).
Freshwater biofilms seem therefore suitable for long-term monitoring and allow for metal toxicity

to be assessed at a community level.

Statistically significant relationships between free metal ion concentrations in surface waters

and intracellular metal concentrations in biofilms (for Cd, Cu Ni, Pb and Zn) were previously
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observed from samples collected in the vicinity of mine tailings and operations (Lavoie et al.,
2012; Laderriere et al., 2020). This suggests that metal content in biofilms could be used as a
proxy of metal exposure and could play the role of a natural "passive sampler". In addition, the
authors demonstrated that accumulation of metals by biofilms was modulated by major cations
and protons, in agreement with the BLM principles. It was suggested that the biofilm response is
robust over time and coherent over large geographical areas (Leguay et al., 2016; Laderriere et
al., 2020) for Cd, Cu, Pb and Zn but additional data were needed for Ni. In the present study, we
compared two different types of ecosystems (nordic and temperate areas) impacted by Ni mining.
This also provided an opportunity to further test the response of this biomonitoring tool for Cd and
Cu. To characterize the anthropogenic pressure in these two mining areas, the biofilm metal
content, as well as the dissolved metal concentrations, were measured and the free metal ion
concentrations were subsequently estimated. For both regions, metal accumulation data were
assessed as a function of protons, major cations or other metals to characterize potential
competing effects and to identify parameters needed to be considered in the development of a

predictive tool for metal bioavailability using freshwater biofilms.

3.4 Materials & methods

3.4.1 Study area
The present study sites were located in two different mining regions of Canada: the northern
part of Nunavik in Quebec and the Greater Sudbury area in Ontario. Both regions are
characterized by an intensive extraction of Ni, Cu and precious metals. However, both areas are
different in terms of geology, climate and ecosystem. The sampling was designed to capture a

representative metal contamination gradient of these two regions as well as different
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physicochemical conditions.

1.

The detailed sampling map of both regions is presented in Figure 3-
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Figure 3-1 : Sampling sites in Nunavik (QC) and in the Sudbury area (ON) in Canada. The shaded zones (light

gray) represent

in both cases the mining or urban areas. WWTP = wastewater treatment plant;

JC = Junction Creek; MBC = Maley Branch Creek; VR = Veuve River; FBC = Frood Branch
Creek; CC = Coniston Creek; NC = Nolin Creek; CCC = Copper Cliff Creek.
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34.1.1 Northern Nunavik region

Nunavik is the largest administrative region of Quebec and is located north of the 60™ parallel.
Although sparsely populated, this vast area is the home of indigenous populations and is thought
to hold large metal reserves. Located on the Canadian Shield, it has a metal-rich geological
composition. Two field campaigns were undertaken during the summer of 2016 (July and August)
in the vicinity of the Nunavik Nickel mine (Canadian Royalties Inc.) operated by Jilien Jien Nickel
Industry Co., Ltd. Currently, this mine extracts primary metals such as Cu and Ni, but also
lanthanides and precious metals such as Au, Ag and Co. It is an open-pit mine located 400 km
north of the boreal forest northern limit and 59 km west of the Inuit village of Kangigsujuaq. The
mine discharges its treated effluents into the Puvirnitug River. This river is the main source of
drinking water for the village of Puvirnitug, which is located 260 km downstream from the effluent
discharge site. The treated effluents are discharged between June and September and sampling
dates were chosen accordingly to capture any potential metal contamination. During the sampling
campaigns, the mine had two main operating sites, the Expo site (in operation since 2012) and
the Mesamax site (since 2013). In total, 18 sites were sampled in the vicinity of these two
operating sites. For a more detailed description of the study sites, the reader is referred to a
previous publication (Lavoie et al., 2018). Data on biofilm metal content from sampling expeditions

in 2014 and 2015 have also been the focus of a previous publication (Laderriere et al., 2020).

3.41.2 Southern Ontario region

The second study area is located further south in the Greater Sudbury area in Ontario. This
area has a long mining history and hosts a population of 160 000. Ontario is the most active
mining province in Canada, and is one of the world’s largest producers of Ni and Cu. The first

smelter was built in 1888 and six mines were in operation within a 20-km radius of Sudbury:
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Garson (Valve Canada Limited), Stobie (Valve Canada Limited), Clarabelle (Valve Canada
Limited), Copper Cliff North (Valve Canada Limited), Creighton (Valve Canada Limited) and
Nickel Rim South (Glencore Canada Corporation). In September 2016, nine sites were sampled
along the Junction Creek River. This is the main river flowing through the City of Sudbury, which
receives the city's discharged effluent as well as effluents from nearby mines. In addition, ten sites
were also sampled from tributaries of the Junction Creek River (Maley Branch Creek, Frood
Branch Creek, Nolin Creek, Copper Cliff Creek), Coniston Creek and the North Veuve river. For
more historical details on the region, the reader is referred to our previous study (Lavoie et al.,

2018) in which the general water chemistry is presented.

3.4.2 Surface water collection and analyses

Each site was sampled for water chemistry in triplicate (n = 3). Unless otherwise mentioned,
all plasticware to be used for cation work was previously soaked in 10% (v/v) HNO3 (ACS grade;
Fisher Scientific) for 24 h, thoroughly rinsed three times with distilled water and three times with
ultrapure water (18 MQ-cm), and dried under a laminar flow hood. Sampling bottles (15 mL;
HDPE; Nalgene) were pre-acidified to 0.2% (v/v) HNOs (trace metal grade; Fisher) before
sampling. Plasticware for anion and dissolved organic carbon (DOC) work was rinsed six times
using ultrapure water and dried under a laminar flow hood. For total phosphorus samples,
unwashed new tubes (50 mL; polypropylene (PP); Sarstedt) were used and were pre-acidified to
0.2% (v/v) H.SO4 (Fisher Scientific) before sampling. In the field, syringes (20 mL; PP; Fisher
Scientific) were used and fully rinsed three times on-site with surface water. Affixed disposable
polysulfonate encapsulated filters (0.45 pum porosity; VWR International) were purged prior to use
with 5 mL of surface water before sampling. Triplicate 15 mL filtered samples were obtained for
the subsequent analyses of major cations and metals. This was repeated to obtain triplicate

filtered samples for the analyses of major anions and DOC. Bulk unfiltered water samples were
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also taken for total phosphorus analysis. After sampling, all bottles were kept on ice in a cooler
for transport and later stored at 4°C. Additionally, at each site, blanks were generated using ultra-
pure water which underwent the same manipulations as field samples for the purpose of
investigating possible procedural contamination (blanks were prepared for cations, anions and

DOC analyses).

3.4.3 Biofilm collection and metal content

The biofilm considered in the present study corresponds to a periphytic biofilm collected using
toothbrushes by scraping several benthic rocks. A new toothbrush was used at each site and
rinsed with ambient surface water before use. The collected biofilms were composite samples of
four randomly selected rocks. Each sampled biofilm was collected in trace metal grade unwashed
new tube (50 mL; PP; Sarstedt) and re-suspended with site water. All samples were centrifuged
(5 min, 4000g) at the end of each day. The pellet was resuspended in 15 mL of 10 mM
ethylenediaminetetraacetic acid (EDTA) solution at pH 7. The chelator EDTA was used to extract
adsorbed metals in order to differentiate between intra- and extracellular contents (Meylan et al.,
2004; Lavoie et al., 2012b; Crémazy et al., 2013). The EDTA solution was withdrawn and the
pellet was kept frozen prior to freeze-drying for 48 h (Dura-Top/Dura-dry MP; FTS SYSTEMS). A
cold, partial digestion of 30 mg of dry mass (precisely weighed) was performed with the addition
of 0.8 mL of concentrated HNO3 (Trace Metal Grade; Fisher Scientific) for 48 h. Then, 0.2 mL of
concentrated H»O; (Optima Grade; Fisher Scientific) was added and allowed to stand for another
48 h. An aliquot of 0.8 mL of mineralization supernatant was collected and transferred to a new
13 mL tube (PP; Sarstedt) containing 7.2 mL of milli-Q water for a final volume of 8 mL resulting
in a 10% of HNO3z matrix (v/v). The solutions were then stored in the refrigerator (4°C) prior to
analysis. Digestions were also performed on certified materials of lichen and algae from the

International Atomic Energy Agency (IAEA-336, IAEA-413 and IAEA-450). Measured metal
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contents of certified material were all higher than 80% of certified values (80.5 + 0.6% Cu, 81 +

0.5% Ni, 85.7 £ 0.6% Cd; n = 3).

3.4.4 Analyses

For water and biofilm samples, cations (Na, Mg, Al, Si, K, Ca, Mn, Fe) and metals (Ni, Cu,
Zn, Cd, Pb) were measured by inductively coupled plasma—atomic emission spectrometry (ICP-
AES; Varian Vista AX CCD), and anions (Cl, F, SO4*> and NO3z) were measured by ion
chromatography (Dionex Autolon; System DX300). Trace element (Zn, Cu, Cd, and Pb)
concentrations in water and biofilm were also determined by ICP-mass spectrometry (Thermo
instrument model X7). The DOC samples were analyzed using a total organic carbon analyzer
(TOC-500A; Shimadzu) and total phosphorus concentrations were determined using persulfate
digestion colorimetry (SM 4500-PB). For several sites, Zn measured concentrations as well as
those of Pb were sometimes lower than field background blank samples. Because of the overall
very low Zn and Pb concentrations observed at our sampling sites, we focused our data analyses

on Cd, Cu and Ni.

3.45 Metal speciation
The Windermere Humic Acid Model VII (WHAM) was used to estimate metal speciation in
natural waters (Lofts & Tipping, 2011). This software allows for calculating the concentrations of
metal species at equilibrium using input parameters such as the measured concentrations of
cations, anions and DOC as well as pH. Total carbonates were assumed to be at equilibrium with
the atmosphere (3.09 x 10* atm) and the default thermodynamic database was used. The
concentrations of fulvic (FA) and humic (HA) acids were required for modelling purposes, which

were estimated from the concentrations of dissolved organic carbon (DOC). The proportion of FA
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to HA was assumed to be at a 3:1 ratio and metal binding DOC to represent 60% of the dissolved

organic matter, which is made of 50% C (Perdue & Ritchie, 2003).

3.4.6 Metal accumulation model
The BLM is a conceptual model developed to explain how dissolved metals interact with
biological membranes and thus, eventually enter aquatic organisms (Campbell & Fortin, 2013).
The biological response to a metal is assumed to be proportional to its internalization and
subsequent binding to sensitive intracellular sites. If we consider that a cell membrane receptor
(noted as {= X}) could interact with a proton (H*), a cation (Cat**), or a metal (M**) with

equilibrium constants Ky, Kc and Kw, respectively, we can write:

Ky _ {=x-m

= - + = — = ———
=X"+H*o=X—H H = X (1)
o K¢ {(=x-c}

— z+ S = ="

=X +Cat’* e=X—C Ke = S e (2)
o Ky {=x-M}

= z+ = _ = -
=X"+M*tS=X—M Ku = e (3)

We assumed that {= X — M} < {= X~} because of the relatively low concentrations of trace
elements in freshwaters, which allows us to consider the following as described by Leguay et al.

(2016):
=Xl ==X+ {EX-H+{=X—-Cat}+{=X— M} (4)
If we combine Eq 4 with Egs 1, 2 and 3, we obtain:

_ _ KyIMP*IX [=X]ror
[_ X M] T 1+Ky[H*]+ Zi(KC[Catiz+]) (5)

Note that a proportionality constant a is inserted to link metal binding to steady-state metal

content in biofilms ([Maio)):

axKy[M“*]x [=X]rot

[MBiO] = 1+1(H[H+]+ Zi(KC[CatiZ+]) (6)
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3.4.7 Data treatment
Unless otherwise indicated, results are given as the mean + one standard deviation for a
minimum of three replicates. Statistical analyses and figures were performed using R software (v.

4.0; https://cran.r-project.org). No outlier treatment was applied.

35 Results & discussions

351 General water chemistry
Physicochemical parameters measured for both regions are presented in Figure 3-2. The
mean values and standard deviations of the physicochemical parameters of the surface water
sampled at each site and for both regions are publicly available
(https://doi.org/10.5683/SP2/RBIM04). Among the measured parameters, only T, Fe, Mn, Ni and

Pb did not show significant differences between the two studied regions.

In Nunavik, very low pH values were measured near the extraction sites. The closest
sampling sites, i.e. Expo sites (EX2, EX3, EX4 and EX4C), had pH values below 5, or even 4 in
the case of EX3. In Sudbury, only the CCC site situated downstream of wastewater releases from
the Copper Cliff mine was slightly acidic, with a pH value below 6 (pH = 5.75). From the 18
sampling sites in Nunavik, 12 were acidic (pH < 6) whereas in Sudbury, only one site out of the
19 sampled had a pH value below 6. Excluding these sites, the average pH values were around
6.5 + 0.4 for the Nunavik region and 7.2 + 0.5 for the Sudbury area. Moreover, the Sudbury area
is characterized by average DOC values of 4.3 £ 2.4 mg/L compared to 1.9 £ 0.7 mg/L for Nunavik,
these values being statistically different (Figure 3-2). This difference can be explained by the
higher biological productivity in the Sudbury area compared to Nunavik. Indeed, the Sudbury area
in southern Ontario is characterized by an important forest cover with a mixture of coniferous and

deciduous trees. In contrast, Nunavik has a polar climate with an ecosystem corresponding to
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herbaceous tundra. The acidic pHs found in Nunavik may also contribute to the observed low
concentrations of organic matter since the solubility of humic acids decrease with acidity (Perdue
& Ritchie, 2003). Lower phosphate concentrations in Nunavik are another significant difference
between the two regions. Note that the Nunavik data were consistent over time for the two

sampling periods (July and August) and with the data obtained in 2014 and 2015 (Laderriere et

al., 2020).
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Figure 3-2 : Box plots of major physicochemical parameters for the surface waters sampled in July and August
for Nunavik (blue), and in September for Sudbury (red). Except for temperature and DOC, data
are presented on a log scale. A t-test was performed on means for comparison with
significance thresholds of: p <0.0001 “****”; p < 0.001 “***”; p £ 0.01 “**’; p < 0.05 “*”’; p > 0.05
“ns”.

3.5.2 Dissolved metal concentrations
High concentrations of dissolved metals (Ni, Cu and Cd) were found in mining impacted
surface waters for both regions. The most contaminated sites were characterized by metal

concentrations that were one to several orders of magnitude higher than the reference sites in
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both the Sudbury area (MBC and VR) and in Nunavik (CEx1, CEx2, C and M0). The Sudbury
reference sites MBC and VR had concentrations below 310 nM, 31 nM and 0.3 nM for Ni, Cu and
Cd, respectively. In the case of Nunavik, the control sites had concentrations below 250 nM, 30
nM and 0.6 nM for Ni, Cu and Cd, respectively. Overall, higher background concentrations of
dissolved metals were found in Sudbury. Although the total dissolved Ni concentrations were not
statistically different between the two regions, the range of Ni concentrations was much greater
in Nunavik (10® — 10 M) than in Sudbury (107 — 10° M). Similarly, Cu and Cd concentrations
spanned over a larger range of values in Nunavik than in Sudbury, and showed statistical

differences between the two regions (Figure 3-2).

The sites with the highest concentrations were sampling points located near the operating
sites; the Expo sites in the case of Nunavik (EX1, EX2, EX3, EX4 and EX4C) and the Nolin Creek
sites (NC1, NC2 and NC3) in the case of the Sudbury area. Indeed, the EX3 site was
characterized by the highest concentrations of dissolved metals reported, with 1.2 + 0.4 mM Ni,
0.22 £ 0.06 mM Cu and 0.15 + 0.05 pM Cd. The Mesamax sites (MO, M1, M2, M3, M4 and MA)
and effluent sites (EFO, EF1, EF2, EF3) located further away from the mine (~6 km) showed
concentrations in the uM range. In the Sudbury area, the tributaries receiving mining effluents had
the highest concentrations. For example, Frood Branch Creek (FBC) and Nolin Creek (NC1, NC2
and NC3) were the most contaminated with concentrations in the uM range for Ni and Cu, and
nM for Cd. These rivers receive effluents from the Frood and Nolin mines, respectively. The
highest observed concentrations were at the NC1 for Ni with concentrations of 17.7 + 0.05 uM,
and at the NC2 for Cu and Cd with concentrations of 0.60 £ 0.04 pM and 4.37 = 0.05 nM,
respectively. Frood branch and Nolin creeks are both tributaries of the Junction Creek (JC) River
and flow into it between JC5 and JC6 sampling sites. Additional sampling points were selected
along Junction Creek and the JC7 site had the highest dissolved Ni concentration (4.95 = 0.01

p1M) among the JC sites; the JC7 site is located just after the discharge of the Sudbury municipal

66



wastewater treatment facilities. The concentrations found at sites JC1 to JC3 remained high (> 3
MM Ni), which is due to the Garson mine located upstream from JC1 where effluents are
discharged. As mentioned in previous studies (Lavoie et al., 2018; Lavoie et al., 2019), these two
regions are strongly affected by mining activities with metal concentrations exceeding the
recommended values of the Canadian Council of Ministers of the Environment in many cases
(Canadian Council of Ministers of the Environment, 2014). Based on an average water hardness
(142 mg CaCOgs/L for Nunavik and 478 mg CaCOg/L for Sudbury), the chronic exposure criteria
were 0.055 uM Cu, 2.1 uM Ni and 1.9 nM Cd for Nunavik, and 0.063 uM Cu, 2.6 uM Ni and 3.3
nM Cd for Sudbury. In the most contaminated sites for both regions, dissolved Cu, Ni and Cd
concentrations were highly above these criteria. In the case of EX3 in Nunavik, this difference
represents a factor of 4100, 580 and 77 for Cu, Ni and Cd, respectively. In Sudbury, dissolved
concentrations were slightly above the criteria for Ni (7x) at NC1 and for Cu (9x) and Cd (1.3x) at

NC2.

3.5.3 Biofilm metal contents as a function of total dissolved and free ion
concentrations

Several studies have found tight relationships between metal concentrations (labile or free
metal ion) in ambient media and periphytic biofilm metal content (Bonnineau et al., 2020). These
results were obtained based on both field and laboratory approaches: using microcosm
experiments in the laboratory (Meylan et al., 2004; Mebane et al., 2020) or through field sampling
at the river scale (Bonet et al., 2013; Faburé et al., 2015), at the watershed scale (Morin et al.,
2008; Lavoie et al., 2012b) or at the inter-regional scale (Leguay et al., 2016; Laderriere et al.,
2020). Correlation coefficients obtained through linear regression analyses of biofilm metal
contents as a function of both dissolved concentrations and free metal concentrations are shown

in Table 3-1. Except for Cd, taking into account Sudbury and Nunavik data at all pHs, statistically
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significant linear relationships were found between biofilm metal contents and their

concentrations.

Table 3-1: Coefficients of determination (R? values) from linear regression analyses of accumulated metals
([M]sio) as a function of dissolved or free metal concentration. Significance threshold values
are: p £0.0001 "****"; p £ 0.001 "***"; p 0. 01 "**"; p £0.05 "*"; p > 0.05 "ns". All data refers
to data from Nunavik and Sudbury together.

Metal form All data Nunavik Sudbury
All pHs

Dissolved Cu 0.35 ek 0.48 ok 0.77 ko
Free Cu?* 0.41 Fhkk 0.58 Fhkk 0.62 okkk

Dissolved Ni 0.16 *x 0.24 ** 0.54 Fohk
Free Ni%* 0.14 *x 0.27 ** 0.50 wohk

Dissolved Cd 1.9x10* ns 2.6 x10° ns 0.35 o
Free Cd?* 7.1x10° ns 2.3x10° ns 0.33 **

Only pH>6

Dissolved Cu 0.63 Fhkk 0.71 Fhkx 0.79 okkk
Free Cu?* 0.57 Fhkk 0.74 Fhkx 0.60 Fohk

Dissolved Ni 0.62 kA 0.54 ikl 0.70 il
Free Ni2* 0.55 Fhkk 0.56 Fhkx 0.70 Fhkk

Dissolved Cd 0.38 Fhkx 0.37 ** 0.35 **
Free Cd?* 0.30 il 0.37 ** 0.38 **

Coefficients of determination (R? values) were comparable whether the biofilm metal content

was expressed as a function of free metal concentrations or total dissolved metal concentrations.
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In the merged data set, the average ratio of M?*/Mr was 18 + 30%, 76 + 17% and 71 + 16% for
Cu, Ni and Cd, respectively. For each region, these ratios were 26 + 34%, 81 + 17% and 76 +
17% for Nunavik, and 3 + 5%, 68 + 13% and 62 + 8% for Sudbury. Nickel and Cd were mainly
present as free ion species, reflecting their poor affinity for natural organic ligands (Mueller et al.,
2012). The remaining predicted Ni complexes are mainly with carbonates (~3%), sulfates (~10%)
and DOM (~9%), whereas Cd binds to sulfates (~12%), chlorides (~7%) and DOM (~11%).
Conversely, Cu is known to have a strong affinity for organic ligands and only a small proportion
of Cu is usually present as the free ion (Mueller et al., 2012). Indeed, about 76 + 37% were
calculated to bind to DOM in our samples. The remaining was principally bound by sulfates (~4%),
carbonates (~1%) or present in the free form (~18%). However, in the case of Nunavik, these
ratios are strongly affected by pH. With decreasing pHs, protons progressively bind to ligand
functional groups which decreases binding site availability for metals and subsequently leads to
an increase in the percentage of free metal ions. This point is important because, for Cu in the
Nunavik data set, by excluding sites with pHs below 6, the percentages of free and DOM-bound
Cu become 5 + 11% and 91 + 17%, respectively. At circumneutral pHs, Cu is therefore scarcely
present in its free form. Studies comparing field speciation to those predicted by WHAM in
freshwaters report good agreements for metals that are known to weakly bind to DOM such as Ni
and Cd (Unsworth et al., 2006; Lofts & Tipping, 2011; Mueller et al., 2012). However, depending
on the analytical method used to measure the free ion concentration, the speciation of metals that
have high affinity for DOM (such as Cu) were predicted with less accuracy. It was also observed
that agreement between in situ measurements and WHAM predictions of the free metal ion tend
to improve in lakes that had high total Cu concentrations. Additionally it was observed that there
was excellent agreement when free copper concentrations were higher than 10° M (Mueller et
al., 2012). In the present study, free copper concentrations were calculated to be ranging between

~1012 to ~10* M.
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Despite these differences between total and free ion concentrations, these two
concentrations are strongly correlated for Cu, Ni and Cd, with R? values of 0.93, 0.98 and 0.97,
respectively (data not shown). As such, using the free metal ion concentrations do not improve
the relationships between metal concentration in ambient media and bioaccumulated metal (Table
3-1), suggesting that there are no advantages of using the free ion concentration to predict metal
accumulation in our samples. Such a result does not apply for all rivers. For instance, Lavoie et
al. (2012) reported significant relationships between biofim Cu content and free Cu
concentrations, but not with total dissolved Cu concentrations. Indeed, despite total Cu
concentrations being comparable across sampling sites (15 to 46 nM), a clear gradient of free ion
concentrations was observed (~10 pM to ~3 nM). The authors explained this result by the
presence of a concentration gradient in DOC (1.9 to 5.8 mg C/L), resulting in an increase in Cu
binding downstream of the mine tailings, which resulted in a decrease in Cu accumulation in
biofilms. Because free metal ion concentrations are not always correlated to total dissolved metal
concentrations, as it is the case in our study, using free metal concentration ensures that the
present approach can be generalized on a larger geographical scale and therefore under various

water chemistry conditions.

354 Relationships between metal accumulation and free metal ion
concentration on aregional scale

Linear regressions were plotted for biofilm metal content as a function of free metal ion
concentrations for the two sampled regions (Figure 3-3). Using an analysis of covariance
(ANCOVA), the obtained slopes were found to be statistically different between the two regions

and for the three metals studied (p-values of 0.0005, 0.038, 0.013 for Cu, Ni and Cd, respectively).
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Figure 3-3 : Regressions of biofilm metal contents (Cu, Ni and Cd) as a function of free metal species (Cu?*,
Ni?*, Cd?*) for sites where pH > 6. Nunavik data are represented as blue circles and Sudbury
data as red triangles.

It is well known that environmental factors such as light or temperature are two of the main
environmental parameters influencing primary production (Staehr & Sand-Jensen, 2006). Several
studies have been conducted to assess the role of environmental fluctuations of parameters such
as temperature (Morin et al., 2017), light duration (Corcoll et al., 2012a), light intensity (Cheloni &
Slaveykova, 2018) or, more generally, seasonal variability (Faburé et al., 2015) on the effects of
metals upon biofilms. All of these studies highlight the fact that environmental parameters are
likely to modify biofilm composition and thus potentially its response to metal exposure. Although
no significant differences were observed in temperature (see Figure 3-2), it should be noted that
the Sudbury area has significant forest cover, which can influence the amount of warming caused
by solar radiation received at the water’s surface. In contrast, the tundra of Nunavik has minimal
shade coverage and the streams are very shallow. Significant temperature variations can
therefore occur between a sunny or overcast day, or between day and night. Daily variation could
thus occur and a single temperature measurement may not be sufficient to make accurate
conclusions. Furthermore, these two regions are at different latitudes and light (intensity or

spectral composition), which can modify the response of phototrophic aquatic organisms to metal
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exposure. Light can either directly affect the interactions between trace metals and photosynthetic
microorganisms (i.e., metal toxicokinetics and toxicodynamics) or indirectly change ambient
medium characteristics (Cheloni & Slaveykova, 2018). For instance, Cheloni et al. (2014) reported
a change in Cu accumulation by Chlamydomonas reinhardtii when exposed to an altered ratio of
PAR/UVR (photosynthetically active radiation/ultra-violet radiation) although no subcellular
effects or growth inhibition were observed. The mine in Nunavik is located north of the 60" parallel
and this high latitude means that the biofilm could receive a light with a different PAR/UVR ratio
than in the Sudbury region. Furthermore, the region has a photoperiod of approximately 19/5
(day/night) at the summer solstice, compared to 15/9 for the city of Greater Sudbury (46° of
latitude). Biofilms from Nunavik thus benefit from a greater photoperiod and a slightly different
light spectral composition than biofilms from Sudbury. However, as mentioned by Cheloni &
Slaveykova (2018), we still lack knowledge about these interactions and better understanding the
mechanisms driving trace metal effects in aquatic environments and light irradiation will enable

relevant lab-to-field extrapolation of metal exposure data.

The question is therefore whether a difference in communities induces a different
bioaccumulation response. For instance, Pesce et al. (2018) exposed natural biofilms for 4 weeks
to three different temperatures (18, 23, and 28°C) in microcosms enriched with Cu (0.24 pM).
Using different biomarkers, the authors studied the metal response of heterotrophic and
autotrophic compartments of the biofilm (including microalgae, bacteria, fungi, and heterotrophic
protists). They postulated that both the increase in temperature and the chronic Cu exposure
modify microbial community structure, leading to changes in the capacity of phototrophic and
heterotrophic communities to tolerate subsequent acute exposure to Cu. However, although the
authors highlighted the fact that the toxic response to Cu can vary greatly depending on the
considered endpoint, they found no significant differences in internalized Cu concentrations,

regardless of temperature and community changes. A similar conclusion was reached by Stewart
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et al. (2015) who exposed two different biofilm communities to Pb (97 nM) for 3 weeks to relate
Pb distribution to biological effects in biofilm. The study concluded that Pb accumulation was
independent of the community composition, with field data suggesting a similar conclusion.
Indeed, both areas of the present study have been the subject of previous publications by Lavoie
et al. (2018, 2019) on diatom assemblage structures. These studies demonstrated different
diatom assemblage structures depending on the level and the type of contamination inside the
same area and between the two regions. However, some similar species were found in both areas
as Achnanthidium minutissimum, a species known to be tolerant to high metal concentrations
(Luis et al., 2011; Morin et al., 2012; Leguay et al., 2016). In earlier work, Lavoie et al. (2012)
collected water and biofilm samples in a single river once a month from May to October. Results
showed similar accumulation of metals over time, despite the large variations in diatom species
composition observed. Moreover, Leguay et al, (2016) demonstrated complementary findings
with observed metal accumulation in biofilms from different regions (sites over 500 km apart) and
among rivers with different physicochemical characteristics. In other words, field data suggest
that, while environmental fluctuations or exposure to metals may alter the biofilm composition,
metal content represents a robust biomarker for quantifying the metal exposure of biological

communities.

3.55 Relationships between metal accumulation and free metal ion
concentration on a global scale

For a similar free metal concentration, the biofilm metal concentrations were of the same
order of magnitude in Sudbury and Nunavik, despite the distance (~1700 km apart) and the
different physicochemical parameters of ambient surface waters. This result suggests that metal

accumulation by biofilm in rivers can be compared between different ecosystems and ranges of
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free metal concentrations, although differences in uptake can be observed on a finer scale.

Henceforth, we have combined the data from both regions to seek further trends.
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Figure 3-4 : Linear regression analyses of biofilm metal contents (Cu, Ni and Cd) as a function of free metal
species (Cu?*, Ni?*, Cd?*) for all samples from Nunavik (circles) and Sudbury (triangles) in
2016. The color gradient represents the observed pH values for each site. Upper figures
represent data for biofilms collected at all sites and lower figures correspond to biofilms
collected at sites with a pH higher than 6.

Sites with the highest free metal concentrations are characterized by low pHs and show
internalized metal concentrations that do not follow the overall trend of the data (see yellow and
red data in Figure 3-4). On the lower panel of Figure 3-4, the regressions statistically improve by
excluding data with pH < 6 (higher R? values) whereas the linear relationship between biofilm Cd

content and free Cd ion concentration became significant (p = 0.0002). These results are in
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agreement with those published by Leguay et al. (2016) and Laderriere et al. (2020). The lower
biofilm metal content at low pHs confirms the important role of pH and suggests an inhibition of
metal uptake at high proton concentrations as highlighted in the BLM. A competitive effect is
usually observed between H* ions and metals (Sanchez-Marin et al., 2018), which tends to
decrease metal bioavailability and thus, toxicity. The possible effect of competing cations will be
discussed below. Furthermore, acidity could also affect biofilm composition which may explain
the lower biofilm metal content at pH < 6. For instance, Luis et al. (2014) showed a co-tolerance
to metals and acidity of biofilms exposed to acidic treatments, contrasting with the higher
sensitivity observed in biofilms exposed to alkaline treatments. In other words, the authors
conclude that acidic environment exerts a selection pressure on the community composition
which led to a greater tolerance to metal exposure. An acidic pH could therefore ameliorate the
metal tolerance of a biofilm if the community has been pre-exposed (and has thus acclimated) to
a complex chemical environment similar to what can be found in the vicinity of an operating mine.
More recently, Luis et al. (2019) observed that biofilm communities affected by acid mine drainage
and metal contamination had a greater ability to call upon antioxidant processes. This suggests
that the adaptability of the biofilm communities to extreme acidic conditions may explain the low
metal bioaccumulation at low pH levels. Nevertheless, these results obtained in the field confirm
the universal potential of biofilm metal content to be used as a biomonitor at circumneutral pHs

over time, on a large geographical scale.

3.5.6 Competing effects
Besides pH, hardness is also known to modulate metal accumulation with high Ca?*
concentration, typically providing a protective effect (Deleebeeck et al., 2008). Moreover, trace
metals can also show competitive effects between each other for uptake in algae as shown for

Cu?* (Flouty & Khalaf, 2015), Ni?* (Worms & Wilkinson, 2007) and Cd?* (Lavoie et al., 2012b). As
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[M] &0 / [M**] (L/g)

presented in Eq. (6), the possible effect of competing cations can be evaluated by plotting the

ratio of biofilm metal content to free metal ion concentration ([M]eio/[M?']), as a function of

competing cation concentrations. For an element with no expected competing effect, the

[M]si/[M?*] ratio will be constant as a function of the competing cation concentration (a slope of

zero). However, if the ratio decreases when a competing ion concentration increases (continuous

decreasing trend), this would suggest that this ion may be modulating the biofilm metal

accumulation.
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Figure 3-5 : Ratio of biofilm metal contents to free metal ion concentrations for Cu, Ni and Cd as a function of
free proton, calcium, and magnesium concentrations. Symbols are identical to those used in
Figures 3-3 and 3-4. Kendall’s coefficients (1) are presented for each region (blue for Nunavik

and red for Sudbury).
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The ratio of biofilm metal contents to free metal ion concentrations was then plotted as a
function of the concentration of proton, calcium and magnesium ions for both regions (Figure 3-
5). We used a Kendall's coefficient approach to measure the correlation of ratios ([M]si/[M?*]) with
the different ions in the water column. Kendall’s correlation (coefficient marked as 1) measures
the dependence between two variables by ordinal association (based on rank correlation with
values ranging from -1 to 1), and not only considering linear regression. The plots built as a
function of proton concentration reveal the same trends for the three metals with ratio values
relatively comparable for a proton concentration below 10 M. Beyond this concentration of H,
the three ratios follow a decreasing trend suggesting an important competing effect. This effect
was more evident in the case of Nunavik compared to Sudbury, which is due to the quasi-absence
of acidic pHs in the Sudbury data set. When plotted as a function of calcium, no uniform trend can
be observed, although a plateau appears over the entire range of [Ca?*] for data where pH > 6.
In other words, Ca?* appears to have no notable competing effect at neutral pHs. However, the
three ratios decrease when pH becomes acidic, reconfirming the key role of pH. This trend is
particularly evident for the Nunavik data set (1 values of -0.3, -0.3 and -0.4 for Cu, Ni and Cd,
respectively). With respect to the Sudbury data set, [Ca?'] remains stable around 10 M, which
makes it difficult to observe a trend. The calculated 1 values are close to 0 except for Cu ratio (1
= -0.3), but no vertical trend is visible suggesting no competing effect despite important Ca?*
concentrations. These results are surprising because calcium is usually described as a key
protective cation. For Mg?*, the ratios decrease when its concentration increase in the water
column. The pattern is particularly marked in Nunavik (1 = -0.7 for the three metals studied)
suggesting a protective effect. In the Sudbury data set, and as noticed for Ca?* concentrations,
the range of concentration is narrow resulting of T values of 0.2 but with a variation of [M]gio/[M?*]
between 10! and 10? L/g. Nevertheless, for a Ca?* concentration between 103° and 102° M, a
difference in ratio is observed between the two regions. Indeed, for these concentrations, the

Sudbury data set shows a ratio of approximately 10* L/g for Cu and 10* L/g for Ni and Cd
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compared to 102 and 10! L/g in Nunavik. Nonetheless, sites with these low ratios are
characterized by acidic pHs. It is therefore difficult to distinguish whether these values can be
explained by low pH values or by the fact that elements are correlated with each other, especially
at low pHs. In Leguay et al. (2016), [M]si/[M?*] ratios showed a strong negative correlation with
[H*], [Ca?'] and [Mg?'], demonstrating a competitive effect in the case of Cd and Zn. Moreover,
for Cu and Pb, they observed a plateau followed by a continuously decreasing trend for both
cations suggesting a competitive effect from a threshold concentration. However, for the range of
Ca?* concentrations found in Leguay et al. (2016), i.e. below 102 M of magnitude, our findings
are in agreement. In addition, we reported similar relationships in the same area of Nunavik in
2014 and 2015 (Laderriere et al., 2020). Indeed, results showed a gradual decrease in the ratio
of Cu, Ni and Cd biofilm contents when the concentrations of protons and magnesium ions
increased in the water column. However, for calcium, data was quite scattered and no clear trend
was observed as we also observed here. Interestingly, for metals common to these studies, the
ratios have the same values of [M]si/[M?*] for circumneutral pHs, reaffirming the robustness of
biofilm content as a pertinent biomarker of exposure despite large geographical scales,

differences in type of ecosystem or biofilm characteristics.

In Figure 3-6, we analyzed the degree of association of each surface water parameter with
the ratio of biofilm metal contents to its free metal concentrations for each region, independently.
The upper panel presents three examples of opposing trends. In the case of [Cu]gil/[Cu?] as a
function of [Ni?*] (Nunavik data set), T value is near -1 (1 = -0.7) with data having a continuously
decreasing trend. In other words, the ratio [Cu]gio/[Cu?'] is decreasing as the [Ni?*] is increasing.
This indicates that Ni potentially acts as a strong competitor of Cu uptake in biofilm. With
[Nilsio/[Ni?*] as a function of [Ca?"] (Sudbury data set), T value is near 0 indicating no trend and

thus, no competing effect. The last case presents [Cd]gio/[Cd?*] as a function of [PO4*] (Nunavik
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data set). Data follow an increasing trend, which leads to a positive T value (0.6). Biofilm metal

content is thus positively correlated with this element.
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Figure 3-6: The upper panel presents three examples of correlations, with a lower the Kendall coefficient
indicating a greater effect of competition upon biofilm metal content (circles for Nunavik data
and triangles for Sudbury data). The middle and lower panel presents, for each region, the
ratio of biofilm metal content to free metal ion concentration for Cu, Ni and Cd as a function
of the free species. The values represent the Kendall’s correlation coefficient.

Despite our large number of samples, a greater variety of sampling sites incorporating
physicochemical characteristics and the degree of anthropogenic pressure is needed to complete

the analyses. Indeed, the Nunavik data set shows many auto-correlations between parameters,
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which impede the correct distinction between interactions. For example, if one site had a high
concentration of dissolved Cu, which occurs in many cases in the Nunavik data set, the dissolved
competitor concentrations were also high. This point makes interpretation difficult because, using
copper as an example, the copper concentrations ([Cu]r or [Cu?*]) show a strong correlation with
other metals. The biofilm metal content [Cu]gi is thus correlated to [Cu?*], but also to other [M*].
As such, in the case of auto-correlated metals, ratios only indicate the correlation between the
metals themselves. This explains why in the Nunavik data set, [Ni]sio/[Ni**] shows a Kendall's
coefficient equal (1 = -0.8) with [Cu?*], [Mn?*], [Cd?*], and to major cation concentrations (1 = -0.7
with [Ca?"] or [Mg?*]). In 2014 and 2015, data collected at the same sites in Nunavik showed
similar patterns and auto-correlations (Laderriere et al., 2020). However, the results found in the
present study confirm that the biofilm metal content is consistent over several years. The Sudbury
data set is more appropriate to model competitive interactions and extract binding constants for
biofilm using a BLM approach. Indeed, despite important mining activities, this data set
incorporates more variability in stressors (e.g. urban context) and conditions (e.g. input of other
rivers along the Junction Creek). Therefore, this region is less exposed to conditions specific to
mining activities, such as acidic pH or very high concentrations of several metals at the same
time. We will thus focus the rest of the discussion on the correlation matrix of the Sudbury data
set. However, it is important to keep in mind that a 1 value between -0.2 and 0.2 could represent
data that do not necessarily form a decreasing pattern on an interesting range of concentrations.
For instance, [Mg] are tightly grouped around 10 M (see Figure 3-2) and [Cu]si/[Cu?*] only vary
by two orders of magnitude in Sudbury, which represents narrow ranges of variation lacking in
heterogeneity in our sampling sites (see Figure 3-5). All the competitive effects discussed in the
rest of this section showed a decreasing trend of [M]gio/[M*] as a function of the competitor with

T values between -0.3 and -1.
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On the lower panel of Figure 3-6, a matrix correlation approach was used to simplify the
representation. With respect to divalent metals, the ratio [Cu]ei/[Cu?*] has a negative T value with
Ca (1 = -0.3), indicating a slight competing effect. Moreover, the [Cu]sio/[Cu?'] ratio is not
negatively correlated to [Ni?*] and [Cd?*] (T = 0) or other divalent metals (except for Pb but the T
value is superior to -0.3). On the other hand, [Ni]sio/[Ni?*] shows a negative T value (inferior to -
0.3) with [Mn?#*], [Cu?"], [Zn?'] and [Cd?*]. These results are in agreement with the observations of
Flouty & Khalaf (2015). The authors measured the uptake of Ni, Pb and Cu by the unicellular
green alga Chlamydomonas reinhardtii in the presence of various concentrations of Pb?* and
Cu?*. Cu was shown to strongly compete with Ni uptake and Cu?* was shown to have a high
binding affinity for both Ni and Cu transport sites. Furthermore, internalization fluxes of Cu
remained constant in the absence and presence of Ni?*, implying that Ni had no effect on the
uptake of Cu. This is consistent with our results with [Cu]gi/[Cu?*] as a function of [Ni?*] having a
T = 0. Furthermore, Worms & Wilkinson (2007) observed that the Ni uptake by C. reinhardtii was
strongly affected by Zn?* and Cu?* but only slightly by Mn?* and Cd?*. They showed that Ni uptake
decreased by 70% with a 5-fold greater concentration of Cu, while the same concentration of Zn
decreased Ni uptake by 60%. Conversely, Cd?* had only a small effect on Ni uptake (10%
decrease) while Mn?* had no significant effect. Our results are in agreement (1 = -0.3, -0.5, -0.5
for Cu?*, Zn?* and Cd?*, respectively), although Mn?* seems to have a slight competing effect
according to our data (1 = -0.3). Finally, the Cd ratio shows negative T values with [Cu?] (T = -0.3)
and [Zn?*] but the value in the case of the latter remains relatively low (1 = -0.2). Lavoie et al.
(2012) confirmed the strong protective effect of Zn?* on Cd accumulation in C. reinhardtii.
Regarding trivalent metals, the Sudbury data set shows too narrow a range of Al variation in terms
of free concentrations to make conclusions (Figure 3-2). For Fe, only [Cu]sio/[Cu?'] ratios show a
trend (1 = -0.5). Indeed, [Ni]sio/[Ni?*] and [Cd]sio/[Cd?*] were not correlated to Fe. This suggests a
possible competing effect for Cu. Kochoni & Fortin (2019) suggested that low concentrations of

Fe®* (from 107%%to 107176 M) could increase Cu?* uptake and toxicity in C. reinhardtii. Calculated
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free Fe®* ion concentrations were ranging from 102! to 10*® M in our Sudbury data set. On the
other hand, for Ni and Cd, and again with C. reinhardtii, Worms & Wilkinson (2007) showed that
high concentrations of Fe (0.25 uM) had no effect on Ni uptake, and Lavoie et al. (2012)
demonstrated that a 100-fold increase in free Fe®* did not affect Cd uptake or toxicity. Overall, the
relationships observed in the field are coherent with those obtained in the laboratory with model
organisms. However, further investigations will be necessary to clarify the effect of each
competitor while incorporating a greater variety of exposure conditions and not necessarily in a
mining context, to avoid or reduce auto-correlations. Indeed, if the Sudbury data set had less
auto-correlations than observed for the Nunavik data, the dynamic range of concentrations was
smaller for almost all elements present in the water column (Figure 3-2). Moreover, this auto-
correlation in the Nunavik data set did not allow us to compare the effects of ion competition
between the two regions. Indeed, a difference at this level could explain the differences in

bioaccumulation slopes observed between regions.

3.6 Conclusions

This study investigated the robustness of biofilm metal content as a tool for the biomonitoring
of metal exposure over large geographical scales. Our results confirm that the concentration of
free metals in the water explains a large amount of the metal concentrations in biofiims at
circumneutral pHs. Significant linear relationships were also found with dissolved metal
concentrations. However, this finding could be related to our specific mining context leading to
auto-correlation between total and free metal concentrations. Using free metal concentrations
ensures that the approach can be generalized to various water chemistry conditions. Furthermore,
pH appears to play a key role in the metal accumulation response of biofilm. Results were highly
consistent from one month to the other in the case of Nunavik, and between the two regions

studied, despite the ~1700 km distance between them. Indeed, biofilm metal contents normalized
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to ambient metal ion concentrations were consistent despite differences in climate, ecosystems
and anthropogenic pressures. On one hand, the results suggest that the accumulation of metals
by biofilm is sensitive to the protective effect of magnesium and protons. On the other hand, we
did not observe any evidence of the effect of calcium as a competitor for Ni, Cu and Cd
bioaccumulation, with its effect being pH related. The auto-correlation of metals within the Nunavik
data set made it difficult to analyze the interactions between elements in the water column with
the internalization of metals. Despite a lower range of observed metal concentrations as
compared to those in Nunavik, the Sudbury data set allowed for comparing the protective effects
of competitive ions with those found in the literature, notably in studies using unicellular algae in
single or mixture exposures. However, we were unable to tease out the effects of ionic competition
between the two regions, which could have explained the differences in slopes observed in
bioaccumulation regressions. A greater variety in terms of physicochemical characteristics and
degree of anthropogenic pressure will be necessary to distinguish interactions correctly. Finally,
results found in the present study were highly consistent with those already published with similar
normalized biofilm metal contents for the three metals studied at neutral pH values. This finding
is important because it suggests the universal potential of biofilm metal content as a proxy for

metal bioavailability, despite large geographical scales in lotic ecosystems.

Future work will need to focus on having a wider range of physicochemical conditions to avoid
auto-correlation of data found here due to the typical water composition found in a mining context.
This will allow for better discrimination of interactions between biofilm metal content and elements
in the water column. This will be helpful to predict biofilm metal content by integrating some of the
complexity of natural waters in a BLM based model. A multi-metric approach that would include
the inherent characteristics of the biofilm (structure, community, tolerance) could also be useful
to predict the degree of stress caused by metal exposure as well as the effects of environmental

factors in a biomonitoring perspective.
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5.1 Abstract

While metal impacts on fluvial communities have been extensively investigated, effects of
abiotic parameters on community responses to contaminants are poorly documented. Variations
of photoperiod and temperature commonly occurs over the course of a season and could affect
aquatic biofilm communities and their responses to contaminants. The objective of this study was
to characterise the influence of environmental conditions (photoperiod and temperature) on Ni
bioaccumulation and toxicity using a laboratory-grown biofilm. Environmental parameters were
chosen to represent variations that can occur over the summer season. Biofilms were exposed
for 7 days to six dissolved Ni treatments (ranging from 6 to 115 uM) at two temperatures (14°C
and 20°C) using two photoperiods (16/8 and 12/12 light/dark cycle). Under these different
scenarios, structural (dry weight biomass, chlorophyll-a) and functional biomarkers
(photosynthetic yield and Ni content) were analysed at four sampling dates allowing us to evaluate
Ni sensitivity of biofilms over time. The results highlight the effects of temperature on Ni
accumulation and tolerance for biofilms. Indeed, biofilms exposed at 20°C accumulated 1.6 to
4.2-fold higher concentrations of Ni and were characterized by a lower ECsy value using
photosynthetic yield as compared to those exposed at 14°C. Regarding the photoperiod,
significantly greater rates of Ni accumulation were observed at the highest tested Ni concentration
for biofilms exposed to a 12/12 compared to 16/8 cycle light/dark cycle. Our study demonstrates
the influence of the temperature on biofilm metabolism and illustrates that environmental factors

may influence Ni accumulation response and thus, Ni sensitivity of phototrophic biofilms.

Keywords: Biomonitoring, Metal speciation, Bioaccumulation, Freshwater periphyton,

Temperature, Photoperiod
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5.2 Introduction

Freshwater biofilms are a complex assemblage composed of eukaryotic (e.g., microalgae,
fungi, protozoa) and prokaryotic (e.g., bacteria, cyanobacteria) microorganisms living
encapsulated in an polysaccharide matrix and growing on submerged substratum surfaces
(Flemming and Wingender, 2010; Battin et al., 2016). These communities are at the basis of
aquatic trophic chains and are fundamental in their contributions to energy flow, nutrient cycling
and global biogeochemical fluxes (Battin et al., 2016). Moreover, they are known to respond
rapidly to physicochemical or environmental stress, and have been shown to tolerate
environmental stresses over extended periods of time (Guasch et al., 2016; Hobbs et al., 2019).
Therefore, due to the known potential for periphytic biofilms to accumulate contaminants, they are
likely to influence the fate of metals in freshwater ecosystems, which makes them particularly

interesting for contamination assessment studies (Hobbs et al., 2019; Bonnineau et al., 2020).

Metals are naturally present in freshwater ecosystems but many anthropogenic activities are
significant sources of releases into aquatic environments (e.g. agriculture, mining, urbanization,
etc; Lavoie et al., 2012; Faburé et al., 2015). In this context, biological communities are exposed
to multiple stresses and periphytic biofilms have been pointed out as promising bio-indicators of
the effects of contaminants such as metals on aquatic systems (Guasch et al., 2016). For
instance, because biofilms are at the base of the food chain, they can be used as a proxy of the
transfer of contaminants through the trophic chain. Several studies investigated the direct or
indirect effects of metals on relationships between biofilms and various consumers including
micro/macrofauna or fish (Namba et al., 2020). Furthermore, Chl-a fluorescence (Corcoll et al.,
2011), diatom assemblages (Lavoie et al., 2012), antioxidant enzymes activities (Bonet et al.,
2013), photosystem Il photochemistry (Lambert et al., 2016) and fatty acid composition (Fadhlaoui
et al.,, 2020) are all markers of contaminant effects which can be used with biofilms. Metal
accumulation in periphytic biofilms has been shown to be a robust indicator of exposure (Ancion
et al.,, 2010; Leguay et al., 2016; Laderriere et al., 2020). Although some metals have been
extensively studied, such as Cu (Morin et al., 2017; Pesce et al., 2018), Zn (Corcoll et al., 2012;
Lavoie et al., 2012), or Pb (Ancion et al., 2010; Stewart et al., 2015), others like Ni have been
poorly examined (Bonnineau et al., 2020). Nickel is often associated geochemically with other
metals (e.g. iron, cobalt, copper), therefore soils with a high concentration of these elements
generally contain large amounts of Ni (Harasim and Filipek, 2015). Due to the intrusive nature of

extraction and processing techniques, Ni-producing countries such as Indonesia, Philippines,
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New Caledonia and Canada have reported abundant levels of environmental contamination
(Gillmore et al., 2021). As an example, concentrations of Ni in surface waters have been shown
to be high due to mining and metallurgical activities within regions of the Canadian provinces of
Ontario (Lavoie et al., 2018) and Quebec (Leguay et al., 2016; Laderriere et al., 2020).

In aguatic environments, characterizing the interactions between metals and living organisms
can be challenging. For example, accumulation is a dynamic process that is influenced by a
multitude of factors, many of which can experience diurnal, daily and seasonal variations, such
as nutrient concentrations or flow conditions (Serra et al., 2010; Chaumet et al., 2019; Tlili et al.,
2020). Metal speciation (e.g. metal binding by dissolved ligands such as organic matter) is known
to determine the bioavailability of these contaminants, and subsequently their uptake (Tercier-
Waeber et al., 2012). It is difficult to quantify the impact of natural environmental variables on the
fate and behaviour of toxicants, especially in the context of a changing climate. Ecotoxicologists
are challenged with predicting how environmental factors will affect the response of toxic
substances at the individual or the community level (Moe et al., 2013). Environmental conditions,
such as temperature (Lambert et al., 2016; Morin et al., 2017; Pesce et al., 2018) or incident light
characteristics (Cheloni and Slaveykova, 2018; Chaumet et al., 2020), are known to directly
influence aquatic organisms, but also indirectly by modifying physicochemical parameters of the
aquatic media. To be specific, Lambert et al. (2016) and Pesce et al. (2018) showed the ubiquitous
findings that the bioaccumulation of Cu was reduced at higher temperatures. Therefore, changes
in temperature and light conditions may alter metal toxicity. Better understandings of the
mechanisms driving trace metal effects in association with environmental factors such as light
and temperature will reduce the uncertainties associated with the extrapolation of laboratory data

to the natural environment and possibly integrate site-specific conditions in risk assessment.

In a previous study, we found that biofilm metal content was consistent over large
geographical scales and in different types of ecosystems (Laderriere et al., 2021). However, some
differences in regression slopes observed between free metal ions and biofim metal
concentrations were found between the different regions studied. It was hypothesized that
environmental factors could explain the differences of metal accumulation concentrations in
biofilms. The aim of the present study was to evaluate if seasonal variability could modify Ni
accumulation by periphytic biofilm in the perspective of using the internalized concentration as a
biomarker of metal contamination in surface waters. The experiments were designed to identify
the possible effects of temperature and photoperiod variations in biofilm metal accumulation and

tolerance. Variations in temperature and photoperiod were chosen to represent daily or seasonal
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variations. For this purpose, natural river biofiims were collected on a site free of metal
contamination and cultivated in the laboratory before subsequent experiments. Biofilm
characterization, toxicity induced by Ni, metal accumulation and environmental parameters

(including metal contamination levels) were monitored.

53 Materials & methods

5.3.1 Biofilm culture

Natural biofilms were collected from the Cap-Rouge River near Quebec City by scraping
several rocks with a toothbrush. This river was chosen due to its low metal concentrations, with
Ni and other metal concentrations near or less than 0.01 uM (see Table 12-2 in Appendix Il) for
the physico-chemistry of the Cap-Rouge River). Biofilms were resuspended in river water to form
a periphytic homogenate, which was used to inoculate a recirculating laboratory culture channel
(Volume: 60 L; Length: 40 cm, Width: 20 cm, Height: 12 cm; plexiglass). Unglazed ceramic tiles
(surface of 23 cm?) were placed at the bottom of the channel as growth substrate and Fraquil
medium was used as a culture medium (see Table 12-1 in Appendix Il for Fraquil medium
composition). A submersible pump (capacity of 4350 L/h; PC1150; BASIN+) placed in a 40-L
bucket was used to maintain a continuous flow, to provide oxygenation and to simulate a riffle
environment. Biofilms were cultivated under controlled light intensity (approximately 70 to 80
umol-photon-m=-s71) with a light/dark photoperiod of 16/8 and temperature (14°C) in an

environmental chamber for a period of approximately 35 days prior to exposure experiments.

5.3.2 Biofilm exposure experiments

Three independent experiments were performed, at two light/dark photoperiods (16/8 or
12/12) and two temperatures (14 or 20°C) in order to mimic different conditions occurring within
summer. The combination of experiments is therefore focusing on first, a variation of photoperiod
and second, a variation of temperature. The light intensity was not changed and was maintained
between 70 to 80 umol-photon-m=2-s™* for all experiments conducted. The condition at 14°C with
a light/dark photoperiod of 16/8 was defined as reference for comparison. Biofilms were

acclimated to the studied light/temperature conditions for two weeks prior Ni-exposure. The
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different exposure experiments were carried out one after another, leaving a two-week period
between each experiment to allow for the acclimation of the biofilm to the modified environmental
conditions. After this two-week period, the Ni exposures were performed over 7 days. Before each
Ni exposure, 144 tiles were randomly selected from the culture channel and placed in the 12

exposure channels. A total of 12 tiles were placed in each unit allowing for 3 pseudo-replicates
per exposure channel for each sampling date.
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Figure 5-1: Graphical representation of the experimental design. The rectangles represent the microcosms

and each square, a biofilm tile. Calculated free nickel ion concentrations [Ni?*] are presented.

The experimental setup is presented in Figure 5-1. It was composed of twelve independent
exposure channels (volume: 6 L; length: 100 cm, width: 20 cm, height: 10 cm; plexiglass). Each
unit was independently supplied with recirculating Fraquil medium at a pH of 6.9 £ 0.1 with a
submersible pump (capacity of 454 L/h; Laguna) placed in a 10 L plastic bucket to ensure a
continuous circulating medium. Six Ni treatments were tested: one control (O uM of total Ni) and
five different total Ni concentrations (6, 10, 30, 60 and 120 uM Ni). Exposure solutions were
prepared from a Ni stock solution (ICP standard solution of 10 g/L of Ni in 4% HNO3 (v/v); SCP
Science). For each treatment, two independent microcosms were assigned. Before each
experiment, all units as well as their buckets, pipes and pumps were pre-washed with 10% nitric

acid ACS grade (v/v; Fisher Scientific). The water circulation in all exposure units was initiated 24
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h before the tiles covered with biofilm were put in place, allowing the exposure medium to
equilibrate. No change of water was made during each exposure and experiments were carried
out for seven days, with four sampling times (0, 1, 4 and 7 days). The first sampling time (to) was
done before Ni addition in the different exposure channels. This time thus allowed to obtain the
inter-channel variability before the appearance of Ni effects on biofilms by its addition in the culture
medium. Water and biofilm samples were collected at each sampling time, along with in-situ
measurements of pH and temperature by a multi-parametric probe (Orion Star A220;

ThermoFisher Scientific).

In order to simplify the comparison of the different conditions of temperature and light/dark
cycle tested, we established the following code: T14P16 = 14°C in 16/8; T14P12 = 14°C in 12/12;
and T20P16 = 20°C in 16/8. The combination of experiments T14P16 and T14P12 are therefore
focusing on a variation of photoperiod while experiments T14P16 and T20P16 investigate
temperature effect. In terms of water temperatures, each microcosm was close to the target
temperature with mean values of T14P16 = 14.4 + 0.2°C, T14P12 = 14.8 £ 0.1°C and T20P16 =
19.3 + 0.4°C (n = 48; one measure per microcosm per sampling date).

5.3.3 Biofilm sampling and analysis

The three replicates of biofilm from each channel were sampled and prepared as described
below. Biofilm was scraped from the top of one tile using a razor blade and collected in a large
polypropylene tube (50 mL; Sarstedt). Biomass was then resuspended in 10 mL of fresh Fraquil
media and the homogenized solution was promptly divided for the different parameter analyses.
From this volume, 4 mL was collected to measure Ni bioaccumulation and 3 mL to measure the

photosynthetic yield and chlorophyll-a concentration.

In order to measure bioaccumulation, the 4 mL of resuspended biofilms were concentrated by
removing the supernatant using a centrifugation step of 5 min at 6000 rpm. A volume of 10 mL of
ethylenediaminetetraacetic acid (EDTA; 10 mM; pH 7) was then added to the pellets, vigorously
shaken, and the centrifugation process was repeated after 5 min to eliminate the EDTA solution.
The EDTA was used to distinguish adsorbed metals from intracellular contents (Hassler et al.,
2004). The final pellets were kept in a freezer at —20°C before lyophilization for 48 h (Dura-
Top/Dura-dry MP; FTS SYSTEMS). The dry biofilm was subsequently mineralized: 800 pL of
HNO:s (trace metal grade; Fisher Scientific) were added for 48 h and then 200 pL of H.O, (optima
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grade; Fisher Scientific) were added for another 48 h. Finally, 800 uL of the digested biomass
were diluted in 7.2 mL of ultrapure water (18 MQ-cm) in a polyethylene tube (15 mL; Fisher
Scientific) to reach 10% HNO3 (v/v). All samples were kept at 4°C before subsequent analyses.
Bioaccumulated Ni was measured by inductively coupled plasma—atomic emission spectrometry
(ICP-AES; Varian Vista AX CCD). Certified reference material (IAEA-450; algae) was analyzed
to determine the efficiency of the digestion method (mean Ni recovery of 81.5 + 0.5%; n = 3).

In order to measure the Ni induced toxicity on the phototrophic compartment of the biofilm,
we used the effective photosynthetic activity as well as Chl-a concentration as biomarkers of
effect. Effective photosynthetic activity (Photosystem Il quantum yield; ®ps;) measurements were
determined using a Pulse Amplitude Modulated fluorimeter (Phyto-PAM; Heinz Walz GmbH;
Germany) in quartz cuvettes, based on the average of three values per replicate and using the
same methodology described in Corcoll et al. (2012b). The ®psi provides an estimate of the
maximum efficiency of PSII photochemistry. Measurements of all to samples (before addition of
Ni in the media) were used as a reference of photosynthetic yield. Time-response assessment of
Ni chronic toxicity and effective concentration calculation were performed following the response
of the ®pg), for each collection time using the control microcosms as a 100 % of efficiency at each
collection time. Measurements were performed after 15 min of dark adaptation at room

temperature and ®ps; was measured three times every 10 s until ®pg values stabilized.

After measuring the ®ps);, samples were kept on ice before chlorophyll-a extraction. Samples
were subsequently centrifuged at 5000 rpm for 5 min and the pellets were resuspended in 10 mL
of 90 % acetone (v/v; Fisher Scientific). Pigments were extracted at 4°C during 12 h in the dark
and then filtered onto GF/C filters (1.2 uM; Whatman). Pheophytin-corrected chlorophyll-a was
determined spectrophotometrically (CaryEclipse; Varian) by measuring absorbance before and
after acidification using 60 puL of HCI (ACS grade; Fisher Scientific; Steinman et al., 2006).
Chlorophyll-a values were estimated by regression using the Phyto-PAM values (R? = 0.92, p-
value < 0.001). Using the conversion factor between the surface of each tile (23 cm?) and
suspension volume used for the different descriptors, measured chlorophyll-a (Chl-a) values such
as dry-weight biomass (DW) are expressed by the scraped surface (cm™2). We also used the
chlorophyll-a concentrations and dry-weight biomass to calculate the autotrophic Index (Al)
following the formula: Al = DW (mg/cm?)/Chl-a (mg/cm?) (Steinman et al., 2006). This index
provides information on the trophic status or relative viability of the biofilm community. If the index
increases, it suggests that the autotrophic community is decreasing compared to the heterotrophic

community.
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5.34 Exposure medium analysis and Ni speciation

At each collection time and for each channel, two replicates of exposure medium samples
were collected to measure the concentration of cations and model Ni speciation. To that end, a
polypropylene syringe (20 mL; Fisher Scientific) was carefully rinsed three times with ambient
media and used to filter exposure medium using polysulfonate filters (0.45 pm; VWR
International). Samples were acidified to 10 % (v/v) HNOs (trace metal grade; Fisher Scientific) in

a polyethylene tube (15 mL; Fisher Scientific) and stored at 4°C before subsequent analyses.

The constituent elements of the Fraquil medium such as cations (Ca, Mg, K, Na, P, Si) and
metals (Cu, Co, Fe, Mn, Mo, Ni, Zn) were measured by ICP-AES. The Ni detection limit was 0.01
HUM. Nickel speciation in Fraquil medium was calculated using MINEQL+ software at each
sampling time. The software's default thermodynamic database was updated using the National
Institute of Standards and Technology's Critically Selected Stability Constants of Metal
Complexes database (v8.0). Chemical equilibrium modelling showed that Ni strongly bound to
EDTA present (5 uM) in the Fraquil medium. As such, for a total Ni concentration lower than 5
MM, Ni was predominantly complexed by EDTA, whereas above 5 uM of total Ni, its main form
was its free form with Ni?* concentration, which could be approximated as follows: [Ni?*] = [Ni]r -
5 uM. A figure showing the major chemical forms of Ni in the Fraquil medium as a function the
total concentration in the medium is presented in the Appendix Il (see Figure 12-1).

5.35 Data and statistical analyses

Data were log-transformed before statistical analyses in order to satisfy the assumption of
normality and homogeneity of variances. A p-value of 0.05 or less was considered significant. We
used a two-way repeated ANOVA (rstatix package; v 0.7.0) in order to test if there was a statistical
difference between the two photoperiods and the two temperatures during time exposure. More
specifically, we also tested the difference using a single one-way ANOVA within a same time and
a same Ni concentration treatment. This ANOVA was followed by a Tukey post-hoc test to
compare between conditions (p-value adjusted with Bonferroni method). To model dose-response
curves and extract effective concentrations (drc package; v 3.0.1), the ®pg; values measured at
specific times were plotted against calculated free Ni concentrations. Dose—response curves were
fitted to the data using the four-parameter log-logistic model. A linear discriminant analysis (LDA)

was applied with every descriptor (ade4 package; v 1.7.16) to individualize data into similarly
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composed groups. All statistical analyses were performed with the R software (v4.0; https://cran.r-
project.org).

5.4 Results

54.1 Effects of temperature and light conditions on control biofilms

Table 5-1 shows the means and standard deviations of bioaccumulated Ni and biological
parameters (n = 6) in the control biofilms. Dissolved Ni concentrations remained below the
detection limit (i.e. 0.01 uM of dissolved Ni) throughout the experiments in control microcosms
(i.e. without Ni addition). However, background Ni accumulation by control biofilms was detected
with values ranging from 0.24 to 0.94 umol/g dry weight. The highest values were measured in
biofilms exposed to the T14P12 conditions at day 4 (Table 5-1). However, except for that value,
no statistical differences were found between exposure time within each condition. The

internalized concentrations therefore remained stable with time.

The biofilm dry weights varied amongst a single condition and increase with exposure time in
particular in the T20P16 condition. For this last condition, the biofilm biomass at the first sampling
date (i.e. t0) was already higher than at the end of the two other conditions and increases by a
factor of 2.7 over time highlighting the effect of temperature. Indeed, without distinction of
sampling dates, the biomass means were 0.52 + 0.09 mg/cm?, 0.47 + 0.18 mg/cm? and 1.32 +
0.55 mg/cm? respectively for T14P16, T14P12 and T20P16. The biomass in the condition T20P16
was thus 2.6 and 2.8 times higher than those of T14P16 and T14P12, respectively. For a given
condition, statistical differences between sampling dates were found, but not necessarily in

comparison with day O.
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Table 5-1 : Means * standard deviations (n = 6) of dry biomass, chlorophyll-a concentrations, internalized Ni concentrations, photosynthetic yield and
autotrophic index in control biofilm. In the case of condition T1P1 at time 7, Chl-a concentrations were estimated by regression using
values obtained by Phyto-PAM and not by spectrophotometry. See materials and methods for more details. "*" indicates significant
differences between times within conditions (p < 0.05). A figure presenting the data as regressions is also provided in the Appendix Il

(see Figure 12-2).

Exposure Biomass [Ni]gio Photosynthesis Autotrophic
Conditions [Chl-a] (ug/cm?)
time (day) (mg dry weight/cm?) (umol/g dry weight) yield index
0 0.41 + 0.06 28 + 12 0.30 + 0.15 0.45 + 0.02 16.3 * 7.2
T1P1: 1 052 * 009 26t 3 039 + 018 046 + 002 203 £ 80
14°C 16/8 4 050 +  0.04 44+ 4 036 = 0.09 046 + 001 118 + 35
7 0.63 + 0.05 66 + 21 0.33 + 0.14 0.46 + 0.02 10.4 * 4.1
0 058 = 0.05 37 &+ 6 056 + 0.03 041 + 001 158 + 28
T1P2: 1 0.31* + 0.04 32+ 7 062 + 0.30 0.46* +  0.02 97 + 25
14°C 12/12 4 0.32* = 0.08 41 5 0.94* * 0.54 043 + 001 84 £ 62
7 0.66 = 0.14 65* = 5 045 + 0.10 044 + 0.02 103 + 52
0 0.77*  « 0.23 110 * 18 028 + 0.05 042 + 0.02 65 + 37
T2P1: 1 1.08 + 0.13 128 * 13 031 * 0.05 0.46* +  0.03 83 + 18
20°C 16/8 4 135 + 0.11 145%  + 8 028 + 0.07 044 + 0.02 93 + 1.9
7 207 # 0.32 116  + 15 024 + 0.04 041 + 002 183* + 7.7
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In comparison to biomass, Chl-a concentrations also show similar values in the case of
T14P16 and T14P12 conditions, but 2.5 to 3.8-fold higher in the case of T20P16. Average values
were 40.5 + 8.3 ug/cm?, 49 + 14 pg/cm? and 157 + 16 pg/cm?for T14P16, T14P12 and T20P16,
respectively. However, if Chl-a concentrations only varied slightly over the seven days of
experiment in the T20P16 conditions, the two other conditions showed an increasing trend by a
factor of 2. Consequently, the calculated autotrophic index follows a increase over time in T20P16
indicating a potential shift in the community (increase of heterotrophy at the detriment of
autotrophy) conversely to the conditions T14P16 amd T14P12 where the autotrophix index slightly
decreases. On the other hand, the environmental factors had no effect on the photosynthetic
efficiency during the 7 days of exposure. The average values were 0.46 + 0.01 for T14P16, 0.44
+ 0.02 for T14P12 and 0.43 + 0.02 for T20P16 (relative units) with no apparent trends.

As mentioned in the materials and methods section, the biofilm was collected from the Cap-
Rouge River and was then inoculated and cultured for one month in a culture channel. The
different experiments were then carried out successively, leaving a two-week period between
each experiment in order to modify the environmental conditions and acclimate the biofilm. The
biofilm used in condition T20P16 was thus grown for a longer period of time than the biofilms
studied in the conditions T14P16 and T14P12 (approximately 45 days and 21 days longer,
respectively). To summarize, the biofilm used in condition T20P16 had much higher Chl-a
concentrations and dry weight biomass than those used in T14P16 and T14P12. This difference
suggests that biofilm colonization and growth are likely to be dependent on environmental
parameters such as temperature. Thus, in conclusion, abiotic conditions affect the community
structure and different community structures can also show different sensitivity to Ni. Note that a
difference of 4 hours in the photoperiod (T14P16 vs T14P12) did not have a significant effect on

the same biomarkers in control biofilms.

To summarize, the different descriptors showed similar trends over time in control biofilms.
However, the biofilm used in condition T2P1 had much higher Chl-a concentrations and dry weight
biomass than those used in T1P1 and T1P2. This difference suggests that biofilm colonization
and growth are likely to be dependent on environmental parameters such as temperature. Note
that a difference of 4 hours in the photoperiod (T1P1 vs T1P2) did not have a significant effect on

the same biomarkers in control biofilms.
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5.4.2  Effects of temperature and light conditions on Ni-exposed biofilms

In Ni-exposed microcosms, the mean calculated free Ni ion concentrations were 0.97 £ 0.51;
5,57 £ 0.71; 23.2 + 2.4; 56.1 + 0.3; 116 + 6 uM (all sampling dates combined; n = 12). A table
showing the evolution of total and free Ni during exposure at different times is presented in Table
12-3 (Appendix Il). Statistical differences in free Ni concentrations were found between times and
conditions for a same Ni concentration of exposure (ANOVA; p-value < 0.05). However, as
suggested by the standard deviation, the calculated concentrations remained close to the desired

concentrations.

Figure 5-2 presents the time-course of Chl-a concentrations and dry weight biomass as a
function of the free Ni concentrations. Throughout the experiment and for each tested condition,
the biomass in Ni-exposed microcosms remained stable or slightly increased during the 7 days
of exposure with a more pronounced effect in the condition T20P16. Furthermore, despite no
clear statistical differences, Chl-a concentrations appeared to decrease over time in Ni-exposed
microcosms. This decrease was more pronounced in the T14P12 condition. Given the increase
in biomass and decrease in Chl-a concentrations, the autotrophic index increased over time as
for the controls. However, the greater the exposure concentration was, the greater the increase
in the autotrophic index was with a clear difference after 7 days of exposure. This increasing trend
appeared only in conditions T14P16 and T14P12, the autotrophic index remaining relatively stable
in condition T20P16.
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Figure 5-2 : Dose responses of the biomass, the concentration of chlorophyll-a and the autotrophic index

(n =3) as a function of the free Ni concentration for each condition of temperature and
photoperiod (T14P16 = 14°C in 16/8; T14P12 = 14°C in 12/12; and T20P16 = 20°C in 16/8). The
curves plotted correspond to second degree polynomial regressions. A version of this figure

presenting all the sampling times is provided in the Appendix Il (see Figure 12-3).

5.4.3

Influence of photoperiod and temperature on Ni bioaccumulation

Ni accumulation by biofilms as a function of the free calculated Ni for the three environmental

conditions is illustrated in Figure 5-3. A one-way ANOVA was first used to determine possible

statistical differences among experiments conducted with different environmental conditions. At

day 0 (i.e. before addition of Ni in any microcosm), the accumulated Ni concentrations remained

within the same order of magnitude as those of the controls (values ranging from 0.3 to 1.6 umol/g

dw). Indeed, for each conditions tested, and except for one sample found as an outlier using the

interquartile range approach (condition T14P12 for microcosms defined as [Ni?*] = 115 uM at day

0; [Ni]sio = 3.9 umol/g dw), no statistical differences were found between the accumulated Ni

concentrations between each channel on day 0.
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Figure 5-3 : Internalized Ni concentrations by biofilms (n = 3 for different the different conditions (14°C and
16/8 light/dark cycle in blue; 14°C and 12/12 light/dark cycle in yellow; 20°C 16/8 light/dark
cyclein red) as a function of the calculated free Ni concentrations. Each panel represents an
exposure time. The regressions correspond to Michaelis-Menten models. The Ni
accumulation of control samples were ranging from 0.03 to 0.6 uM of Ni?* whatever the
sampling times (non exposed channels).

If we first compare the two photoperiods, Ni accumulation in biofilms increased up to 25 uM
of Ni?* for the three Ni-exposure sampling times (day 1, 4 and 7). At higher Ni concentrations (55
and 115 uM), the accumulated Ni contents remained similar with average values below 30 umol/g
dw. This trend was observed at each sampling time (Figure 5-3). Accumulation peaked after the
first day of exposure, regardless of the exposure concentrations, with little to no increase at days
4 and 7. Only the 115 puM of Ni** treatment was significantly different over the three sampling
times (i.e. day 1, 4 or 7). The other exposure concentrations did not show a significant difference
over the different sampling dates. Nevertheless, biofilms exposed with a 12/12 photoperiod tend
to globally have higher average internalized Ni concentrations than biofilms exposed with a 16/8
photoperiod. The Table 5-2 shows the results of a two-way ANOVA with free Ni?* concentrations,
photoperiod and time as influencing parameters on the Ni content in biofilms. Despite the
significant two-way interactions found between the time and the photoperiod as well as with Ni?*
concentration, no 2-way interaction effect was found between the Ni?* concentration and the
photoperiod resulting in a non-significant interaction. These results suggest that a difference of 4
hours in lighting (i.e. a difference that may occur within a season of temperate regions) does not

have a marked effect on Ni internalization by biofilms. Nevertheless, even though the differences
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are not sufficient to have a significant 2-way interaction, some treatments (i.e. 115 uM Ni?*; Figure

5-3) could induce significant differences throughout the exposure.

Table 5-2 : Results of the three-way ANOVA with time as a repeated measure applied on accumulated Ni by
biofilms between conditions T1P1 and T1P2. These two experiments differ by the photoperiod
used: 16/8 against 12/12. DFn: degrees of freedom in the numerator. DFd: degrees of freedom
in the denominator. F: F-statistic value. p: p-value of the F-statistic. ges: generalized effect

size (amount of variability due to the within-subjects factor).

Effect DFn DFd F p P<0.05 ges

[Average Ni?*] 5.0 52.0 216.1 1.62E-33 * 0.8
Photoperiod 1.0 52.0 95.4 2.32E-13 * 0.3

Time 2.1 110.3 401.3 1.79E-52 * 0.9

[Average Ni%*] : Photoperiod 5.0 52.0 1.3 2.98E-01 0.03
[Average Ni?*] : Time 10.6 110.3 135 1.10E-15 * 0.5
Photoperiod : Time 2.1 110.3 14.3 1.79E-06 * 0.2
[Average Ni%*] : Photoperiod : Time 10.6 110.3 0.5 8.79E-01 0.04

If we now compare the two temperatures tested, similar accumulation patterns were found for
the condition T20P16. Regardless of the Ni concentrations, the biofilm exposed at a temperature
of 20°C showed an increasing internalized concentration between days 1 and 4, and a plateau
reached beyond day 4. Biofilms grown at 20°C and exposed to Ni systematically showed a
significantly higher Ni accumulation for exposure concentrations greater than 1 uM. When all
sampling times are pooled together, the average internalized Ni at 20°C were higher by a factor
ranging from 1.6 to 4.2. Table 5-3 shows the results of a two-way ANOVA with time as a repeated
measure between conditions T14P16 and T20P16 to assess interactive effects of temperature.
Significant interaction was found between Ni?* concentration, time and temperature. This

difference highlights the effect of temperature on Ni accumulation by biofilms.
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Table 5-3: Results of the three-way ANOVA with time as a repeated measure applied on accumulated Ni
concentrations by biofilms between conditions T1P1 and T2P1. These two experiments differ
by the photoperiod used: a light/dark cycle of 16/8 against 12/12. DFn: degrees of freedom in
the numerator. DFd: degrees of freedom in the denominator. F: F-statistic value. p: p-value of

the F-statistic. ges: generalized effect size (amount of variability due to the within-subjects

factor).
Effect DFn DFd F p P<0.05 ges
[Average Ni?*] 5 55 398.515  7.05E-42 * 0.898
Temperature 1 55 88.914 4.38E-13 * 0.283
Time 156 85.64 1102.19  8.24E-58 * 0.938
[Average Ni%*] : Temperature 5 55 5.324 4.63E-04 * 0.106
[Average Ni?*] : Temps 7.79 85.64 33.813 3.90E-23 * 0.699
Temperature : Time 1.56 85.64 3.872 3.40E-02 * 0.051
[Average Ni*] : Temperature : Time 7.79 85.64 5.164 3.36E-05 * 0.262

544 Influence of temperature and light on Ni toxicity

Dose-response curves were fitted using the PSII efficiency as a function of the free Ni%*
concentrations. Their respective EC19, EC2 and ECs, were estimated with 95% confidence
intervals for each environmental condition (Figure 5-4). The photosynthetic yield was found to be
affected by the concentration of Ni** and the effect increased with exposure time. Regardless of
the sampling time considered, the curves show a decreasing trend starting from a concentration
of 5 uM. However, the maximum percentages of inhibition (compared to the control) were between
16 — 25 %, 36 — 51 % and 53 — 65 % for days 1, 4 and 7, respectively. These results demonstrate
the chronic toxicity of Ni over time on the photosynthetic efficiency of biofilms. For condition
T20P16, the curves at 4 and 7 days are very close to those obtained for T14P16 and T14P12

where the toxic effect over time is more gradual.
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Figure 5-4 : Photosynthesis efficiency as function of Ni exposure for three environmental conditions tested.

Scatterplots present time-response curves based on the decrease in ®ps; after Ni addition

(mean £ SD; n = 3) for each exposure duration. Measurements of all to samples (before

addition of Ni in the media) were used as areference to model relative dose-response curves.

The dotted line shows the median value of the control samples. Values of control samples

(non exposed channels) were ranging from 0.39 to 0.50 whatever the sampling times. A

summary of the effective concentrations calculated from each time curve is provided in the

table for each condition (estimate £ standard error). The letters indicate significant differences

between conditions within a same sampling time (p < 0.05).
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However, the PSII efficiency was negatively correlated with the bioaccumulated Ni (R? =
0.33, p-value < 0.001). Correlation coefficients calculated for each condition separately increased
as follows: T14P12 (R? = 0.22, p-value < 0.001) < T14P16 (R? = 0.32, p-value < 0.001) < T20P16
(R%? = 0.51, p-value < 0.001). The stronger correlation observed in condition T20P16 could be
attributed to the greater bioaccumulation described above. Based on the final sampling time (day
7), calculated ECsos Were statistically different between conditions T14P16, T14P12 or T20P16 (t
test; p < 0.05). Calculated ECso values were ranged by conditions as follows: T20P16 < T14P12
< T14P16. Thus, phototrophic biofilm exposed at 20°C showed a lower tolerance to Ni in

comparison to those exposed at 14°C.

5.4.5 Interaction between environmental factors and biofilm parameters

A LDA was carried out with all the measured biological parameters and Ni?* concentrations
for the day 7, and condition T20P16 was well discriminated (data not shown). This finding is
consistent with the results described above, as the different descriptors have shown similar
responses for conditions T14P16 and T14P12. However, Figure 5-5 presents an LDA performed
with the data obtained after 7 days of exposure normalized by the respective starting conditions
(i.e. day 7 / day 0) in order to consider the observed differences of the communities from the first
sampling time (i.e. day 0). Following this normalization, the three environmental conditions are
not clearly discriminated. These results suggest that environmental conditions affected the
community during the acclimation phase (and thus before the Ni exposure) and that this effect

led, at least partially, to a difference in Ni responses of biofilms.
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Figure 5-5: Linear discriminant analysis (LDA) of the different conditions after the 7 days of exposure (left
panel) based on the different studied biomarkers (right panel) for all Ni treatments. All the
parameters were normalized by their start values (i.e. by their respective t0) in order to
discriminate the influence of environmental factors on response to Ni.

55 Discussion

55.1 Ni effect on biofilm

Despite the fact that Chl-a concentrations and dry weight biomass were much lower at 14°C
in comparison to those at 20°C, similar trends were found between both parameters in Ni-exposed
biofilms (Figure 5-2). Although not significant, biomass and Chl-a concentrations were observed
to slightly increase and decrease, respectively, over time. The toxic effects of Ni observed in this
study are in accordance with those found in the literature on biofilms and other microorganisms,
and with other metals in general. Ni has been shown to cause the disappearance of
cyanobacterial populations and reduced photosynthetic biomass in a periphytic biofilm (Lawrence
et al., 2004). Fechner et al. (2011), who exposed biofilms to low (0.09 uM) and high (0.85 uM)
dissolved Ni treatments, showed low variations of both dry weight biomass and Chl-a, however
important changes in both bacterial and eukaryotic communities were also observed. In addition,
the new metabarcoding approach has allowed for the observation of significant changes in
eukaryote and prokaryote community compaositions along a coastal sediment Ni concentration

gradient (Gillmore et al., 2021). More precisely, these community changes were mainly correlated
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with the dilute-acid extractable concentration of Ni in the sediments, which explained 26, 23, and
19% of the variation for eukaryotes, diatoms, and prokaryotes, respectively. However, to our

knowledge, no similar study has been done specifically for Ni on natural freshwater biofilms.

At 14°C, the autotrophic index increased with exposure time in Ni-exposed biofilms. This
suggests a shift from autotrophic to heterotrophic biofilms. Biofilm exposed to Ni at 20°C also
showed an increasing trend, but values remained relatively stable despite higher biomass and
Chl-a values. These results suggest that Ni exposure led to a modification of the assemblage in
favour of heterotrophic organisms. Ancion et al. (2010) exposed biofilms to different urban runoff
treatments containing metal mixtures of Zn, Cd and Cu during short (5 days) and long term (21
days) experiments. The authors found significant differences in bacterial community structure
occurring after only 3 days of treatment confirming the rapid and sensitive reactivity of microbial
populations to metal exposure. Additionally, it has also been shown that chronic exposures to Cu
resulted in effects upon bacterial community structure (Tlili et al., 2011; Lambert et al., 2012). Our
results are in agreement as the autotrophic index slightly increased after 7 days and above the

first exposure concentration (1 uM of Ni?*; Figure 5-2).

In addition, a concentration of 25 uM of Ni?* was found to have a significant inhibitory effect
on photosynthetic processes, consequently impeding CO. fixation, as has been previously
observed with other metals such as Cu and Zn (Figure 5-4; Corcoll et al., 2011; Lambert et al.,
2017). Indeed, above this threshold concentration, Ni toxicity affected photosynthetic efficiency,
and its resultant impact increased over time, demonstrating long-term effects (Figure 5-4).
Conversely, for lower concentrations, the absence of significant effect resulting from Ni exposure
on photosynthetic efficiency suggests that Ni did not drastically affect the algal physiologic state.
Interestingly, the amount of internalized Ni increased with exposure to free Ni?* concentrations up
to a threshold concentration of 25 pM, at which point accumulation reached a plateau. At higher
concentrations (e.g. 55 and 115 uM of Ni?*; Figure 5-3), internalization was no longer dependent
on exposure concentration, likely due to the Ni-induced toxicity on the phototrophic compartment.
If a saturation of Ni transporter mechanisms could be advanced considering the results of T14P16
and T14P12, the data obtained in T20P16 indicate an abrupt decrease at the highest tested Ni
concentration (e.g. 115 uM of Ni?*) which is more consistent with a toxic effect than a saturation
effect. In other words, these results suggest that Ni-induced toxicity explains the plateau observed
for internalized concentrations for exposures greater than 25 uM of Ni?* and this, from the first
time of exposure. Similar conclusions were reached in biofilms exposed for 28 days to different

Ni concentrations (dissolved concentrations ranging from 5.5 pM to 105 pM) at 15 and 21°C
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(Fadhlaoui et al.,, 2020). Accumulated Ni increased with Ni exposure concentration, with the
highest internal values observed at 25 uM Ni?*, followed by a marked decrease above this
exposure concentration. In fact, nickel toxicity may induce direct and indirect effects, with the
observed phototrophic cellular death possibly explaining the observed plateau in metal
bioaccumulation, which could subsequently increase available organic matter as nutrient for the
heterotrophic compartments (Massieux et al., 2004; Boivin et al., 2005). If metals were to interfere
with the functioning of heterotrophs (Fechner et al., 2011; Pesce et al., 2018), changes in the
structure and diversity of the community towards more tolerant species could also rapidly occur
(Ancion et al., 2010; Tlili et al., 2011; Morin et al., 2017). This would provide explanation as to
why biomass increased over time while Chl-a concentrations decreased. Furthermore, responses
to Ni were quantifiable after 24 h of exposure, thus confirming the rapid, along with the high
reactivity, of biofilms to metal exposure in terms of accumulation, information of particular

importance for future impact assessments.

5.5.2 Influence of temperature and light variations on metabolism

Intra-daily or seasonal variation of conditions in natural environments can occur and are likely
to influence the sensitivity of microbial communities to contaminants. For instance, Villeneuve et
al. (2010) observed that light intensity or hydrodynamic conditions affect the structure and
diversity of river biofilms. Variations in environmental factors are well-known phenomena that
make difficult the establishment of relationships between metal exposure and the observed
biological effects (Bonet et al., 2013; Faburé et al., 2015; Lambert et al., 2017). In our study, while
photoperiod had no significant effect on the growth of biofilms unexposed to Ni, biofilm formation
was more productive at high temperature (see Table 5-1 and Figure 5-2). An increase in
temperature is known to favour the metabolism of organisms such as bacteria and algae (LUrling
et al., 2013). Additionally, several microcosm studies found that an increasing temperature
influenced global phototrophic community structure, both in terms of algal biomass and in terms
of the distribution of main algal classes. For instance, the structural parameters of periphytic
microalgal communities (e.g. cell densities such as Chl-a content per cm?) were affected by
temperature, especially above 21°C among the four tested temperatures (18, 21, 24 and 28°C;
Larras et al.,, 2013). In this study, the authors observed a decrease in diatom diversity in
periphyton communities between different temperature treatments highlighting the dependence

of biofilm communities on seasonal and environmental characteristics. Similar conclusions were
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reached by Lambert et al. (2016) and Morin et al. (2017). Both studies demonstrated that an
increase of temperature led to a shift in diatom assemblage composition with a strong decrease
in diversity leading to a modification of the community tolerance towards Cu. Furthermore, the
lack of significant effect of temperature on the photosynthetic efficiency of control phototrophic
communities suggests that the experimental warming did not drastically affect the physiologic
state of phototrophic organisms within the biofilm studied. If photosynthetic activity is directly
related to metabolism, which is dependent upon temperature, a difference of 6°C did not seem to
be sufficient to observe a significant difference. These results are in agreement with several
studies which found no effect on the maximum PSII quantum yields (Larras et al., 2013; Pesce et
al., 2018; Chaumet et al., 2020). However, some discrepancy was found, for example in a study
examining the effect of a 10°C temperature rise (18°C and 28°C) on the tolerance to Cu for
phototrophic biofilm (Lambert et al., 2017). Indeed, a significant decrease was observed in PSII
values for control biofilms at 28°C (in comparison to 18°C), which revealed an inhibitory effect of
temperature on photosynthesis. These results highlighted the importance of the initial taxonomic
composition and/or the difference in the temperature gradients tested. Concerning heterotrophic
organisms, temperature is known to benefit bacterial growth and exopolysaccharide (EPS)
production (Boivin et al., 2005; More et al., 2014), which has been demonstrated in the field
(Faburé et al.,, 2015). A warming stress was observed to have a significant influence on
extracellular enzymatic activity such as the B-glucosidase, an enzyme involved in carbon
degradation, suggesting that the metabolism of organisms such as bacteria and fungi were
enhanced (Pesce et al., 2018; Chaumet et al., 2020). Our findings are therefore in agreement
with an increase of the autotrophic index at 20°C in control biofilms. Although the LDA was not
able to discriminate the influence of the two temperatures when parameters were normalize by
their respective conditions at day 0, the two conditions seems to dissociate along the x-axis which

was related to the amplitude of variation in the autotrophic index (Figure 5-5).

Among the light components and as mentioned by Cheloni & Slaveykova (2018), most of the
studies dealing with light effects focused on ultra violet radiation (within the spectrum of UVA or
UVB), while the understanding of the role of the photosynthetically active radiation (PAR) and
solar light in trace metal effects was overlooked. Based on our data, we found no evidence that
photoperiod is as critical as temperature. Chaumet et al. (2020), who exposed biofilms in
microcosms to two photoperiods (16/8 and 10/14 light/dark cycle) and two temperatures (10 and
26°C), found an interaction between the influence of both parameters. The study highlights the
influence of temperature but also photoperiod on biofilm metabolism and, in particular, the

parameters related to heterotrophic organisms (i.e. polysaccharide and protein content, and B-
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glucosidase activity). This agrees with our results as the LDA discriminates the two photoperiods
tested along the y-axis which was related to the Chl-a and the autotrophic index (Figure 5-5). This
suggests that a light/dark cycle of 12/12 was beneficial for heterotrophic organisms in comparison
to 16/8. This result is important if Ni toxicity is dependent upon either autotrophic or heterotrophic
organisms, should one be more affected than the other, there is the potential for
additive/synergistic effects caused by Ni exposure and photoperiod. As biofilms are composed of
highly interconnected microorganisms (Battin et al., 2016), a strong effect on one compartment
could generate an indirect effect on the other, thus leading to structural and functional changes.
On the other hand, in terms of photosynthetic yield, Chaumet et al. (2020) found no marked effects
of photoperiod, regardless of exposure time. It thus appears that photoperiod is nhot more
influential as an external stress when compared to temperature. However, Corcoll et al. (2012)
evaluated in a microcosm the relationship between short-term light intensity changes on the
toxicity of Zn to fluvial biofilms with different photo-acclimation. Depending on the treatment,
biofilms were characterized by different structural (Chl-a, dry-weight biomass, EPS, algal
groups/taxonomy) and physiological attributes (photosynthetic pigments). The sensitivity of
biofilms exposed to a multi-stress situation (i.e. sudden change in light intensity and Zn exposure)
varied according to photo-acclimation pre-treatments. Furthermore, light intensity has been
shown to be one of the environmental factors which determined the seasonality of biofilm
responses in the field (Bonet et al., 2013). Therefore, it would appear that light intensity and
spectral composition are more important than the photoperiod in regards to the capacity of biofilm

to tolerate metal exposure.

5.5.3 Interactions between environmental factors and nickel toxicity and

accumulation

The effects of environmental factors on Ni toxicity were significant in the case of temperature.
The 2-way ANOVA analyses conducted in this study confirmed an interaction between Ni
bioaccumulation and temperature (Table 5-2), but not with the photoperiod (Table 5-3).
Interestingly, these results suggest that metal accumulation in natural systems may vary with
temperature. In addition, temperature modulated the functional effects of Ni, as shown by the
measured photosynthetic efficiency values in Ni-exposed biofilms. Calculated ECsos using the
®pg after 7 days showed statistical differences between the three conditions with a decreasing
trend in toxicity as follows: T14P16 < T14P12 < T20P16 (Figure 5-4). Biofilms exposed to 20°C
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accumulated higher levels of Ni (i.e. 1.6 to 4.2-fold higher at 20°C; Figure 5-3), which is in
accordance with the lower ECso in that condition (Figure 5-4). Overall, biofilm appeared to be
more impacted and more productive at 20°C than at 14°C. However, using all descriptors, the
LDA was not able to clearly discriminate the temperature condition from the others (see Figure 5-
5). Nevertheless, these results highlight the influence of temperature on the metabolism of the
phototrophic component of the biofilm and illustrate the previous conclusions that this factor
influenced Ni accumulation and thus, the Ni sensitivity of biofilms. However, because temperature
affected the community structure during the acclimatization phase resulting in observable
differences from day 0, temperature might have directly or indirectly modified Ni sensitivity of the
two biofilms exposed at 14 or 20 °C. This is in agreement with studies that found an influence of
temperature on the vulnerability of phototrophic and heterotrophic microbial communities to metal
toxicity (Lambert et al., 2016; Lambert et al., 2017; Pesce et al., 2018). All these studies showed
that a temperature increase modulates the response of biofilm to chronic Cu exposure depending

on the function considered (i.e. phototrophic or heterotrophic organisms).

To our knowledge, in any previous efforts made to understand the link between tolerance
acquisition and taxonomic composition of the community to metal exposure, few studies have
closely investigated bioaccumulation. For instance, Friesen et al. (2017) utilized microcosms to
expose natural biofilm of the same inoculum to Se for 21 days under different light and nutrient
conditions. The authors found that the different environmental conditions tested resulted in
different taxonomic composition within biofilms, but also significant differences in internalized Se
concentrations. Their findings suggest that factors other than total dissolved Se concentration in
the water influence Se accumulation in the biofilm, including taxonomic composition and
physicochemical characteristics of the water. Lambert et al. (2016) and Pesce et al. (2018)
exposed biofilms to Cu using similar methods to the current study and found that internalized Cu
tended to decrease with increasing temperature, albeit statistically non-significant. However, Cu
speciation is known to be highly sensitive to pH and organic ligands (e.g. dissolved organic matter,
algal exudates) and only a small proportion of Cu is usually present as the free ion (Mueller et al.,
2012; Macoustra et al., 2020). If authors emphasized that this reduction of Cu bioaccumulation
was not due to a limitation of dissolved Cu concentrations, they also mentioned the possibility of
a difference in exposure due to Cu bioavailability. If dissolved organic matter is also known to play
a role in Ni speciation (Macoustra et al., 2021), using free metal concentrations, as in this study,
ensures that the approach can be generalized to various water chemistry conditions, thus allowing
a better lab-to-field extrapolation. To our knowledge, only Fadhlaoui et al. (2020) exposed biofilms

to Ni in microcosms at different temperatures. These authors found no apparent differences in
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accumulated Ni between the two temperatures tested (15 and 21°C), contrasting with our results.
However, the range in accumulated metal was similar to that found in our study with conditions
T14P16 and T14P12 (around 40 umol/g dw after 28 days of exposure). Using confocal laser
scanning microscopy (CLSM) and scanning transmission X-ray microscopy (STXM), Lawrence et
al. (2019) investigated Ni bioaccumulation and its precise location within river biofilms. The
authors showed that Ni was strongly associated with EPS and that 4-fold more nickel was
concentrated in specific microcolonies than in overall biofilms. As a comparison Se was shown to
be associated with protein and polysaccharide biofilm components (Yang et al., 2016). Findings
also suggest an important role for specific community members in the sorption and concentration
of Ni (and more generally metals such as Se) in aquatic biofilm communities. It could be
hypothesized that the structure of the biofilm, such as the taxonomic composition, may explain
the differences of accumulation found in this study based on the idea that specific temperatures
are more favourable for some organisms. This hypothesis could explain the higher
bioaccumulation of biofilms exposed at 20°C compared to those exposed at 14°C. From this
perspective, using community-based approaches, such as metabarcoding, while investigating
bioaccumulation as a function of the free metal ion concentration would provide important
information about how internalized metal concentrations are being affected by taxonomic

community composition or specific organisms (Gillmore et al., 2021).

Our results are coherent with those published in a previous field study (Laderriere et al., 2021).
Differences were found in the observed relationships between free metal ions and biofilm metal
concentrations between two regions distanced 1700 km apart (northern and southern eastern
Canada). The two regions were different in terms of climate, ecosystems and thus environmental
conditions (i.e. temperature and photoperiod). The southern biofilm showed higher internalized
concentrations of metals studied (Cu, Ni and Cd) for the same concentration of free metal ions in
ambient water as compared to the northern biofilms. Our results suggest that temperature plays
an important role in the bioaccumulation of metals by the biofilm and that this factor should be

taken into account in the use of biofilm as a bio-indicator over large geographical scales.

5.6 Conclusions

Variability in environmental factors make it difficult to establish a causal link between metal
exposure and observed biological effects. Furthermore, environmental conditions, which include

high background metal concentrations could favour benthic microbial communities tolerant to
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metals. In this context, microcosm approaches are interesting because they allow us to study the
influence of specific parameters while remaining at the community scale. In this study, the
influence of interactions between environmental factors such as temperature and photoperiod,
and Ni exposure on Ni bioaccumulation and toxicity were investigated. Nickel exposure caused a
chronic effect on the efficiency of PSII, the percentage of inhibition increasing with the duration of
exposure. On the other hand, Chl-a concentration values decreased when biomass increased
over time for the different exposure concentrations. This suggests that the heterotrophic
compartment was less impacted than the phototrophic one. Furthermore, our results suggest that
temperature has a stronger effect on Ni accumulation than photoperiod. Indeed, biofilms exposed
at a temperature of 20°C bioaccumulated more Ni than those exposed at 14°C for a given
exposure concentration and were characterized by a lower ECso value. This suggests that
temperature influenced directly (e.g. by influencing cell metabolism) or indirectly (e.g. by
modifying biofilm structure/composition) the Ni vulnerability of biofiims. In a context where
freshwater biofilms may be used as indicators of metal exposure, these results imply that

seasonal variations in the bioaccumulation response of metals is likely to occur.

Further studies should focus on the different functional compartments (e.g. phototrophic and
heterotrophic) of biofilms by using descriptors to assess interactive effects of multiple stressors
at the community level. Indeed, it would be interesting to explore Ni toxicity in the heterotrophic
compartment of biofilms to examine if the vulnerability of microbial communities to subsequent Ni
exposure depends on the studied function. In order to allow extrapolation of laboratory data to the
natural environment, it appears crucial to understand the links between bioaccumulation, changes

in environmental conditions and the taxonomic community composition of freshwater biofilms.
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7.1 Abstract

Whereas low concentrations of some metals can occur naturally in freshwater ecosystems,
anthropogenic activities like mining operations represent a long-standing concern of discharge.
Subsequently released into aquatic environments, metals are likely to come in contact with
microbial communities such as periphytic biofilm, which plays a key role as a primary producer in
stream ecosystems. The present study assessed the effects of four increasing nickel (Ni)
concentrations (0 to 6 uM) on two different natural biofilm communities collected in different
seasons. Using two 28-day microcosm studies, biofilms collected during summer were exposed
to Ni with a 16/8 light/dark cycle while those collected during the winter were exposed with a
photoperiod of 8/16. The two biofilms were characterized by different structural (dry weight
biomass, Chl-a content, proteins and polysaccharides) and functional (photosynthetic yield,
activity of two extracellular enzymes) characteristics as well as Ni bioaccumulation. In parallel,
their tolerance acquisition were monitored over time using short-term toxicity tests. The results
demonstrated that the two communities were characterized by different structural profiles (e.qg.
autotrophic index, proteins and polysaccharides). Communities showed significant differences in
Ni accumulated content for each treatment with systematically lower values in the case of the
biofilm exposed to the winter photoperiod. The B-glucosidase and B-glucosaminidase showed no
marked effects of Ni exposure and were globally similar between the two communities.
Furthermore, biofilms previously exposed to the highest long-term Ni concentration ([Ni?*] = 6 uM)
revealed no acute effects in subsequent short-term toxicity tests based on the PSIl yield,
suggesting a tolerance acquisition by the phototrophic community. Taken together, the results
suggest that the biofilm response to Ni exposure was mainly conditioned by their initial

characteristics and that the responses to Ni can thus be seasonally dependent.

Keywords: Biomonitoring, Photosynthesis, Accumulation, Photoperiod, Metals, PICT

129






7.2 Introduction

Freshwater ecosystems provide numerous services in addition to harboring a significant
portion of the biodiversity on which humans depend. Nowadays it is well known that
anthropogenic pressures could have severe and persistent repercussions on aquatic ecosystem
health, thus reaffirming the need to develop tools to evaluate the ecological integrity of these
environments (Reid et al., 2019). While low concentrations of metals can occur naturally in
freshwater ecosystems, anthropogenic activities like mining operations represent a long-standing
concern of discharge (Ancion et al., 2013). In fact, mines can release metals that may lead to
concentrations in surface waters several times higher than natural background levels, even after
closure if they are not adequately rehabilitated (Lavoie et al., 2012; Leguay et al., 2016; Vendrell-
Puigmitja et al., 2020). It is well recognized that such contamination leads to a loss of biodiversity,
from bacteria to fish (Weber et al., 2008; Morin et al., 2012; Mebane et al., 2020). Among all
studied metals in ecotoxicology, Ni has received less attention than other metals while presenting
an important ecotoxicological risk in regions where it is extracted: e.g. Philippines and Indonesia
(Gissi et al., 2016), New Caledonia (Gillmore et al., 2021), Canada (Laderriere et al., 2021),
among others (U.S. Geological Survey, 2021).

In order to better understand the dynamic behaviour and the consequences of contaminant
exposure in the environment and their potential ecological effects on natural ecosystems,
biomonitoring approaches have been shown to have a high potential. For instance, freshwater
biofilms are known to integrate and react quickly to anthropic contamination making it a useful
bioindicator (Stewart et al., 2015; Faburé et al., 2015; Bonnineau et al. 2020). Biofilms are
composed of many ecological groups including microalgae, fungi, bacteria and protozoa
embedded in a self-produced exopolysaccharide matrix. They cover almost every surfaces in
freshwater environments (Flemming & Wingender 2010; Battin et al. 2016). In addition to being
at the base of the trophic chain and to constantly grow to regenerate biomass, they are sessile,
involved in ecosystem processes and contribute substantially to global biogeochemical fluxes
(Guasch et al., 2016; Battin et al., 2016). These characteristics provide biofilms potential to be an
effective tool for integrating spatial and temporal variations in contaminant sources as well as
possible ecological effects on higher trophic levels (Hobbs et al., 2019). Metals are known to
impact both phototrophic and heterotrophic communities of biofilms and various biomarkers have
been developed in the last decades. For instance, chlorophyll-a (Chl-a) content (Corcoll et al.,

2011), photosynthetic activity (Lambert et al., 2016), antioxidant enzyme activities (Bonet et al.,
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2012), extracellular enzymes activities (Pesce et al., 2018), microbial respiration (Tlili et al., 2011)
may be altered allowing to measure the response of living organisms to metals. Moreover,
bioaccumulation by biofilms has shown a great potential as a biomonitoring tool for both metallic
(Lavoie et al., 2012; Leguay et al., 2016; Laderriere et al., 2021) and organic contaminants
(Fernandes et al. 2020; Bonnineau et al. 2020). In addition, because of the fast accumulation and
the slow release of metals by biofilms, they constitute an integrative indicator of metal exposure
occurring over a period of hours or days (Ancion et al., 2010; Faburé et al., 2015; Dranguet et al.,
2017).

Discriminating toxicant-induced effects from those induced by biotic or abiotic factors on
biological communities is challenging. In this context, the pollution-induced community tolerance
(PICT) has been introduced first by Blanck et al., (1988) and allows for a better characterization
of the effects of contaminants on the structural and functional changes of biological communities
(Tlili et al. 2016). In the case of biofilms, an increase in community tolerance from chronic
exposure to contaminants might be the result of the disappearance of sensitive species and
dominance of tolerant ones. Metal contamination is known to lead to structural and functional
changes in phototrophic (Morin et al., 2012; Vendrell-Puigmitja et al., 2020) and heterotrophic
communities (Ancion et al., 2010; Ancion et al., 2013). In this context, a community that has been
exposed chronically to contaminants can become more tolerant than the unexposed reference
community (Tlili et al. 2016). Based on a short-term toxicity test using a physiological endpoint,
the acquisition of tolerance can be measured by a dose-response approach and ultimately provide
Effective Concentrations (EC). However, contaminants may have an impact on different functions,
highlighting the necessity to use a large set of functional and structural descriptors covering more
than one microbial component (i.e. phototroph or heterotroph; Tlili et al., 2011; Pesce et al., 2018).
Additionally, environmental factors such as temperature (Morin et al., 2017; Pesce et al., 2018),
nutrients (Serra et al., 2010; Tlili et al., 2010) and light (Navarro et al., 2008; Corcoll et al., 2012;
Cheloni & Slaveykova, 2018) are known to influence the sensitivity of phototrophic and
heterotrophic periphytic communities to metal. About light, the majority of the studies focused on
light intensity and spectral composition (e.g. ultraviolet radiation) and to our knowledge, few
studies have focused on the photoperiod. These studies are often based on unicellular green
algae and few studies have worked on their effects on non-model organisms such as biofilms
(Cheloni & Slaveykova, 2018). Moreover, species-species interactions are known to influence
metals toxicity dissimilarly depending on the exposure duration and light conditions (Cheloni et
al., 2019). Thus, in the context of PICT using periphytic biofilms, there is still a lack of knowledge

about the links between changes in exposure biomarkers (i.e. increase or decrease in the
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response), such as bioaccumulation and the combined effects of metal exposure and

environmental factors.

In previous studies, bioaccumulation of metals by freshwater biofilms has been proved to
have a universal potential as a proxy for metal bioavailability, despite large geographical scales
in lotic ecosystems (Laderriere et al., 2021). Furthermore, bioaccumulation of Ni by biofilms and
their sensitivity were shown to be modified by temperature suggesting that seasonal variations in
the bioaccumulation of metals are likely to occur (submitted data; see section 5). The aim of this
experimental microcosm study was to assess the impact of environmentally relevant Ni
concentrations on natural microbial communities collected in two different seasons. The
gualification of August (summer) or December (winter) biofilms will therefore be used in the text.
Considering that the two communities originated from two different seasons, the overall objective
was to study the effects of chronic Ni exposure on their sensitivity and tolerance in relation to their
structural and functional characteristics. Thus, two biofilms, grown for one month in a natural pond
in two different seasons, were chronically exposed to different concentrations of Ni according to
a summer (light dark/cycle of 16/8) and a winter (8/16) photoperiod. At each sampling time,
biofilms were collected to be structurally (dry weight biomass, Chl-a content, proteins and
polysaccharides) and functionally (functions associated with autotrophs: photosynthetic yield, and
heterotrophs: B-glucosidase and B-glucosaminidase activities) characterized and to determine the
Ni content. In addition, short-term toxicity tests were conducted on both communities to measure
their capacity to tolerate subsequent Ni exposure over time. We postulated that both the
photoperiod (in relation to the initial characteristics of the two communities) and the chronic Ni
exposure would modify microbial community structure leading to changes in the capacity of

phototrophic and heterotrophic communities to tolerate subsequent acute exposure to Ni.

7.3 Materials & methods

7.3.1 Experimental set-up

For biofilm colonization, glass slides (L: 26.5 cm; W: 6 cm; surface: 159 cm?) were submerged
(between 10 and 20 cm beneath the water surface) for one month in August and in December
2018 in the Gazinet-Cestas pond (44°46'30.1"N, 0°41'44.3"W). The physico-chemical
characteristics of the pond are presented in Appendix Ill (see Table 13-1). After a month,

colonized glass slides were collected and were randomly placed in artificial channel systems.
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Slides were placed horizontally under a water column height of about 5 cm. Biofilms were exposed
under controlled light conditions (40 umol-photons/m?/s measured at the level of the glass slides;
LICOR LI-250 light meter) and the water temperature was 14.7 + 0.5°C. This temperature has
been chosen as an intermediate between the two seasons and this temperature was kept stable
during the two experiments to avoid an influence of this parameter. Two experiments were carried
with two different photoperiods: 16/8 (diurnal cycle mimicking the summer season) and 8/16 (cycle
of the winter season). Prior to the start of the exposure with the addition of Ni, a period of two

weeks was allowed for the biofilm to acclimatize to the artificial channel systems.

Summer photoperiod Winter photoperiod
16/8 light/dark cycle 8/16 light/dark cycle
Co C1 c2 C3
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Figure 7-1: Graphical representation of the experimental design. Each square represents a glass tile colonized
by biofilms.

The experimental set-up was composed of four exposure units, each supplied with
recirculating filtered pond water (successive filtration up to 250 um; see Figure 7-1). Each unit
was divided in three dependent artificial streams (L: 50 cm; W: 9.2 cm; H: 5 cm) sharing the same
10 L refill reservoir. A submersible pump was used to maintain oxygenation, flow (9 x 107 m3/s)

and to simulate a river environment. Four dissolved Ni concentrations were tested and precisely
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determined (mean + SD; n = 6): a control (i.e. no added Ni: C0), a low contaminated (C1: [Ni]r =
0.5 uM; [Ni?*] = 0.06 uM), a moderately contaminated (C2: [Ni]r = 3.5 uM; [Ni?*] = 0.6 uM) and a
highly contaminated (C3: [Ni]r = 20 uM; [Ni¥*] = 6 uM) one. At each sampling time, half of the
exposure medium volume was renewed with freshly filtered water of the pond. Nickel
concentrations were adjusted according to the treatments before renewal to maintain the
concentration in the exposure units using a Ni stock solution (ICP standard solution of 10 g/L of
Ni in 4% HNOs (v/v); SCP Science). The two experiments were carried out for 28 days and biofilm

was sampled each week (7, 14, 21 and 28 days).

7.3.2 Water analyses and Ni speciation

Temperature, pH and conductivity were measured every week before and after exposure
medium partial renewal using an in-situ probe (WTW, Germany). Water samples were also taken
before and after the renewal to follow physico-chemical parameters over time. The results are
presented in Appendix Il (see Table 13-3 and 13-4). For each unit, 1 L of water was collected
from the reservoir, filtered (polysulfonate; @ = 0.45 um; VWR International) and stored at 4°C until
analysis. Dissolved nutrients were measured by ion chromatography (COMPACT 881 IC Pro,
Metrohm, Switzerland) coupled with a conductivity detector (Metrohm 850 IC, Switzerland) and
total organic carbon (TOC) was analyzed using an organic carbon analyzer (TOC-VW, Shimadzu,
France). Aliguots of 15 mL were collected at the same time as biofilm sampling (one sample per
channel; n = 3) for elemental quantification (Ca, Co, Cu, Fe, K, Mg, Mn, Mo, Ni, Na, P, Pb, Si, Zn)
by inductively coupled plasma atomic emission spectroscopy (ICP-AES; Varian Vista AX CCD).
Polysulfonate filters were also used to filter the water samples that were subsequently acidified
at 0.2% (v/v) HNOs (trace metal grade; Fisher). All samples were kept stored in a cold room (4
°C) until analysis. Nickel speciation was calculated using WHAM7 software for each sampling
date based on measured concentrations both before and after the renewal. Input parameters
were pH, total dissolved metal concentrations (Cu, Fe, Mn, Pb, Zn, and Ni), total anions (NOs,
S04%, and CI) and major cations (Ca, Mg, Na and K). The concentrations of fulvic (FA) and humic
(HA) acids were also required for modelling purposes, which were estimated from the
concentrations of dissolved organic carbon (DOC). The proportion of FA to HA was assumed to
be at a 3:1 ratio and metal binding DOC to represent 60 % of the dissolved organic matter, which
is made of 50% C (Perdue & Ritchie, 2003).
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7.3.3 Biofilm characterization and tolerance assessment

For each condition and sampling date, three replicates of samples were collected per unit
(one per channel). Biofilms were scrapped off using a razor blade and resuspended in 40 mL of
Dauta medium (see Table 13-2 in Appendix Il for composition details). We used an atrtificial
medium in order to minimize differences in exposure for acute Ni toxicity tests and to be able to
compare between experiments. At room temperature, the biofilm solution was then homogenized
using a magnetic stirrer for 30 min at 150 rpm (Variomag multi-station agitator; Thermo-Scientific)
before being subdivided for the different parameter analyses: 10 mL for PICT assessment, 10 mL
for Ni bioaccumulation determination, 10 mL for Chl-a extraction, 500 pL for protein content,

500 yL for polysaccharide, 150 uL for B-glucosidase and 150 pL for B-glucosaminidase

quantification. Measured values were normalized for the scraped surface (79.5 cm?) and
subsequent dilutions. The details of each procedure are explained below.

7.3.3.1 Short-term bioassays and tolerance assessment

The tolerance assessment was based on short-term Ni toxicity tests by measuring the
effective photosystem Il quantum vyield (®psi) using a Pulse Amplitude Modulated Fluorimeter
(Phyto-PAM; Heinz Walz GmbH, Germany). The tolerance level of phototrophic biofilm to Ni was
assessed every week (7, 14, 21 and 28 days) in order to follow a potential tolerance acquisition
over exposure time. From 10 mL of biofilm suspension, 1 mL was resuspended in 2 mL of Ni
contaminated Dauta medium to obtain a semi-logarithmic series of 8 toxicant dilutions with final
test concentrations ranging from 0 to 170 uM of total Ni (i.e. 0 to 3 mg/L). During the 6 hours of
short exposure, biofilm suspensions were kept on an agitator plate (40 rpm) under constant light
(19.5 + 1.5 pmol-photons/m?/s; n = 5) and Ni toxicity was determined by measuring ®ps after 6 h.
Using MINEQL+ software, Ni was calculated to be at 94.4% under its free form (Ni?*) in the Dauta

medium. ECs can therefore be converted in uM of Ni?* using this percentage.

7.3.3.2 Bioaccumulation

In order to measure Ni bioaccumulation, each biofilm suspension was centrifuged (6000 rpm;
5 min). A volume of 10 mL of EDTA (10 mM; pH 7) was added to the pellet to dissociate surface

adsorbed Ni from intracellular content. The mixture was vortexed, and cells were recovered after
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another 5 min centrifugation step. The supernatant was removed and the pellets were then
lyophilized during 48 h (ALPHA1-2 Dplus CHRIST, Germany). After this step, 800 pL of
concentrated nitric acid (trace metal grade; Fisher) were added to the pellets for a digestion step
of 48 h. Then, 200 pL of hydrogen peroxide (trace metal grade; Fisher) were added for another
48 h. A volume of 800 pL of this digestate was then diluted in 7.2 mL of ultrapure water to reach
a final HNO3; concentration of 10% (v/v). The intracellular Ni content was determined by ICP-AES
(Varian Vista AX CCD). Blank samples and the certified reference material IAEA-450 (algae) were
also digested and analyzed to verify the methodology and the efficiency of the digestion method
(mean Ni recovery of 81.5 + 0.5%; n = 3).

7.3.3.3 Chlorophyll-a extraction

A volume of 10 mL of biofilm samples was centrifuged at 5000 rpm during 5 min and the
pellets were resuspended in 10 mL of acetone 90 % (v/v; Fisher Scientific). In the dark, pigments
were extracted in tubes placed in an ultrasonic bath during 30 min and samples were then filtered
onto GF/C filters (1.2 pm; Whatman). Pheophytin-corrected Chl-a was determined
spectrophotometrically (Synergy™ HT, Bioteck, USA) by measuring absorbance before and after
acidification using 60 pL of HCI (ACS grade; Fisher Scientific).

7.3.3.4 Protein content

A protocol adapted to low concentrations of proteins was developed based on the
methodology presented by Bradford, (1976). To determine the protein content, 4.5 mL of
methanol were added to 500 uL of biofilm suspension. The samples were placed in a beaker filled
with water, and placed in the ultrasonic bath for 20 min. The samples were then evaporated
(SpeedVac; Thermo Fisher Scientific) and resuspended in 500 uL of ultrapure water. A volume of
2.5 mL of Bradford reagent was then added. The absorbance was measured with a microplate
reader (595 nm; Synergy™ HT, Biotek, USA). Absorbance was expressed as a protein
concentration as ug Eq BSA (Bovine Serum Albumine). Based on the chemical formula of BSA
(Ca072H4828N5160928S40), the results were reported in pg of C relative to the percentage of C in the

molecule (53%).
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7.3.3.5 Polysaccharide content

Polysaccharide content was analyzed according to Dubois et al. (1956). A volume of 1.25 mL
of concentrated sulphuric acid and 12.5 pL of phenol were added to 500 pL of resuspended
biofilm. The samples were left to react during 10 min at room temperature before being vortexed
and incubated for 20 min at 30°C. The absorbance was then measured using a microplate reader
(485 nm; Synergy ™ HT, Biotek, USA). Polysaccharide concentrations were then expressed as
Mg Eq glucose (D(+) - glucose anhydrous). Based on the chemical formula of glucose (CeH1205),

the results were then reported in pg of C relative to the percentage of C in the molecule (40%).

7.3.3.6 Extracellular enzymatic activities

According to the methodology outlined in Romani et al. (2008), Two extracellular enzymatic
activities were measured in this study: the B-glucosidase (B-glu) and the B-glucosaminidase
(glsm). Two substrates were therefore used with their respective fluorescent-linked substrate: 4-
methylumbelliferyl N-acetyl-B-D-glucosaminide and 4-methylumbelliferyl-B-D-glucopyranoside.
The two enzymatic activity assays were done at a saturating concentration of substrate (0.3 mM).
A volume of 150 pL was added to the 150 pL of biofilm resuspension before the solution was
agitated at 80 rpm in the dark. After one hour of incubation, the reaction was stopped by addition
of glycine buffer (pH = 10.4). The fluorescence of samples was then measured using a microplate
reader (Synergy™ HT, Biotek, USA) at excitation-emission wavelengths of 365 and 455 nm
respectively. Fluorescence values were expressed as pg Eq MUF (7-hydroxy-4-methylcoumarin).

7.3.4 Statistical analyses

All statistical analyses were performed with the R software (v4.0; https://cran.r-project.org/).
Data were log-transformed before statistical analyses to satisfy the assumption of normality and
homogeneity of variances. A two-way repeated measures ANOVA ("rstatix" package) followed by
a post-hoc Tukey test (with a Bonferroni adjusted p-value) was used to examine statistical
differences in variations in water and periphyton characteristics between Ni exposure
concentrations or the two photoperiod experiments (R Development Core Team, 2012). The
tolerance assessment results were analyzed using the "drc" package. The four-parameter log-

logistic model was used in order to fit dose-response curves to data and to calculate subsequent
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effective concentrations (EC). These EC were then tested using a two-way repeated measures
ANOVA followed by a post-hoc Tukey test with a Bonferroni adjusted p-value. Significance for all
statistical tests was set at p < 0.05.

7.4 Results

7.4.1 Physico-chemical data

The mean values of the main physico-chemical parameters of the water are presented in
Table 7-1. During the two experiments, water physicochemical characteristics remained similar
between treatments within each photoperiod exposure, except for Ni concentrations. The
complete table with all parameters (including nitrate, nitrogen, sulfate, silica, etc) is presented in
Table 13-1 (Appendix Ill). Conductivity and pH were stable over exposure time but were
significantly different between the two photoperiods tested. The dissolved organic carbon (DOC)
concentrations were occasionally fluctuating over time for the two experiments leading to
variations (statistically significant) in the calculated free nickel concentrations nevertheless the
concentration of free Ni?* remained relatively close to the nominal concentrations (see Table 7-
1). The average calculated free Ni* concentrations were 0.04 + 0.02; 0.60 £ 0.23; 5.4 £ 2.1 uM
for the 16/8 photoperiod and 0.07 £ 0.01; 0.66 £ 0.19; 7.0 £ 1.6 uM of Ni?* for the 8/16 photoperiod.
In the control units (i.e. without added Ni), dissolved Ni concentrations remained below the limit

of detection (0.007 uM) throughout the two experiments.
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Table 7-1 : Physico-chemical characteristics of exposure media of the four channel systems. The values are presented as means + standard deviations
(n = 24). b/DL = below detection (0.007 puM). N/A = not available. The letters a and b respectively refer to the results of Tukey tests
performed between (a) the different conditions in comparison to the control (CO) within a given photoperiod, and (b) the two
photoperiods tested within a given condition. The column heads refer to the long-term exposure conditions: CO = control (i.e. no Ni); C1
=[Ni?*] = 0.06 uM; C2 = [Ni?*] = 0.6 uM; C3 = [Ni?*] = 6 uM.

Photoperiod 16/8

Photoperiod 8/16

Cco C1l C2 C3 COo C1l C2 C3
pH 79 % 0.1 7.9° * 0.1 7.9° * 0.1 7.8° % 0.1 76° 0.1 75 * 0.1 75 * 0.1 753 & 0.1
C"(Egtl‘grtri]‘;“y 241%  + 17 234b &+ 14 230%® & 14  232® + 12 | 210® =+ 13 195%® &+ 9 185%® &+ 8 188 8
[DOC] (mgC/L) | 45 + 28 43°  + 15 34® o+ 14 3B 0+ 20 3 + 5 4® + 5 a2+ 20 31 o+ 7
[Calx (MM) | 0.60° + 015 058° =+ 015 055° =+ 016 048° + 019 | 0.53° + 006 047% + 004 044 + 004 044° = 002
[ca](mM) | 037 + o004 037° + 002 039® =+ 003 038° + 003 | 034 + 002 033° + 002 030® =+ 003 232 + oo01
Mglo (M) | 0.12° + 003 012° =+ 003 012°® + 004 010® + 004 |011® + 001 010® + 001 009® =+ 00l 011° + 005
[Mg#](mM) | 0.090 + 0008 0090° + 0005 0092° =+ 0007 9% '+ 0007 [ 0081 + 0006 0075® =+ 0005 0069% =+ 0005 °00 + 0003
[Nilror (M) b/DL 047° + 008 342 + 01 20° + 2 b/DL 0512 + 006 36° + 05 20° + 3
[NiZ*] (uM) NIA 0.044%® + 0018 060° + 023 54%® + 21 N/A 0072 + 0011 066° + 019 70® + 16
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7.4.2 Structural and functional characteristics of biofilms

A series of endpoints targeting the whole community, or specific to autotrophs and
heterotrophs, were used to assess the effects of chronic Ni exposure to biofilms. The main
structural characteristics of biofilms are presented in Table 7-2. Effects of photoperiod on each
descriptor were measured by comparing controls and Ni-exposed biofilms at the four sampling
times. We used the autotrophic index, which is the ratio between biomass (ug/cm?) to Chl-a
content (ug/cm?), to give a general overview of the composition of the two biofilms (i.e. autotrophic
vs heterotrophic components).

Overall, as suggested by the autotrophic index values, the biofilms exposed to the two
photoperiods present different structural characteristics. Indeed, dry-weight biomasses and Chl-
a content per unit surface were respectively lower and higher in the case of the summer
photoperiod compared to the winter one. This leads to opposite tendencies in the autotrophic
index values between the two photoperiods suggesting a more heterotrophic biofilm in the case
of the winter photoperiod. In relation to time, the dry weight biomass varied from one sample to
another but slightly increased over time except for the control condition in the case of the summer
photoperiod. For the same photoperiod, the Chl-a contents gradually increased during the 28
days except for the control (CO; [Ni?*] = 0 uM) and for the highest exposure condition (C3; [Ni?*]
=6 uM). For the winter photoperiod, Chl-a contents slightly increased with time for the CO and C1
conditions, but remained stable in the case of the C2 and C3 conditions. Finally, the C3 condition

showed lower Chl-a values in comparison to the other Ni treatments for the two photoperiods.
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Table 7-2 : Main descriptors (mean * standard deviation) of biofilms under control and Ni-exposure conditions at 0, 0.06, 0.6 and 6 uM of Ni** (named
respectively CO, C1, C2 and C3). The letters 2and ° refer to the results of Tukey tests performed between (a) the different conditions in
comparison to the control (CO) within a given sampling time and photoperiod, and (b) the two photoperiods tested within a given
condition and time, respectively.

Photoperiod 16/8 Photoperiod 8/16
Time Treatment i~ ; i i~
(days) Dry-weight biomass Chlorophyzlll-a Autotrophic index  Dry-weight blzomass Chloroph;zlll-a Autotrophic index
(mg/cm?) (Hglcm?) (x 10°%) (mglcm?) (Hg/cm?) (x 109)

CO 0.11 + 0.08 0.09 + 0.01 15 + 13 0.42 + 0.02 0.11 + 0.03 6.6 * 1.2

C1 0.067° =+ 0.043 0.09 + 0.03 11 + 0.8 0.35° & 0.01 0.13 + 0.05 5.1 * 1.9

! C2 0.13° 0.07 0.070 + 0.030 3.9 + 3.5 0362 =+ 0.08 0.12 + 0.03 5.1 * 1.2
C3 0.074® = 0.019 0.040 + 0.010 51 + 34 032 & 0.07 0.06 + 0.03 13 * 11

(o0] 0.12° % 0.03 0.10 + 0.02 2.2 + 0.8 0.33b & 0.08 0.17 + 0.06 3.8 * 1.7

C1l 0.26 + 0.31 0.28 + 0.15 2.6 + 3.0 0.34 + 0.04 0.14 + 0.07 4.2 + 1.6

v Cc2 0.28 * 0.16 0.23b + 0.06 3.3 + 24 0.28 + 0.04 0.12° + 0.03 3.3 * 1.5
C3 0.11° # 0.07 0.060 + 0.040 1.8°b + 1.0 0.33b &+ 0.07 0.07 + 0.01 5.7° * 0.6

CO 0.071° = 0.036 0.09 + 0.03 0970 0.60 052b + 0.03 0.14 + 0.06 5.9°b + 2.4

C1 0.14 + 0.13 0.39 + 0.25 0.73b + 0.34 0.46 + 0.10 0.13 + 0.03 5.4° + 1.0

2t C2 0.26 + 0.12 0.30° + 0.06 2.5 + 1.6 0.35 + 0.15 0.10° + 0.05 5.1 + 34
C3 0.077° =+ 0.067 0.070 + 0.030 1.0b + 0.7 0.48b &+ 0.05 0.10 + 0.04 7.4° + 2.3

CO 0.090° =+ 0.030 0.11 + 0.06 1.0b + 0.3 0580 + 0.03 0.21 + 0.04 5.9°b + 1.2

C1 0.22 + 0.22 0.35 + 0.31 1.4b + 0.7 0.57 + 0.08 0.24 + 0.10 45"b + 1.6

28 Cc2 0.37 * 0.20 0.52b + 0.19 2.5 + 1.1 0.35@ £ 0.02 0.09° + 0.03 5.6 * 2.5
C3 3.2° * 1.0 0.060 + 0.020 3.8 + 3.5 0442 + 0.04 0.08 + 0.02 7.6 * 2.0
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ug C/g dw

Hg Eq MUF/g dw

Figure 7-2 presents the proteins and polysaccharides dosages as well as the B-glucosidase
and B-glucosaminidase activity measurements. The data show significant differences in the

protein and polysaccharide concentrations between the two photoperiods (see Figure 7-2A and

7-2B).
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Figure 7-2 :

Boxplots of proteins (A), polysaccharides (B), B-glucosidase (C) and B-glucosaminidase (D)

measured in biofilms as a function of the average free Ni?* exposure concentration (uM) for
the two photoperiods tested (i.e. 16/8 and 8/16 of light/dark cycle) and for the first and last
sampling times (days 7 (in white) and 28 (in red); n = 3). The letters correspond to the
significant differences defined by a post hoc Tukey test (p < 0.05) within a given photoperiod.
All sampling times are presented in Appendix Ill (see Figure 13-3).
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Indeed, at a given Ni concentration or time the summer biofilm contained around 10 times
higher and lower proteins and polysaccharides in comparison to the winter biofilm, respectively.
Within a given photoperiod and sampling time, these two descriptors showed no marked effects
of Ni exposure in comparison to the control. Only the polysaccharides in the case of the winter
photoperiod at day 28 showed differences between the control (C0) and the C1 and C3 conditions.
Nevertheless, if clear differences were observed between controls and Ni-exposed biofilms for
either photoperiod, polysaccharides tend to increase over time with the summer photoperiod while

a decreasing trend is observed in the case of the winter photoperiod.

The extracellular enzymatic activity of -Glu and Glsm provide information about the effect of
chronic Ni exposure on the degradation of organic matter into assimilable nutrients. Indeed, these
two enzymes play a role in carbohydrate degradation and in the degradation of peptidoglycans (a
component of the bacterial wall) or chitin (a polysaccharide derived from fungal walls),
respectively. As shown in Figures 7-2C and 7-2D, none of the enzymatic activities were
significantly affected by chronic exposure to Ni in comparison to control. In addition, by comparing
the two photoperiods, these two activities did not significantly differ between the control and
exposed biofilm in either community. Nevertheless, a decreasing trend over time was observed
for the two enzymes, especially in the case of the winter photoperiod. Indeed, significant
differences were found between days 7 and 28 notably for biofilms exposed to the highest Ni
concentrations (C2 and C3). Interestingly, no differences were observed in the case of the

summer photoperiod (except for Glsm in the C1 condition).

7.4.3 Nickel bioaccumulation by biofilms

Significant differences in bioaccumulated Ni were observed between the different sampling
times only in the case of the C3 condition (6 uM of Ni?*) for the 8/16 photoperiod (difference
between day 7 and other sampling times). Biofilm Ni content is presented in Figure 7-3 without
discrimination of the sampling times. Indeed, Ni accumulation was stable over time from the first
to the last sampling date in all other cases (see Figure 13-2 in Appendix III for a version presenting

the different times).
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Figure 7-3: Boxplots of Ni accumulation by biofilms (umol/g dw) as a function of the average free Ni2+
concentrations of exposure (uM) for the two photoperiods tested (i.e. 16/8 and 8/16 of
light/dark cycle) and for all sampling times pooled together (days 7, 14, 21 and 28; n =12). The
letters correspond to the significative groups defined by a post hoc Tukey test (p < 0.05). See
the Figure 13-2 presented in Appendix lll for a presentation as a function of the different
sampling times (day 7, 14, 21 and 28).

For the two photoperiods, Ni content in the control samples were quantifiable in both studied
biofilms but remained low with 0.19 + 0.09 and 0.09 + 0.05 umol/g dw for the summer and winter
photoperiod, respectively. In Ni exposed biofilms, bioaccumulation increased with increasing
exposure concentrations. Nevertheless, for a given Ni treatment, bioaccumulated Ni in summer
biofilms was systematically higher than to the winter biofilms exposed to a photoperiod of 8/16.
For instance, at the highest Ni treatment and after 28 days of exposure, Ni accumulation reached
average values of 122 + 16 against 32.2 £ 3.9 pumol/g dw for the summer and winter biofilms,

respectively.
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7.4.4 Short-term bioassays and tolerance assessment

The results obtained for the tolerance assessment of autotrophic communities using the PSII
yield are presented in Figure 7-4 and Table 7-3. First, for the C3 condition, short-term toxicity
tests revealed no acute effect of Ni whatever the exposure time and photoperiod considered (see
Figure 7-4). This suggests that the autotrophic community developed a tolerance to Ni compared
to control communities (C0O) and other exposure conditions (i.e. C1 and C2). Accordingly, no effect
concentration (EC) values were determined. Always considering the C3 condition, PSII values of
the sample exposed to [Ni]lro: = O UM in short-term toxicity tests remained low and statistically
different to the control communities (i.e. for the condition CO and [Ni]rot= O uM in short-term toxicity
tests) whatever the sampling time and photoperiod (see Table 7-3). For instance, after 28 days
of exposure, PSII values were 0.38 £ 0.01 and 0.42 + 0.03 for CO and 0.20 £ 0.10 and 0.28 + 0.01
for C3 for the summer and winter biofilms, respectively. Additionally, for the C3 condition, the PSII
values the sample exposed to [Ni]tot= 0 UM in short-term toxicity tests decreased over time in the
case of the summer biofilm (PSII values of 0.32 £ 0.01, 0.27 + 0.03, 0.23 + 0.02 and 0.20 £ 0.10
at days 7, 14, 21, 28) suggesting a chronic effect of Ni as opposed to the results for the winter
photoperiod (PSII values of 0.27 + 0.01, 0.29 £ 0.01, 0.31 £ 0.01 and 0.28 + 0.01 at days 7, 14,
21 and 28 respectively).

Analysis of the dose-response curves of the control condition (C0) showed no clear influence
of biofilm characteristics on the sensitivity to acute Ni exposure of control autotrophic communities
after 7 days of experiment (Figure 7-4). A difference in Ni sensitivity appears with increasing
experiment time (i.e. day 7 compare to day 28) in the case of the summer biofilms but not
necessarily for the winter one. Indeed, calculated EC2s were statistically different (see Table 7-
3) as well as the maximum percentages of inhibition between the two biofilms with 81 £ 7 % and
60 + 1 % respectively for the summer and winter photoperiod (corresponding to PSII values
ranging from 0.39 to 0.32 and 0.43 to 0.25). These percentages of inhibition increased with
experiment time for the summer biofilms but not necessarily for the winter biofilms (see Figure 7-
4). Indeed, the maximum percentage measured for the winter photoperiod were 60 £+ 1, 63 + 3,
53+ 3,58 + 3 % at 7, 14, 21 and 28 days, respectively. Chronologically and for the summer
photoperiod, the maximum percentages follow a decreasing trend over time with 81 + 7, 68 + 9,
56 + 3 and 38 £ 5 %. Additionally, the dose-response curves obtained for each photoperiod after
28 days differed with statistically lower calculated ECy in the case of the summer biofilms in
comparison the winter one (see Table 7-3). These results highlight that seasonal variations

influence biofilm response to Ni.
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Figure 7-4 : Dose-response curves of the PSIl yields in relative units (®esi; mean = SD; n = 3) as a function of
the total Ni concentrations (uM) used for the short-term toxicity test after 6 hours of exposure.
The figure presents the data after 7 and 14 days of chronic exposure. A version with the four
sampling dates is presented in Appendix Ill (see Figure 13-4). The colors and shapes refer to
the photoperiod tested. The titles refer to the long-term exposure conditions: CO = control (i.e.
no Ni); C1 =[Ni?*] = 0.06 uM; C2 = [Ni?*] = 0.6 uM; C3 = [Ni%*] = 6 pM.
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Analysis of the dose-response curves of the control condition (C0) showed no clear influence
of biofilm characteristics on the sensitivity to acute Ni exposure of control autotrophic communities
after 7 days of experiment (Figure 7-4). A difference in Ni sensitivity appears with increasing
experiment time (i.e. day 7 compare to day 28) in the case of the summer biofilms but not
necessarily for the winter one. Indeed, calculated ECzs were statistically different (see Table 7-
3) as well as the maximum percentages of inhibition between the two biofilms with 81 + 7 % and
60 + 1 % respectively for the summer and winter photoperiod (corresponding to PSII values
ranging from 0.39 to 0.32 and 0.43 to 0.25). These percentages of inhibition increased with
experiment time for the summer biofilms but not necessarily for the winter biofilms (see Figure 7-
4). Indeed, the maximum percentage measured for the winter photoperiod were 60 + 1, 63 + 3,
53+ 3,58 + 3 % at 7, 14, 21 and 28 days, respectively. Chronologically and for the summer
photoperiod, the maximum percentages follow a decreasing trend over time with 81 + 7, 68 + 9,
56 + 3 and 38 £ 5 %. Additionally, the dose-response curves obtained for each photoperiod after
28 days differed with statistically lower calculated ECy in the case of the summer biofilms in
comparison the winter one (see Table 7-3). These results highlight that seasonal variations
influence biofilm response to Ni.

In comparison to control, conditions C1 and C2 show similar results. Indeed, the two
photoperiod curves were similar after 7 days of exposure. Nevertheless, the curves obtained after
28 days of exposure differed with an induced short-term toxicity that was systematically more
marked in the case of the summer biofilms compared to control biofilms (Figure 7-4). Overall, the
results did not always provide significant ECs and the calculated ECzs do not show a clear
difference in Ni tolerance acquisition over time. Except for condition C3 which does not show an
acute toxicity of Ni, the samples for which a significant EC could be calculated systematically
show a lower value in the case of summer biofilm in comparison to the winter one. These results
also argue that the two communities from two different seasons showed different responses to a

chronic exposure to Ni.

148



Table 7-3 : Table showing mean PSIl yield values (n = 3) and calculated ECz0s from dose-response curves for
each treatment, sampling time and photoperiod. The EC values are expressed as pM of total
dissolved Ni. However, Ni was calculated to be present at 94.4% under its free form (Ni%*) in
the Dauta medium. The letters a and b respectively refer to the results of Tukey tests
performed between (a) the different conditions in comparison to the control (C0O) within the
same sampling time and photoperiod, and (b) the two photoperiods tested within the same
condition and exposure time. N/S = non-significant calculated effective concentrations. N/A =
not available due to the absence of any acute effects in the short-term toxicity tests.

Pre-exposure

Photoperiod 16/8

Photoperiod 8/16

period Treatment
(in days) ®psi (CO) EC20 (UM) ®psii (CO) EC20 (ULM)

CO 0.39 + 0.05 N/S 0.43 + 0.01 6.6 + 1.6
C1l 0.45 + 0.04 N/S 0.39 + 0.03 N/S

! Cc2 0.44° + 0.01 N/S 0.38° + 0.03 N/S
C3 0.32 2 + 0.01 N/A 027 + 0.01 N/A
Cco 0.37° + 0.01 N/S 0.41° + 0.03 8.1 + 1.7
C1 0.40 + 0.03 10.3° + 35 0.41 + 0.01 3.6°P + 1.1

1 Cc2 0.43 @ + 0.01 2.7 + 0.9 036 + 0.05 N/S
C3 0.27 @ + 0.03 N/A 0.293  + 0.01 N/A
Cco 0.35 + 0.03 7.2° + 2.7 0.42 + 0.002 43b + 0.9
C1 0.39 + 0.03 4.6 + 1.8 0.40 + 0.03 N/S

2t Cc2 0.43°b + 0.02 3.2 + 0.6 0.313 + 0.03 N/S
C3 0.23 @ + 0.02 N/A 0.312 + 0.01 N/A
CO 0.38°b + 0.01 2.1° + 0.7 0.42°b + 0.03 490 + 0.7
C1 0.36° + 0.02 3.7 + 1.5 0.44° + 0.02 N/S

28 Cc2 0.33° + 0.06 N/S 0.36° + 0.01 N/S
C3 0.20 @b + 0.10 N/A 0.28 @b + 0.01 N/A

7.5 Discussion

75.1 Community descriptors under Ni exposure

In this study, biofilms were grown on glass slides in a natural pond and transferred to the

laboratory. The biofilms were then placed in the exposure units and left for acclimation for two

weeks before the start of the experiments. Several studies have highlighted that the biofilm

responses are strongly dependent on the ecosystem characteristics (physical, chemical and

biological) of origin which may be highly seasonally dependent (Pesce et al., 2009; Villeneuve et

al., 2010; Chaumet et al., 2019). Biomass is known as a robust indicator of the long-term effects

on contaminants but it does not allow for the detection of subtle variations (Sabater et al., 2007).
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Despite higher biomass values reported for the winter biofilms (in comparison to the summer one),
biomass values show no clear trends between Ni treatments. These observations are in
agreement with those published by Fechner et al. (2011), who exposed biofilms to low (0.09 uM)
and high (0.85 pM) dissolved Ni concentrations. The authors showed low variations of both dry
weight biomass and Chl-a despite changes in both bacterial and eukaryotic communities.
However, our results show that the lowest Chl-a values were obtained at the highest tested Ni
concentration ([Ni?*] = 6 uM) with average values not exceeding 0.1 pg/cm?for both photoperiod
(see Table 7-2). Furthermore, the PSII yield follow the same trend with values always statistically
lower than the control, indicating a stress. A similar decrease in Chl-a has been previously
observed in biofilms exposed to ultraviolet radiation (Navarro et al., 2008) or Cu (Pesce et al.,
2018) suggesting a functional cost of tolerance acquisition. Regarding the other exposure
conditions (CO, C1 and C2), the Chl-a values increase over time and are globally higher in the
summer biofilm than the winter biofilm due to a longer period of light accessibility. Similarly, the
maximum percentage of inhibition of the PSII yield increase with exposure time for the summer
photoperiod but not necessarily for the winter photoperiod. This could suggest a monoculture
effect due to the artificial conditions used for the chronic exposure that may explain the increase
in toxicity. Indeed, the acclimatization and exposure of a natural collected biofilm to laboratory
conditions are likely to provoke structural/morphological changes and lead to a decrease in
species richness. As anticipated, the autotrophic index values are much lower in this photoperiod
suggesting a more autotrophic biofilm as opposed to the biofilm exposed with the winter
photoperiod which is more heterotrophic.

The results for protein and polysaccharide contents also suggest that the two biofilm
communities were structurally and functionally different. Indeed, these two descriptors follow
opposing trends between the two photoperiods tested (see Figures 7-2A and 7-2B). Nonetheless,
if these descriptors show changes over time, no clear differences were observed over the tested
Ni exposure concentrations. Biofilms are typically embedded within a matrix that contains
extracellular polymeric substances (EPS), including various compounds including
polysaccharides, that have been shown to increase as a response to Cu and Zn exposures (Serra
& Guasch, 2009; Corcoll et al., 2012; Loustau et al., 2019). In this work, polysaccharides did not
increase with exposure to Ni. These EPS also contain extracellular enzymes, which play a key
role in nutrient cycling by degrading organic matter into more assimilable molecules. For instance,
B-Glu has been shown to be exclusively located in the EPS fraction (Gil-Allué et al., 2015). Many
studies have already highlighted that long-term exposure to metals inhibited the 3-Glu activity
(Tlili etal., 2010; Lambert et al., 2012; Faburé et al., 2015). We observed no significant differences
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between treatments and control in B-Glu activity. Our results are in agreement with another study
that indicated that Ni did not have a strong effect on B-Glu activity in comparison to other metals
(Fechner et al., 2011).

7.5.2 Bioaccumulation in relation to the studied descriptors

Biofilm Ni content follows the gradient of exposure and less Ni was accumulated in the winter
biofilms in comparison to the summer one. Although significant differences in the average
exposure concentrations of free Ni (Table 7-1) were observed, it is not sufficient to explain the
differences in bioaccumulation obtained between the two photoperiods (Figure 7-3). The
accumulation of metals by biofilms is known to be modulated by major cations and protons, in
agreement with the Biotic Ligand Model (BLM) principles (Buffle et al., 2009). For instance, H*
and Mg?* are shown to compete for surface binding sites with Ni with affinity constants that are of
the same order of magnitude in Chlamydomonas reinhardtii (Worms & Wilkinson, 2007). In
addition, similar patterns of competitive effects were found in a field study on the accumulation of
Ni or other metals (Cd, Cu, Pb or Zn) in freshwater biofilms (Leguay et al., 2016; Laderriere et al.,
2020). Nevertheless, an ionic competition effect cannot explain the differences in bioaccumulation
observed in the present study. Indeed, the winter photoperiod had statistically lower Ca and Mg
concentrations (free and dissolved) than the summer one (see Table 7-1). If competition had been
present, it should have been greater in the case of the summer photoperiod and thus, a lower

accumulation would have been observed.

The EPS are known to have negatively charged functional groups that can bind metals
(Flemming & Wingender, 2010). Indeed, based on confocal laser scanning microscopy (CLSM)
and scanning transmission X-ray microscopy (STXM), several studies have observed that the
binding sites for metal contaminants inside the matrix corresponded to the cell surface, capsular
material around individual cells, and a layer encompassing the entire community (Hitchcock et
al., 2009; Lawrence et al., 2019). Nutrients as well as contaminants must thus diffuse through the
matrix before reaching an organism inside biofilm. Because EPS are known to represent up to 90
% of the total dry weight mass (Flemming & Wingender, 2010), these molecules are likely to affect
metal diffusion. However, under conditions where equilibrium is quickly established with binding
sites, the EPS likely only influence the rate of diffusion to cell surfaces (Torre et al., 2000). Indeed,
the rate constants for complex formation with binding sites in the biofilm are generally much larger
than biological internalization rate constants (Buffle et al., 2009). In our study, a steady-state in

metal uptake was already reached after the first sampling days (i.e. after 7 days) and no significant
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differences were found with the next sampling dates accordingly to other studies (Xie et al., 2010;
Ancion et al., 2010; Lambert et al., 2012). For instance, Ancion et al. (2010) exposed biofilms to
Zn, Cu and Zn for up to 21 days and obtained similar results. Indeed, the authors showed that a
steady-state between metals in water and in biofilm was reached between 7 and 14 days of
exposure suggesting a longer process for uptake than simple adsorption which is expected to
occur on a very short time scale (<< 1 day; Buffle et al., 2009). Interestingly, the study also showed
that the differences in the community composition was correlated to the differences observed in
metal content highlighting a link between composition and accumulation of these metals (Ancion
et al., 2010; Ancion et al., 2013).

The effect of taxonomic composition on metal accumulation is complex and still relatively little
understood. Indeed, whereas some studies report an increase in bioaccumulation (Ancion et al.,
2013; Faburé et al., 2015; Dranguet et al., 2017), some report no differences (Xie et al., 2010;
Stewart et al., 2015). The levels of uptake and accumulation in algal, bacterial and fungal cells
can differ greatly (Malik, 2004). As a consequence, different accumulation levels could be
explained by differences in taxonomic composition. Using combined synchrotron X-ray
fluorescence imaging (XFI) and scanning transmission X-ray microscopy (STXM), Ni has been
shown to be sorbed only on the sheaths of filamentous bacteria, which was also the location
where high levels of Mn, Si, Ca and Fe were found (Hitchcock et al., 2009; Hao et al., 2016). This
suggests that some species in biofilms could accumulate larger quantities of Ni compared to
others. This is supported by Lawrence et al. (2019) who found a 4-fold higher accumulation in
specific morphologically microcolony than in general biofilms. In other terms, the community
composition is likely to influence Ni (or other metals) accumulation because of the
presence/absence of specific organisms in biofilm communities. Similar conclusions were
reached by Friesen et al. (2017) for Se. Starting with the same inoculum, the authors obtained
different assemblages of biofilms communities and showed that uptake by the different periphytic
biofilms differed significantly. In our study, the calculated autotrophic index clearly shows opposite
trends suggesting two different community structures (i.e. autotroph during the summer
photoperiod and heterotroph for the winter one) and thus, different taxonomic composition. This

suggests that the metals accumulated in biofilms vary according to the composition of the biofilm.

7.5.3 Community tolerance acquisition under Ni exposure

The modifications of the dry weight biomass, Chl-a concentrations or autotrophic index

globally reflect the effects of metal exposure, they do not provide information about biofilm
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tolerance acquisition. PICT analysis was performed on autotrophic communities using the PSII
yield. It is now well known that environmental factors such as temperature have an effect on
microbial communities (e.g. shift in assemblage composition; Villeneuve et al., 2011) and that
these changes could modify the basal tolerance of phototrophic biofilm communities exposed to
acute metal exposure (Serra et al., 2010; Lambert et al., 2017; Morin et al., 2017). For instance,
Faburé et al. (2015) suggest that seasonal variability of physicochemical and biological
parameters (dependent on seasonal successions) can strongly influence tolerance
measurements. Indeed, sharp variations in temperature could lead to the replacement of species
that are less temperature-sensitive but with relatively similar metal sensitivity (Pesce et al., 2018).
In other terms, the basal tolerance of phototrophic biofilm communities to metals could be

conditioned by the initial intrinsic characteristics of the community.

Although autotrophic and heterotrophic organisms were not identified in this study, the
different descriptors measured (i.e. Chl-a, autotrophic index, PSlI yield, B-Glu and Glsm) provided
some information on the activity of the autotrophic and heterotrophic component of the biofilm.
Based on these results, we can assume that the two communities were different. This could
explain the lower toxicity observed in the short-term toxicity test with the winter photoperiod.
Indeed, although the calculated ECzs are not lower in the case of this photoperiod, the slope of
the dose-response curves suggests less inhibition with increasing Ni concentrations compared to
the control. While the resuspension of biofilms in the acute toxicity tests may have led to the
presence of cell exudates, these are not expected to change the speciation of Ni. Indeed, Ni
concentrations are relatively high and the biomass was resuspended in fresh Dauta medium.
Nevertheless, another interesting point is that the biofilm exposed using the winter photoperiod
also accumulated less for the same Ni exposure level in comparison to the summer one. A high
intracellular metal content increases the probability that the cells antioxidant defences will be
surpassed due to a high production of reactive oxygen species. Regarding the PSII yield, high
intracellular concentrations could inhibit the photosynthesis reaction by blocking electron transfer,
and consequently stop oxygen release and CO; fixation (Serra et al., 2009). For instance, Bonet
et al. (2012) have shown that Zn exposure concentrations and Zn content in biofilms were
positively correlated to antioxidant enzymatic activities such as catalase (CAT), an enzyme

implied in the transformation of reactive into non-reactive species.

Based on these results, only the communities exposed to the highest Ni concentration
appeared to be more Ni-tolerant than those exposed to lower concentrations. Nevertheless, the

low Chl-a and PSlI yield observed for that high exposure condition are probably to be linked to a
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functional cost of acclimation. Moreover, despite the fact that the summer community of the
intermediate C2 condition did not appear to be more tolerant than the control, the winter
community showed only slight inhibition even after 28 days. This suggests that the exposure
concentration used for this condition ([Ni?*] = 0.6 uM) has led to an acquisition of tolerance for this
community. This is in agreement with studies that highlighted that seasons and taxonomic
composition of biofilms play a role in the basal tolerance of autotrophic organisms to acute
exposure to metals, thus decreasing their vulnerability toward this toxic stress (Faburé et al.,
2015; Morin et al., 2017). Although Ni was toxic to autotrophs in the present study, this metal is
not redox active and did not specifically impair photosynthesis compared to Cu, which is a well-
known inhibitor of the PSII-photosystem (Serra et al., 2009; Lambert et al., 2017). Thus, one could
argue that it might be more difficult to detect tolerance acquisition to a metal like Ni using
photosynthesis as an endpoint in toxicity tests. Heterotrophic organisms have been shown to be
impacted by Ni as indicated by the B-Glu activity (Fechner et al., 2011). Based on this enzyme,
the authors showed an increase in calculated ECs (and thus a better tolerance) after 3 weeks of
exposure to 0.85 uM of dissolved Ni (but not for the low treatment of 0.09 uM). However, among
the metals studied (Cd, Ni and Zn), Ni was shown to have the lowest reported toxicity with maximal
inhibition levels of 68, 62 and 63 % respectively for the control, the low and the high exposure
concentrations. The relative inhibition thus remained similar among the different Ni exposure

conditions.

Metal sensitivity of phototrophic as well as heterotrophic microbial communities can vary
greatly and may be poorly or effectively captured by the selected endpoint (Tlili et al., 2010; Pesce
et al., 2018). Thus, using an approach considering different biological endpoints (i.e.
photosynthesis, enzymatic activities, peptide synthesis, etc) related to the different functional

compartments of biofilms (i.e. phototrophic and heterotrophic) is recommended.

7.6 Conclusion

In summary, this study is consistent with previous reports that have already shown that life
history of freshwater biofilms in natural environments affects the response to metals. Taken
together, our results suggests that the biofilm response following four Ni treatments was mainly
conditioned by the initial properties of the algal compartment and also probably community
composition. Indeed, based on the different descriptors used in this study, the two communities
were different and showed different toxicity and accumulation responses for a same Ni

concentration. More specifically, the winter biofilm was characterized by less Ni effects than the
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summer one suggesting that responses of natural microbial communities to Ni exposure (and
probably to other metals) can be seasonally dependent. In other terms metal accumulation by
biofilms is influenced by a variety of parameters, such as the metal and its speciation, physico-
chemical characteristic of the medium and biofilm composition. Taxonomic and/or genetic
analysis could be useful to better understand the relation between metal accumulation capacities
of periphytic biofilms and their effects. Furthermore, our results show that a concentration of 6 uM
of Ni?* (equivalent to 20 uM of dissolved Ni in our medium) is sufficient to induce tolerance
acquisition (based on PSII yield) of the two communities studied. In order to allow extrapolation
of laboratory data to the complex environment, an approach considering taxonomic composition,
different physiological functions (such as photosynthesis and 3-Glu activity) as well as the metal
speciation in the medium may allow to better assess and predict the risks of metals (and not only

Ni) for aguatic ecosystems.
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9 DISCUSSION GENERALE ET CONCLUSION

L’ensemble de ces travaux de thése a permis de mieux caractériser les liens existants entre
conditions environnementales (température et photopériode), exposition aux métaux et
accumulation par les biofilms périphytiques d’eau douce. Les différents chapitres ont participé a
I'acquisition de nouvelles connaissances en vue de I'utilisation des biofilms dans une perspective

de biosuivi.
La thése s’est articulée autour de trois axes principaux :

- ldentifier, selon les hypothéses du modéle du ligand biotique, les paramétres physico-
chimiques clés (pH, alcalinité, concentrations en métaux) qui régissent la bioaccumulation
des métaux par les biofilms d’eau douce.

- Investiguer l'effet de variables environnementales (température et photopériode) sur la
bioaccumulation du Ni par les biofilms d’eau douce selon un gradient de concentrations
d’exposition.

- Raisonner a I'’échelle de la communauté : mettre en lien 'accumulation du Ni, 'acquisition

de tolérance et la composition du biofilm (c.a.d. autotrophe vs hétérotrophe).

9.1 Approche de terrain

Ce premier chapitre fait suite aux travaux de Lavoie et al. (2012) ainsi que de Leguay et al.
(2016) dans les régions de I'Estrie, de la Mauricie et de I'Abitibi au Québec. En effet, ces études
ont démontré une forte corrélation entre les quantités de métaux accumulés dans le biofilm et les
concentrations en ions libres métalliques dans les eaux de surface (modélisées avec le logiciel
WHAM?7). Le premier chapitre de cette thése s’intéressait donc a tester cette relation a une plus
large échelle géographique et plus précisément, dans deux écosystemes différents présentant
des activités miniéres importantes : la ville de Sudbury dans le sud de I'Ontario et le nord du
Nunavik (le site minier étudié se situe a environ 90 km a I'ouest du village inuit de Kangigsujuaq).
A ce jour, larticle découlant de ce premier chapitre est 'une des premiéres études démontrant
des tendances similaires dans I'accumulation des métaux dans le biofilm a si large échelle
géographique (distance d’environ 1700 km entre les sites). De plus, cette étude est 'une des
premiéres s’opérant dans une région nordique. Une deuxiéme partie de ce chapitre a examiné
linfluence des paramétres physico-chimiques clés jouant un réle dans linternalisation des

métaux par le biofilm. L’idée sous-jacente était d’appliquer le modéle du ligand biotique (BLM)
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aux biofilms naturels au moyen d’'un jeu de données conséquent. De plus, cette thése s’est
particulierement intéressée au Ni, un métal moins souvent étudié que d’autres métaux divalents

tels que le Cu, le Pb, le Zn ou le Cd.

Les résultats ont indiqué que plus la concentration en métaux dissous (Ni, Cu et Cd) dans
'eau augmente (totale ou libre) et plus la concentration en métaux internalisés par le biofilm
augmente, et ce, quel que soit le site ou le moment de prélévement. Dans ce chapitre, I'attention
s’est portée sur la proportion de métal libre plutét que totale, en se basant sur les hypothéses du
modéele du ligand biotique (BLM) qui stipulent que la forme ionique libre est représentative de la
biodisponibilité des métaux (Campbell, 1995). Les résultats acquis sont venus conforter ceux
préalablement obtenus et ont permis de mettre en évidence I'importance de certaines variables
physico-chimiques inhérentes a chaque site d’étude sur cette corrélation (Leguay et al. 2016;
Laderriere et al. 2020). En effet, une relation linéaire entre métaux libres dans I'eau et métaux
accumulés dans le biofilm ainsi qu’'une bonne concordance entre les différentes études ont été
mises en évidence (Figure 9-1). De plus, les valeurs de bioaccumulation sont comparables entre
les biofilms issus de rivieres aux caractéristiques différentes et sont concordantes dans le temps
pour les sites échantillonnés plusieurs fois. Les quantités internalisées par le biofilm sont

cohérentes avec les concentrations en métal libre en solution, et ce, pour tous les sites étudiés

(contaminés ou non).

Published studies

©  Laderriere et al. 2020

O  Laderriere et al. 2021
A Lavoie et al. 2012

v Leguayetal 2016

Figure 9-1 : Quantités de métaux bioaccumulés par le biofilm (Cu, Ni et Cd) en fonction des concentrations en
ions métalliques libres (Cu?*, Ni%*, Cd?*). Le gradient de couleur représente les valeurs de pH
relevées pour chaque site d’échantillonnage. La forme des points fait référence a I’étude dont
sont originaires les données. Les droites représentent les régressions tracées avec
I’ensemble des données présentant un pH supérieur ou égal a 6.
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Cependant, si une relation linéaire se dessine sur 'ensemble des données, I'exclusion des
sites présentant un pH acide (pH < 6) améliore considérablement la robustesse des régressions.
En effet, les quantités bioaccumulées retrouvées aux sites présentant un pH faible ne suivent pas
la tendance des données issues de sites ou le pH est autour de la neutralité (pH > 6), les quantités
de métaux accumulés étant inférieures a celles prédites par régression (Figure 9-1). Ceci suggére
que I'accumulation de métaux par les biofilms est sensible a I'effet des protons (comme pour de
nombreux organismes vivants aquatiques). Dans I'idée de prédire la bioaccumulation du biofilm
pour les sites présentant un pH acide, ceux-ci nécessiteraient leur propre modéle. Cependant, il
est a souligner que cette situation reste rare et se produit pour des cours d’eau fortement
anthropisés ou le pH constitue un probléme en tant que tel. Cette thése a donc apporté des
informations complémentaires quant au role clé que joue le pH et du seuil a partir duquel il devient

important.

Notons que les quantités de métaux bioaccumulés varient sur deux ordres de grandeur a
l'intérieur de certaines fourchettes de concentrations en ions métalliques libres (par exemple en
[Ni]sio pour [Ni?*] comprises entre 10 et 105 M) (Figure 9-1). De plus, lorsque les jeux de données
de ces quatre publications (Lavoie et al. 2012; Leguay et al. 2016; Laderriere et al. 2020;
Laderriere et al. 2021) sont séparés en sous-jeu par région, les pentes des régressions sont
différentes (Figure 9-2). Par exemple, le biofilm issu de Sudbury (rouge sur la Figure 9-2)
bioaccumule plus de Cu, Ni et Cd que celui du Nunavik (bleu sur la Figure 9-2) pour une méme
concentration d’exposition en ions libres. Ce constat pose la question des variables, autres que
la concentration en ions métalliques, qui influent sur la bioaccumulation des métaux par le biofilm.
En effet, ces différences ne peuvent pas seulement s’expliquer par 'effet seul du pH. Selon les
hypothéses du BLM, un effet de compétition ionique peut s’opérer pour linternalisation des
métaux au travers des membranes biologiques (Lavoie et al. 2012). En effet, ces mécanismes de
transport ne sont pas nécessairement spécifiques (Blaby-Haas & Merchant, 2012). Ces travaux
ont aussi porté sur les effets de compétition ionique observés sur le terrain comme hypothése
d’explication de ces différences de bioaccumulation. Les résultats suggérent que I'accumulation
de métaux par les biofilms est sensible a un effet compétiteur du Mg et des autres métaux. Des
résultats similaires ont été trouvés par Leguay et al. (2016) ou I'effet compétiteur du Mg semblait
plus important que celui du Ca dans le cas de I'accumulation du Cu ou du Pb. Dans notre étude,
I'effet du Ca comme ion compétiteur sur la bioaccumulation des trois métaux d’étude n’a pas été
mis en évidence, celui-ci étant corrélé au pH. Concernant la compétition avec les autres métaux,
les résultats ont montré une bonne concordance avec des études en laboratoire déja publiées

(notamment les études utilisant des algues unicellulaires en exposition a des métaux seuls ou en
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mélange; Flouty & Khalaf, 2015). Cependant, l'autocorrélation des données a rendu difficile
'analyse des relations entre les éléments de la colonne d’eau et leur internalisation par le biofilm.
Cette autocorrélation vient du contexte minier du projet et du plan d’échantillonnage faisant
intervenir plusieurs prélévements le long d’'une méme riviére (selon un gradient de dilution amont
vers aval) ainsi que de la relative homogénéité géologique des sites. De par les activités minieres,
de hautes concentrations dissoutes de plusieurs métaux sont retrouvées dans les eaux de
surface. Ces concentrations se retrouvent ainsi corrélées entre elles rendant difficile la
visualisation d’effets clairs de compétition. Afin de ne pas exclure ces sites tout en limitant
I'autocorrélation du jeu de données au complet, une possibilité serait de sélectionner un site par
riviere (et donc éviter les échantillonnages considérant un gradient de dilution apres chaque

intrant du cours d’eau étudié). A ce titre, la région de Sudbury semble plus appropriée que la

région du Nunavik, car elle incorpore une plus grande hétérogénéité de sites (Laderriere et al.,
2021).

o
> ®

Region
=&=  Abitibi
=#= Estrie

O~ Mauricie
== Nunavik
== Sudbury

[M**] (M)

Figure 9-2 : Régressions des teneurs en métaux bioaccumulés par le biofilm (Cu, Ni et Cd) en fonction des
concentrations en ions métalliques (Cu?*, Ni%*, Cd?*) pour les sites a pH > 6. Les couleurs et
les formes représentent les points et les régressions issues des différentes régions
représentées : Abitibi (rond vert ; Leguay et al. 2016), Estrie (carré marron ; Leguay et al.
2016), Mauricie (losange jaune ; Lavoie et al. 2012; Leguay et al. 2016), Nunavik (triangle bleu ;
(Laderriere et al. 2020; Laderriere et al. 2021) et Sudbury (triangle inversé rouge ; Laderriere
et al. 2021).

Dans I'ensemble, les résultats étaient trés cohérents d’'une étude a une autre, et ce, malgré
la distance de pres de 2000 km qui les sépare (Lavoie et al. 2012; Leguay et al. 2016; Laderriere

et al. 2020; Laderriere et al. 2021). De plus, les résultats de ce chapitre ont permis de confirmer
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le potentiel universel de la bioaccumulation en métaux du biofilm comme un proxy de la
biodisponibilité des métaux malgré les différences de climat, d’écosystémes et de pressions
anthropiques. Une des perspectives a donner a ce chapitre serait donc d’incorporer un jeu de
données provenant de sites ayant une plus grande variété de caractéristiques physicochimiques
et de degrés de pression anthropique afin de mieux discriminer les effets de compétition ionique
entre métaux et cations majeurs. Ceci permettrait une approche statistique (exemple de la
régression des moindres carrés) afin de discriminer clairement quels prédicteurs sont associés a

la variable réponse qu’est la bioaccumulation du biofilm.

Selon les hypotheses du BLM, le rapport de la concentration du métal internalisé sur celle de

l'ion libre s’écrit (voir équation (6) section 3.4.6) :

[MBiO] _ k X K2+ X [XBio E]Tot
[M?*] 1+ Ky+[H*] + Xi(Kcarz+[Cat?])

Considérant le cas du Cu, cette équation peut étre résolue par la méthode des moindres

carrées. Implémentée dans le logiciel R, cette équation peut s’écrire sous la forme suivante :

[Cugio] =

a[Cu?*]

14+ b[H*] + c[Mg?*] + d[Ca?*]+ e[Mn?*] + f[Ni?*]+ g[Cu?*]+ h[Zn?*] + i[Cd?**] + j[Pb?*]

Ou les lettres (a a i) sont les coefficients associés aux différents éléments pris en compte dans
I'équation. Afin d’éviter un rapport, et donc une possible infinité de solutions, I'équation peut étre

transformée tel que:

[Cugio] (1 + b[HT] + c[Mg?*] + d[Ca?*] + e[Mn?*]+ f[Ni®*T]+ g[Cu?*]+ h[Zn?*] + i[Cd?*]
+ j[Pb?**]) = a[Cu?*]

[Cugio] = alCu®*] — (b[H*].[Cupiol + c[Mg**].[Cupio] + d[Ca®*].[Cugiol + e[Mn?*]. [Cugpo]
+ fINP**].[Cupipl + glCu?*]. [Cupio] + RIZN?*]. [Cupio] + i[CA?*]. [Cupy,]
+ j[Pb?*]. [Cug;o))

Sous forme matricielle, cette équation peut s’écrire :

Y =X.p+¢
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([CuBio]l) [Cu**]y - —[Pb**]i.[Cugpiol, <a> <61>
: = : : A1+ 1 ¢
[CuBiO]Tl [Cu2+]n _[Pb2+]n- [CuBio]n J €n

B = (XtX)"'xty Estimation des coefficients associés a chaque variable

~)
I

XB Calcul de la bioaccumulation prédite par régression des moindres carrés

Cependant, la régression classique prévoit que les erreurs soient indépendantes et suivent
une loi normale. Or, ce n’est pas le cas ici. En effet, le plan expérimental inclut des mesures
répétées. Les modeles mixtes (aussi appelés modéles a effets aléatoires) sont des outils
intéressants, car ils permettent de considérer ce type d’'information (ex. échantillonner une méme
riviere selon un gradient de dilution ou échantillonner le méme site plusieurs fois dans le temps)
et de généraliser 'approche afin d’estimer des paramétres d’'un modéle de régression classique.
Incorporer un plus ample jeu de données permettrait probablement de contourner
'autocorrélation des données et donc d’établir un modéle prédictif de la bioaccumulation des

métaux par le biofilm en fonction de la chimie de I'eau.

Le développement de ces nouveaux outils améliore la capacité des exploitations miniéres
(ou autres acteurs publics ou privés) a tenir compte de la sensibilité des écosystémes face aux
contaminants et du degré de stress exercé sur les milieux aquatiques naturels. Ce premier
chapitre a donc permis d’'améliorer nos connaissances sur I'évaluation du risque écologique que
posent les métaux envers les organismes aquatiques dans le cadre du développement minier
canadien. Néanmoins, un plus ample jeu de données est nécessaire pour aboutir a un modéle

prédictif.

9.2 Approche en microcosmes

La complexité des écosystémes naturels rend difficile I'établissement d’un lien de causalité
entre I'exposition aux métaux et les effets biologiques observés. A ce titre, les études en
microcosmes représentent une approche intéressante permettant de répondre a ces questions.
En effet, elles permettent d’étudier les effets des contaminants au niveau de la population et de

la communauté (y compris les effets indirects) dans des conditions controlées.
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9.21 Effet de la température et de la photopériode sur la bioaccumulation du

Ni par le biofilm
Dans la Figure 9-2, nous avons observé des différences de pente dans les régressions
tracées (pour les sites a pH proche de la neutralité) entre les teneurs en métaux bioaccumulées
par le biofilm (Cu, Ni et Cd) et les concentrations d’exposition en ions libres métalliques (Cu?*,
Ni?*, Cd?*). Si le chapitre 1 de cette thése explorait le réle de la chimie de I'eau pour expliquer
ces différences, le chapitre 2 explore les effets de variables environnementales comme la
température et la photopériode. Par exemple, la région du Nunavik correspond a un écosystéme
subarctigue tandis que la ville de Sudbury, située environ 1700 km au sud, posséde des
caractéristiques d’un écosystéme plus tempéré (notamment un important couvert forestier et des
différences marquées en termes d’heures d’ensoleillement). Ces deux régions se caractérisent
donc par des climats différents susceptibles d’expliquer, au moins en partie, les différences de
pente observées. Pour répondre a cette question, un biofilm naturel provenant de la riviere Cap-
Rouge (Québec, Canada) a été cultivé en laboratoire et exposé a différentes concentrations en
Ni et ce, dans différentes conditions de température et de photopériode. L’objectif de ce volet
était de venir compléter le jeu de données obtenu sur le terrain en investiguant I'influence de
paramétres physiques comme la température et la photopériode sur la réponse de

bioaccumulation du Ni par le biofilm.

Les résultats de ce chapitre ont permis de mesurer la bioaccumulation du Ni ainsi que la
toxicité chronique induite chez un biofilm exposé a différentes concentrations en Ni dans plusieurs
configurations de température et de photopériode. Les données obtenues se sont montrées en
accord avec ceux qui ont déja été publiés dans la littérature a 'exemple du Cu (Morin et al. 2017;
Pesce et al. 2018) ou d’autres métaux comme le Pb (Ancion et al., 2010; Stewart et al., 2015) ou
le Zn (Corcoll et al., 2012; Lavoie et al., 2012). Lors des expositions, les valeurs de concentration
en chlorophylle-a ont diminué tandis que la biomasse a augmenté avec le temps pour les
différentes concentrations d’exposition suggérant un impact moins fort sur le compartiment
hétérotrophe. De plus, les résultats ont permis de montrer que la température (différence de 6°C),
contrairement a la photopériode (différence de 4 h), a eu un effet sur la structure du biofilm
entrainant une différence dans les quantités de Ni internalisées par le biofilm (voir figure 9-3). En
effet, les biofilms exposés a une température de 20°C ont bioaccumulé plus de Ni que ceux
exposés a 14°C pour une concentration d’exposition donnée tout en présentant une valeur CEsg
plus faible. Au moyen d’une analyse en composantes principales (ACP ; Figure 9-3), les résultats
ont permis de discriminer les biofilms selon la température. Ainsi la température a été démontrée

comme modifiant la sensibilité et la réponse des biofilms au Ni. Ces résultats vont dans le sens
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de ceux obtenus sur le terrain avec les différences de pente de régression obtenues entre la
région de Sudbury et du Nunavik (Figure 9-2). Dans un contexte ou les biofilms d’eau douce
peuvent étre utilisés comme outil de biosuivi, ces résultats impliquent que des variations
saisonniéres, en particulier liées a la température, dans la réponse de bioaccumulation des

métaux sont susceptibles de se produire.
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Figure 9-3 : Analyse en composantes principales (ACP) effectuée sur ’ensemble des descripteurs utilisés pour
analyser la réponse du biofilm apres 7 jours d’exposition a différentes concentrations en Ni
sous trois conditions environnementales de photopériode et de température. L’ACP de
gauche discrimine selon la condition environnementale tandis que ’ACP de droite discrimine
selon la concentration d’exposition en ions Ni?*. Les symboles de tailles supérieures
spécifiques a chaque condition (figure de gauche) ou concentrations d’exposition en nickel
libre (figure de droite) font référence au barycentre des données.

De plus, les résultats issus du terrain n'avaient pas montré d’effet de compétition des ions
Ca?* contrairement a ce qui est généralement trouvé dans la littérature. Seuls les ions Mg?*
semblaient aboutir & un effet de compétition. Afin de compléter les données obtenues sur le
terrain, des expériences en canaux ont donc été entreprises en exposant un biofilm a une

concentration en Ni et différentes combinaisons de concentrations en Ca et en Mg (facteur de
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concentration allant de 1 a 16 par rapport aux concentrations initiales du Fraquil Medium). La

Figure 9-4 montre une partie des résultats qui n’ont pas fait 'objet d’'une publication. De maniére

générale, les résultats suggéerent un effet limité de ces ions, du moins lorsque [Ni?*] est élevée,

ce qui semble confirmer les observations de terrain que ces éléments jouent un réle limité sur la

bioaccumulation du Ni. Néanmoins, il est important de noter que la concentration en Ni?* utilisée

(INi?*] = 20 uM) est élevée. Un effet compétiteur des ions Ca?* et/ou Mg?* pourrait étre plus

important pour des concentrations en Ni?* plus faibles.
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Figure 9-4 : Teneurs de Ni accumulé dans le biofilm (n = 3) en fonction du temps (en jours) selon différents
traitements en Ni, Ca et Mg. Les couleurs font référence au temps d’échantillonnage du

biofilm. La température était maintenue a 14°C sous une illumination d’environ 80

umol-photons/cm?/s et un cycle diurne/nocturne de 16/8 (h/h).

Cependant, afin de permettre I'extrapolation des données de laboratoire a I'environnement

naturel, il semble crucial de comprendre les liens entre la bioaccumulation, les changements des

conditions environnementales et la composition générale des biofilms d’eau douce. C’est dans

cette perspective que s’est inscrit le troisieme chapitre de cette thése.
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9.2.2 Mise en lien de la bioaccumulation avec la structure, la sensibilité et la
tolérance d’un biofilm exposé au Ni

Une approche multiparamétrique qui inclurait les caractéristiques inhérentes du biofilm
(structure, communauté, tolérance) serait donc utile pour prédire le degré de stress causé par
I'exposition aux métaux ainsi que par les effets des facteurs environnementaux. En effet, les
chapitres 1 et 2 de cette thése ont considéré le biofilm comme un « échantillonneur passif » dont
le métal bioaccumulé se retrouve a I'équilibre avec les concentrations dans la colonne d’eau. De
plus, les résultats du chapitre 2 (et plus particulierement de la biomasse et de la chlorophylle-a)
semblent indiquer que I'exposition au Ni du biofilm entrainait un début de changement de
I'autotrophie vers I'hétérotrophie des biofilms. Le troisieme chapitre vise a mieux comprendre le
lien entre la structure de la communauté du biofilm (notamment la différenciation du compartiment
autotrophe et hétérotrophe) et une exposition au Ni. Ces effets ont été mesurés selon différents
biomarqueurs. Ainsi, ce chapitre se concentre sur les différents compartiments fonctionnels des
biofilms en utilisant des descripteurs spécifiques afin d’évaluer les effets d’'une exposition

chronique au Ni au niveau de la communauté.

Pour ce faire, avant d’étre exposées au Ni sur un temps long (28 jours), deux communautés
de biofilms ont été cultivées et récoltées lors de deux saisons différentes (fin d’été et début
d’hiver). Les deux communautés présentaient des caractéristiques différentes comme
représentées par les analyses linéaires discriminantes effectuées sur les descripteurs structuraux
et fonctionnels étudiés (Figure 9-5). Les successions saisonniéres sont en effet des processus
cycligues qui engendrent des fluctuations environnementales (exemple de la température du
milieu) a l'origine de la variabilité de la composition taxonomique des biofilms et notamment des
diatomées (Soininen and Eloranta 2004; Villeneuve et al. 2010; Morin et al. 2017). La structure
et la diversité de la communauté different donc en fonction de la période d’échantillonnage. De
plus, les résultats ont permis de montrer qu’une concentration d’exposition de 6 uM en ions Ni?*
était suffisante pour induire une acquisition de tolérance des communautés autotrophes, et ce,
pour les deux communautés. En effet, les tests de toxicité court-terme (utilisant le ®ps; comme
paramétre fonctionnel) n’ont pas montré d’effet dose réponse, rendant alors impossible le calcul
d’'une CE et ce dés le premier temps d’échantillonnage (aprés 7 jours). Néanmoins, les biofilms
exposés a cette concentration montraient de faibles concentrations en chlorophylle-a suggérant
un fort co(t d’adaptation fonctionnelle. De plus, la condition C2 ([Ni?*] = 0,6 uM), a permis de
montrer une dissociation des courbes dose réponse des deux communautés au fur et a mesure

de I'exposition chronique. Ces résultats suggerent donc que les saisons et la composition
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taxonomique des biofilms jouent un réle dans la capacité des organismes autotrophes a tolérer

une exposition au Ni, diminuant ainsi leur vulnérabilité face a cette pression.

[Ni] Biofilm o - Autotrophic index

PS5l yield

Glsm /g dw

-1.% 10 -05 00 05 1.0 15 20 -1.5 1.0 -05 0.0

Figure 9-5: Analyses linéaires discriminantes (LDA) effectuées pour chaque descripteur étudié avec la
photopériode comme variable discriminante (16/8 a gauche et 8/16 a droite) et tous les
traitements en Ni confondus.

Si aucun test de toxicité court-terme ciblant le compartiment hétérotrophe n’a été effectué,
les activités enzymatiques extracellulaires (B-glucosidase et B-glucosaminidase) étaient suivies
a chaque temps d’échantillonnage. Celles-ci n'ont pas montré de différence significative avec

laugmentation des concentrations d’exposition au Ni. Ces résultats sont en accord avec les
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tendances observées dans le chapitre 2, ou les indices autotrophiques augmentaient avec les
concentrations d’exposition suggérant une plus faible toxicité induite du Ni sur les organismes
hétérotrophes en comparaison des autotrophes a l'instar des résultats trouvés par Fechner et al.
(2011). Les auteurs avaient en effet montré une plus faible toxicité du Ni sur I'activité de la B-Glu
en comparaison d’autres métaux (Cd et Zn). Ceci met en évidence la variabilité de la toxicité
selon la fonction considérée et donc l'importance d’utiliser une approche multifonctionnelle
comme déja suggérée par plusieurs études (Tlili et al. 2010; Pesce et al. 2018). Point intéressant,
les biofilms d’hiver exposés selon une photopériode de 8/16 présentaient des quantités de Ni
bioaccumulées plus faibles que celui d’été pour une méme concentration d’exposition en Ni%*.
Parallelement, le biofilm d’hiver présentait une tolérance plus élevée lors des tests de toxicité
court-terme (effectués sur le ®pg)). La bioaccumulation, tout comme I'acquisition de tolérance,

est ainsi au moins en partie dépendante de la composition taxonomique des biofilms.

Les résultats suggérent donc que la réponse des biofilms face a une exposition chronique au
Ni est conditionnée par leurs propriétés initiales (structurelles et fonctionnelles), et donc fonction
de la composition de la communauté. Autrement dit, I'histoire des biofilms d’eau douce dans les
environnements naturels affecte leurs réponses aux métaux et serait donc susceptible d’expliquer
la variabilité interrégionale relevée dans le chapitre 1 (voir Figure 9-2). Des analyses
taxonomiques et/ou génétiques ou lutilisation de technique de microscopie électronique
(exemple de la microscopie électronique a balayage et a transmission (STXM) pourraient étre
utiles pour mieux comprendre la relation entre les capacités d’accumulation de métaux des

biofiims d’eau douce et leurs effets.

9.3 Concordance des données de laboratoire au milieu naturel

Comme mentionné par Cheloni & Slaveykova (2018), une meilleure compréhension des
mécanismes a l'origine des effets des métaux traces dans les environnements naturels réduira
les incertitudes associées a I'extrapolation des données de toxicité du laboratoire vers le terrain.
Ce projet de thése a autant utilisé une approche de terrain qu'une approche de laboratoire au
moyen de microcosmes. Les données des deux approches peuvent ainsi étre comparées afin de
vérifier si une extrapolation est possible au vu des éléments nouveaux apportés par les différents

chapitres de cette thése (voir Figure 9-6).

La Figure 9-6 nous permet de constater que les données de bioaccumulation en Ni par les

biofilms exposés en microcosmes se superposent sur les régressions calculées a partir des
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données de terrain. Cette superposition confirme que les expériences en microcosmes sont
représentatives de ce qui se déroule dans les environnements naturels en termes de
bioaccumulation, et ce, quel que soit le site considéré, le temps de prélevement ou la composition
taxonomique inhérente au lieu ou a la saison. De maniére intéressante, les données issues de
certaines conditions d’exposition se superposent mieux sur I'une ou l'autre des régressions

modélisées a partir des données de terrain.
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Figure 9-6 : Teneurs en Ni bioaccumulés par le biofilm en fonction de la concentration en ions Ni?*. Les droites
correspondent aux régressions modélisées (avec intervalles de confiance a 95%) via les
données de terrain des deux régions étudiées (Nunavik en bleu et de Sudbury en rouge). Les
couleurs et les formes des points différencient les conditions (ainsi que les articles référents)
utilisées dans les expositions en microcosmes. A noter que les données représentées sur la
présente figure sont seulement celles pour lesquelles un équilibre entre concentrations dans
I'eau et dans le biofilm était atteint (c.a.d aprés 7 jours d’exposition dans le cas des deux
chapitres).

En effet, les données issues des conditions 14°C 12/12 et 14°C 16/8 (article 2) ainsi que de
14°C 8/16 (article 3) semblent se superposer sur la régression des données du Nunavik. A
inverse, les conditions 20°C 16/8 (article 2) et 14°C 16/8 (article 3) semblent mieux se
superposer sur la régression issue de la région de Sudbury. En effet, la température est connue
comme une des fluctuations environnementales majeures influant sur la composition

taxonomique des biofilms (Soininen and Eloranta 2004; Villeneuve et al. 2010; Morin et al. 2017).
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A ce titre, la saison estivale (en comparaison de la saison hivernale) comme la région de Sudbury
(située environ 1700 km au sud du site étudié au Nunavik) se caractérisent naturellement par des
conditions météorologiques plus chaudes. A l'inverse, les conditions d’exposition se positionnant
le long de la régression issue des données du Nunavik regroupent un biofilm naturel prélevé en
hiver ou un biofilm cultivé en laboratoire, mais exposé a des températures plus froides. Les
résultats de terrain et de laboratoire vont donc dans le méme sens et suggérent que des variations
de la composition taxonomigue, a mettre en relation avec les conditions environnementales (en
particulier la température) sont a 'origine des différences de pente observées dans le chapitre 1

et sur la Figure 9-2.

9.4 Conclusion

Le but de ces travaux de thése était d’'améliorer nos connaissances en examinant les liens
entre la biodisponibilité des contaminants et I'exposition des biofilms périphytiques d’eau douce
afin d’établir les bases d’un nouvel outil écotoxicologique d’évaluation du risque écotoxicologique.
Cette thése s’est donc déroulée en conditions naturelles comme en conditions contrélées (via
I'utilisation de microcosmes) afin de fournir les bases nécessaires pour mieux extrapoler les

données du laboratoire aux milieux naturels.

Ces travaux ont tout d’abord permis d’affirmer le potentiel universel des biofilms
périphytiques d’eau douce comme outil de biosuivi des expositions métalliques dans les cours
d’eau de régions minieres. Les régressions obtenues entre la teneur en métaux internalisés et la
forme libre du métal dans les eaux de surface étaient cohérentes malgré des différences de
climat, d’écosystéme et de conditions physico-chimiques. Plus de données sont nécessaires
(avec une plus grande hétérogénéité de sites) afin de calculer avec confiance les constantes
d’affinité de chaque élément avec le biofilm pour le fonctionnement du modéle. Les régressions
obtenues par région ont toutefois permis de montrer des différences de pente laissant penser que
des variables autres que la chimie de I'eau influe sur la relation entre 'accumulation des métaux
et leurs concentrations en ions libres dans I'eau. L’étude des interactions entre expositions au Ni
et conditions environnementales (température et photopériode) sur la bioaccumulation du Ni et
son impact toxique sur les biofilms a permis de montrer I'effet prépondérant de la température.
En effet, si une modification de 4 h de photopériode n’a pas montré de différences, un écart de
6°C a suffisamment influencé le biofilm pour que celui-ci montre des différences significatives des

teneurs en Ni accumulées. Cette différence de température pouvant se produire au cours d’une
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méme saison (exemple de la saison estivale) voire d’une méme journée (différence
diurne/nocturne) et ce, en particulier dans les cours d’eau a faible hauteur de colonne d’'eau,

implique que des variations de bioaccumulation sont également susceptibles de se produire.

Néanmoins, la température est connue comme étant l'un des principaux facteurs
environnementaux pouvant jouer un role sur la succession des communautés périphytiques. Les
résultats ont également montré que des communautés prélevées en deux saisons différentes (été
et hiver) se caractérisaient par des quantités accumulées différentes malgré une méme
température d’exposition. Ceci suggere que la composition taxonomique des biofilms joue un role
prépondérant dans les différences de pente des régressions modélisées pour chaque région
d’étude et que la température pourrait avoir un effet indirect sur les quantités accumulées par le
biofilm. En d'autres termes, l'accumulation de métaux par les biofilms est principalement
influencée par le métal considéré et sa spéciation, les caractéristiques physico-chimigues du
milieu et la composition du biofilm. Parallélement, les résultats suggerent que I'histoire et donc
les caractéristiques intrinséques des biofilms jouent un rble dans la capacité des communautés
a tolérer une exposition aux Ni. Bien que le Ni ait été peu étudié dans la littérature, ces résultats
sont en accord avec des études portant sur d’autres métaux divalents (exemple du Zn, Cu ou
Pb).

Ce projet de thése a contribué a I'acquisition de nouvelles connaissances permettant de
mieux définir les liens de causalité entre I'exposition aux métaux et les effets biologiques
observés. Dans une perspective de biosurveillance et d’évaluation du risque écotoxicologique,
ces travaux démontrent le potentiel universel des quantités de métaux bioaccumulées comme
indicateur de la biodisponibilité des contaminants métalliques. Finalement, la composition
taxonomique du biofilm semble étre 'un des principaux facteurs a l'origine des différences de

concentrations intracellulaires retrouvées observées en milieux naturels.
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11 ANNEXE |

Because the data set is significant, the additional data tables related to the first article of this thesis are not presented here but are
publicly available via the following doi: https://doi.org/10.5683/SP2/ RBIM04.

This dataset includes temperature, pH and means + standard deviations (n = 3) of dissolved ions at sampling sites, calculated free

metal ion concentrations and measured metal biofilm content in streams of Nunavik (QC, Canada) and Sudbury (ON, Canada) in 2016.

Table 11-1 : Values and standard deviations (n = 3) of the physicochemical parameters of the surface water sampled in july and august 2016 for Nunavik
data and in september 2016 in the case of Sudbury data.

Table 11-2 : Mean (x standard deviation, n = 3) of the free ion calculated concentrations sampled in july and august 2016 for Nunavik data and in september
2016 in the case of Sudbury data.

Table 11-3 : Mean (+ standard deviation, n = 3) of the metal concentrations in biofilms sampled in july and august 2016 for Nunavik data and in september
2016 in the case of Sudbury data.
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12 ANNEXE I

Table 12-1 : Recipes for the Fraquil medium used for the culture of biofilm and the experiments of Ni exposure (Morel et al. 1975).

Fraquil Medium (Morel et al. 1975)
Stock solution Quantity Final concentration Final concentration

(g/L) (mL/L) (mg/L) (mM)

CaClz. 2 H20 36.8 1 36.8 0.250
MgSO4 . 7H20 37.0 1 37.0 0.150
NaHCOs 12.6 1 12.6 0.150
NazSiOs . 9H20 3.55 1 3.55 0.013
NaNOs 8.50 1 8.50 0.100
K2HPOq4 1.74 1 1.74 0.010

Trace Metals Solution X 1 X X

Trace Metal Solution
Stock solution Quantity Final concentration Final concentration

(g/L) (mL/L) (g/L) (nM)
CuSOa . 5H,0 0.249 1 0.249 1.00
(NH4)sM07024 . 4H20 0.265 1 0.265 0.214
CoClz . 6H20 0.595 1 0.595 2.50
MnClz . 4 H20 4.55 1 4.55 23.0
ZnSOa4 . 7TH20 1.15 1 1.15 4.00
Na:EDTA . 2H20 X 1.86 g X 5000
FeClz . 6H20 X 0.122g X 451

Morel, F. M. M., Westall, J. C., Reuter, J. G., and Chaplick, J. P. 1975. Description of the algal growth media “Aquil” and “Fraquil.”
Technical Report 16. Water Quality Laboratory, Ralph Parsons Laboratory for Water Resources and Hydrodynamics, Massachusetts

Institute of Technology, Cambridge, 33 pp.
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Table 12-2 : Values and standard deviations (n = 5) of the physicochemical parameters of the Cap-Rouge River at the time of biofilm sampling.

Br C| NOz NO3 SO4 PO4 TP
n=5 COD F (mg/L
mg)  (mg) MM gy mgL)  (mgL)  (molL)  (uglL)
(mg C/L)
Mean 3.13 < 0.006 112 0.119 <0.004 1.89 34.6 < 0.008 15.7
SD 0.06 N/A 2 0.011 N/A 0.01 0.7 N/A 0.1
LD 0.003 0.006 0.002 0.002 0.01 0.01 0.004 2
n=5 o Co Cu Fe K Mg Mn Mo Na Ni Si Zn
meyy (9L (gL) (Mgl) (mgh) (mgl) (mgl) () (MgL) (Mgl) (mgl) (Hgl)
Mean 59.6 0.940 0.601 0.0912 3.49 6.55 0.104 1.67 74.2 0.675 3.14 5.29
SD 0.6 0.585 0.153 0.0150 0.03 0.05 0.001 0.68 0.9 0.300 0.03 1.47
LD 0.0006 0.6 0.4 0.001 0.002 0.0002 0.0001 1.2 0.0004 0.08 0.001 0.1
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Figure 12-1: Major chemical forms of Ni in the Fraquil medium (expressed in percentage) as a function the total concentration in the medium. Only
predominant chemical forms (above 1%) are represented.
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Table 12-3 : Time course of total and free Ni concentrations during exposure for the three environmental conditions tested. b/DL = below detection

limit.

N/A = non available. Limit of detection = 0.01 puM.

Time [Ninomina 14°C 16/8 14°C 12/12 20°C 16/8
(day) (HM) [Nilotal (UM) [Ni2*] (uM) [Ni]rotar (UM) [Ni2*] (uM) [Ni]rotal (M) [Ni2*] (M)
0 b/DL N/A b/DL N/A b/DL N/A
b/DL N/A b/DL N/A b/DL N/A
5 002 + 0.1 004 +  0.00 002 + 001
0 25 004 + 0.02 008 + 0.1 004 + 0.01
<1pM <1pM <1pM
55 009 + 0.1 015 +  0.03 005 + 0.1
115 027 + 014 044 = 0.28 019 + 013
0 b/DL N/A b/DL N/A b/DL N/A
1 6.1 + 0.1 1.0 + 01 6.1 + 0.2 1.1+ 02 57  # 0.2 07 + 02
5 11 + 0 6 + 0 11 + 0 5 + 0 11 + 0 6 + 0
! 25 27 + 0 21+ 0 30 + 3 24 % 3 27 + 0 21 * 0
55 60 + 1 54  # 1 60 + 1 53 % 1 61 + 1 54 % 1
115 123+ 6 115  + 6 115 = 8 107+ 7 117 = 5 108  + 4
0 b/DL N/A b/DL N/A b/DL N/A
6.2 + 0.2 12 + 01 6.4  + 0.3 13 + 03 53  # 0.2 02 + 01
5 11 + 0 6 + 0 11 + 1 6 + 0 10 + 0 4 + 0
4 25 28 + 1 22 % 1 32 + 3 26+ 3 27 + 0 21 * 0
55 63 + 1 56  * 1 63 + 1 56  * 1 63 + 1 55 % 1
115 130 + 6 121+ 6 119  + 3 111+ 3 124 2 116  + 2
0 b/DL N/A b/DL N/A b/DL N/A
65 # 0.2 1.4 + 02 67 « 0.3 16 + 03 52 % 0.1 02 + 01
5 12 + 0 7 + 0 11 + 1 6 + 1 9 + 0 4 + 0
! 25 30 + 1 24 % 1 33 + 3 27 % 3 27 + 0 21+ 0
55 67 + 1 60  * 1 67 + 1 60  * 1 65 + 1 58  * 1
115 139+ 7 130  * 7 122 = 8 113+ 7 130 = 2 121+ 1
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Figure 12-2 : Time course of control samples with the biomass, the concentration of chlorophyll-a, the autotrophic index and the photosynthetic yield
(n = 3) as a function of time for each condition of temperature and photoperiod (T14P16 = 14°C in 16/8 in blue; T14P12 = 14°C in 12/12
in yellow; and T20P16 = 20°C in 16/8 in red). The curves plotted correspond to second degree polynomial regressions.
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Figure 12-3 : Dose responses of the biomass, the concentration of chlorophyll-a and the autotrophic index (n = 3) as a function of the free Ni
concentration for each environmental condition of temperature and photoperiod (14°C with 16/8 in blue; 14°C with 12/12 in yellow; and
20°C with 16/8 in red) and the different sampling times. The curves plotted correspond to second degree polynomial regressions.
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13 ANNEXE Il

Table 13-1 : Physico-chemical characteristics of exposure media of the four channel systems. The values are presented as means * standard deviations
(n = 24). b/DL = below detection (0.007 uM). N/A = not available. The letters a and b respectively refer to the results of Tukey tests
performed between (a) the different conditions in comparison to the control (C0O) within a given photoperiod, and (b) the two
photoperiods tested within a given condition.

Photoperiod 16/8 Photoperiod 8/16
(&{0] C1l C2 C3 COo C1l C2 C3

pH 79 £ 01 79 + 01 79 + 01 78 + 01|76 + 01 75 + 01 75 £ 01 75 = 00

Co(ﬂds‘;g#]‘;'ty 241 + 17 234 + 14 230 + 14 232 + 12 | 210 + 13 195 + 9 185 + 8 188 + 8

[DOC] (mgC/L) | 45 + 28 43 + 15 34 + 14 35 + 20| 3 + 5 3 + 5 42 £ 20 31 = 7
[CaJrom (MM) | 060 + 015 058 + 015 055 + 016 048 + 019 | 053 + 006 047 + 004 044 = 004 044 + 002
[Ca2*] (mM) 037 + 004 037 + 002 039 + 003 038 + 003|034 + 002 033 =+ 002 030 + 003 032 = 001
[Mglrow (MM) | 012 + 003 012 =+ 003 012 + 004 010 =+ 004|011 + 001 010 =+ 001 009 + 001 011 + 0.5
[Mg2*] (mM) |0090 + 001 009 + 001 009 + 001 009 + 001|008 + 001I 007 + 00l 007 + 001 007 % 000
[Si] (mM) 009 + 002 006 + 004 006 + 004 010 + 001|012 + 001 010 + 001 011 + 001 018 = 020

[Nilotal (UM) b/ DL 047 + 008 34 =+ 01 20 + 2 b/ DL 051 + 006 36 + 05 20 + 3
[Ni2*] (uM) N/A 0044 + 0018 060 + 023 54 =+ 21 N/A 0072 + 0011 066 + 019 7.0 + 16
[NOs] (mM) 002 + 00l 002 + 002 002 + 001 008 + 003|005 + 003 012 + 005 008 + 002 013 = 004
[NHa] (mM) 003 + 002 002 + 002 003 + 002 005 *+ 003|006 + 004 006 + 004 007 + 004 007 = 004
[SO4] (MM) 009 + 001 009 + 001 008 + 002 008 + 003|014 * 002 012 + 001 011 + 001 011 # 0.04
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Figure 13-1 : Boxplots of the accumulated concentrations inside biofilms as a function of the average free Ni concentrations of exposure (uM) for the two
photoperiods tested (i.e. 16/8 and 8/16 of light/dark cycle) and for the different sampling times (n = 3). The colors are representing the
sampling times. The letters correspond to the significative groups defined by a post hoc Tukey test (p < 0.05).
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Figure 13-2 : Boxplots of proteins (A), polysaccharides (B), B-Glucosidase (C) and B-Glucosaminidase (D) measured in biofilms as a function of the
average free Ni concentration of exposure (uM) for the two photoperiods tested (i.e. 16/8 and 8/16 of light/dark cycle) and for the different

sampling times (n = 3). The colors are representing the sampling times. The letters correspond to the significative groups defined by a
post hoc Tukey test (p < 0.05) within a same photoperiod.
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Figure 13-3: Dose response curves of the PSll yields in relative units (®psi; mean + SD; n = 3) as a function of the total Ni concentrations (uM) used for
the short-term toxicity test after 6 hours of exposure. The figure presents the data for the different sampling times of each exposure
units. The colors and shapes refer to the photoperiod tested.
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Table 13-2 : Recipes for the Dauta medium used for the short-term toxicity test (Dauta, 1982).

Dauta medium (Dauta, 1982)

Stock solution (g/L) Q(lrJnaLn/tht)y Final concentration (mg/L)  Final concentration (mM)
MgSOs4 - 7H20 25.0 1 25.0 0.101
FeSO4 0.547 1 0.547 0.00360
CaClz - 2H20 25.0 1 25.0 0.170
NaHCOs 50.0 1 50.0 0.595
Na2COs 5.00 1 5.00 0.0472
KNO3 200 1 200 1.98
K2HPO4 25.0 1 25.0 0.144
NazSiOs - 9H20 28.4 1 28.4 0.100
Trace Metals Solution X 1 X X

Trace Metal Solution

Stock solution (g/L) Q(lrjna[l/'ﬂt)y Final concentration (ug/L) Final concentration (uM)
ZnS0Oq4 - 7TH20 0.020 1 20 0.0696
CuClz - 2H20 0.020 1 20 0.117
MnClz - 4H20 0.400 1 400 2.02
CoClz - 6H20 0.010 1 10 0.0420
BosHs 0.001 1 1 0.0162
NazMoO4 0.035 1 35 0.170

Dauta, A., 1982. Conditions de développement du phytoplancton. Etude comparative du comportement de huit espéces en culture. 1.
Détermination des paramétres de croissance en fonction de la lumiére et de la température. Ann. Limnol. - Int. J. Limnol. 18, 217-262.
https://doi.org/10.1051/limn/1982005
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Tableau 13-3: Physico-chemical characteristics of exposure media of the four channel systems for all sampling times and for the experiment using a
photoperiod of 16/8. The values are presented as means * standard deviations (n = 3). b/DL = below detection (Ca = 0.04 uM; Mg = 0.12
pUM, Ni = 0.007 pM).

Photoperiod 16/8

Conditions ~ Time pH C‘z[‘l‘;‘/‘gg]‘;'ty [DOC] (mg CIL) [Ca] (mM) [Mg] (mM) [Nilrotal (M) [Ni2*] (uM)
1 7.9 212 37.4 0.66 + 0.003 | 0.13 £ 0.0007 | 0.0022 <+ 0.000 | 0.00019 £ 0.00000
7 8.0 257 42.4 0.75 £+ 0.002 015 <+ 0.0001 | 0.0022 + 0.000 | 0.00014 <+ 0.00000
8 7.8 235 37.3 0.63 £+ 0.005| 0.13 £ 0.0016 | 0.0057 <+ 0.052 | 0.00054 + 0.00240
co 14 8.0 266 91.9 0.67 £+ 0.001| 0.14 £ 0.0001 | 0.0028 <+ 0.009 | 0.00007 £ 0.00030
15 8.0 240 19.2 0.24 + 0.001 005 <+ 0.0003 | 0.0022 + 0.000 | 0.00027 + 0.00000
21 7.8 253 23.4 0.65 £+ 0.001 | 0.13 £ 0.0004 | 0.0019 <+ 0.006 | 0.00026 + 0.00030
22 7.8 227 19.2 056 + 0.003 | 0.11 £ 0.0010 | 0.0022 <+ 0.000 | 0.00032 + 0.00000
28 7.8 234 88.3 0.62 + 0.001 | 0.13 + 0.0006 | 0.0022 <+ 0.000 | 0.00008 + 0.00000
1 7.9 209 37.4 0.66 + 0.001 | 0.13 £ 0.0005 0.35 + 0.04 0.034 + 0.002
7 8.0 250 39.9 0.70 £+ 0.002 | 0.14 £ 0.0005 0.61 + 0.05 0.051 + 0.002
8 7.8 230 36.3 059 + 0.002 | 0.12 <+ 0.0004 0.53 + 0.04 0.057 + 0.002
c1 14 8.0 254 44.3 0.65 £+ 0.002 | 0.14 £ 0.0008 0.52 + 0.05 0.039 + 0.002
15 8.0 235 52.8 0.20 £+ 0.000 | 0.04 £ 0.0004 0.49 + 044 0.029 + 0.016
21 7.7 244 72.4 0.64 + 0.002 | 0.13 <+ 0.0003 0.44 + 0.10 0.024 + 0.005
22 7.8 221 17.1 056 + 0.002 | 0.11 £ 0.0003 0.41 + 0.01 0.082 + 0.001
28 7.8 228 46.4 0.60 + 0.004 | 0.12 £ 0.0007 0.41 + 0.06 0.033 + 0.003
1 7.9 206 36.9 0.64 + 0.002 | 0.12 <+ 0.0000 35 + 0.5 0.55 + 0.03
8.0 245 38.9 0.68 + 0.000 | 0.14 + 0.0001 3.1 + 0.04 0.39 + 0.001
8 7.8 226 36.1 0.60 £+ 0.003 | 0.17 £ 0.0004 3.4 + 0.1 0.57 + 0.01
c2 14 8.0 249 19.6 0.62 + 0.002 | 0.13 <+ 0.0002 3.4 + 0.1 0.70 + 0.003
15 7.9 232 50.9 0.16 £+ 0.002 | 0.03 £ 0.0004 35 + 0.1 0.37 + 0.004
21 7.7 240 19.0 0.62 £+ 0.001 | 0.13 £ 0.0002 3.3 + 0.1 0.95 + 0.005
22 7.8 218 18.2 056 + 0.003]0.11 <+ 0.0003 3.4 + 0.2 0.92 + 0.01
28 7.7 224 55.7 0.50 £+ 0.002 | 0.10 £ 0.0003 3.3 + 0.05 0.37 + 0.003
1 7.9 207 35.8 0.61 £+ 0.003 | 0.12 £ 0.0002 15.3 + 1.2 3.6 + 0.1
7 8.0 245 38.9 0.67 + 0.000 | 0.13 <+ 0.0004 19.1 + 0.5 3.6 + 0.02
8 7.8 228 36.5 0.60 + 0.000 | 0.12 + 0.0002 19.8 + 1.0 5.3 + 0.1
c3 14 8.0 246 35.7 0.21 + 0.005 | 0.04 + 0.0016 20.6 + 1.1 4.2 + 0.04
15 7.9 233 18.6 0.13 + 0.002 | 0.02 <+ 0.0002 20.4 + 1.3 6.7 + 0.1
21 7.7 241 20.0 0.61 + 0.002 | 0.12 + 0.0001 21.1 + 0.2 8.1 + 0.01
22 7.7 222 17.0 055 + 0.002 | 0.11 £ 0.0003 21.3 + 0.8 8.7 + 0.04
28 7.7 235 80.7 0.43 + 0.001 | 0.09 <+ 0.0002 21.7 + 1.0 2.9 + 0.1
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Tableau 13-4 : Physico-chemical characteristics of exposure media of the four channel systems for all sampling times and for the experiment using a
photoperiod of 8/16. The values are presented as means * standard deviations (n = 3). b/DL = below detection (Ca = 0.04 uM; Mg = 0.12
UM, Ni = 0.007 pM).

Photoperiod 8/16

Conditions  Time pH C‘z[‘l‘é‘/‘gg‘;'ty [DOC] (mg CIL) [Ca] (mM) [Mg] (mM) [Nilrotal (M) [Ni2*] (uM)
1 7.4 190 30.2 044 + 0.002 | 0.09 £ 0.0003 | 0.0022 <+ 0.0000 | 0.00031 + 0.00000
7 7.5 213 41.1 053 + 0.002 011 <+ 0.0003 | 0.0022 <+ 0.0000 0.00022 + 0.00000
8 7.6 200 325 051 + 0.001|0.10 £ 0.0002 | 0.0022 <+ 0.0000 | 0.00025 <+ 0.00000
co 14 7.7 227 38.7 059 + 0.000 | 0.12 £ 0.0003 | 0.0066 + 0.0503 | 0.00063 =+ 0.00285
15 7.7 207 28.1 049 + 0.004 | 0.10 £ 0.0001 | 0.0060 =+ 0.0656 | 0.00084 + 0.00366
21 7.6 218 40.6 0.62 + 0.001 | 0.12 £ 0.0002 | 0.0022 <+ 0.0000 | 0.00023 + 0.00000
22 7.6 197 30.8 049 + 0.001 | 0.10 £ 0.0001 | 0.0022 <+ 0.0000 | 0.00027 <+ 0.00000
28 7.7 227 38.0 056 + 0.003]0.12 <+ 0.0002 | 0.0447 + 0.6299 | 0.00453 + 0.03595
1 7.3 181 36.3 0.40 £+ 0.003 | 0.09 £ 0.0004 0.63 + 0.04 0.097 + 0.003
7 7.5 198 35.6 0.50 £+ 0.005 | 0.10 £ 0.0009 0.54 + 0.13 0.074 + 0.009
8 7.5 191 28.5 0.48 + 0.000 | 0.09 <+ 0.0001 0.48 + 0.03 0.076 + 0.002
c1 14 7.5 209 33.1 0.50 £+ 0.002 | 0.10 £ 0.0004 0.48 + 0.01 0.069 + 0.001
15 7.6 196 26.2 0.44 + 0.003 | 0.09 £ 0.0001 0.44 + 0.01 0.072 + 0.001
21 7.5 197 43.3 0.53 + 0.002 | 0.10 =+ 0.0004 0.55 + 0.01 0.065 + 0.001
22 7.6 184 33.0 0.44 £+ 0.001 | 0.09 £ 0.0001 0.49 + 0.02 0.067 + 0.001
28 7.6 205 38.7 049 + 0.001 | 0.10 £ 0.0003 0.50 + 0.03 0.058 + 0.002
1 7.3 171 37.9 0.35 + 0.002 | 0.07 <+ 0.0001 3.3 + 0.1 0.65 + 0.01
7 7.5 183 34.6 0.47 £+ 0.005 | 0.10 £ 0.0007 2.9 + 0.1 0.57 + 0.01
8 7.4 180 25.5 046 £+ 0.002 | 0.09 £ 0.0005 3.2 + 0.2 0.83 + 0.01
c2 14 7.5 194 37.4 0.47 + 0.001 | 0.09 <+ 0.0003 3.2 + 0.2 0.58 + 0.01
15 7.6 187 29.0 042 + 0.003 | 0.09 £ 0.0003 3.4 + 0.3 0.76 + 0.02
21 7.5 193 92.1 049 £+ 0.001 | 0.10 £ 0.0001 4.1 + 0.2 0.26 + 0.01
22 7.4 181 39.0 0.42 + 0.004 | 0.08 <+ 0.0005 4.3 + 0.2 0.87 + 0.02
28 7.5 192 37.9 0.45 £+ 0.001 | 0.10 £ 0.0003 4.1 + 0.5 0.80 + 0.03
1 7.4 176 34.8 042 + 0.001 | 024 £ 0.0003 15.6 + 0.4 4.9 + 0.03
7 7.4 184 34.6 0.47 + 0.003 | 0.09 <+ 0.0002 15.3 + 0.4 4.6 + 0.03
8 7.4 184 26.0 0.46 + 0.002 | 0.09 £ 0.0004 20.6 + 1.6 8.2 + 0.1
c3 14 7.5 197 29.1 0.46 + 0.002 | 0.09 £ 0.0002 20.9 + 1.9 7.6 + 0.1
15 75 197 21.5 0.42 + 0.000 | 0.08 <+ 0.0002 21.2 + 2.0 8.6 + 0.1
21 7.5 193 43.1 0.48 + 0.001 | 0.09 £ 0.0006 22.0 + 1.1 6.1 + 0.1
22 7.5 182 315 0.42 + 0.001 | 0.08 + 0.0001 21.9 + 0.3 7.6 + 0.02
28 7.5 194 25.0 0.43 + 0.002 | 0.09 <+ 0.0001 22.3 + 1.1 8.7 + 0.1

196



